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Population growth around coastal areas increases anthropogenic stressors in urban 

estuaries. Robust test methods are needed to evaluate the impacts of these pollutants on exposed 

ecosystems. The main objective of this thesis was to develop and validate toxicity tests in a 

native pelagic copepod, and use it with the previously validated benthic copepod 

Quinquelaophonte sp.  The species Gladioferens pectinatus was selected based on life history 

traits such as wide distribution along coastal areas, ability to be cultured in the lab, high 

reproductive rates and a short life-cycle and sensitivity to toxicants. Acute (48 hr) and chronic 

(6 days) copepod bioassays were developed using survival, naupliar development ratio and 

reproductive success endpoints. The tests were validated using common pollutants; copper 

(trace metal), phenanthrene (polycyclic aromatic hydrocarbon) and chlorpyrifos (pesticide). 

The naupliar development was the most sensitive endpoint. Field validation was conducted in 

combination with the benthic harpacticoid copepod Quinquelaophonte sp bioassay using urban 

sediment samples from the Ahuriri Estuary in Napier. Gladioferens pectinatus was further 

validated as a model species to characterize genotoxicity effects using the single cell 

electrophoresis technique (referred as comet assay). Significant differences between the 

integrity of DNA in the negative and positive controls and in the field samples suggested G. 

pectinatus as a good model for an early warning genotoxicity signal. Both test models were 

also used to generate effects-based information to assess the efficacy of a remediation 

programme in one of New Zealand’s busiest ports. Sediment and elutriate tests were conducted 

using sediment samples from locations along a gradient of contaminants in the port. TBT-

spiked sediment bioassays were conducted to characterise the toxicity of TBT alone. The acute 

toxicity bioassay showed that the remediation improved sediment quality, but the chronic 

responses were not significantly different.  The combination of the benthic and pelagic copepod 
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bioassays provided a robust approach to assist in the development of reliable water and 

sediment quality guidelines. The results suggest that the bioassays can be used as a powerful 

tool to complement risk assessment processes of estuarine waters and sediment by providing 

effects-based information and ecologically meaningful measures to improve regulatory 

processes in New Zealand.  
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  Chapter 1: Introduction 
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Estuaries are ecosystems of fundamental ecological, economic and cultural importance 

(Lotze et al., 2006). Increasing anthropogenic pressures pose a threat to the biodiversity and 

health of these ecosystems. There is a need to validate robust tools to monitor trends in 

estuarine health and provide information to manage the risk to these valuable ecosystems. 

Many methods have been developed to characterise the impacts of pollutants on biota at 

different levels of biological organisation, but their uptake in regulatory frameworks is low and 

analytical chemistry remains the key approach (ANZECC/ ARMCANZ 2000). This thesis 

focuses on the development of estuarine bioassays in a native copepod.    

   

1.1. Aims and Objectives  
   
The aim of this thesis was to develop and validate toxicity bioassays in a local species to 

characterise the sediment and water toxicity of estuarine ecosystems. The thesis comprised the 

following objectives:    

   

•       To select a suitable New Zealand native pelagic copepod species for toxicity testing  

The objective was to select a suitable copepod species based on the following criteria: wide 

distribution across the country, easy to culture and maintain in the laboratory, life history 

and sensitivity to reference toxicants with different modes of action (Chapter 3).  

• To taxonomically characterise the benthic copepod species Quinquelaophonte 

aurantius used for toxicity testing.   

Chapter One                                       
Introduction 
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The objective was to taxonomically describe the new harpacticoid benthic copepod species 

of the genus Quinquelaophonte. Upon description, the species will be used together with 

the pelagic copepod selected in Chapter 3 to characterise the toxicity of chemicals in 

sediments (Chapter 4). 

   

•       To characterise the toxicity of sediment from an urban estuary using benthic and 

pelagic copepod bioassays and comet assays   

Once the bioassays were validated, the toxicity of sediment samples from 

the Ahuriri Estuary in Napier was evaluated using the native benthic and pelagic copepod 

bioassays (Chapter 5). Following the response of copepods to estuarine sediments at the 

individual level, a biomarker of exposure was validated to characterise genotoxic effects 

at the cellular level. The comet assay provides sublethal early warning signals and is used 

on cells from living individuals. Pelagic copepods were used for this assessment due to the 

high mortality of the benthic species (Chapter 5).   

   

•       To evaluate the use of bioassays as tools to assess the effectiveness of a TBT 

remediation project at a port  

The validated bioassays were used to assess the changes in toxicity in relation to TBT and 

copper concentrations from the Port of Nelson following a remediation programme.  

Additionally, acute and chronic responses of copepods were tested at different distances 

from the slipway to outer limits of the basin to identify toxicity hotspots (Chapter 6).  
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1.2. Hypotheses  
   
•       The sensitivity of the pelagic copepod can be explained in a dose-response manner for the 

three selected reference compounds.  

•       Chronic endpoints are more sensitive than lethal endpoints in the pelagic 

copepod Gladioferens pectinatus.  

•       The bioavailability of toxicants can be assessed through chronic responses for contaminants 

targeting development and reproduction systems.  

•       DNA damage can be used as a sublethal endpoint for Gladioferens pectinatus when 

exposed to genotoxic compounds.  

   

1.3. Thesis format  
   

The chapters were written as stand-alone scientific papers. There are 6 chapters 

including: introduction (Chapter 1), literature review (Chapter 2), 4 data chapters (Chapter 3, 

4, 5 and 6), and general discussion (Chapter 7). The latter is aimed to connect all the chapters, 

identify the limitations faced during the study and present future research opportunities.  
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2.1. Estuaries 
 

Estuaries are sea inlets which contribute to ecological functions such as the recycling 

of nutrients, climate regulation (Martínez et al., 2007), nursery grounds for fish (Beck et al., 

2001) and raw material for human use (Thrush et al., 2013; Robb 2014). Estuaries also provide 

a range of values for human activities, acting as spiritual and productive areas for indigenous 

groups, areas for gathering sea food, and as recreational areas (Morrison et al. 2014; Ani Alana 

Kainamu-Murchi et al. 2018).  Human activities near estuaries have resulted in habitat 

transformation and degradation, overexploitation of fisheries, input of pollutants and 

biodiversity loss (Lotze et al., 2006). Estuaries are particularly vulnerable to biological and 

physicochemical stressors due to their position as a deposition zone linking freshwater, 

terrestrial and marine ecosystems. Freshwater input, terrestrial runoff, low tidal influence and 

low dispersion rate facilitate the depositing and accumulation of sediment and associated 

pollutants in estuaries (Kausch and Michaelis 1996; Ridgway and Shimmield 2002).  

New Zealand estuaries are vulnerable to anthropogenic impacts, as shown by studies 

on sedimentation, eutrophication and pollution (Lovelock et al.,2007; Abrahim and Parker 

2008; Stevens 2017). Mud sedimentation is a naturally occurring phenomenon that is 

intensified by land use activities, erosion and changes in water flow patterns (Sheffieldt, Healy, 

and McGlone 1995; Glade 2003; Ellis et al., 2004; van Maren et al., 2015). Robertson, Gardner, 

and Savage (2015) found that increases in mud content above 25% can trigger changes in 

microbenthic diversity and abundance, microbenthic feeding behaviour, larval recruitment, and 

trophic interactions in temperate estuaries. Further studies on sedimentation have characterised 

the impacts of nitrogen and urea-based fertiliser on shallow estuaries, which are drivers for 

Chapter Two   
Literature Review 
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eutrophication, algal blooms, hypoxia, changes in bivalve’s behaviour and reduction of benthic 

diversity (Marsden and Bressington 2009; Neill and Nelson 2016).  

Studies have characterised the impacts of inorganic and organic chemicals in New 

Zealand (Abrahim and Parker 2008; Kelly 2010; Boehler et al., 2017; Heinrich et al., 2017). 

Sources of stressors include agrochemical products (fertilisers, biocides), sewage effluent 

discharges, and urban and industrial runoff (including trace metals and microbial input). The 

presence of contaminants in estuaries has been correlated with reduced species abundance, 

effects on reproduction success and larval development, shift in the distribution and 

composition of benthic macro fauna, and imposex in molluscs (King, Miller, and De Mora 

1989; Morrisey et al., 2003; Dauvin 2008; Hewitt et al., 2009; Stringer et al., 2014). Figure 2.1 

summarises the types of stressors affecting estuarine ecosystems, and the main indicators used 

to assess the extent of the impact.  
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Figure 2.1. Main stressors affecting estuarine health. Colour circles represent the biological and 
physicochemical indicators used to assess the impact of each stressor.  

 

Pharmaceuticals (such as antibiotics or prescribed drugs), personal care products, 

endocrine-disrupting chemicals and flame retardants have been identified as emerging organic 

contaminants (EOCs) in environmental waters and may produce adverse ecological and human 

health effects (Kumar and Xagoraraki 2010). Recent studies showed concentrations of more 

than 200 EOCs in treated and untreated effluents (Kong et al., 2015; Oliveira et al., 2015). 

EOCs are usually associated with the alteration of endocrine functions in biota, which lead to 

developmental disorders, birth defects, or the creation of tumours (Petrie, Barden, and 

Kasprzyk-Hordern 2015). There is currently a dearth of information on the fate, persistence, 



  Chapter 2: Literature Review 

 7 

and ecotoxicology of EOCs on marine organisms. Consequently, EOCs have attracted limited 

regulatory and policy attention (Stewart et al., 2014).  

This chapter reviews the monitoring approaches used to assess estuarine health in New Zealand 

and the national and international approaches implemented to characterise the impacts of 

pollutants in estuarine environments. 

 

2.2. Estuarine regulation in New Zealand  
 

The Resource Management Act 1991 is New Zealand’s unique effects-based regulation 

framework managing the sustainability of ecosystems, including estuaries (New Zealand 

Legislation 1991). Any activity that may cause more than “minor” changes or impacts on the 

environment typically requires a consenting process whereby the adverse effects are tested. 

National authorities such as the Department of Conservation and the Ministry for the 

Environment regulate the management of ecosystems through the implementation of policy 

statements (e.g., The New Zealand Coastal Policy Statement 2010 and National Policy 

Statement for Freshwater Management 2014), and local authorities develop and implement 

plans for achieving the national environmental objectives. Regional council plans have State 

of the Environment monitoring programmes to track trends and assist environmental 

management for a region. This information gives regulators and decision makers a basis to 

manage these ecosystems according to their necessities.  

A standardised National Protocol named Environmental Monitoring Protocol (EMP) 

was developed in 2002 to assist prioritising estuarine ecosystems for monitoring and selecting 

management plans (Robertson et al., 2002). This prioritization is based on a preliminary tool 

that ranks estuaries by physical and biological characteristics, natural values, and the potential 

and existing adverse impacts (the decision matrix for estuarine prioritization is adopted from 

Robertson, 2002, Table S1). The environmental objectives of the region determine which 
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estuaries are prioritized; those with good environmental health, or those highly impacted but 

presenting high ecological value. Upon estuarine selection, programmes are put in place to 

measure parameters indicative of estuarine condition including epifauna, infauna, benthic 

macro and microalgae, and physicochemical analyses (i.e. organic carbon, nutrients, particle 

size and heavy metals concentrations). Monitoring of the parameters (or a subset) is conducted 

on a regular or semi-regular basis and results are compared with baseline data and with water 

and sediment quality guidelines (ANZECC/ ARMCANZ and ARMCANZ 2000; Williamson 

2017). In 2016, the Estuarine Trophic Index was developed to complement EMP by focusing 

on estuarine eutrophication. This index is used to screen eutrophication sensitivity and assess 

the impacts of upstream nutrient loads on the trophic stages in estuaries (Robertson et al., 

2016). While the importance of weight of evidence approaches for ecosystem assessment has 

been highlighted (O’meara, Hillman, and Thrush 2017; Berthelsen et al., 2018), the 

bioavailability of pollutants and implications to risk have been neglected. 

2.3. Shortcomings in the monitoring of physicochemical indicators 
 

Protocols for estuarine monitoring include multiple lines of evidence to assess the 

health of ecosystems. However, physicochemical tools used in these protocols are insufficient 

to predict or directly indicate the relative impact and bioavailability of chemicals to organisms 

(Loeb 1994; Simpson 2013; Simpson, Campana, and Ho 2016). The sole presence of 

contaminants in the environment does not necessarily imply environmental impacts. The 

presence of contaminants that can cause adverse biological effects to organism on the 

environment are considered pollutants (Chapman 2007). Many studies have described the roles 

of environmental factors like pH, organic matter and inorganic colloids, salinity, water 

hardness, temperature, sediment disturbance, and chemical mixtures on the toxicity of a 

chemical (Church 1986; Hall et al., 1997; Atkinson, Jolley, and Simpson 2007; Fang et al., 

2017). For example, the bioavailability of metals is dependent on their speciation, which is 
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mainly driven by pH. In the case of copper, low pH triggers the formation of free copper cations 

(Cu2+), which are highly soluble in water increasing toxicity to exposed biota (Domingos et al., 

2015; Schubauer‐Berigan et al., 1993). Conversely, the toxicity of other metals such as 

cadmium, zinc and nickel can decrease under low pH values, as shown in studies evaluating 

metal partitioning and toxicity on invertebrates including Chironomus riparius and 

Ceriodaphnia dubia (Bervoets and Blust 2000; Riba et al., 2003).  

The presence of organic matter (OM) can also influence the bioavailability of 

chemicals. The affinity of metal ions for OM restricts the number of free ions available in the 

environment, and thus reduces the toxicity to organisms. Methods such as the simultaneous 

extracted metals/acid-volatile sulphide (SEM/AVS) are recognised to predict the lack of 

toxicity in sediment, but not the occurrence of toxicity. Therefore, they are not suggested as 

toxicity predictors. This argument has been further supported by equilibrium modelling, 

including the free ion activity model (FIAM) and biotic ligand models (BLM), where metal 

speciation, sediment phases and sediment partitioning define the toxicity of trace metals (Di 

Toro et al., 2005; Kim et al., 1999; Rüdel et al., 2015), and the biodynamic modelling such as 

DYNBAM that predicts accumulation patterns (Rainbow 2007).   

Likewise, dissolved organic matter (DOM) is a fundamental influence on the 

partitioning and toxicity of organic contaminants. This process has been described in studies 

where the effects of chlorpyrifos on the bivalve Mercenaria mercenaria and on the copepod 

Amphiascus tenuiremis decreased in the presence of DOM (Bejarano et al. 2005a). Other 

chemical descriptors such as partitioning coefficients (log Kow) or molecular functional groups 

are also toxicity drivers in estuarine ecosystems (Bejarano et al., 2005b). However, log Kow 

cannot always predict the change of toxicity in the presence of DOM, as demonstrated in tests 

exposing Daphia magna to organophosphate esters (Kovacevic, Simpson, and Simpson 2018). 
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The above are examples where environmental conditions can modulate the toxicity of 

a chemical. Biological indicators or bioindicators can address some of these limitations as 

whole organisms can integrate physicochemical analytes, where changes at the molecular, 

individual, population and community levels are assessed under multiple influencing factors. 

2.4. Bioindicators of estuarine health  
 

Benthic and pelagic estuarine organisms have been used to develop toxicity assays (van 

der Oost, Beyer, and Vermeulen 2003; Lyons et al., 2010).  Different methods to assess the 

impact of toxicants at the different levels of the organism are explained below, and the 

applications, advantages and limitations are summarized in Table 2.1. 

2.4.1 In vitro assays 
 

In vitro assays aim at characterising the mode of toxicity of a chemical at the molecular 

and cellular levels, based on isolated tissues, cells or protein extracts (Quinn et al., 2009; 

Hartung 2010). In vitro assays can provide mechanistic information on the modes of action of 

chemicals and their target tissues and specific receptors (Boehler et al., 2017; Heinrich et al., 

2017). While this approach is cost and time efficient, its ability to predict effects at higher 

levels of biological organisation is questioned as reported in comparative studies between the 

small-scale toxicity test kits (i.e. microbiotest) and bioassays (Ruck, Martin, and Mabon 2000; 

Burga-Perez et al., 2013). Microbiotests have been suggested to be used only as screening 

methods, and not be applied for regulatory purposes until more studies can prove their 

sensitivity and reliability. 

Table 2.1. Summary of the environmental monitoring approaches for the assessment of contaminant 

impact in coastal ecosystems. * denotes tools applied in New Zealand. BOD= biochemical oxygen 

demand, DTA= Direct toxicity assessment also known as whole effluent testing (WET), ERA= 

Environmental assessment, ER= Environmental relevance, MOA =Mode of action. 
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Approach Tools Aim/scope Advantages Limitations Application in 
New Zealand 

References 
B

IO
T

E
ST

S 

In
 v

itr
o 

te
st

s 

Ti
ss

ue
, c

el
l l

in
es

, e
nz

ym
es

 
Identify changes at 
cellular level under 
chemical exposure 

Early warning 
tool to identify 
contaminant 
impact in 
organism tissues 
and cells before 
changes are 
evident at the 
organism level.  

Limited predictive 
power for 
deleterious effects 
at higher levels of 
organisation. 

Approach valid 
when MOA is 
known and 
appropriate for 
endpoint assessed. 

Test for steroids 
and organic 
chemicals for 
estuarine ERA, 
or effluents 
assessment using 
Rainbow trout, 
Goldfish, sheep 
and copepod 
tissue 

Bandelj et al., 
(2006)*  

Ellis et al., 
(2003)* 

(Heinrich et al., 
2017)* 

 

M
ic

ro
bi

ot
es

ts
 

Identify impact of 
chemical on 
unicellular 
organisms  

Screening 
method. Quick 
technique to 
assess impact of 
contaminants.  

Sensitivity is lower 
than that of 
validated bioassays. 
Only suggested for 
screening tests. 

Micro test kits 
for effluents 
toxicity: 
Rotoxkit FTM 

Thamnotoxkit 
FTM Daphtoxkit 
FTM magna 

Ruck et al., 
(2000)* 
Persoone 
(1998) 
 

In
 v

iv
o 

te
st

s 

La
bo

ra
to

ry
 te

st 
sp

ec
ie

s 

Identify impact of 
chemicals on 
prokaryotic and 
eukaryotic 
organisms 

Identify changes 
at the organism 
and population 
level. Identifies 
changes at 
physiological 
and behavioural 
levels 

Results are limited 
to laboratory-
controlled 
conditions unless 
tests are conducted 
in mesocosms. 

ERA exposure 
tests, DTA in 
effluents, 
estuarine quality 
monitoring, 
development of 
site-specific 
water quality 
guidelines. 

Stringer et al., 
(2014)* 
Hickey et al., 
(1992)* 
Hack et al., 
(2008)* 
Adams et al., 
(2008) 
King et al., 
(2006) 

In
 si

tu
 te

st
s 

Bi
om

ar
ke

rs
 

Identify changes in 
organisms exposed 
to contaminants at 
the molecular level  

Early warning 
tool to identify 
impacts of a 
contaminant on 
molecules 
changes  
(i.e. synthesis, 
activation and 
deactivation). 

Lack of evidence to 
demonstrate ER. 
High cost for 
specific 
biomarkers. 
Influence of other 
variables in the 
expression of 
biomarkers can 
results in errors 
type II assumptions 

ERA in 
wastewater, 
drinking water, 
pulp mill 
effluents, rivers, 
coastal waters 
and ground 
water.   
Use in 
environmental 
planning.  

Reed et al., 
(2010)* 
Chandurvelan 
(2015)* 
Laurie (2004)*,  
(Escher and 
Leusch 2011) 
Leusch et al., 
(2006)* 
 

Bi
os

en
so

rs
 

Assess impact of 
water quality on 
biosensor 
(molecular or 
organism sensor) 

On site testing. 
Quick 
assessment of 
chemical 
impacts. Variety 
of approaches 
from molecular 
to individual 
assessments.  

Limitation on the 
selectivity of 
chemicals to the 
specificity and 
sensitivity of the 
biological 
component. 
Short life span of 
the biological 
component. 

DTA, ERA for 
BOD, industrial 
effluents and 
BTEX 
compounds 
impacts. 

(2014) 
(2010) 
Turner et al., 
(2001) 
Rodriguez-
Mozaz (2007) 
McKeague & 
DeRosa (2012) 
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2.4.2 Biosensors 
 

A biosensor is a device that identifies the presence of a specific analyte or toxic 

response through a combination of a physicochemical receptor and a biological response 

(Rodriguez-Mozaz et al., 2005). The biological component can be a cell, an enzyme, or a 

 

G
en

om
ic

 a
pp

ro
ac

h 

O
m

ic
s 

  

To identify the 
impact of stressors 
on the function, 
action and 
interactions of 
molecules  

High-throughput 
screens capable 
of identifying 
changes on an 
organism gene 
sequencing and 
expression, 
protein 
functions, and 
metabolites 
regulation 

Lack of 
characterization of 
marine species. 
Alternative factors 
may complicate 
interpretation of 
differences in 
allozyme 
frequencies. 
Lack of evidence to 
demonstrate ER. 

Species 
developmental 
plasticity. 
Impact of 
climate change 
on marine 
species  
Impact of 
chemicals 
Impact chemicals 
in singular 
species. 

Mercer and 
Mattick (2013) 
Pacchierotti 
and Spanò 
(2015) 
Suarez-Ulloa et 
al., (2015)  
Dondero et al., 
(2011) 
Meng (2017) 

Ba
rc

od
in

g 

To conduct 
taxonomic 
diagnoses through 
DNA sequencing 

Fast and 
accurate 
approach. 
Analysis 
complex 
samples. Allows 
for 
identification, 
phylogenetic 
reconstruction 
and community 
structures 

The sensitivity and 
accuracy of 
techniques varies 
depending on 
eDNA or eRNA 
uses and treatment 
methods. 
Cost of tests 

Identification of 
invasive species 
and ecosystem 
biodiversity.   
Assessment of 
oil and gas 
drilling effects 
on biodiversity 

Albaina et al., 
(2016) 
 
 
Laroche et al., 
(2017)* 

C
he

m
ic

al
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na
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si
s 

Ch
ro

m
at

og
ra

ph
ic

 a
nd
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y 

se
pa

ra
tio

n 

To separate 
mixtures from a 
sample and 
measures individual 
component 
concentration. 

Versatility. 
Provides fast and 
precise 
measurement of 
concentrations 
for studied 
chemicals. 

Unable to identify 
bioavailable 
fractions in samples 
(except for dilute 
acid extractable 
which suggest 
concentrations but 
is not 100% 
reliable). Unable to 
determine the 
bioavailability of 
multiple stressors.  

National and 
regional state of 
the environment 
monitoring 
programmes. 
Water quality for 
human and 
ecological health 

Simpson et al., 
(2013) 
Ministry for the 
Environment & 
Statistics New 
Zealand 
(2015)* 

A
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 to
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Identify the 
influence of 
bioactive polyether 
compounds 

Provides fast and 
precise 
measurement of 
concentrations 
for studied 
chemicals. 

Focuses on the 
toxicity on humans. 
Limitation on 
toxicity on 
indigenous benthic 
biota 

Assessment of 
toxic hazard to 
human/ impact 
on benthic 
species 

MacKenzie et 
al., (2011)* 
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hormone. The interaction between the analyte and the biological component is measured 

quantitatively through a transduction element, which converts the information into readable 

signals. Examples include the coupling of the cyanobacterium Spirulina subsalsa to an 

amperometric gas diffusion electrode to assess the effects of trace metals, triazinic herbicides, 

and carbamate insecticides in estuaries (Campanella et al., 2001). The development of the 

bioluminescent bacterial strain Aliivibrio fischeri to assess naphthalene toxicity is another 

example of a biosensor (Jouanneau, Durand-Thouand, and Thouand 2016). 

Biosensors offer a range of benefits including: real-time chemical detection at the 

monitoring site, analysis of simultaneous samples (Le Blanc et al., 2009), indication of 

chemical bioavailability (Coelho et al., 2015), and endurance in outdoor conditions (Virkutyte, 

Varma, and Jegatheesan 2010). However, the biological sensing component can limit the 

identification of chemicals, as its performance depends on the specificity and sensitivity of the 

biological reaction. Current research is aimed at genetically modifying microorganisms with 

specific metabolic pathways to improve biosensors sensitivity (Su et al., 2011; Johnson et al 

2017; Hurtado-Gallego et al., 2018). Further challenges in biosensor technology include 

extending the life span of functional cells in the biosensor while reducing the variability in its 

signal (Liu et al., 2014). 
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2.4.3 Biomarkers 
 

Biomarkers evaluate changes at the biochemical, physiological or histological level of 

an organism under a chemical exposure (Depledge and Fossi 1994; Peakall 1994). Molecular 

and cellular changes can modulate alterations in physiological functions (such as metabolic 

disruptions or enzyme inhibition) which can lead to abnormal growth and reproduction, and 

survival of an organism (Coen, Janssen, and Giesy 2000). Biomarkers vary in their sensitivity 

and specificity to chemical exposures and can provide early warning signs of environmental 

degradation (Choi and Gu 2003). An advantage of simple biomarkers such as lysosomal 

membrane stability (LMS) (Schiedek et al., 2006) or cardiac activity (Depledge and Andersen 

1990) is the low cost, when compared to more robust and specific biomarkers of stress 

(Baršienė et al., 2006; Martinez-Haro et al., 2015) and exposure (WHO 1993; Viarengo et al., 

2007).  

The lack of understanding around the interaction and regulation of molecular processes 

under chemical exposures has slowed the use of biomarkers in regulatory frameworks and 

guidelines. A challenge faced by biomarker scientists is to differentiate the influence of other 

variables in the measurement and results obtained (Mayeux 2004). For example, Regoli et al. 

(2011) studied the relationship between mRNA expression and protein activity under chemical 

exposure and identified that the cause of oxidative stress was more complex than originally 

reported. Oxidative response can result from transcriptional gene variation and from protein 

post-translational modifications.  

Further assumptions frequently seen in biomarker studies include 1) their capacity to 

provide early warning signals of adverse biological effects, and 2) higher effectiveness at 

identifying impacts under chemical mixtures (Lam and Gray 2003). Defining clear reference 

systems and clarifying the question and the extent of each marker assessed will avoid incurring 

type I and type II errors, when statistically interpreting data. While the value of biomarker 
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technology in environmental health assessment has been recognized in New Zealand, further 

development and practical applications are needed to allow the implementation of this 

approach in risk management frameworks (Adams et al., 2001). Biomarkers have already been 

implemented in wild fish regulatory monitoring networks, including EROD activity, 

acetylcholinesterase activity, vitellogenin, metallothionein, DNA damage and lysosomal 

stability for the Biomonitoring of Environmental Status and Trends (BEST) program in the 

USA, and the Programme for the Assessment and Control of Pollution in the Mediterranean 

Region (MEDPOL) (Sanchez and Porcher 2009).  

2.4.4 Bioassays for toxicity 
 

Toxicity tests determine chemical impacts on test species through the identification of 

lethal concentrations (LC50) or a concentration at which physiological or behavioural effect is 

detected (EC50) on half the test population. The response to exposure is measured through 

endpoints such as survival, reproduction rate, growth, embryo anomalies or cardiovascular 

rates. Toxicity tests have been used since 1969 and are currently the main recognized approach 

to evaluate chemical hazards in whole effluent impacts, and the main source of information is 

used to derive toxicity trigger values (ANZECC/ ARMCANZ 2000). Moreover, they have 

contributed to the understanding of nine modes of action in which a chemical can be toxic to 

organisms (Nendza and Wenzel 2006). 

Toxicity tests provide effects-based data for environmental managers, regulators and 

decision makers. The comparison between results and guideline values can be straightforward, 

without the need to know details of underlying chemistry or toxicity mechanisms (Chainho et 

al., 2007). An example of this was reported in the Isle of Cumbrae and Shetland, where bioassay 

studies were the base for international policy changes towards the use of tributyl-tin (TBT), 

and the success in dogwhelk recolonization (Birchenough et al., 2002; Birchenough, Evans, et 

al., 2002). 



  Chapter 2: Literature Review 

 16 

The current development of bioassays focuses on chronic and long-term effects caused 

by individual or mixtures of toxicants. Once validated, bioassay tools are used in environmental 

risk assessments and in the derivation of the trigger values of toxicants (Warne et al., 2014). 

Effect concentration measurement (ECx) is the method suggested to replace the widely used 

NOEC/LOEC in bioassays. The change was done after Jager (2012), van Dam et al., (2012) 

and Fox et al., (2016) identified statistical shortcomings in the NOEC/LOEC approach. The 

parameters of an ECx are set to simulate field situations including chronic exposures at 

environmentally relevant concentrations. EPA, ANZECC/ ARMCANZ/ARMCANZ, EU and 

CCME have started implementing ECx as the preferred ecotoxicity estimation approach, and 

Fox et al., (2016) have developed a significant concentration-response modelling framework 

considering multivariate score data. These changes represent a promising approach, but 

advanced mathematical and statistical skills are required.  

Bioassays are still the only method validated by regulatory agencies to assess the direct 

impact of toxicants to exposed organisms (Connon, Geist, and Werner 2012; Meays 2010; 

ANZECC/ ARMCANZ 2000).  

2.4.5. Molecular approaches 
 

Omics is the study of the function, action and interactions of molecules such as 

genomes, proteins, metabolites and ions. This field involves the use of molecular information 

from gene sequencing and expression (genomics, transcriptomics and epigenetics), protein 

functions (proteomics), metabolite activities and regulation (metabolomics) to changes in the 

whole organism (Elangovan 2013). The use of omic techniques is gaining momentum in 

environmental toxicology as potential tools for environmental monitoring. Table 2.2 presents 

recent studies assessing the feasibility and practicality of omic approaches in marine organisms. 

However, a few challenges need to be addressed to gain regulatory acceptance. Bahamonde et 

al., (2016) provides a detailed description of the steps required to include omics technology 
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into national programmes. The list includes a baseline of characterised marine species 

genomes, the collection of omics endpoints on multiple species to identify normal patterns, the 

characterisation of the individual variability of omes, the selection of critical effect size and 

thresholds and the standardisation of methods to analyse large sets of genetic data. However, 

the most relevant step is to demonstrate the ecological relevance of molecular techniques, 

explained as the effect of molecular changes on shift at the community and ecosystem level.   

2.4.6 Metabarcoding 

Metabarcoding is a large-scale molecular technique used to identify species diversity 

by amplifying and sequencing gene markers such as 18S and rDNA V9.  Metabarcoding has 

been implemented to detect invasive species in the marine environment (Pochon et al., 2013; 

Zaiko et al., 2015), and more recently to identify the structure of zooplankton communities 

(Cheng et al., 2014) and ecosystems biodiversity (Abad et al., 2016; Trivedi et al., 2016; 

Basheer et al., 2016; Hamaguchi et al., 2017; Mineur et al., 2012). Further opportunities 

combining metabarcoding techniques with high-throughput sequencing include the monitoring 

of changes in estuarine community in areas exposed to natural and anthropogenic stressors. 

Promising trials have been recorded for freshwater communities (Dowle et al., 2016; Xie et al., 

2017) and deep-sea prokaryotic species exposed to contaminants (Laroche et al., 2016). 

However, no studies have been conducted for New Zealand estuarine communities. An initial 

step to develop metabarcoding tools in New Zealand estuaries is to standardize sampling and 

DNA/RNA extraction methods and to develop DNA/RNA sequence libraries with local 

estuarine species to be used as a baseline in monitoring programmes (Aylagas, Borja, and 

Rodríguez-Ezpeleta 2014; Abad et al., 2016; Danovaro et al., 2016). 

Table 2.2. Omic techniques evaluated as potential tools to assess toxicants impacts on estuarine and 

marine organisms. 

Omic approach Organism Toxicant exposure Endpoint References 
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Transcriptomics Zebrafish            Fadrozole Global transcriptional response 
Up-regulation of multiple genes 
Gene expression profiles specific 
to each contaminant 

Villeneuve et 
al. (2009) 

Moens et al. 
(2006)  

Williams et 
al. (2014) 

Dondero et al. 
(2011)  

 

Common carp Endocrine disruptive 
chemicals 

Gene expression profile 

Flounder Contaminated 
sediments (PAH, 
metals, PCBs) 

Immune response and erythrocyte 
apoptosis 
 

Marine bivalve Nickel and 
chlorpyrifos mixtures 

Differentially expressed genes 
(DEGs) 
Stress syndrome level 
Toxicokinetic changes 

Metabolomics Zebrafish Endocrine disruptive 
chemicals 

Alteration of metabolite profiles 
in liver 

Teng et al. 
(2013) 

Mussel Dissolved Biotoxins Toxin and metabolite profile in 
different tissues of the mussel 

Jauffrais et al. 
(2013) 

Proteomics Fujian oyster Copper Abcb1 gene expression pattern 
and function of copper 
detoxification in Crassostrea 
angulata   

 

Shi et al. 
(2015) 

Pacific oyster Cadmium Cadmium effects on DNA and 
protein metabolism in oyster 
(Crassostrea gigas) revealed by 
proteomic analyses   

 

Meng et al. 
(2017) 

Pacific oyster 

 

Urban sewage Changes in protein expression of 
pacific oyster Crassostrea gigas 
exposed in situ to urban sewage  

 

Flores-Nunes 
et al., (2015) 

Epigenetics Blue mussel 
and pygmy 
mussel 

Pesticides, aromatic 
hydrocarbons, heavy 
metals, persistent 
organic pollutants, and 
endocrine disruptive 
chemicals 

Demethylation as a mechanism 
for easing tolerance to stress 
conditions 

Pacchierotti 
and Spanò 
(2015) 

Ardura et al. 
(2018) 

 

2.5. Reliability of test organisms 
 

One of the main shortcomings in the assessment of pollutants in New Zealand estuaries 

is the limited number of validated local species for toxicity testing. Most of the tests have been 

developed with species that are not relevant to New Zealand, which may respond differently to 

environmental stressors, as described in van Dam (2008; 2014). There is a need to validate 

toxicity testing of marine species using New Zealand species to assess the extent of the impact 
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of chemicals impact to local fauna. Further, local biological indicators can be used to derive 

site-specific trigger values for chemicals. Ranges of species present in New Zealand are 

validated toxicity indicators in the marine environment. These include the mussels Mytilus 

galloprovincialis (Williams and Hall 1999) and Perna viridis (Phillips 1985), the New Zealand 

paua Haliotis iris (Gadd Draft September 2016), the wedge shell Macomona liliana (Fukunaga 

and Anderson 2011), the sand flounder Rhomosolea retiaria (Richmond 1984), and the diatom 

Minutocellus polymorphus (Walsh et al., 1988). However, there are limited species validated 

for estuaries in New Zealand (Hall 1998; Warne et al., 2014) including Quinquelaophonte sp. 

(Stringer et al., 2014), Robertsonia propinqua (Hack et al., 2008), Perna canaliculus 

(Chandurvelan et al. 2013), Aulacomya maoriana (Alfaro et al., 2011), Chaetocorophium cf. 

lucasi (King et al., 2006), and the only species representing pelagic areas, the green algae 

Tetraselmis sp. (Levy et al 2011). Table 2.3 presents a complete list with all the species 

validated in both marine and estuarine environments across New Zealand.  

In the absence of validated pelagic species belonging to different trophic levels, the 

Australian pelagic copepod Acartia sinjiensis and the microalgae Nitzschia closterium are used 

in New Zealand. Due to the environmental differences between Australia and New Zealand, 

and the minimum requirements established in the ANZECC/ ARMCANZ (2000) guidelines, 

there is a need to validate toxicity test organisms from estuarine pelagic zones in New Zealand. 
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Table 2.3. Validated species for toxicity assessment in benthic and pelagic zones in New Zealand. 

Endpoint tested for LCx tests was mortality, and endpoints for ECx were reproductive success, DNA 

damage, sex ratio, inhibition of female maturation and growth rate. Molecular endpoints included 

micronucleus test, DNA damage, and synthesis of MT and other biomarkers. 

Zone Trophic  
position 

Group Species Test type Endpoint Reference 

B
en

th
ic

 

  

 
Primary 
consumer 

 
Copepoda 

 
Quinquelaophon
te sp  

 
LC50 (48hr) 
EC50 (14d) 

 
Mortality 
Reproductive 
success 

 
Stringer et 
al., (2014) 

Primary 
consumer 

Copepoda Robertsonia 
propinqua 

LC50 (48 hr) 
EC50 (14d) 

Mortality 
Reproductive 
success 

Hack et al. 
(2008) 

Secondary 
consumer 

Green-lipped 
mussel 

Perna 
canaliculus 

Biochemical 
biomarker (96hr 
&28 d) 

Micronucleus test 
and the comet 
assay 

Chandurvela
n et al. 
(2013) 

Secondary 
consumer 

Ridged 
mussel 

Aulacomya 
maoriana 

 ECx(120 hr) Mortality and 
Biochemical 
biomarker 

Alfaro, et al. 
(2011) 

E
pi

be
nt

hi
c 

Secondary 
consumer 

Amphipod Chaetocorophiu
m cf. lucasi 

LC50 (96hr) 
 

Mortality King et al. 
(2006) 

Secondary 
consumer 

Amphipod Paracorophium 
excavatum 

EC50 (28d) Sex ratio 
Juvenile 
recruitment 
Inhibition of 
female maturation 

Marsden 
(2002) 

Secondary 
consumer 

Amphipod Talorchestia 
quoyana 

Bioaccumilation Concentration of 
Cd, Cu and  Zn in 
tissue 

Rainbow et 
al. (1993) 

Secondary 
consumer 

Amphipod Orchestia tenuis 
Dana 

Bioaccumilation Concentration of 
Cd, Cu and  Zn in 
tissue 

Rainbow et 
al. (1993) 

Secondary 
consumer 

Mysid Tenagomysis 
novae-
zealandiae 

LC50 (96) 
EC50 (7d) 

Mortality and 
growth 

Nipper and 
Williams 
(1997) 

Secondary 
consumer 

Cockle Austrovenus 
stutchburyi 

Methallothionein 
(MT) 

Synthesis of MT Reed et al. 
(2010) 

Secondary 
consumer 

Fish Rhombosolea 
leporine 

MT Synthesis of MT Evans et al. 
(2001) 

Pe
la

gi
c 

Primary  
producer 

Green Algae Tetraselmis sp 
 

IC50 (72 hrs) Growth rate Levy et al. 
(2011) 

 
 
2.6. Copepods as monitoring tools 
 

Copepods are one of the most productive and environmentally relevant groups in water 

systems (Longhurst 1985; Verity and Smetacek 1996). They act as the link between primary 
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producers and secondary consumers in aquatic ecosystems (Runge 1988), participate in the 

cycling of nutrients, breakdown of organic material (Calbet A and Landry M.R. 2004) and play 

an important function in carbon export (Guidi et al., 2016). Copepods participate in the 

regulation of trophic cascades (Stibor et al., 2004; Gismervik 2006), provide habitat for 

nitrogen-fixing microbes (Glud et al., 2015), and act as one of the main food sources for higher 

trophic levels, including fish and baleen whales (Dhont et al., 2013; Parry et al., 2015). 

There are three main groups of copepods: harpacticoids, calanoids and cyclopoids. 

While harpacticoids dominate the benthos, calanoids and cyclopoids live in the pelagic zones, 

with some species migrating towards the benthic areas during specific reproductive stages. 

Benthic copepods such as Tigriopus japonica, Tisbe sp. and Amphiascus tenuiremis have 

demonstrated high sensitivity to toxicants (Bejarano and Chandler 2003; Raisudding et al., 

2007). Their sensitivity has been tested on compounds with different natures including trace 

elements, polycyclic aromatic hydrocarbons, antifouling agents, polychlorinated biphenyls and 

biocides (Lee et al., 2015; Li, Wang, and Wang 2017), endocrine disruptive chemicals 

(Raisuddin et al., 2007; Diz et al., 2009) and pesticides (Bejarano and Chandler 2003). Other 

studies have used copepods to assess the concentrations of toxicants accumulated in the tissues, 

and the potential impact in reproductive success and behaviour (Chandler et al., 2012). 

Calanoid and cyclopoid copepods are used to assess the effects of contaminants in the 

water column. The sensitivity of these copepods to single and multiple trace elements has been 

studied overseas in calanoid species such as Acartia tonsa, Acartia clausi, Eurytemora affinis, 

Amphiascus tenuiremis and Skistodiaptomus oregonensis (Bielmyer, Grosell, and Brix 2006; 

Pinho et al., 2007; Monteiro et al., 2013; Martínez et al., 2017). Other studies have focused on 

the copepod endocrine and metabolic systems and disruptions caused by industrial organic 

compounds such as antifouling organotins (U'Ren 1983; Vogt, Model, and Vinagre 2018), 

organophosphate insecticides  (Thompson and Tucker 1989; Forget, Beliaeff, and Bocquene 
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2003), herbicides (Bejarano and Chandler 2003), pesticides (Relyea 2009) and polycyclic 

aromatic hydrocarbons (Bellas and Thor 2007; Lesueur et al., 2013). 

Copepods have been further used in omics studies. Calanus finmarchicus, T. japonicus 

and Paracyclopina nana Smirnov have been widely used to evaluate gene expression and 

transcription under contaminants exposure (Hansen et al., 2008; Christie et al., 2013; Kim et 

al., 2015; Dahms et al., 2016). Other studies have assessed the influence of copepod genotype 

on their tolerance and adaptation to changing environnements (Sun et al., 2014; Lee et al., 

2015 ; Lauritano et al., 2016; Rahlff et al., 2017). Some of these technologies target detoxifying 

mechanisms by measuring the activity of proteins such as P-glycoproteins (Jeong et al., 2014) 

while others identify stress responses in cDNA libraries, as demonstrated with 

Pseudodiaptomus poplesia exposed to sublethal concentrations of polycyclic aromatic 

hydrocarbons (Zhuang et al., 2017). 

The ecological position of copepods in trophic webs and their success in 

ecotoxicological tests make them potential models for environmental monitoring in estuaries. 

The limited number of validated test species in New Zealand results in an opportunity to 

develop site-specific risk assessment tools using copepods. 

 

2.7. Development of tests in local species 
 

In the absence of local test species, trigger values from different ecosystems and region 

types are inferred in New Zealand (ANZECC/ ARMCANZ 2000). The validation of local 

species as environmental indicators will reduce the extrapolation of trigger values from 

overseas and will allow derivation of site-specific values with representative species. This 

approach will increase certainty in the protection of key species. Further on, the development 
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of bioassays will allow for the recognition of molecular tools such as biomarkers as 

environmentally relevant tools to be incorporated in water quality guidelines and regulations. 
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Charry, M.P., Northcott, G.L., Gaw, S., Keesing, V., Costello, M.J. and Tremblay, L.A., 2019. 
Development of acute and chronic toxicity bioassays using the pelagic copepod Gladioferens 
pectinatus. Ecotoxicology and environmental safety, 174: 611-617. 
 
 
3.1. Introduction 
 

Estuaries are ecologically and economically valuable ecosystems often impacted by human 

activities (Lotze et al., 2006; Wolanski and Elliott, 2007). Inputs of agricultural runoff, municipal and 

industrial wastes, landfill leachate, and an increase in sedimentation, organic matter and air pollution 

deposition contribute to the degradation of estuarine health (Nieto et al., 2007). Characterisation of the 

effects of anthropogenic pollutants is essential for planning and implementing pollution management and 

mitigation strategies that maintain the health and function of estuarine ecosystems (Karydis and Kitsiou, 

2013). While a range of monitoring tools have been developed to assess ecosystems health, only 

biological methods can evaluate the direct impact that chemicals exert on organisms (Simpson et al., 

2016).  

Copepods are an excellent ecotoxicology test organism due to their ecological relevance in aquatic 

ecosystems, sensitivity to toxicants, short life cycles and spatial and temporal distributions (Lee et al., 

2007).  Organizations like the Organisation for Economic Co-operation and Development (OECD) have 

highlighted the need to develop guidelines for life cycle tests using crustaceans, including marine 

copepods (Gourmelon and Ahtiainen, 2007). Most standard bioassays using copepods have been 

developed for benthic species including Tigriopus japonicas (Lee et al., 2007), Nitocra spinipes (Macken 

et al., 2009), Tisbe sp and Amphiascus tenuiremis (Kwok et al., 2015). In New Zealand, estuarine 

Chapter Three                                     
Development of Acute and Chronic Bioassays 

Using the Pelagic Copepod Gladioferens 
pectinatus to Assess Estuarine Health 
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sediment toxicity has been previously assessed with the native benthic copepods Quinquelaophonte 

aurantius (Stringer et al. 2014; Charry et al., 2018) and Robertsonia propinqua (Hack et al., 2008).  

Despite their high ecological relevance, pelagic copepods have been rarely used as test species in 

ecotoxicological assessments. Pelagic copepods are the main link between primary producers and 

secondary consumers (Kwok et al., 2015), regulate trophic cascades in multiple food chains (Gismervik, 

2006) and contribute to carbon cycling and energy fluxes within estuaries (Andersen et al., 2001). To 

date, the only pelagic copepod species used for standardized ecotoxicology testing internationally are 

Acartia Tonsa (Andersen et al., 2001; Kusk and Wollenberger, 2007), Eurytemora affinis (Michalec et 

al., 2013), and A. sinjiensis ( Bielmyer et al. 2006; ASTM, 2014). These tests have been used to 

characterise the impact of trace elements and organic compounds (Ott et al., 1978; Bellas and Thor, 

2007), emerging contaminants (Kusk and Wollenberger, 2007), and nanoparticles (Jarvis et al., 2013; 

Zhou et al., 2016).  

Acartia tonsa, E. affinis and A. sinjiensis are either absent, or have a limited distribution in New 

Zealand (Bradford-Grieve, 1999). However, other pelagic species including Gladioferens pectinatus, A. 

ensifera, Centropages aucklandicus, Temora turbinata, Labidocera cervi, and Cyclops sp. are widely 

distributed and common to New Zealand coastal areas (McKinnon and Arnott, 1985; Bradford-Grieve, 

1999).  

The aim of this study was to identify a New Zealand pelagic estuarine copepod species suitable 

for use in toxicity testing bioassays. The selection criteria were; wide distribution in New Zealand 

estuaries, ease of culture in the laboratory, high reproductive rate, short life cycles, and sensitivity to 

toxicants.  

3.2. Materials and Methods 
 
3.2.1 Collection of specimens 
 

Pelagic copepods were collected from four New Zealand estuaries: (a) Cable Bay, Nelson (41° 

9'28.71"S 173°24'56.18"E), (b) Portobello Bay, Dunedin (45°49'49.76"S 170°39'37.94"E), (c) 

Pauatahanui Estuary, Wellington (41° 6'4.98"S 174°54'44.51"E) and (d) Karepiro Bay, Auckland 
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(36°39'27.88"S 174°44'2.36"E) (Figure 3.1). Samples were collected with a manual 50-μm mesh size 

pelagic net with a non-filtering cod-end and transferred in plastic containers to a wet laboratory. All 

species went through a period of progressive acclimatisation to the standardised temperature and salinity 

conditions (ISO 14669) during the first week, and cultures were then left to reproduce for 6 months. 

Species were identified using a stereomicroscope (Olympus SZH10), and isolated into species groups. 

Five species of pelagic copepods were identified and preselected as possible bioassay candidates: G. 

pectinatus, Euterpina acutifrons, Oithona sp., A. ensifera, and Cyclops sp.  

 

 

Figure 3.1. Locations of estuaries where copepods were collected from: (KB) Karepiro Bay, Auckland; (CB) 

Cable Bay, Nelson; (PE) Pauatahanui Estuary, Wellington; (PB) Portobello Bay, Dunedin. 
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3.2.2 Copepod husbandry 
 

At least 200 adult copepods from each species were transferred to glass chambers containing 3 L 

of artificial sea water (ASW) at 30 ‰ prepared with Red Sea Coral Reef Sea Salt and deionized water 

(filtered 0.22 µm). Chambers were connected to a reticulation system with a dripping flow of 5 mL/min. 

Culturing conditions were: temperature 20 + 1 °C, pH 8.0 + 0.3 and a photoperiod cycle of 14 h light/10 

h dark with a light intensity of 10-15 µmol s-1 m-2 (Li-cor Li-250A sensor). Cultures were fed twice a 

week with 5x107 cell/mL of an unequal mix of Isochrysis galbana, Chaetoceros muelleri and Dunaliella 

tertiolecta live algae. The density of adult copepods, average number of gravid females, number of eggs 

and reproduction rate were measured after obtaining random samples of 300 mL obtained from the 

individual chambers on a weekly basis. 

 
3.2.3 Experimental design and procedure 
 

3.2.3.1 Sensitivity of nauplii and adult copepods to copper 
 
 

Copepods were sieved through a 400 µm plastic mesh 24 h to isolate organisms of a specific size 

prior to initiating a test. Equal numbers of male and female adults were transferred to petri dishes via a 1 

mL pipette. Gravid females were placed in individual small petri dishes, and nauplii (<12 h old) were 

collected on the day of the test by sieving them out using a 90 µm plastic mesh. All flasks were acid 

washed in 10 % nitric acid (HNO3) for 24 h, and thoroughly rinsed with deionised water before use. 

Adult and nauplii acute tests were static and ran for 96 and 48 h, respectively, following ISO 14669 (ISO, 

1999) method with a slight modification; the algae diet was a mixture as described in previous section 

instead of Rhodomonas reticulata. Each test consisted of five concentrations of CuCl2 (Table S1), four 

replicates for each concentration of copper solution, and 20 individuals per chamber. Endpoints assessed 

at the end of the test were mortality and immobility. These endpoints were confirmed using a microscope, 

and a dissection probe to identify lethargic individuals as previously described (Stringer et al., 2014). 

One replicate from each concentration treatment was used to assess water quality parameters and 
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concentration of test chemicals. Test acceptability was confirmed when control treatments exhibited > 

90 % survival at the end of the study (ISO, 1999).  

Sublethal tests were semi-static and ran for 6 and 7 days for nauplii and adults, respectively, 

following Bielmyer et al., (2006) and the ISO 16778 guideline (ISO, 2015). Five concentrations of copper 

were used, with the highest concentration being the median between the LC10 and LC20 values obtained 

in the nauplii and adult acute tests, respectively. Each treatment was run in triplicate. Measured endpoints 

were survival and larval development rate for the nauplii, and survival, realized offspring and total 

potential offspring (unhatched eggs and nauplii) for adults. Test solutions and algae food mix (5x 104 

cells/mL of Isochrysis galbana, Chaetoceros muelleri and Dunaliella tertiolecta) for sublethal tests were 

renewed every three days. Test parameters are summarised in table 3.1. 

 

Table 3.1. Parameters and conditions for acute and chronic bioassay test with Gladioferens pectinatus. 
 Acute test Chronic test 
   
Type of test Static Semi-static 
   
Test duration 48 hr (nauplii) 

96 (adults) 
6-7 (Days) 

Temperature 20+1 20+1 
   
Salinity 30+2‰  30+2‰ 
 
Dissolved oxygen 

 
>7 mg/L 

 
> 7 mg/L 

   
pH 8 + 0.2 8 + 0.2 
   
Test chambers 50 mL 200 mL 
 
Test chamber material 

 
Glass 

 
Glass 

   
Water renewal None Every 3rd day 
   
Individuals per test 
chamber 

20 60 + 20 

   
Number of replicates 4 4 
   
Aeration None Soft (bubble per 2 seconds) 
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Endpoints Survival Nauplii: Survival, Larvae development rate.  
Adult: Survival, potential realised offspring, 
realised offspring, total offspring. 

Test acceptability >70% survival >80% survival 
 

3.2.3.2 Naupliar exposure to 3 toxicants  
 
 

The three chemicals were copper, phenanthrene (Sigma-Aldrich; CAS No 85-01-8) and 

chlorpyrifos (Sigma-Aldrich; CAS No 2921-88-2). Dimethyl sulfoxide (DMSO, BDH AnalaR) and 

acetone were used as carrier solvents for chlorpyriphos and phenanthrene, respectively. The maximum 

proportion of solvent in each prepared aqueous test solution was 0.1 %. Control and a carrier control 

were included for bioassays assessments of the two organic compounds. The experimental design was 

the same as described for naupliar sublethal test using copper. Each assay was repeated on three different 

occasions, and the validity of each test was accepted when the survival of nauplii in the control treatments 

were equal to or above 70 %, as standardised in ISO 16778 (2015).  

3.2.4 Chemical analysis 
 

The test chemicals were measured at the beginning and end of each experiment, and percentage 

loss was calculated to identify reduction of chemical concentration in the test chambers. Five mL of each 

copper test solution was filtered (0.45µm) with chirana syringes (MicroAnaytix), acidified to pH < 2 

using HNO3, and diluted 51 times before analysis by ICPMS (Agilent 7500cx ICPMS). Water certified 

reference materials (CRM) were used for QA/QC and percentage difference were calculated for 

duplicates.  

Aliquots of the phenanthrene and chlorpyrifos working and test standards were transferred into 

amber glass vials, preserved in dichloromethane and transferred to Plant and Food Research laboratories 

in Hamilton New Zealand for analysis. A detailed description of the method used to measure both organic 

compounds is presented in Supplemental Material S1. In summary, phenanthrene working and aqueous 

test solutions were spiked with the recovery standards fluorene-d10 and anthracene-d10 (Stringer et al.,, 

2014) and chlorpyrifos was spiked with chlorpyrifos-methyl as a recovery standard. Phenanthrene 



      Chapter 3:  Validation of pelagic copepod bioassay 

 30 

extracts were analysed by gas chromatography mass-spectrometry following methods described in 

Stringer et al. (2014). Residues of chlorpyrifos, its primary metabolite 3,5,6-trichloror-2-pyridinol, the 

recovery standard chlorpyrifos-methyl, and internal standard Fenthion were analysed by high resolution 

gas chromatography mass-spectrometry (GCMS) using an Agilent 7000 series triple quadrupole GCMS. 

Data analysis was carried out using the Agilent Mass Hunter MSMS Quantitative Analysis Software. 

The 95 % confidence intervals for the mean recovery of fluorene-d10 and anthracene-d10 spiked 

into the phenanthrene test solutions at a concentration of 50 µg/L each were 84 ± 6 % and 106 ± 7 %, 

respectively. The recovery of phenanthrene spiked into and extracted from Milli-Q water blank quality 

assurance solutions over the concentration range of 10 to 250 µg/L was similarly high with a 95% 

confidence interval of 97 ± 5 %. The recovery of chlorpyrifos-methyl spiked into the chlorpyrifos test 

solutions at concentrations of 1, 2.5 or 5 µg/L was 96 ± 3 % and the 95% confidence interval for the 

recovery of chlorpyrifos spiked into and extracted from Milli-Q water blank quality assurance solutions 

over the concentration range of 1 to 5 µg/L was 98 ± 4 %. The estimate of uncertainty in the measurement 

of phenanthrene and chlorpyrifos in the analysed treatment solutions was 6% and 4% respectively. 

 
3.2.5 Data analysis 
 

The R Studio software and drc, dplyr and car packages were used for data analyses and graphs 

generation (R Core Team, 2018; Ritz, 2005). Data were normalised to control %, and measured 

concentrations were used for the calculation of dose response curves. One-way ANOVA with Dunnett 

post hoc test were conducted to identify significant differences from controls. The r function ‘mselect()’ 

was run to identify the best fitting dose response model. Estimations of lethal concentration (LC(x)), 

effective concentration (EC(x)) and no effect concentration (NEC) values were calculated through 

binomial regression, with a confidence interval of 95 %. The x refers to the exposure time. Acute to 

chronic ratios (ACR) were calculated following methods by Mebane et al., 2008.  
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3.3. Results 
 

3.3.1 Performance and life history of cultures 
 

Only G. pectinatus and E. acutifrons reached the population densities required for application in 

toxicity testing under our laboratory conditions. The average number of gravid females was 12 ± 6 % for 

G. pectinatus and 18 ± 0.8 % for E. acutifrons. The number of hatched eggs per G. pectinatus females 

was 26 ± 4.18 eggs/ female, and higher than for E. acutifrons (13.3 ± 1.52 eggs/ female). Naupliar 

survival of G. pectinatus was higher thand for E.acutifrons reaching densities of 74.6 ± 21.5 adults/ 

sample, as opposed to 44.6 ± 24.13 adults/ sample. 

 

3.3.2 Comparative sensitivity between naupliar and adult copepods 
 
 

Copepod survival in all control treatments was above 90 % for G. pectinatus, and 66 % for E. 

acutifrons. All water parameters remained within optimal ranges (pH 8 ± 0.2, DO > 7 mg/L, salinity 

30‰).  

Copper LC50 values obtained for nauplii and adult G. pectinatus were 170 (143-193) µg/L and 

216 (181 – 255) µg/L, respectively. The corresponding sublethal EC50 concentration of copper for 

naupliar larval development was 49.8 (45- 55.3) µg/L, and the EC50 copper concentrations for adult 

realized offspring, potential offspring and total offspring number were 101.5 (98.1-104.9), 127.1(106.3 

– 147.8) and 94.3 (90 – 98.5) µg/L, respectively. Dose response curves for E. acutifrons could not be 

determined due to tests failing the validity criteria (survival in control treatments was below 70 %, high 

variability in homogeneity of variances and none of the models could be adjusted to the data under a 95 

% confidence) (ISO 1999).  

3.3.3 Validation of the pelagic species with chronic bioassay 
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The lethal and sublethal concentrations of copper, phenanthrene and chlorpyrifos for nauplii and 

adult G. pectinatus copepods are reported in Table 1. Validation parameters remained within the specified 

acceptance criteria limits: temperature (20 ± 1°C, pH 8 ± 0.3, salinity (30 ± 0.5 ‰) and DO (>70 mg/L) 

in all treatments. The concentrations of the reference toxicants were reduced by an average of 7 % for 

copper, > 90 % for phenanthrene and 34 % for chlorpyrifos during exposure tests. There are different 

factors that can facilitate chemical reduction in a solution including adsorption to test chamber, 

biodegradation, light degradation and volatilisation. The measured concentrations and recovery values 

for each toxicant over the exposure period are shown in Tables S1 and S2. The percentage of surviving 

copepods in control treatments of each exposure test was > 80 %. Copper significantly reduced the ability 

of nauplii to develop and moult to the copepodite stage at concentrations above 60.77 µg/L (p<0.05), and 

all further development ceased at concentrations above 137 µg/L.  

Phenanthrene significantly (p<0.01) reduced the naupliar development ratio at concentrations 

above 15.1 µg/L, and 100 % mortality was recorded at a concentration of 399 µg/L. Acute tests did not 

generate enough immobility data to calculate a 48 h EC50. However, a significant difference (p= 0.043) 

for morbidity was observed at concentrations of phenanthrene above 59 µg/L. Chlorpyrifos significantly 

inhibited (p<0.05) naupliar development at concentrations as low as 1.3 µg/L and triggered significant 

larval mortality at concentrations above 5.2 µg/L (Table 3.1). Parameter estimates for all the tests for 

each toxicant are shown in Figure S1 and Table S3. Immobility dose response curves for chlorpyrifos 

(Table 3.2) could not be calculated due to the lack of high immobility rate observed in the tests (ASTM, 

2007). 
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Table 3.2. Lethal and sublethal concentrations (LCx, ECx) of copper, phenanthrene and chlorpyrifos to 

nauplii and adult Gladioferens pectinatus copepods. Values in parenthesis represent the lower and 

upper limits obtained for each specific endpoint (LC10, LC20 and LC50).  Codes: LDR= larval 

development ratio; and DI= development inhibition percentage; RO = realized offspring; TO = total 

offspring; PO = potential offspring; ACR= acute to chronic ratio. 

 
      Acute toxicity (µg/L) to Gladioferens pectinatus 

Toxicant Stage Endpoint Exposure 

(hrs) 

LC10 LC20 LC50 

Copper Nauplii Survival 48 100.5 (73.7 - 122.4) 121.8 (99.8 - 140.9) 170 (143 - 193) 

Copper Adult Survival 96 78 (76.0 - 80.1) 113.6(112.1 - 115.1) 216 (181 - 255) 

Phenanthrene Nauplii Survival 48 16.8 (5.8 - 27.8) 40.5 (24.6 - 56.3) 181.3 (131.3 - 231.3) 

 Nauplii Morbidity 48 4.5 (0.89 - 8.04) 10.3 (4.7 - 16) 43.5 (31 - 55.8) 

Chlorpyrifos Nauplii Survival 48 2.2 (1.5 - 2.8) 2.8 (2.2 - 3.5) 4.3 (3.8 - 4.9) 

 Nauplii Mobility 48 - - - 

 
                                               Chronic toxicity (µg/L) Gladioferens pectinatus 

To
xi

ca
nt

 Stage Endpoint Exposure 

(day) 

EC10 EC20 EC50 NEC ACR 

op
pe

r 

Nauplii LDR 6 25.8 (19.1-34.3) 32.8 (26.6-40) 49.8 (45-55.3) 48.5 5.2 

Adult RO 7 72.5 (68.8-76.2) 82.9 (79.4-86.4) 101.5 (98.1-104.9) 108.3 2.6 

Adult PO 7 18.4 (13.6- 23.3) 37.6 (31.9-43.3) 127.1 (106.3-147.8) 127.1 5.7 

 

Adult TO 7 53.1 (49.6-56.7) 65.6 (62.0-68.9) 94.3 (90 – 98.5) 94.3 3.29 

Ph
en

an
th

re
ne

  

Nauplii 

 

LDR 

 

6  

 

7.7 (0.52-16.1) 

 

12.6 (3.32-19.4) 

 

31.3 (24.8 -44.7) 

 

56.7 

 

14.3 

C
hl

or
py

ri
fo

s 

 

Nauplii 

 

LDR 

 

6 

 

0.51 (0.16-0.87) 

 

0.84 (0.4-1.23) 

 

1.97 (1.6-2.31) 

 

2.28 

 

5.11 
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3.3.4 Performance of chemical analysis 

 

The recovery of both surrogate deuterated PAH standards and chlorpyrifos-methyl was 

consistently high as demonstrated by the mean percentage recovery and narrow 95 % confidence 

intervals. Similarly, the 95 % confidence intervals obtained for the mean recovery of phenanthrene and 

chlorpyrifos spiked into and extracted from Mill-Q water Quality Assurance samples were consistently 

high and narrow, confirming the robustness of the analytical method. The higher recovery obtained for 

anthracene-d10 compared to fluorene-d10 resulted from losses of the more volatile fluorene-d10 during 

evaporation of sample extracts. Regardless of the increased loss and reduced recovery of fluorene-d10 the 

recovery of all spiked surrogate compounds was excellent, demonstrating the robustness of the sample 

extraction procedure. 

No residues of the organic contaminants were detected in extraction blanks or control treatment 

sample solutions. No residues of the 3,5,6-trichloro-2-pyridinol, the principal metabolite of chlorpyrifos, 

were detected in any of the aqueous treatment solutions at the beginning or conclusion of the treatment 

exposure period. 

 

3.4. Discussion 
 
3.4.1 Cultures performance  

 

The reproductive performance of G. pectinatus cultures was consistent and more sustained and 

successful than that of E. acutifrons. Despite the shorter life cycle of E. acutifrons, the naupliar to 

adulthood survival rate was significantly lower than G. pectinatus making this species less suitable for 

bioassays. The high survival rate of G. pectinatus nauplii through to adulthood, its ease of culturing, its 

sensitivity to the test toxicants, and test repeatability make it a suitable species for estuarine water toxicity 

testing (Figure S1). This pelagic copepod is abundant and widely distributed in New Zealand coastal 

waters (Bradford-Grieve, 1999). Its high tolerance to salinity and temperature fluctuations allow it to 

dominate the zooplankton within estuaries, tidal-influenced lakes, river inlets, harbours and sounds 
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(Bayly 1963, Bayly1965). Gladioferens pectinatus has a short life cycle, passing through six naupliar 

stages, five copepodite stages and reaching maturation within 19 to 22 d under optimal conditions (Arnott 

et al.1986).  

3.4.2 Naupliar Vs. Adult toxicity 
 

The observed higher sensitivity of the copepod G. pectinatus during their early stages of 

development has been reported in diverse groups of marine species exposed to a range of toxicants 

(Medina et al. 2002). For example, nauplii from Schizopera knabeni and Nitocra lacustris exhibited a 

greater sensitivity to phenanthrene (LC50= 84 and 71 µg/g, respectively) than adults (LC50= 345-349 and 

72-105 µg/g, respectively) (Lotufo and Fleeger, 1997). Tisbe holothuriae nauplii were more sensitive to 

cadmium and copper (LC50 = 538.4 and 314.2 µg/L) than copepodites (Verriopoulos and Moraïtou 

Apostolopoulou 1982). The reduced sensitivity of adult copepods to chemical toxicants can be explained 

by numerous factors including an increased potential to detoxify (McKim 1985), a larger external contact 

are and smaller surface area to adults (Sprague J 1995), the accumulation of lipid in which adult copepods 

can store lipophilic substances, a more developed immune system, and a developed exoskeleton that 

reduced toxicant absorption (Mohammed 2013). 

 
3.4.3 Toxicity of reference toxicants to nauplii 
 
 

Reference toxicants included: phenanthrene, a polycyclic aromatic hydrocarbon (PAH) known to 

cause non- polar narcosis and inhibit detoxifying processes and moulting inducing hormones in copepods 

(Han et al.,, 2017); chlorpyrifos, an organophosphate pesticide commonly used for pest control in 

agricultural activities, known to inhibit acetylcholinesterase and antioxidant enzyme activities (Patetsini 

et al., 2013), and copper, an essential element for the formation of cellular structures, but toxic to aquatic 

invertebrates at high concentrations (Pinho et al., 2007). The toxicants were selected based on their modes 

of action, their previous applications in bioassays, availability of comparative data, and their wide 

distribution and fate in the environment. 
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The LC50 value for copper obtained for G. pectinatus nauplii (170 µg/L) was higher than that 

previously reported for nauplii of A. tonsa (108.5 µg/L) (Monteiro et al. 2013) and E. affinis (83 µg/L) 

(Hall et al. 1997), demonstrating that nauplii of G. pectinatus have a higher tolerance to copper than other 

copepod species. Conversely, the nauplii of G. pectinatus demonstrated a greater sensitivity to sublethal 

concentrations of copper (EC50 = 49.8 µg/L) than A. tonsa (EC50 =109.9 µg/L) (Lauer and Bianchini, 

2010). The toxicity of copper to nauplii and adults of various estuarine copepods exposed under different 

salinity and exposure conditions is summarised in Table 3.3. Additionally, the toxicity of copper to G. 

pectinatus falls within the SSD curve provided by Gadd et al. (2016) using New Zealand species (Figure 

3.4). The variability in the toxicity to copper can be attributed to the conditions the copepods were 

exposed to (salinity, temperature and food availability). For example, A tonsa exhibited a reduced 

tolerance to copper at lower salinity (<15 ‰), due to ion regulation and ATPase activities inhibition 

(Pinho et al., 2007). However, at higher salinities (>30‰), these biochemical processes were affected by 

copper exposure, despite the increased concentration of Na+ ions in the body.  
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Table 3.3. Summary of the toxicity of copper to the nauplii and adult life stages of different copepod species. 

LCx values denote mortality endpoint, ECx values in nauplii denote larval development ratio endpoint. ECx 

values in adults denote reproductive success endpoint. 

 
Nr = Data not reported. 

Species Life 
Stage 

Exposure Salinity 
(‰)   

Copper 
exposure 

Concentration 
(µg/L)  

Reference 

Eurytemora affinis  Nauplii 48 h  15 Waterborn
e  

LC50= 83 Hall et al. (1997) 

Nauplii 96 h 15 Waterborn
e 

LC50 = 69.4 Hall et al. (1997) 

Gladioferens 
pectinatus 

Nauplii 48 h 30 Waterborn
e 

LC50 =170  
(143 - 193) 

Present study 

Nauplii 6 d 30 Waterborn
e 

EC20=32.8  
(26.6 - 40) 

Present study 

Tisbe battagliai Nauplii 95 h 35 Waterborn
e 

LC50 =64 Hutchinson et al. (994) 

Tisbe holothuriae Nauplii 48 h  Nr Waterborn
e 

LC50 =82.9  
(79.4 – 86.4) 

Verriopoulos and 
Moraïtou-

Apostolopoulou(1982) 
 

Paracalanus 
parvus 

Adult 24 h  35 Waterbor
ne 

LC50 = 190 Arnott and Ahsanullah 
(1979) 

Acartia simulex Adult 24 h  35 Waterbor
ne 

LC50 = 200 Arnott and Ahsanullah 
(1979) 

Acartia Tonsa Adult 48 h 30 Waterbor
ne 

LC50 = 108.7 Monteiro et al. (2013) 

Adult 48 h  15  Waterbor
ne + Diet 

borne 

LC50 = 50 Pinho et al. (2007) 

Adult 48 h  30  Waterbor
ne + Diet 

borne 

LC50 = 110 Pinho et al. (2007) 

Adult 6 d 30 Waterbor
ne 

EC50 = 48.8 Lauer and Bianchini 
(2010) 

Adult 6 d  30  Waterbor
ne + Diet 

borne 

EC50 = 109.9 Lauer and Bianchini 
(2010) 

Adult 7 d 30  Waterbor
ne + Diet 

borne 

EC20 = 22.3 Bielmyer et al. (2006) 

Gladioferens 
pectinatus  

Adult 96 h 30 Waterbor
ne 

LC50 =216 (181 - 
255) 

Present study 

Adult 7 d 30 Waterbor
ne 

EC20 =79.5 Present study 

Tisbe battagliai Adult 95 h 35 Waterbor
ne 

LC50 =88 Hutchinson et al. 
(1994) 

Tigropus japonicus Adult 96 h 30-35 Waterbor
ne 

LC50 >800 Kwok et al. (2008) 

Scutellidium sp Adult 24 h 35 Waterbor
ne 

LC50 =180 Arnott and Ahsanullah 
(1979) 
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Figure 3.4. Species sensitivity distribution and default guidelines for copper in marine ecosystems (Source: 
Gadd and Hickey 2016). 
 
 
Phenanthrene  
 

Gladioferens pectinatus nauplii showed high acute sensitivity to phenanthrene, as demonstrated 

by the derived LC50 value (181.3 µg/L) being lower than those published for A. tonsa (LC50 422 µg/L, 

EC50 180 µg/L) and Oithona davisae (LC50 522 µg/L) (Table 3.5). Phenanthrene exerts a non-polar 

narcotic mode of action on copepods and other crustaceans. Despite the inability to calculate ECx values 

for an immobility response to phenanthrene, we observed significant lethargic effects at a concentration 

of 59 µg/L. The strong non-polar narcotic mode of action of phenanthrene affects membrane functions, 

cellular mitotic processes, and has the potential to produce mutagenic and carcinogenic effects in benthic 

copepods (Silva et al. 2009). The narcotic effect of phenanthrene has been observed in the benthic 

copepod Q. aurantius at an EC50 of 2.56 (2.15-3.18) µg/g in sediment (Stringer et al. 2012), and the 

epipelagic O. davisae copepod with an EC50 value of 638 (517-759) µg/L in water (Barata et al. 2005).  



      Chapter 3:  Validation of pelagic copepod bioassay 

 39 

Copepods may accumulate toxicants in lipid-rich tissues and in eggs, and thereby reduce their 

physiological exposure to toxicants. However, this may reduce hatching, growth and larval development 

success due to the accumulation of higher body burden of toxicants in females (Medina et al. 2002). Our 

results are comparable to those obtained for the benthic copepod S. knabeni, where feeding and 

reproduction inhibition occurred at a phenanthrene concentration of 51 µg/g, well below the acute LC50 

of 524 µg/g phenanthrene (Lotufo and Fleeger, 1997), and the EC50 values for egg hatching and 

recruitment for A. tonsa were 422 and 180 µg/L, respectively (Bellas and Thor, 2007). Effects on feeding, 

development success and recruitment can trigger changes in copepod population sizes that can affect 

secondary production to organisms from higher trophic levels feeding on copepods (Kusk and 

Wollenberger, 2007). 

 

Table 3.5 Toxicity of phenanthrene to different species of copepods. Phenanthrene concentrations are expressed 

in μg/L for pelagic calanoid copepods, and μg/g dry weight for benthic harpacticoid copepods. 

Species Stage Endpoint Exposure 
time 

Concentration 
μg/L 

Reference 

Gladioferens 
pectinatus  

Nauplii LC50 mortality 48 h 181.3 Present study 

 Nauplii EC50 Larval development 6 d 25.9  Present study 

Schizopera knabeni Nauplii LC50 mortality 10 d 84 Barata et al., 
(2005) 

Schizopera knabeni Copepodite LC50 mortality 10 d 172  

Acartia tonsa Adult LC50 mortality 48 h 422  Bellas and Thor 
(2007) 

 Adult EC50 Reproductive success 48 h 180  
Schizopera knabeni  Adult LC50 mortality 4 d 473  Lotufo and 

Fleeger (1997) 
Adult  LC50 mortality 10 d 345  

Quinquelaophonte 
aurantius 

Adult EC50 Reproductive success 96 h 0.06 Stringer et al., 
(2014) 

Schizopera knabeni Nauplii LC50 mortality 10 d 84 
 

Oithona davisae Adult LC50 mortality 48 h 522 Barata et al., 
(2005) 

 

A lack of information on the toxicity of phenanthrene to aquatic organisms has restricted the 

derivation of trigger values for water and sediment quality guidelines. This reinforces the need to develop 

new effect measurement methods using test species that produce robust toxicity data to underpin the 
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development of species sensitivity distribution models for phenanthrene. Interspecies correlation 

estimation (ICE) models were used to determine water quality criteria for phenanthrene from limited 

information data, enabling a 5th percentile hazardous concentration (HC5) of 112.3 μg/L (Wu et al., 

2015). The phenanthrene EC50 we calculated for G. pectinatus is significantly lower than the HC5 limit 

value derived by Wu, suggesting that G. pectinatus could be adversely impacted by exposure to 

phenanthrene in New Zealand estuaries if a water quality guideline for phenanthrene was adopted on the 

sole basis of a model derived effect concentration. 

 

Chlorpyrifos 

Chlorpyrifos has been restricted for residential and commercial uses, but its use in agricultural 

practices continues to grow (John and Shaike, 2015). Despite its wide usage, information on the toxicity 

of chlorpyrifos to marine organism is scarce. In general, chlorpyrifos triggers toxic effects in the nervous 

system of organisms, inhibiting acetylcholinesterase enzymes (AChE). Acetylcholinesterase (AChE) is 

a principal component of the nervous cell systems which controls the impulse of the acetylcholine 

neurotransmissor.  The inhibition of acetylcholinesterase (AChE) results from the reaction with 

chlorpyrifos oxon (CPYO), chlorpyrifos active metabolite. The reaction of CPYO with AChE impedes 

the metabolism of acetylcholine which is necessary for the controlled locomotion (during foraging and 

avoiding predation) and reproductive development of marine invertebrates (Jin-Clark et al., 2008) and 

fish (Baldwin et al., 2009).   

Our results show that G. pectinatus is one of the most sensitive invertebrate species to 

chlorpyrifos together with the copepod A. ternuiremis and the shrimp Palaemonetes pugio (Table S3). 

The chlorpyrifos lethal (LC50) and sublethal (EC50) values for G. pectinatus were higher than the 

concentration of chlorpyrifos typically present in most estuarine and fresh waters (Shahpoury et al. 2013), 

except estuaries receiving heavy runoff from intensive agricultural activities (Anderson et al., 2006). 

However, trigger values for chlorpyrifos in the ANZECC/ ARMCANZ (2000) water quality guidelines 

(0.0005, 0.009 and 0.04 µg/L for protection levels of 99, 95 and 90 %, respectively) are considerably 
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lower than the larval development radio sublethal values we derived for G. pectinatus. This suggests that 

the current ANZECC/ ARMCANZ (2000) water quality guidelines for chlorpyrifos are appropriate to 

ensure the protection of this species.  

The development of G. pectinatus nauplii was significantly affected by exposure to chlorpyrifos. 

The higher sensitivity of copepod nauplii in comparison to adults under acute and chronic exposures has 

been well documented (Verriopoulos and Moraïtou-Apostolopoulou, 1982). Our results suggest that the 

naupliar life stage of G. pectinatus is less tolerant to exposure to toxicants as they lack both the protection 

from the egg sac and the developed exoskeleton of an adult that can reduce diffusive uptake of toxicants 

from water (Table 3.6).   

Table 3.6. Toxicity of chlorpyrifos to pelagic invertebrates. 

Group Species Stage Exposure 
time  

Endpoint ConcentrationA  Reference 

Harpacticoid 
copepods 

Amphiascus 
tenuiremis 

Eggs 96 hr LC50survival 68 (μg/kg)B Green, Chandler, 
and Piegorsch 
(1996)  

Amphiascus 
tenuiremis 

Adult 4-day LC50 survival 3.6 Bejarano, 
Chandler, and 
Decho (2005b)  

Shrimp Palaemonetes 
argentinus 

Juvenile 24hr  LC50 survival 2.98 0 Montagna and 
Collins (2007) 

   96hr LC50 survival 0.49  

   96hr NOEC growth 0.023  

Shrimp Palaemonetes 
pugio 

Adult 1 day EC50  AChE inhibition 1.23 Key and Fulton 
(1993) 

Jumbo  
tiger shrimp 

Penaeus monodon  4 day EC50 AChE activity 54.05 Eamkamon et al. 
(2012)  

Mysid Neomysis integer Juvenile 96h LC50 survival 0.19 Roast et al. (1999) 

 Neomysis integer Adult 96h  LC50 survival 0.13  

 AConcentration in µg/L. BConcentration in µg/kg of sediment. 

3.5. Conclusion 
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Gladioferens pectinatus was determined to be the most suitable pelagic copepod species in New 

Zealand for laboratory toxicity testing based on the selection criteria. Acute and chronic toxicity tests 

were successfully validated using three model toxicants of which copper and phenanthrene have been 

measured in New Zealand estuarine sediment samples (Boehler et al. 2017). The results showed that 

naupliar development was the most sensitive endpoint to a range of toxicants including copper, 

phenanthrene and chlorpyrifos. The G. pectinatus bioassays demonstrated a degree of sensitivity 

comparable to what has been reported for other copepod species. The G. pectinatus bioassays can 

provide effects-based information to contribute to environmental risk assessment frameworks. Toxicity 

data from G. pectinatus bioassays can be used as part of the suite of information from different species 

to develop water and sediment quality guidelines, and as an additional tool in decision making 

processes for estuarine management in New Zealand.
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4.1 Introduction 

The genus Quinquelaophonte (Wells, Hicks, and Coull 1982) has twelve described species: Q. 

quinquespinosa (Sewell 1924), Q. bunakenensis (Mielke 1997), Q. koreana (Lee 2003), Q. wellsi 

(Hamond 1973), Q. prolixasetae (Walker-Smith 2004), Q. candelabrum (Wells, Hicks, and Coull 1982), 

Q. capillata (Wilson 1932), Q. longifurcata (Lang 1965), Q. parasigmoides (Bozic 1969), Q. varians 

(Bjornberg 2010) and Q. aestuarii (Sciberras, Bulnes, and Cazzaniga 2014).  To date, Q. candelabrum 

is the only species of Quinquelaophonte described in New Zealand (Wells, Hicks, and Coull 1982), and 

is one of the most common harpacticoids found in intertidal mud and fine sand sediments in estuaries 

and harbours.  

As part of a nation-wide sampling, the presence of an undescribed second species of 

Quinquelaophonte inhabiting the same substrata was identified. This species presents a smaller 

distribution than Q. candelabrum (Table 4.1, Figure 4.9).  Quinquelaophonte aurantius sp. nov. is easily 

cultured in the laboratory and their sensitive to pollutants has been validated for estuarine sediment 

toxicity testing (Stringer et al., 2012Stringer et al., 2014). In this study we describe this new harpacticoid 

Chapter Four                                             
Quiunquelaophonte aurantius n. sp., a new 

harpacticoid species (Copepoda: Harpacticoida: 
Laophontidae: Quinquelaophonte) from New 

Zealand 
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copepod species of the genus Quinquelaophonte, obtained from field samples collected at Portobello 

Bay, in Dunedin, New Zealand. 

                        

 

Figure. 4.1: Known locations of Quinquelaophonte spp. in New Zealand 
 

4.2 Materials and Methods 

4.2.1 Specimens collection and treatment 
  

Specimens were collected from sediment samples in Portobello Bay, Dunedin 

(45º50’14.3’’S170º39’25.9E’’). Sediment samples were gently sieved out with a 100 μm plastic mesh, 

and fixed in 4% formalin before being transferred to 70% ethanol for storage.  Specimens were cleared 

in lactic acid, dissected in water, mounted in Reyne’s Medium and ringed with clear nail varnish for 

identification. Drawings were made with a camera lucida tube on a Zeiss Universal microscope equipped 

with Nomarski differential interference contrast microscopy. Terminology of tagma and appendages 

follows Huys & Boxshall (1991). In this paper ‘medial’ signifies ‘towards the middle or centre of the 
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animal or of the structure being described’. P1–P4 refers to the ‘swimming’ legs and P5–P6 to the legs 

modified for reproductive purposes. Individual ‘segments’ of rami are numbered from proximal to distal 

(i.e. exopod–1, exopod–2, exopod–3). Setal formula of P1–P4 is given in the simple Langian form (Lang 

1934). Total length of individuals was measured from the base of the rostrum to the apex of the caudal 

rami. Mean length is expressed ± 1SD. The wide variation in length represents the difference between 

extremely contracted and fully relaxed individuals. This mean value probably is considerably smaller 

than the true mean of a collection of living adults.  

 
4.2.2 Material examined  
 

Type specimens were deposited in the Auckland Museum, New Zealand. Holotype: adult 

female preserved in ethanol (reg. no. MA73574, Auckland Museum). Allotype: adult male preserved in 

ethanol (reg. no. MA73575, Auckland Museum). Paratypes: 4 females – 1 preserved in ethanol and 3 

dissected and mounted on slides; 5 males – 2 preserved in ethanol and 3 dissected and mounted on slides.  

 
4.2.3 DNA extraction and sequencing 
 

Total genomic DNA was extracted from 100 pooled adult copepods using a PowerSoil DNA 

isolation kit (Qiagen, Hilden, Germany) following the manufacturer’s protocol. DNA extractions were 

quantified using a NanoPhotometer (Implen, Munich, Germany) to check for DNA quantity and quality 

(260/280 ratio), and stored at −20°C until further analysis. An approximately 700 bp section of the 

cytochrome c oxidase subunit I gene (COI) was amplified using the primers LCO1490 and HCO2198 

(Vrijenhoek 1994). The polymerase chain reaction (PCR) amplifications were carried out in 50 µL 

reaction volumes containing; 25 µL of MyTaqTM 2x PCR master mix (Bioline, MA, USA), both forward 

and reverse primers (0.4 µM and template DNA (ca. 50–150 ng). Thermocycling conditions consisted of 

an initial denaturing step of 95°C, 4 min, followed by 40 cycles of 94°C, 1 min; 50°C, 1 min; 72°C, 90 

seconds; with a final extension step of 72°C, 10 min. An approximately 1800 bp section of the 18S 

ribosomal DNA gene region (rDNA) was amplified using the primers EukA and EukB (Medlin et al., 

1988). PCRs were made up as described above with thermocycling conditions of initial denaturing step 
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of 94°C, 2 min, followed by 30 cycles of 94°C, 30 seconds; 56°C, 1 min; 72°C, 90 seconds; with a final 

extension step of 72°C, 10 min. Amplification products were purified using AxyPrep PCR cleanup kits 

(Axygen, California, USA) and sequenced in both directions, using the PCR primers, by an external 

contractor (Genetic Analysis Services, University of Otago, Dunedin). Forward and reverse sequences 

were aligned using Geneious1 v8.1.5 (Kearse et al., 2012) and conflicts resolved by manual inspection. 

The 18S rDNA sequence from Q. aurantius were aligned with publicly available Harpacticoida 

18S rDNA sequences (Yeom et al., 2018) from GenBank using the ClustalW algorithm (Thompson et 

al.,, 1994) in Geneious. For subsequent analyses sequence data matrices were truncated to 1695 bp. 

Bayesian analyses were carried out in Geneious using MrBayes 3.1.2 (Ronquist et al., 2012) using the 

evolutionary model (general time reversible with gamma-distributed rate variation across sites and a 

proportion of invariable sites, GTR + G + I). Analyses of alignments were carried out in two 

simultaneous runs with four chains each 2.1 × 106 generations, sampling every 1000 trees. A 50% 

majority-rule consensus tree was drawn from the last 1000 trees. All final split frequencies were <0.01. 

4.3 Results 

Taxonomy. Quinquelaophonte aurantius sp. nov (Figure 4.2 - 4.8). 

Etymology. The specific name alludes to the latin word for orange (aurantius), in reference to the 

species body’s colour when alive.  

Type location. Portobello Bay, Otago Harbour, New Zealand (Table 4.2, location 38).  

Diagnosis.  Body surface almost naked, without a comprehensive cover of minute setules, denticles or 

pustules; anal operculum with long fine setules; caudal ramus almost four times as long as maximum 

breadth; female antennule 6–segmented; antenna abexopodal seta spine-like and small; P1 exopod–2 

with two setae and three spines; P1 endopod–2 with minute accessory seta; exopod–3 of female P3 and 

P4 with six setae and spines; female P5 exopod with six setae; male P5 with a total of five setae. Adult 

length: Females: 608–842µm; mean 737± 55µm (n = 34). Males: 632–808 µm, mean 715 ± 49µm (n = 

23).  

Female description 
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Habitus (Figure. 4.1A-B) almost cylindrical. Urosome slightly tapering posteriorly. Somites well 

demarcated from each other. Hyaline frill broad on cephalic shield but rudimentary elsewhere. Rostrum 

small, fused to cephalic shield, with two sensilla. Urosomites 2–3 fused to form a genital double somite 

(Figure 2A–C). Outline of urosomite-2 obvious in dorsal view. Junction between the two somites 

marked by a prominent dorsal and lateral chitin ridge bearing sensilla that ventrolaterally extends 

anteriorly and posteriorly as though it marks the ventral margin of the pleura.  Anal operculum (Figure. 

2E) well developed, semilunar, margin heavily chitinised, clothed with fine setules and flanked each 

side by a sensillum. Posterior margin of all somites (including urosomite–2) except urosomites 5–6 

with several sensilla on small pedestals. Ventral and ventrolateral posterior margins of urosomites 3–6 

a row of small spinules. Dorsal posterior margin of all urosomites without spinules. Almost all the 

specimen body surfaces were covered with a thin layer (about 2μm) of mucus in which a large number 

of minute particles are entrapped. Generally, it was observed that the body surface is without apparent 

surface ornamentation except for some sensilla on the cephalic shield.  
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Figure 4.2. Quinquelaophonte aurantius n. sp. female: A–B, habitus dorsal and lateral. 

Genital field (Figure. 4.3D): The pair of P6 are widely separated; each with two short setae. Adjacent 

and medial to the P6 is a small lobe that possibly conceals the gonopore. Copulatory pore not displaced 

posteriorly and possibly hidden beneath a central chitin ridge. This central region is linked on each side 

to the P6 region by a tubular structure whose medial portion is somewhat enlarged and may be the 

receptaculum seminis.  

Labrum (Figure. 4.3F) and paragnaths (Figure. 4.3G): Labrum very large and very prominent in 

lateral view of whole animal (Figure. 4.2B). Paragnaths complex, with two minutely setulose lateral 

knobs and a large similarly setulose central knob.  
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Figure 4.3. Quinquelaophonte aurantius n. sp. female: A–C, urosomites 2–6 dorsal, ventral and lateral; D, P6 

and genital field; E, anal operculum; F, labrum; G, paragnaths 

Caudal ramus (Figure. 4.4A-C) cylindrical, slightly conical, with the inner margin convex 

proximally; maximum length 3.5-3.8 times as long as maximum width; seven setae. Origins of setae I–

III closely adjacent about two-thirds along the inner margin. Seta I rudimentary. Setae IV and V with a 

common base. Seta IV short and very slender. Seta V 2–3 times as long as the ramus, without a 

cleavage plane; middle portion set all round with minute setules only just visible under high 

magnification (x1825) Nomarski optics (Figure. 2C). Seta VI at inner distal corner, very short. Seta VII 

well developed, biarticulate at its base, borne on a pedestal just distal to the origin of setae I–III.  
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Antennule (Figure. 4.4D-E), short, six-segmented. Segment four has a terminal aesthetasc fused 

basally with a long seta and accompanied by another long seta in a trithek. Segment six with a terminal 

trithek similar to that on segment four, although the aesthetasc is very fine and delicate. Setal formula: 

1–[1], 2–[8], 3–[7], 4–[2+aesthetasc], 5–[1], 6–[11+aesthetasc]. 

Mandible (Figure. 4.4 F-G,) with a strongly chitinised, but relatively simple gnathobase consisting of 

five short blunt teeth, three of which appear to be on a distinct plate. Palp a single element, exopod and 

endopod not recognisable but represented by one and three setae respectively; basis with one terminal 

seta.  

Maxillule (Figure. 4.4H), arthrite with five terminal teeth and a subterminal lateral spinule; posterior 

surface with a row of spinules, but without setae. Coxa distinct, with two long terminal setae. Basis 

endite with three setae. Rami absorbed into basis. Endopod with three setae. Exopod with two setae.  
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Figure 4.4. Quinquelaophonte aurantius n. sp. female:  A–C, right caudal ramus dorsal, ventral and outer lateral; 

D, antennule; E, antennule segment 6 in posterior view; F, mandible; G, mandible gnathobase in another 

orientation; H, maxillule.  [int = internal; ext = external] 

 

Antenna (Figure. 4.5A), large and robust. Allobasis with a small abexopodal spine like seta that is not 

much longer than the adjacent spinules. Endopod–2 with two stout spines on inner margin, one of 

which is displaced medially and some extremely large, stout spinules distally; terminally with two 

claw-like spines and three weakly geniculate spines, the outer sharing a common base with a very small 

spine. Exopod reduced to one very small segment with three-minute terminal setae.  

Maxilla (Figure. 4.5 B-C), syncoxa compact, with three endites; proximal endite with 1 seta, distal 

endites each with three elements. Basis with a fused terminal pinnate claw with two setae at its base on 
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the inner side and one on the outer side. Endopod recognisable (in some specimens it appears to be 

distinct from the basis) with two setae.  

Maxilliped (Figure. 4.5 D), long and slender, prehensile. Syncoxa with two setae. Basis 

unornamented. Endopod a long claw with a minute seta at its base.  

P1 (Figure. 4.5 E), The pair of P1 widely separated by a long slender intercoxal sclerite. Praecoxa 

large and prominent; with small spinules at the outer distal corner. Coxa much broader than long, outer 

side rounded and ornamented with strong spinules. Basis narrow, much longer than broad, with origin 

of exopod considerably proximal to that of endopod. Outer margin with a stout spine. Inner spine 

spinulose, subterminal and originating slightly medial to inner margin. Anterior surface of basis with 

outer and medial antero-posterior rows of stout spinules. Distal margin above origin of endopod 

ornamented with small spinules. Exopod two-segmented and extends to about halfway along endopod–

1. Exopod–2 almost twice as long as exopod–1. Exopod–1 with a distal outer spine and ornamented 

with stout spinules along outer edge and in a proximal transverse row on anterior surface. Exopod–2 

with two weakly geniculate setae terminally and three outer spines. Endopod elongate, prehensile, two-

segmented. Endopod–1 about four times as long as endopod–2. Endopod–1 with long fine setules on 

proximal part of inner margin. Endopod–2 terminally with a long claw, a minute seta and two small 

spinules. Setation as below.  
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Figure 4.5. Quinquelaophonte aurantius n. sp. A–F, female: A, antenna; B, maxilla; C, maxilla, distal endites; 

D, maxilliped; E, P1 and intercoxal sclerite; F, P.5; G, male P5.  

 

P2 (Figure. 4.6 A), The pair of P2 separated by a slender intercoxal sclerite that is shorter than that of 

the other legs. Praecoxa large and prominent but suture with coxa less well defined than in P1. 

Praecoxa with spinules at outer distal corner. Coxa with spinules at outer distal corner; sclerotisation of 

outer margin continues medially in an arc. Basis narrow, especially on outer side, with a short row of 

stout spinules around the origin of the stout outer spine. Exopod with three, endopod with two 

segments; endopod extends beyond the end of exopod–2. Exopod segments approximately equal in 

length but progressively more slender; outer distal corner of exopod–1 and –2 produced as a rounded 

projection; outer margin of segments densely ornamented with long stout spinules; proximal anterior 

surface of exopod–1 with two diagonal rows of stout spinules. Endopod segments approximately equal 

in length, elongate, slender; inner margin ornamented with very long fine setules; outer margin of 

endopod–1 with extremely fine setules, that of endopod–2 with minute spinules. Setation as below.  
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P3 (Figure. 4.7A), differs from P2 only in the longer intercoxal sclerite, a narrower and less well 

defined praecoxa, slightly different proportions of exopod and endopod segments and the presence of 

five setae and spines on endopod–2. Setation as below.   

                              

Figure 4.6. Quinquelaophonte aurantius n. sp. A–B, P2 and intercoxal sclerite, female and male 

                            

Figure 4.7. Quinquelaophonte aurantius n. sp. A–B, P3 and intercoxal sclerite, female and male (note comment 

in text on setation of male exopod-3) 

P4 (Figure 4.8), intercoxal sclerite of similar proportions to that of P1 and P3. Praecoxa similar to P3. 

Coxa as P2–P3. Basis as P2–P3 but with outer side projecting as a long pedestal. Exopod slightly 

shorter and endopod much shorter than P2–P3. Endopod extends only halfway along exopod–2. 
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Exopod–1 considerably longer than exopod 2 or 3. Endopod–2 almost twice as long as endopod–1. 

Ornamentation of rami as P2-P3.  

Setal formula for female P1-P4 swimming legs (Figure. 4.5E-7A) is as follows: 

 
Exopod Endopod 

P1 0.  0.2.3. 0.  0.2.0. 

P2 0.  1. 1.2.3 0.  1.2.0. 

P3 0.  1. 1.2.3 0.  2.2.1. 

P4 0.  1. 1.2.3 0.  1.2.0. 

 

P5 (Figure. 4.5F), The pair of P5 are separate. Basis and endopod fused as a baseoendopod. Outer side 

of basis expressed as a narrow pedestal with a slender seta. Endopod lobe well developed; ornamented 

with fine setules on inner margin and spinules on distal margin. Exopod not fused to basis, only slightly 

longer than endopod lobe; broadly triangular in shape, making it difficult to be certain which setae are 

on the inner, outer and distal margins; inner distal corner with spinules. Baseoendopod with two 

bipinnate spines and three setae, exopod with six short plain setae.  

Variability was noted in body length. Caudal ramus seta V varied relative to urosome length; in 

females of similar body length this seta varied between being almost as long as the entire urosome 

(excluding caudal ramus) to being equal only to urosomites 3-6.  
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Figure 4.8. Quinquelaophonte aurantius n. sp. A–B, P4 and intercoxal sclerite, female and male (note comment 

in text on setation of male exopod-2 and -3); C, male, pair of P6 

 

Male Description.  

The male differs from the female in the following aspects: 

Habitus (Figure. 4.9A–B): Urosomites 2–3 not fused and without trace of ventral pleura margins. 

Venter of urosomite–3 with a proximal row of fine setules situated in a shallow groove. Urosomite–4 

with a similar groove but without ornamentation. 

Antennule (Figure. 4.10C–G) chirocerate; nine segments, with segments 2-3 and 5-6 fused together. 

The major articulation is between segments 6 and 7. Segments 5-6 form a very large and bulbous unit, 

with small traces of its amalgamation from two precursors visible on the outer margin. The portion 

distal to segments 5-6 comprises three segments that are poorly demarcated from each other. The 

visible line of demarcation between segments 7 and 8 is very weak and that between segments 8 and 9 

is variably present or incomplete. Aesthetasc on segment four shares a common base with a long seta in 

an acrothek; another long seta originates on an adjacent but distinctly separate pedestal. Inner margin of 
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segment four has a large minutely spinose digitate pad. Immediately distal to this pad is a bifid lobe; 

proximal to the pad is a large stoutly spinulose structure, a small seta and a pedestal with a small 

acutely pointed hyaline structure. A similar structure appears on segment five. While it is possible these 

structures have been derived from setae they are excluded from the setal formula. Setal formula: 1-[1], 

2-3–[9], 4–[7], 5–[10+spiniform process+aesthetasc+hyaline structure], 6–[0], 7–[1], 8-9–[10]. 

              

Figure 4.9. Quinquelaophonte aurantius n. sp. male: A–B, urosome ventral and lateral; C1, antennule (setation 

shown only for segments 1–2) [C3, segment 3; C4, segment 4; C5, segment 5; C6, segments 6-7]. (Note that C3–

C6 are Figured in a slightly different orientation from their equivalents in C1.) 

 

P2 (Figure. 4.6B), much longer and more stoutly built than female. Intercoxal sclerite broader in 

proximal-distal axis than in the female. Protopod similar to female except that the coxa lacks a medial 

sclerotised arc and inner margin of basis appears to be more heavily chitinised. Ornamentation of rami 
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as female except that the setules and spinules on the outer margin of the endopod are much stronger. 

Exopod–3 very strongly chitinised, especially around the origin of the outer and terminal spines, where 

the segment margin is extended so that the spines appear to be set into deep sockets. Terminal setae 

represented by very stout spines in the male. Exopod–3 linked to exopod–2 by a flexible membrane at 

inner proximal corner that enables exopod–3 to be swivelled inwards through approximately 90˚. 

Endopod less modified. Endopod–1 less cylindrical than in female, inner margin convex; outer distal 

corner an unguiform projection. Inner seta of endopod–2 much shorter than in female and outer seta 

replaced by a much shorter plumose spine. Outer margin of endopod–2 with strong spinules. 

P3 (Figure. 4.7B), similar to P2 in general build; junction between exopod–2 and –3 similarly 

modified. Endopod not extending to the end of exopod–2; relatively shorter and much more robust than 

in female. Endopod–2 setae much shorter than in female; outer seta replaced by a very short stout 

spine. Outer distal corner of endopod–1 not unguiform. Inner seta much reduced in size on exopod–2 

and –3, and usually absent from exopod–3 (in10 males examined this seta was only present on the right 

leg in one and on the left in two; in none was it present on both legs).  

P4 (Figure. 4.8B), similar to P2 in general build; junction between exopod–2 and –3 similarly 

modified. The two proximal outer spines of exopod–3 very long. Endopod–2 more cylindrical than in 

female but with a rounded base and apex; all setae much shorter and outer seta replaced by a spinulose 

spine. Outer distal corner of endopod–1 not unguiform. Inner seta of exopod–2 rudimentary or absent 

(it was present on the left leg of all 10 males examined, but on the right leg in only one). Nine of the 10 

males examined lack an inner seta on exopod–3; in one male a rudimentary seta was present on the 

right leg only (this is the same male that has a seta on the right P3 exopod–3). Setal formula for male 

P1-P4 swimming legs (Figure. 4E-7A) is as follows: 
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Setal formula 

 
Exopod Endopod 

P1 0.  0.2.3. 0.  0.2.0. 

P2 0.  1. 1.2.3 0.  1.2.0. 

P3 0.  1. 1*.2.3 0.  2.2.1. 

P4 0.  1*. 1*.2.3 0.  1.2.0. 

                                            * These setae may be present or absent. 

P5 (Figure. 4.5G), reduced to a long outer pedestal (the remnant of the basis) bearing a long seta and 

four small inner pedestals each bearing a seta (there is no evidence to indicate whether these are 

rudiments of the exopod or endopod or a mixture of both). 

P6 (Figure. 4.8C), Left P6 represented by a broad but shallow articulating genital lappet bearing two 

setae at its outer margin. Right P6 reduced to two small pedestals fused to somite margin, each bearing 

a seta. 

Variability was noted in body length, relative length of caudal ramus seta V (of a similar order to that 

in the female), the level of reduction of setation in P3 and P4 and the degree of segmental fusion in the 

antennule. 

Habitat distribution. Quinquelaophonte aurantius is widespread in the Otago Harbour, and at Taipa 

in Doubtless Bay (Table 1; sites 2 and 38).  Habitat preferences has been correlated to finer sediments 

(mud to medium sand particles <500 µm), and upper tidal reaches with pH between 8 and 8.8 (Stringer, 

Korsman, et al., 2012).  

Remarks. Reference DNA sequences obtained from adult copepods of Quinquelaophonte aurantius 

have been deposited in GenBank as follows: COI (MH444814) and 18S rDNA (MH444815).  

Phylogenetic analyses. 

The phylogenetic tree based on the nuclear 18S rDNA gene (Figure. 9) shows that currently available 

sequences from genera of the family Laophontidae (Paralaophonte, Pseudonychocamptus, Laophontina, 



 Chapter 4: Description of Quinquelaophonte aurantius 

 60 

Microchelonia, Vostoklaophonte) group together with the sequence from Q. aurantius with very high 

support (87% Bayesian posterior probability) (Yeom et al., 2018). In particular, the analysis suggests a 

close relationship between Quinquelaophonte, Pseudonychocamptus and Laophontina. 

      

Figure 4.10. Copepod phylogenetic tree based on  nuclear 18S rDNA gene. 
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4.4 Discussion 
 

Analysis of all Quinqelaophonte species show that Q. aurantius is most similar to Q. 

parasigmoides and Q. wellsi in major structures. Regarding the geographic distribution, species Q. 

parasigmoides is known only from marine beach sand on Réunion Isle (Indian Ocean, east of 

Madagascar) and Q. wellsi from saline lakes in South Australia. Ten females and ten males of Q. 

aurantius were examined for variability of structural characters. Based on the descriptions provided for 

Q. parasigmoides and Q. wellsi, there appear to be four autapomorphs for male Q. aurantius. Three relate 

to the partial reduction of setae and spines in the male P3 and P4. However, a number of other structural 

differences between these three species are shown in Table 2. 

Despite the distribution similarity between Q. aurantius and Q. candelabrum in New Zealand, 

different morphological characteristics are evident on the urosomite, the antennule and the shape of the 

seta V.  Unlike Q. aurantius males, the two rows of fine setules in the proximal part of the venter are not 

situated in a groove in the somite surface of Q. candelabrum (Figure S1). Further, the urosomite 4 does 

not have a ventral grove. Another main difference lies on the male antennule, where segments 5-6 and 

7-9 are completely fused, and the distal digitate element on the digitate spine is extremely long (Figure 

S2). Last, seta V in Q. candelabrum has a pipette like shape, while Q. aurantius has a pronounced V 

shape in both sexes. 
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5.1. Introduction 
 

Population growth in coastal areas has resulted in the degradation of estuarine habitats 

and loss of biodiversity (Lotze et al., 2006; Micheli et al., 2013). Over 40% of the worldwide 

population lives within 100 km of the coast, and in New Zealand, 75% of human settlements 

are within 10 km of the coast (Statistics New Zealand 2006; Sale et al., 2014). The growing 

demand for resources and services has increased the pressure for agricultural and industrial 

activities, and urban development (Neumann et al., 2015; van Vliet et al., 2015).  Estuaries 

have become highly vulnerable to this pressure, due to the continuous input of municipal, 

agricultural and industrial runoff, storm water discharges and accidental wastewater overflows 

(de los Ríos et al., 2016; Rodrigues et al., 2017; Willis et al., 2017; Risch et al., 2018). These 

stressors, added to the increase in sedimentation have made estuaries a sink for pollutants with 

affinity for small particles (Swales et al., 2012; Vermeiren, Muñoz, and Ikejima 2016; Reichelt-

Brushett, Clark, and Birch 2017).  

The potential risk of traditional pollutants and emerging contaminants has become a 

concern for environmental regulators across New Zealand. The Ahuriri Estuary is recognized 

as a significant conservation area under the Regional Coastal Environmental Plan for Hawke’s 

Bay (HBRC 2014), and is surrounded by 175 hectares of wetlands of ecological importance. 

Chapter Five                                             
Assessment of the ecotoxicity of urban estuarine 

sediment using benthic and pelagic copepod 
bioassays 
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The Purimu Stream and the County Drain were created as buffering zones to reduce stormwater 

pollution of the Ahuriri Estuary. Smith (2014) reported the presence of contaminants above 

threshold limits in the Ahuriri Estuary. Recent studies using in vitro and zebrafish (Danio rerio) 

embryo tests showed that sediment extracts had genotoxicity, teratogenicity and acute toxicity 

(Boehler et al., 2017; Heinrich et al., 2017). 

Studies on chemical extracts can identify chemicals and provide insights into the 

mechanisms of toxicity but their ability to predict bioavailability or impact on whole organisms 

is limited (Burton 1991; Gyuricza et al., 2010). Whole sediment assessments applying in vivo 

and in vitro approaches can complement extract studies by providing information closer to real 

field situations. The test organisms are exposed to complex chemical mixtures that can lead to 

synergistic, additive, or antagonistic toxicities. This is important as not considering toxicity of 

mixtures can result in under or over-estimation of the environmental risk (Crain et al., 2008; 

Hasenbein et al., 2015; Przeslawski, Byrne, and Mellin 2015; Deruytter et al., 2017).  

Other endpoints can be measured to further characterise the mechanisms of toxicity like 

oxidative DNA damage that can lead to genotoxicity (Frenzilli, Nigro, and Lyons 2009; 

Pellegri, Gorbi, and Buschini 2014; Esperanza et al., 2015). This can be measured by the comet 

assay, a single cell electrophoresis technique in which the DNA supercouil is relaxed and 

exposed electrophoresis, allowing DNA with single and double breaks to migrate towards a 

charged anode.  The amount of DNA visible in the comet tail under fluorescence microscopy 

provides an estimate of the extent of damage in a cell (Azqueta and Collins 2013). DNA 

damage has been reported to affect enzyme functioning and impair the immune system and 

metabolism of invertebrates, resulting in growth, development, and fitness alterations 

(Buschini et al., 2003; Bajpayee, Kumar, and Dhawan 2017). Genetic alterations can also lead 

to mutations and cell proliferations (Mussali-Galante et al., 2014; Simonyan et al., 2016), and 
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inherited teratogenic defects, leading to decreased fitness in populations (De Flora, Bagnasco, 

and Zanacchi 1991; Osman 2014; Bachère et al., 2017).  

The aim of this study was to characterise the toxicity of urban sediment using benthic 

and pelagic copepod species. The approach combined chemical analysis, bioassays on sediment 

and elutriates samples, and the comet assay to estimate genotoxicity potential.  

5.2. Materials and Methods 
 
5.2.1 Sampling sites and sediment preparation 
 
 

The Ahuriri Estuary is located north of the City of Napier (population 60,000), on the 

North Island of New Zealand (39°30′S, 176°52′E) as described previously (Heinrich et al., 

2017). Four sites were selected: two were located 50m upstream from the Estuary at the Old 

Tutaekuri Riverbed, and at the Humber Street that is exposed to the Tyne Street stormwater 

drain network. The other two samples were collected downstream from the tributary sites, at 

the Ahuriri Estuary (Figure 5.1). The Waitangi estuary (39°56′S, 176°92′E) was used as the 

reference site control (based on previous chemical analysis results), and samples were collected 

from the mouth of the Ngaruroro river. All samples were collected in August and September 

2017 and stored at 4°C for two days prior to use. Two replicate sediment cores were collected 

for each site by scraping the top 0-5 cm surface sediment. Sample replicates from each site 

were pooled and split into subsamples for metal and organic analyses and bioassays. The pH, 

salinity and Redox of the samples were measured using a multiparameter probe (Hach HQD 

meter field No.58258.00).  
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Figure 5.1. The Ahuriri Estuary and Waitangi Estuary sampling sites. (A) Old Tutaekuri Estuary site.  

(B) Old Tutaekuri Riverbed site. (C) Humber Estuary site. (D) Humber Drain site (E) Waitangi Estuary 

site. The Old Tutaekuri Rivebed receives most of the inflow form a rural and urban catchment, and the 

Humber Drain receives stormwater inflow from the Pandora industrial area and residential suburbs. 

 
5.2.2 Test species 
 

Quinquelaophonte aurantius (M.P Charry et al., 2019) is a benthic harpacticoid 

copepod, native to New Zealand coastal zones. Its geographic range expands from silty 

sediments in the Houhora Harbour (North Island), to silty muddy sediments in Portobello Bay 

in the Otago Harbour (South Island). Gladioferens pectinatus (Bayly 1963) is a pelagic species 

of calanoid copepod commonly found in New Zealand, Australia and Tasmania (McKinnon 

and Arnott 1985). G. pectinatus is highly tolerant to salinity fluctuations, allowing it to 

distribute from freshwater lakes, estuaries and coastal areas, to open waters (Bayly 1965; Hall 

and Burns 2002). Both species were collected, isolated and grown in monocultures in an 

artificial sea water reticulation system, with controlled temperature (20℃), salinity (30‰), 

light:dark photoperiod (12hr:12hr), light intensity (10-15µmol/m2/s) and dissolved oxygen 
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(>7mg/ L), following the culturing methods described in Chandler and Green (1996), Stringer 

et al., (2012), and  ISO (2015). Dietary requirements were modified for Gladioferens 

pectinatus, following Payne & Rippingale (2000) study. Cultures of Quinquelaophonte sp and 

G. pectinatus were fed twice per week with a mixed algae diet of 2x106 and 5x105 cells/ mL of 

Isochrysis galbana, Chaetoceros muelleri and Dunaliella tertiolecta respectively. The three 

species of microalgae were grown in F2 media at Cawthron Institute.   

5.2.2 Sediment toxicity test 
 

Whole sediment bioassays were conducted following methods described by Chandler 

et al., (1996), with a modification for Quinquelaophonte aurantius (Stringer et al., 2014). The 

assay was conducted over 14 days on a semi-static system, with a 14/10 light/dark photoperiod, 

temperature 20+ 2℃, water salinity of 30+ 1 ‰, pH 8 + 0.2 and DO >7 mg/ L saturation. For 

each treatment there were four replicates. Three replicates were used for biological analysis, 

and one replicate for physicochemical analyses. Test chambers consisted of 50 mL borosilicate 

Erlenmeyers, with 1 diameter apertures in the neck of the flask, covered with a 55µL nylon 

mesh. These openings allowed for continuous water circulation. Each flask contained 10 grams 

of sediment, 15 adult males and 15 non-gravid females, previously isolated via glass pipette. 

Copepods were fed every third day with 2x106 cells/mL of an algae mix of I. galbana, C. 

muelleri and D. tertiolecta. Water parameters were measured at the beginning and end of tests, 

and endpoints were survival and potential and realized offspring. 
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5.2.3 Elutriate preparation and toxicity test 
 

The 6 day elutriate bioassays used G. pectinatus neonates (<12hr old). Elutriates were 

prepared following ASTM International (2014) guidelines. Briefly, sediments were 

refrigerated over 24 hr, while wet and dry samples were weighed to determine wet 

weight/volume. Sediment was mixed with artificial sea water (32g of Red Sea® Sea salt per 

one litre of 0.22 μm filtered dionised water, pH adjusted to 8 +0.2) to reach a 1:4 (v/v) sediment: 

water ratio. Samples were placed in an orbital shaker at 100 rpm for 1 hour, and then 

centrifuged at 3000 rpm for 10 minutes at 4℃. When necessary, elutriates were filtered with a 

150 µm sieve, and pH was adjusted to 8 + 0.2. All test solutions were prepared in flasks 

previously acid washed with 10% HNO3 for 24 hr, and thoroughly rinsed with deionised water. 

The ISO/CD 16778 standard (ISO 2015) was followed to assess chronic effects on 

copepods survival and larval development. Modifications were employed to the protocol due 

to the hatching difference between G. pectinatus and the standard organism, Acartia tonsa. 

Gravid females were isolated and monitored every 4 hr to ensure nauplii used were in the first 

larval stage (<12 hrs from hatching). Neonates were isolated and exposed to each treatment in 

triplicates. Copepod chambers were maintained at 20 + 2℃ and under a 14:10 light dark 

photoperiod. Fresh elutriates were prepared and exchanged in test chambers every third day, 

and nauplii fed a mixture of algae (5x104 cells/ mL) on the same day. Water samples were 

collected at the beginning of the test for chemical analysis. At the end of the test, naupliar 

development and survival were assessed by calculating larval development ratio (realized 

copepodite/ number of copepodites + number of nauplii) and mortality. 

5.2.4 Comet assay 
 

Genotoxicity was evaluated in G. pectinatus copepodites stage V. The comet assay was 

performed following the methods described by Singh et al. (1988) with modification for 

copepod cell extractions (Pavlaki et al., 2016; Tartarotti et al., 2013). Each treatment consisted 
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of two replicates of 120 individuals. The positive control was a 15 min exposure to UV-C 

radiation (Gong et al., 2013; Richa, Sinha, and Häder 2015; Tartarotti et al., 2013; Han et al., 

2014), and the negative control used filtered artificial sea water. Cell suspensions were 

prepared by homogenizing copepods in a Potter-Elvehjem glass homogenizer with 800 µL 

phosphate-buffered saline (PBS). Heavy materials from the homogenization were let to 

precipitate before transferring the cell suspension to 600 µL micro tubes. Cells were 

centrifuged at 1000 rpm for 8 min, the supernatant was discarded, and the cell pellet was 

resuspended in 85 µL of Low Melting Point agarose (LMP) mix (0.65% LMP in TAE 1X). 

Cell viability was then evaluated using hematoxylin stain to identify number of living cells. 

Acceptable samples contained around 30,000 cells/ mL. Forty µL of cell resuspension was 

added to the slides previously coated with 1% normal melting point agarose, and cooled on ice 

for 10 min. A second layer of 0.65% LMP was added and left to solidify before placing the 

slides in a lysis buffer solution overnight (2.5M NaCl, 100mM Na2EDTA, 10mM TrisHCl, 

10% DMSO, 1% Triton x100, pH 10). Slides were then rinsed with cold deionized water and 

submerged in an electrophoresis buffer (10M NaOH, 200mM Na2EDTA, pH >13) for 15 min 

to allow for DNA unwinding. Electrophoresis followed for 15 min at V43 and 300mA in a 

horizontal gel electrophoresis tank (Bio-rad Power Pac basic cat. no. 164-5050). Slides were 

then rinsed 3 times in neutralizing buffer (0.4M Tris HCl), followed by dehydration in 100% 

ethanol for 20 min at 4℃. Slides were stained with 50 µL SafeRed (3µL/ 50 mL TAE 1X), and 

cell counts were done with a fluorescence microscope with a 200 X magnification lens. Comet 

Assay VI Image analysis system, PI, UK (V4.3.2) was used to determine tail DNA%, tail length 

and tail moment in treated cells. Tail moment is the product of tail length and the percentage 

of DNA in the tail of the comet (Tail moment = Tail length * % DNA in tail). 

5.2.5 Chemical analyses 
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Elutriate samples were digested in two percent HNO3 until analysed through 

Inductively Coupled Plasma Mass Spectrometry (ICP-MS Agilent 7500cx) for metal analysis. 

Polycyclic aromatic hydrocarbons (PAHs) in elutriate were analysed by liquid extraction 

followed by GC-MS SIM by a commercial analytical laboratory (Hill Laboratories, Hamilton, 

NZ). All sediment samples were dried for 24 hr at 35°C and sieved (<2 mm fraction). Metal 

samples were digested in HNO3 and analysed with ICP-MS, following US EPA 200.2 protocol. 

PAH concentrations were analysed by sonication extraction, SPE clean up and GC-MS SIM 

analysis (US EPA 8270C). All organic compound results were normalized to 1% organic 

carbon to allow for direct comparison with the sediment and water quality guidelines 

(ANZECC/ ARMCANZ 2000). 

5.2.6 Statistical analysis 
 

Results were normalized to percent of control. Homogeneity of variance was tested 

using Levene’s test (p<0.05). One-way ANOVA with Dunnet’s post hoc test was conducted to 

identify differences between treatments and controls (ISO 2015; Stringer et al., 2014). Comet 

assay raw data was log transformed for normality. Data meeting normality assumptions was 

analysed with one-way ANOVA and Dunnet post hoc test. For data with variance not 

homogenized after log transformation (Levene’s test p<0.05), non-parametric Kruskal-Wallis 

test with a Dunn’s multiple comparison test were used (Pellegri, Gorbi, and Buschini 2014).  

The R software drc, dplyr and car packages were used for the analyses and graphs. 
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5.3. Results 
 
5.3.1 Sediment toxicity  
 

Only the zinc concentrations of the Old Tutaekuri Riverbed and at the Humber Street 

drain sediment samples were above the ANZECC/ ARMCANZ interim sediment quality 

guideline (ISQG) low value (Table 5.1). Acenaphthylene and acenaphthene were the only 

polycyclic aromatic hydrocarbons above the ANZECC/ ARMCANZ ISQG-low values at the 

Humber Estuary site (Table S3). Elevated levels of total recoverable phosphorus were found 

in all samples with a much higher level at the Humber Drain site (Table 5.2). Ammonia levels 

were within normal limits for all sites (ANZECC/ ARMCANZ 2000; Batley and Simpson 

2009), suggesting no masking influence on the toxicity of the samples.  

 

Table 5.1. Mean concentrations (mg/kg dry weight) of trace metals in sediment samples. The 

ANZECC/ ARMCANZ Interim Sediment Quality Guidelines (ISQG) represent levels above which 

there is a low probability of biological effects (ISQG-Low) and high probability of biological effects 

(ISQG-High) 

 Arsenic Cadmium Copper Lead Zinc 
ANZECC/ ARMCANZ 
ISQG-Low 

20 1.5 65 50 200 

ANZECC/ ARMCANZ 
ISQG-High 

70 10 270 220 410 

Humber Drain 4.7 0.32 16.7 32 310* 
Humber Estuary 3.7 0.018 4.7 9.9 57 
Old Tutaekuri Riverbed 4.7 0.127 13.9 16.1 280* 
Old Tutaekuri Estuary 3 0.024 4.4 7.3 47 
Waitangi Estuary 6.4 0.079 11.9 15.3 61 
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All bioassays parameters met the acceptability criteria (adult survival > 80%, pH 8+ 

0.2, salinity 30 +1‰, DO>7 mg/L, temperature 20+2℃) (ISO 14669). There was no difference 

between the control groups except for potential offspring with the Waitangui Estuary sample 

in the Quinquelaophonte sp tests (p<0.001; Figure 5.2). There were significant differences 

between the Humber Drain, Humber Estuary and Old Tutaekuri riverbed sites and the control 

groups for the survival and reproduction success endpoints (p<0.001; Figure 5.2).   

 

Table 5.2. Sediment physicochemical properties from the five study sites. Values for pH and redox 

are the average between results from beginning and end of test. TOC, Total Organic Carbon; TPR, Total 

Recoverable Phosphorus; TN, Total Nitrogen; Sal, Salinity.  

 pH Redox 
(mV) 

Ammonia 
(mg/Kg 
dry 
weight) 

TOC TRP  
(mg/Kg 
dry 
weight) 

TN  
(g/100g 
dry 
weight) 

Sal 
(‰) 

Humber Drain 7.87 145 2.9 2.50 1160 0.12 29.6 
Humber Estuary 7.84 228.5 4.4 0.36 360 0.05 29.6 
Old Tutaekuri 
Riverbed 

7.77 109.0 22.0 0.15 340 <0.05 29.6 

Old Tutaekuri 
Estuary 

7.87 171.4 9.0 1.06 390 0.11 29.6 

Waitangi Estuary 7.99 126.0 5.7 1.45 650 0.21 29.6 
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Figure 5.2. Results of the 14-day chronic test using the benthic copepod Quinquelaophonte sp 

exposed to sediments. Three endpoints were assessed for the toxicity of sediments from the Ahuriri 

Estuary and reference site, Waitangi estuary. A, Survival; B, Total offspring hatched during the test, 

and C, potential offspring (eggs in female pouch). Site codes: Waitangi Estuary (Wai), Old Tutaekuri 

Estuary (OT Est), Humber Estuary (Hum Est), Old Tutaekuri Riverbed (OT River), Humber Drain 

(Hum Dr). Diagonal lined bars: control site (Waitangi), white bar: laboratory control sediment, black 

bars: tested sites. Significance levels: ‘*’ p < 0.05, ‘**’p< 0.001 Dunnett's multiple comparison against 

the control.  

 

5.3.2 Water column toxicity  
 

Many of the sediment elutriate samples had dissolved trace metals at levels above 

ANZECC/ ARMCANZ water quality guidelines except for cadmium (Table 5.3). All sites, 

including the reference site (Waitangi Estuary), had zinc levels above ANZECC/ ARMCANZ 

trigger values for a level of protection of 95%. Copper level at the Waitangi site was also above 

the ANZECC/ ARMCANZ water quality guideline.  
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Table 5.3. Dissolved concentrations (µg/L) of trace metals from sediment elutriates. Analytes above 

the ANZECC/ ARMCANZ guidelines threshold values are indicated with * for a level of protection 

of 95% and above. ID = Insufficient data; ND = Not detectable. 

 
 

 

Arsenic 

(µg/L) 

Cadmium 

(µg/L) 

Copper 

(µg/L) 

Lead 

(µg/L) 

Zinc 

(µg/L) 

ANZECC/ ARMCANZ 
Guidelines 99% a 

ID 0.7 0.3 2.2 7 

ANZECC/ ARMCANZ 
Guidelines 95% a 

ID 5.5 1.3 4.4 15 

Humber Drain <4 <0.2 <1 4.1* 75* 

Humber Estuary ND 0.2 1 1.6 33* 

Old Tutaekuri Riverbed <4 <0.2 <1 5.3* 59* 

Old Tutaekuri Estuary ND 0.2 2.2* 2.2 44* 

Waitangi Estuary <4 0.5 8.3* 4 33* 

a ANZECC/ ARMCANZ 2000 water quality guidelines trigger values for 99 and 95% of protection levels for 
species in marine waters. 

 

The tests met the ISO 16778 (2016) quality assurance standards (Table 5.4). Nauplii 

survival in samples from all sites was significantly different from the control, especially at the 

Old Turaekuri Riverbed site and the Humber Estuary (Figure 5.3A). There were no differences 

in the larval development between the control, the Waitangi Estuary site and the Old Turaekuri 

Estuary elutriates (P>0.05; Figure 5.3B). The Old Tutaekuri Riverbed elutriates was the most 

toxic to G. pectinatus larval development (p<0.01; Figure 5.3B).  
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Table 5.4. Test validity criteria from ISO 16778 Standards. 

Dissolved oxygen (DO) >70 % of the air saturation value (ASV) 
throughout the experiment 

Temperature (°C) Temperature should vary no more than ±1 °C 
during experiment. 

Control pH Control pH should not vary more than 1,0 unit 
from initial reading 

Salinity Salinity should not vary more than 10 % from the 
control value measured at the beginning of test. 

Hatching success ≥75 % 

Larval development test (LDR) The LRD shall be (60 ± 20) % of the counted 
animals at the end of the exposure 

Larval development test (LDR) Average surviving percentage of animals in the  

control(s) shall be ≥70 % of the hatched animals 

 

 

    

Figure 5.3. Elutriates acute and chronic results. A) Survival and B) larval development ratio of 

Gladioferens pectinatus after exposure to elutriates from selected sites at the Ahuriri Estuary, and 

Waitangi Estuary. Significance levels: ‘*’p < 0.05, ‘**’p< 0.001, Dunnett's multiple comparison against 

the control.  
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5.3.3 Comet assay 
 

The comet assay was not done on the Waitangi Estuary as it was not sampled at the 

same time as the other sites. Test acceptability was based on the statistically significant 

difference between a negative and a positive control (p<0.001). A significant difference was 

identified between the DNA damage from the negative and the positive controls (Dunn’s, 

p<0.05) on the three parameters measured (tail moment, intensity and length). There were no 

differences in tail moment and tail intensity between the negative control and the estuary sites. 

The Old Tutaekuri Riverbed samples induced DNA damage as indicated by the tail moment 

and tail intensity (DNA%) (Figure 5.4). There was no significant DNA damage in samples 

from Humber Drain based on tail intensity endpoint (p = 0.06), however results from tail 

moment suggest a marginal significance.   

Figure 5.4. DNA damage on cells exposed to different treatments: Negative control (CN), positive 

control (CP), and elutriates from the Humber Estuary (HE), Old Tutaekuri riverbed (OR), Old 

Tutaekuri Estuary (OE), and Humber Drain (HD) sediments. Humber Drain (p<0.01) Old Tutaekuri 

Riverbed (p<0.001). 
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5.4. Discussion 
 

Worldwide, between 79 and 87% of runoff loads have been attributed to urban 

discharges (mainly from residential galvanized roofs and urban roads), with 86% of the load 

containing zinc, especially after wet events (Davis and Birch 2010; Li et al., 2015). Metal 

concentrations observed in this study were comparable to earlier reports at the Ahuriri Estuary 

(Smith 2014), and studies in urbanized New Zealand cities (Charters, Cochrane, and O'Sullivan 

2016; Mills 2016) and overseas (Ács et al., 2016). The results of metals in the systems studied 

suggest that stormwater runoff is a major source of metals in the estuary, especially at the Old 

Tutaekury Riverbed, and Humber Drain samples. 

The high mortality of Quinquelaophonte sp in the Humber Estuary sample could not be 

fully explained by the contents of metals which were below trigger values. Likewise, mortality 

and low reproduction could not be explained by total PAHs, while acenaphthylene and 

acenaphthene were the only compounds above the ISQG-low values. This suggests the 

presence of multiple stressors affecting the toxicity in copepods. In this study, the Humber 

Estuary site had the highest sum of low molecular weight PAHs (Table S4). Recent studies 

have shown that copepods can significantly bioaccumulate PAHs, even when these are below 

threshold values (Cailleaud et al., 2009). However, low weight PAHs can be eliminated more 

efficiently than high molecular PAHs due to their lower hydrophobic nature (Almeda et al., 

2013). This could have partially contributed to the high mortality of copepods (91%) exposed 

to the Humber Estuary sample, and the poor success in egg hatching. Our study aligns with 

those conducted by Boehler et al., (2017) and Heinrich (2017) on extracts from sediment 

samples collected near the Ahuriri Estuary. They showed multiple toxicity responses including 

androgenic and glucocorticoid activities in cell lines, and moderate teratogenicity in zebrafish 

embryos exposed to PAHs and musk extracts mixtures at concentrations as low as 1.6 mg 

SEQ/mL.  
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The total mortality of copepods in the tributary sites can be partially explained by the 

concentration of zinc. Stringer (2014) calculated zinc LC50 of 196 mg/Kg and a mobility 

inhibition EC50 of 137 mg/Kg for Quinquelaophonte sp. The results from the drain and riverbed 

samples were well above that value (310 and 280 mg/Kg respectively), suggesting that zinc 

had an effect on the mobility and mortality of Quinquelaophonte sp individuals during the 14-

day exposure.  

Physicochemical results showed that the Humber Estuary samples had higher redox 

potential, which can trigger sulphides and trace metal sulphides oxidation increasing metal 

bioavailability in pore water (Chapman et al., 1998; Kalnejais, Martin, and Bothner 2015; Lu 

et al., 2016). In addition, the presence of mucilage (predominantly from diatom) was also 

observed to cover the sediment samples from the Humber Estuary site at the end of the tests. 

Mucilage has been reported to affect the grazing ability of copepods (Malej and Harris 1993; 

Pančić and Kiørboe 2018), and cause teratogenic effects in the gonadal tissue, affecting 

reproductive success (Ianora et al., 2011; Wolfram, Nejstgaard, and Pohnert 2014). Further 

studies are needed to confirm the contribution of these stressors to the toxicity. 

Bioassays using G. pectinatus have been confirmed as good indicators for the toxicity 

of water dissolved compounds through contact or ingestion. Despite of the reduction of metal 

concentrations from the tributaries to the estuary sites (zinc and lead dropping by 2.27X and 

2.5X respectively), survival and larval development were significantly affected. The toxicity 

of the sediment samples to G. pectinatus is unlikely to be solely due to independent metals, as 

the levels from the estuary sites were similar to those measured at the Waitangi reference site 

and yet, there were differences between the larval development ratio. The presence of other 

compounds not addressed in this paper (i.e. organochlorine compounds and emerging 

contaminants) may have further influenced the toxicity in G. pectinatus, as reported in Boehler 

(2017). This may be due to the higher exposure to pollutants emerging from the Napier city, 
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while the Waitangi estuary is distanced from the urban stormwater and waste water runoff. 

Extensive literature has reported the effect of additive toxicity of chemicals mixtures in marine 

invertebrates’ reproductive success and mortality (Hagopian-Schlekat, Chandler, and Shaw 

2001; Cooper, Bidwell, and Kumar 2009; Picone et al., 2018). However, these effects highly 

depend on the type of interaction (metal-metal, metal-organic, organic- organic) and on the 

concentration of each compounds in the mixture, which can either trigger synergistic, 

antagonistic, or non-interactive toxicities (Gauthier et al., 2014; Nys et al., 2016; Traudt, 

Ranville, and Meyer 2017). A recently published framework for ecological risk assessment 

(Nys et al., 2018) was developed to better characterise the bioavailability of metal mixtures, 

based on a sensitive species distribution (SSD) model. This approach could be further 

addressed when assessing community impacts at the Ahuriri Estuary. 

The comet assay is a well-recognised method to measure DNA damage in individual 

cells, and an accepted tool for environmental monitoring (Martins and Costa 2014; de Lapuente 

et al., 2015; Colin et al., 2016). The present study confirms genotoxicity in the Old Tutaekuri 

samples, and the potential genotoxicity in response to exposure of elutriates previously 

characterised with sediment extracts of organic compounds from the Ahuriri Estuary (Heinrich 

et al., 2017; Boehler et al., 2017). The Humber Drain and Old Tutaekuri Riverbed sites had 

zinc and lead concentrations above guidelines values. Zinc has been reported to induce low 

levels of DNA damage in zooplankton copepods (Goswami et al., 2014), the marine clam 

Ruditapes philippinarum, rainbow trout Oncorhynchus mykiss, and grasshopper Chorthippus 

brunneus (Augustyniak M 2006; Marisa et al., 2016). While lead genotoxicity has not been 

sufficiently studied in copepods, it has been reported to be significant in amphipod haemocytes 

and spermatozoa at 25 µg/L (Di Donato et al., 2016), in freshwater mussel at 120 µg/L (Black 

et al., 1996; Sohail et al., 2017) and in polychaetes at 100 µg/L after 3 days (Singh, Bhagat, 

and Ingole 2017).  
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Multiple co-genotoxic mechanisms between chemical compounds have been reported 

on aquatic organisms (Gauthier et al., 2014). These mechanisms include the inhibitory effect 

of metals on the cytochrome P450, essential for PAHs detoxification; the enhanced production 

of reactive oxygenated species (ROS) which translates into cellular oxidative stress, and the 

effects of PAH on membrane integrity, which enhances the permeability to metals. This 

indicates that mixtures of organic and inorganic chemicals can modulate synergistic, additive 

or antagonistic toxicities at the cellular and genetic level (Warne and Hawker 1995; Kousar 

and Javed 2015; Di Poi et al., 2018).  

The initial protective mechanism of copepods to minimize cellular and DNA damage 

is to metabolize and eliminate toxicants (Han et al., 2017). However, in the presence of 

toxicants with pharmacological modes of action (non-specific disruption or overloading of 

enzyme activities), the enzymes in charge of metabolising compounds and lipid storage 

regulators may be inhibited. The presence of compounds with these modes of action was 

identified at the Humber Drain and the Old Tutaekuri Riverbed in previous studies at 0.012 

and 0.0034 mg/Kg respectively (Boehler et al., 2017). Pharmacological effects have been 

reported in the pelagic copepod Calanus finmarchicus exposed to naphthalene, pyrene, crude 

oil (Hansen, Altin, Hessen, et al., 2008; Han et al., 2015), Acartia tonsa exposed to four 

synthetic musk substances (Wollenberger et al., 2003), Tigriopus japonicus exposed to 

polybrominated diphenyl ethers (Han et al., 2015), and Nitocra spinipes exposed to galaxolide 

(Breitholtz, Wollenberger, and Dinan 2003). This may suggest that the chemicals present at the 

impacted estuary sites may have modes of action affecting the precursor of larval molting and 

deoxidation (P450 enzymes such as CYP330A1 or CYP305A1) as shown in the bioassays, as 

opposed to directly fractioning DNA brands (Hansen, Altin, Hessen, et al., 2008). Further, 

DNA repairing mechanisms present in copepods remains to be confirmed.  
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It has been suggested that risk assessment frameworks and decision support systems 

consider the genotoxicity of chemical mixtures as part of a weight of evidence approach. This 

has been demonstrated by the method integrating nine lines of evidence in contaminated 

estuaries in Portugal (Caeiro et al., 2017), the policy frameworks and risk assessment tools at 

contaminated sites in the Netherlands (Dagnino et al., 2008), and the acceptance of genotoxic 

tools as one of the standard monitoring strategies within the European Union Water and Marine 

Strategy Framework Directives (Allan et al., 2006; Martins and Costa 2015).  

5.5. Conclusion 

 
The sediment and elutriate samples from the urban Ahuriri Estuary tributaries were 

genotoxic and impacted reproduction in the two copepod bioassays. The toxicity from the 

estuaries sites was lower than that of the tributaries, but genotoxicity and reproduction 

inhibition were evidenced. This confirms the bioavailability of biologically active chemicals 

in the sediment samples. The approach using bioassays in pelagic and benthic copepod species 

was successful in characterising the toxicity of urban sediment. The results provide useful 

effects-based information to inform environmental managers. 
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6.1. Introduction 
 

Accidental and permitted releases of chemical substances affect sediment and water 

quality in ports. Tributyltin (TBT) is a very effective antifouling agent used in boat hulls and 

underwater structure paints, but its persistence and high toxicity pose a high risk to non-target 

species in receiving environments (Dıez, Abalos, and Bayona 2002; Pinochet et al., 2009; Fang 

et al., 2017). TBT concentrations as low as 10 ng/L were reported to induce morphological 

deformities and endocrine disruption in gastropods, and deleterious effects in non-target 

species (Alzieu 2000). Problems with the use of TBT have extended to economic losses in the 

fisheries and aquaculture industries. These range from abnormalities in fish morphology, to 

reduction of spatfall and tin accumulation in commercial oysters (Horiguchi 2017).  

In 1993, The Pesticides (Organotin Antifouling Paints) regulations banned the sale and 

use of organotin based paints in New Zealand, and by 2008 international enforcement was put 

in place by the International Maritime Organization (IMO, 2007). However, TBT 

concentrations commonly remain elevated in ports and marinas, especially where ship building 

and repairs occur (Lagerström et al., 2017). The environmental persistence of TBT in the 

environment is attributed to factors such as low solubility in water, and high partitioning 

coefficients such as octanol-water (Kow) and organic carbon-water (Koc), which suggest a 

higher adsorption to the sediment (Langston & Pope, 1996). These characteristics enhance the 

affinity of TBT to sediment and organic matter, thus reducing its bioavailability to organisms 
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(Stronkhorst, van Hattum and Bowmer 1999; Strand and Jacobsen 2005, Sakultantimetha et 

al., 2011).  

Adsorption and desorption studies show that TBT has the potential to remobilize from 

the sediment to the water phase and vice versa, with changes in the sediment to water ratio, 

salinity and pH (Hoch and Schwesig 2004). For example, low partitioning distribution (Kd) 

values have been shown to occur between low and intermediate salinities, and high Kd occurs 

at circum-neutral pH (Bangkedphol et al., 2009).  

 
The influence of environmental factors (e.g. salinity, pH, OC) on pollutant degradation 

has been studied to develop techniques to remove contaminants from sediment and water. 

Remediation techniques for TBT polluted sediments range from bioremediation using in situ 

and ex situ microbial processes (Yáñez et al., 2015; Azubuike, Chikere, and Okpokwasili 

2016), thermal treatment, electrodialytic (Pedersen et al., 2017) and electrokinetic remediation 

(Zhang et al., 2014). Further techniques for the removal of metals include dredging, capping, 

washing, electrochemical remediation, biomobilisation and bioinmobilisation (Peng et al., 

2018). The outcome from remediation programmes conducted at TBT-contaminated sites can 

vary depending on hydrodynamic conditions, and the strategies used. For instance, the dredging 

methodology used (e.g., cutter crown or sweephead dredger) can influence the degree of 

contaminants redistribution and solubility in the water (Pieters et al. 2002). 

The Port of Nelson is one of the access points for ships to New Zealand, holding the 

third largest slipway in the country. Historic discharges of antifouling paint flakes remain in 

the harbour, and contamination assessments showed TBT and copper concentrations well 

above the consented limits, based on the ANZECC/ ARMCANZ (2000) guideline trigger 

values (Table 6.1). Concentrations of TBT prior to remediation were high compared to those 

reported for other ports in New Zealand (Table S6), and comparable to elevated concentrations 

of TBT reported internationally including in the sediments of the coasts of Venezuela (0.084-
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1.92 mg Sn/ kg), the bay of Todos os Santos in Brazil (0.26 – 21.8 mg Sn/ kg), Tokyo Bay 

(0.007 – 0.017 mg Sn/ kg) and in the Sanricu Coast in Japan (0.002-14 mg Sn/kg) (Kurihara et 

al., 2007; Tang et al., 2009; Paz-Villarraga et al., 2015; Artifon, Castro, and Fillmann 2016). 

The New Zealand Government through the Ministry for the Environment allocated funding to 

assist remediation of the seabed from the Port of Nelson to comply with the Interim Sediment 

Quality guideline values (ISQG, level of protection of 80% are (270 mg/kg for copper and 70 

µg Sn/kg for TBT). The remediation technique used was the removal and stabilisation of the 

sediment ex situ (through a mixture with concrete and activated carbon), and the further use of 

the mixture to reclaim a section of the port’s basin. 

 

Table 6.1 Sediment chemical residues of trace elements (mg/kg)  and TBT (mg/ kg as Sn dry weight) 

from three sampling points in the Port: Site 1, Site 2 and Site 3. NA= Data not available.              
a Samples collected within days post-remediation. b Samples collected a month after remediation. 

Sample Location Year Copper  
mg/kg 

Zinc 
mg/kg  

Tributyl-
tin (TBT) 
mg Sn/Kg 

Dibutyl-
tin (DBT)  
mg Sn/Kg 

Monobutyl-
tin (MBT) 
mg Sn/Kg 

ANZECC/ARMCANZ 
trigger values (level of 
protection 80%) 

 270 43.0 0.07 NA NA 

Site 1 Pre- 
remediation 

2010 87 NA 7.8 0.64 0.11 

2012 30 NA 0.29 NA NA 

2017 593.2 499 4.8 1.46 0.22 

Post- 
Remediation 

2018a 9.2 NA <0.004 <0.005 <0.007 

2018b 90 138 0.17 0.07 0.02 

Site 2 Pre- 
remediation  

2010 45 NA 0.055 0.018 <0.010 

2012 94 NA 0.061 NA NA 

2017 63.9 107.45 0.089 0.026 0.008 

Post- 
Remediation  

2018a 16.6 NA <0.004 <0.005 <0.007 

2018b 104 160 0.116 0.041 0.011 
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Site 3 Pre- 
remediation 

2010 210 NA 3 0.51 0.10 

2012 62 NA 0.030 NA NA 

2017 29.65 78.25 0.020 0.009 <0.007 

Post- 
remediation 

2018a 28 NA <0.004 0.005 <0.007 

2018b 29 79 0.009 0.005 <0.007 

 

Monitoring of the seabed post-remediation is essential to confirm improvements in 

sediment quality. The combination of bioassays and chemical analysis is a validated approach 

to assess bioavailability and effects of pollutants on exposed biota (Boehler et al., 2017). Two 

bioassay using locally occurring copepods were used to characterise sediment and water 

column toxicity in the Port of Nelson. Quinquelaophonte aurantius is a benthic harpacticoid 

copepod present in New Zealand estuarine sediments, and Gladioferens pectinatus is a pelagic 

calanoid copepod widely distributed along brackish and coastal areas in New Zealand and 

Australia (Stringer et al., 2014; Charry et al., 2018).  

The aims of this study were two-fold, first to evaluate the ability of copepod bioassays 

to characterize the toxicity of sediment samples pre and post-remediation actions; and second 

to assess the suitability of the bioassays as tools to evaluate the success of contaminant 

remediation actions. The approach used a combination of acute and chronic toxicity endpoints 

coupled with analytical chemistry.  
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6.2. Materials and methods 
 
6.2.1 Study site 
 

Three areas were selected within the port, aligned with previous contamination 

assessments done between 2010 and 2013. Samples were collected in April 2017 prior to the 

remediation, and two rounds of samples were collected post-remediation in March 2018 (within 

a week of dredging) and in May 2018 (after completion of the project) (Figure 6.1). The first 

sets of samples post-remediation were collected with an excavator dredge bucket, by scraping 

the surface of sediment from the preselected sites. Details of sampling technique are specified 

in the GHD report 51/37243 (GHD, 2018 unpublished data). The other sets were collected with 

a Ponar grab sampler, and the surface sediment was collected and immediately stored in fridge 

at 4ºC. A sediment sample from the harbour was used as the control following guidelines from 

Environment Canada (CCME 1995).  

 

Figure 6.1. Sampling points from the Port of Nelson. (Site 1) historical concentrations of TBT, zinc, 

lead and copper between ISQG-high and ISQG-low values; (Site 2) historical concentrations of TBT 

and copper above ISQG-low values; (Site 3) with concentrations of metals and TBT well below ISQG-

low values. Monitoring values for organotin compounds and metals are detailed in table 1. 
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6.2.2 Toxicity tests on field sediments 
 

Bioassays were conducted on sediment samples collected before and after remediation. 

The 14-day sediment bioassays were conducted with Quinquelaophonte sp, following the 

methods of Stringer et al., (2014). Sediment samples from each site were stored at 4℃ for a 24 

hr period and passed through a 125 µm sieve to ensure consistency of particulate size. Each 

treatment consisted of three replicates, using 50 mL borosilicate flasks as the test chambers. 

Each flask had two opposing 1 cm diameter holes at the base of the neck which were covered 

with 55 µm nylon mesh. These apertures acted to maintain a constant level of overlying 

artificial saltwater (25 ml). For each replicate, 10 mL of slurry sediment was added to each 

chamber, and 30 mL of artificial seawater at 30 ‰, prepared with Red Sea Coral Reef Sea Salt 

and deionized water, was gently added to avoid sediment disturbance. Each chamber was 

inoculated with 15 adult males and 15 adult females. Chambers were arranged in a semi-flow-

through system with a drip of 1 mL/min. Copepods were fed every third day with an algae 

mixture of 1x106 cell/mL of Isochrysis galbana, Chaetoceros muelleri and Dunaliella 

tertiolecta. Endpoints recorded at the end of the test were survival, number of gravid females, 

eggs per female and realized offspring.  

Elutriate samples were prepared following international guidelines (ASTM 2014). 

Sediments were refrigerated over a 24-hr period, followed by the determination of dry weight 

and volume ratio. Sediments were mixed with 30 ‰ artificial sea water to reach a 1:4 (v/v) 

ratio of sediment to water. Samples were homogenized using a continuous rotation device at 

100 rpm for 1 hr, and then centrifuged at 3000 rpm for 10 min at 4℃. Elutriates were syphoned 

and pH was adjusted to 8 + 0.2. Elutriates were used immediately after preparation. All flasks 

were acid washed with 10% HNO3 for at least 24 hrs, and thoroughly rinsed with deionized 

water. G. pectinatus nauplii < 12 hr old were isolated and exposed to artificial sea water 

controls and to the elutriates prepared for each site. Each treatment was conducted in triplicate. 
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Elutriate solutions and algae (5x104 cell/mL, < 0.1% of the solution) were prepared and 

exchanged every third day. Samples were collected at the beginning and end of the test and 

were analysed for pH and salinity using a HQ40D Portable Multi Meter. Total Organic Carbon 

(TOC) was measured by acidifying and exposing samples to catalytic combustion, followed by 

thermal conductivity detector with an Elementar analyser. Ammonia was measured with 

phenol/hypochlorite colorimetry with a Discrete analyser. Reactive sulfides measurement was 

done following US EPA protocols (SW846 and 9030) (U.S. EPA., 2015). At the end of the 

test, nauplii survival and development were assessed.  

 
6.2.3 Toxicity testing on spiked sediments 
 

The spiking of sediments with TBT was done in parallel to field assays. The test using 

spiked sediments was done to characterise the toxicity of TBT to Quinquelaophonte aurantius 

under controlled conditions through dose response curves. The method employed was based 

on the slurry spiking techniques described by Chandler et al., (2001). Briefly, the density of 

the sediment was measured, and the wet/dry ratio calculated. The volume of TBT solution to 

be added to each treatment was calculated following the equation: 

 

𝑉𝑜𝑙 𝑜𝑓 𝑠𝑝𝑖𝑘𝑒 (µ𝑙) =
(𝐶𝑜𝑛𝑐. 𝑑𝑒𝑠𝑖𝑟𝑒𝑑 (µ𝑔/𝑔)𝑥 (𝑤𝑡. 𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑡𝑜 𝑏𝑒 𝑠𝑝𝑖𝑘𝑒(𝑔) /𝑑𝑒𝑛𝑠𝑖𝑡𝑦 𝑜𝑓 𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡)𝑥 (𝑑𝑟𝑦

𝑤𝑒𝑡 𝑟𝑎𝑡𝑖𝑜)
𝐶𝑜𝑛𝑐. 𝑝𝑓 𝑠𝑡𝑜𝑐𝑘 𝑠𝑜𝑙𝑢𝑡𝑜𝑖𝑛 𝑜𝑓 𝑝𝑜𝑙𝑙𝑢𝑡𝑎𝑛𝑡 (µ𝑔/𝑚𝑙 )  

 

The concentrations selected were based on the LC50 values obtained from the field 

sediment assays. Chronic bioassays using Quinquelaophonte aurantius were conducted 

following the methods explained above and complied with quality standard guidelines (ISO 

1999). 

  



  Chapter 6:  Remediation Assessment 

 88 

6.2.4 TBT and trace metal analysis 

 
Measurements of pH, salinity and redox potential were conducted with a 

multiparameter probe (Hach HQD meter field No.58258.00), and TOC and reactive sulphides 

content were analysed by a commercial laboratory (Hill laboratory). Sediment samples were 

analysed for trace metals (chromium, copper, lead, manganese, nickel and zinc), and the 

organotin compounds, tributyltin (TBT), dibutyltin (DBT) and monobutyltin (MBT). Samples 

for the analysis of metals were digested in HNO3 and analysed with ICP-MS for metals 

analysis, following US EPA 200.2 protocol. Sediment samples for TBT analysis were dried for 

24 hr at 35°C and sieved (<2mm fraction). Solvents were then extracted and analysed with GC-

MS SIM. Elutriate samples were passed through 0.45µm filter and digested in 2% HNO3. 

Metals analyses were conducted using an Inductively Coupled Plasma Mass Spectrometry 

(ICP-MS Agilent 7500cx with collision/reaction cell). Concentrations of TBT, DBT and MBT 

in the elutriates were analysed by GC-MS SIM. Previous reports showed that concentration of 

polycyclic aromatic hydrocarbons and organochlorines were below detection limits (GHD, 

2013, unpublished report) and hence were not tested in this study. 

 
6.2.5 Statistical analysis 
 

Data were tested for homogeneity of variance using Levene’s test (Gorbi et al., 2012). 

Data meeting the homogeneity assumption were analysed with one-way ANOVA followed by 

Dunnet post-hoc test to perform multiple comparisons of treatments means with control 

(Stringer et al., 2014; ISO 2015). Where data variances were not homogenized they were log10 

transformed. The non-parametric Kruskal-Wallis test with a Dunn’s multiple comparison test 

was used in those cases. Logistic regression models were used to predict a binary outcome for 

survival in relation to the continuous distances from the slipway to the northern end of the port 
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(Ritz 2005). Linear models were fitted using negative binomial for reproduction success 

endpoint. The R software with car, tidyverse, mass and ggplot packages were used.  

 
6.3. Results 
 
6.3.1 TBT degradation pre- remediation 
 

The distribution of butyltins was consistently dominated by TBT in all sampled sites 

pre-remediation. Samples from site 1 and 2 showed evidence of TBT degradation over time 

based on the presence of DBT and MBT (Figure 6.2). No trends in organotins concentration 

changes were observed at each site over time. However, the distribution of butyltins was always 

related to the slipway activities, with site 1 presenting significantly higher values to sites 2 and 

3, except for samples from site 2 in 2010. No sample replicates were obtained for chemical 

analysis due to financial constraints. Therefore, we could not analyse the confidence intervals 

per year. 
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Figure 6.2. Concentrations of TBT (grey colour), DBT (striped pattern) and MBT (black colour) 

measured at the studied sites over the last 10 years.  (A) Site 1, (B) Site 2, (C) Site 3. All units are 

reported in mg/kg dry weight. 

 

6.3.2 Toxicity of sediment samples pre and post-remediation 
 

All bioassays were valid based on the ISO 14669 criteria (ISO 1999, Supplementary 

document S2). There was a significant reduction in the acute toxicity after remediation, with 

survival of Quinquelaophonte aurantius in all treatments similar to those of the control (Figure 

6.3, Table S6).   

 

                                                                              

Figure 6.3. Comparison between acute toxicity of 14 d test exposures to samples from the port before 

and after remediation Quinquelaophonte aurantius. survival. All values have been normalized to % 

control. Error bars represent 95% Confidence level. 
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Chronic toxicity, assessed by reproduction success, only marginally declined at sites 1 

and 2.  The opposite occurred in the furthest site (No. 3), where realized offspring were 

markedly lower in the post-remediation samples. The field samples had significantly lower 

offspring than the control (Figure 6.4, Table S6).  

 

   

 

Figure 6.4. Comparison of reproduction success after a 14-d chronic test exposures to samples from 

the port before and after remediation; (A) Quinquelaophonte sp. realized offspring, (B) 
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Quinquelaophonte sp. potential offspring. All values have been normalized to % control. Error bars 

represent 95% confidence level. 

 

Concentrations of TBT, copper and zinc prior to remediation were above ANZECC/ 

ARMCANZ ISQG-high values at sites 1 and below ISQG-low levels at site 2 (Table 6.1). Site 

3 had TBT values in between the ISQG low and ISQG high thresholds, with high 

concentrations for nickel. Concentrations of TBT were lower in all sites after remedial 

activities. Metal concentrations were reduced at sites 1 and 2 but remained similar at site 3. 

Ammonia concentrations were within optimal values (Batley and Simpson 2009), thus it could 

be disregarded as a major driver of toxicity. The concentration of reactive sulfides increased 

post-remediation (Table 6.2).  
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Table 6.2. Sediment physicochemical properties from the three study sites in the port pre and post-

remediation activities. Values for pH and redox are the average between values obtained at the 

beginning and end of test. TOC= Total Organic Carbon (g/100g dry wt). BDL= below detection limit 

(<0.2 mg/kg). NA= Not available. 

 
 pH Redox 

(mV) 
TOC Salinity 

(‰) 
Reactive 
sulfides 

Ammonia 
(mg/kg 

dry wt) 

Sediment type 

Pre-Remediation 

Site 1 7.7 223.7 
 

1.53 30.2 <0.02 <5 Sandy silt with bands of sand. 
Dark grey and black. Appeared 
anoxic deeper than 0.2 m. 
 

Site 2 7.8 218 1.24 30.2 <0.02 <5 Silty with traces of sand.  Very 
soft. Light grey. Sand was fine 
grained. Appeared anoxic in 
places below 0.3 m. 

Site 3 7.4 NA 1.22 30.2 <0.02 <5 Silt with minor sand. Very soft. 
Appeared anoxic in places. Light 
to dark grey and black. Sand was 
fine grained. 

Post-Remediation 
Site 1 7.4 -219.3 1.37 29.7 <0.02 <5 Silty with traces of sand.  Very 

soft. Light to dark grey. Sand was 
fine grained. 
 

Site 2 7.8 -221.7 1.11 29.7 2.4 <5 Silt with minor sand. Very soft. 
Light to dark grey. Sand was fine 
grained. 
 

Site 3 8.0 -223.1 1.15 29.7 5.9 <5 Silt with minor sand. Very soft. 
Light to dark grey. Sand was fine 
grained. 
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6.3.3 Elutriate toxicity prior and post-remediation 

All bioassays met acceptability validity criteria based on the ISO 16778 protocol (ISO 

2015, Supplementary Document S3.). There were no significant differences between the 

controls (pre and post-remediation; p > 0.1) Trace metals and TBT concentrations reduced after 

remediation at all sites (Table 6.3). Site 1 was the only site with copper concentrations above 

the ANZECC/ ARMCANZ trigger value pre-remediation. TBT concentrations were reduced 

to levels below the trigger value in all studied sites (for a level of protection of 90%; ANZECC/ 

ARMCANZ 2000). Acute toxicity declined in all sampled sites, with only site 1 presenting a 

marginal difference against the control (Figure 6.5; p = 0.03). There were no significant 

differences in the larval development rate between the control and the sediment samples from 

the port after remediation, except for site 1, which had a lower level of larvae moulting to the 

copepodite I stage (Figure 6.5B; p<0.05). However, there was a significant improvement in 

larvae development between samples collected before and after remedial works (Figure 6.5B; 

p<0.0001). 

Table 6.3.Concentrations of trace metals in µg/L and organometallics in µg Sn/L. Values above those 

considered safe for disturbed ecosystems (80% protection level) were used.  

 Cu Zn Pb Ni Cd TBT DBT NPOC 

ANZECC/ ARMCANZ 
trigger values for 
disturbed ecosystem (level 
of protection 80%) 

8.0 43.0 12 560 36 0.05 NA  

Pre-remediation         
Site 1 24.5 326.0 5.3 14.6 0.8 0.7 0.1  

Site 2 2.2 65.8 8.4 5.9 <0.0 <0.1 <0.02  
 

Site 3 0.7 41.3 9.6 6.5 <0.0 <0.05 0.06  
 

Post-remediation         
Site 1 0.8 18.6 0.8 2.5 0.04 <0.01

6 
<0.02 2.5 

 
Site 2 3.0 13.7 0.3 2.5 0.1 <0.01

7 
<0.02 2.3 

 
Site 3 <0.0 30.7 0.6 3.8 0.1 <0.02 <0.02 2.0 

NA = Data not available. Bold numbers are values above trigger values. 
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Figure 6.5. Comparison of elutriate bioassays from sediment samples obtained before and after 

remediation works. Endpoint assessed were (A) Survival, (B) Larval development ratio. All results were 

normalized to control %. Black bars = Pre- remediation values; Hollow bars = Post-remediation values. 

Significance levels: (*) P < 0.05, ‘**’ P < 0.001, Dunnet’s multiple comparison against control. There 

was no survival after exposure to sediments from Site 1.  

 

6.3.4 Toxicity tests with spiked sediment prior to remediation 
 

Reduction of TBT concentration ranged between 5.8 and 32.8% of the original 

concentrations (Table 6.4). Calculated EC50 values for Quinquelaophonte aurantius were 0.26 
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+ 0.6 and 0.028 + 0.01 mg Sn/kg TBT for survival and reproduction success, respectively 

(Figure 6.6), under TOC of 0.30 g /100 g dry wt. Total acute toxicity was estimated at 0.138 

mg Sn/kg TBT.  

 

Table 6.4. Measured TBT-spiked sediments concentrations (mg/ kg) and TBT percentage loss 

calculated from measurements at the beginning and end of 14-day test.  

 

 
 
 
 
 
 
 
 
 
 
 
 
 

Figure 6.6 Responses for the acute and chronic bioassays using spiked sediment. All values are 

presented in mg/kg dry weight with 95% confidence level. Reference ISQG low and high values for 

tributyltin sediments are 0.005 and 0.07 mg Sn/Kg dry wt (ANZECC/ ARMCANZ 2000). 

       
 
 
 

TBT initial in spiked 
sediment 

TBT final % 
Removal 

0.009 0.007 22.2 

0.021 0.016 23.8 

0.034 0.026 23.5 

0.067 0.045 32.8 

0.138 0.130 5.8 
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6.3.5. Post-remediation: toxicity response to distance from slipway 

 
A binomial linear regression model for survival predicts a mortality reduction of 1.34 

times per unit of distance (meter) from the slipway towards the northern end of the port. A 

linear regression model predicts 1.02 times offspring increase in response to the distance 

variable post-remediation (Figure S5).    

 
6.4. Discussion 
 

While bans on the use of TBT have reduced concentrations in New Zealand harbours 

since their enforcement in July 1989 (MPI, 2013, unpublished technical report 2013/11), it is 

still present in the environment. The presence of DBT and MBT in the sediment samples 

collected pre-remediation suggests degradation of TBT is occurring. The presence of organotin 

compounds following their prohibition is not uncommon and may reflect loss of paint from 

ships where it had been applied years earlier, and not necessarily illegal use. The presence of 

historic TBT paint flakes has been reported in harbours from European and Western Asian 

countries (Lagerström et al., 2017). The high organotin concentrations post-banning 

demonstrate their persistence and low degradation rate in marine sediments and organisms 

(Strand et al., 2003). The main sources of legacy organotin contamination in ports continue to 

be boat slipways and wash-down areas, antifouling paint from boat hulls, and unmaintained 

boats (Vogt, Model, and Vinagre 2018). The results of the study confirmed the findings of Vogt 

(2018) as the highest TBT concentrations pre-remediation were at study site 1, where the 

volume of vessels, the maintenance facilities and the low tidal energy enhanced accumulation.  

The outcomes from remediation programmes conducted at TBT-contaminated sites can 

vary depending on hydrodynamic conditions, and the strategies used. For instance, the dredging 

methodology used (e.g., cutter crown or sweephead dredger) can influence the degree of 

contaminant redistribution and solubility in the water (Pieters et al., 2002). In the present study, 
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concentrations of organotins and metals before and after remediation tended to decline towards 

the northern end of the basin, probably due to the increasing distance from the slipway 

infrastructure and dilution. However, concentrations of TBT, copper and zinc were 

considerably lower after remediation at the site closest to the slipway (Site 1), while 

concentrations of copper at site 3 remained consistently below ISQG-low levels (Table 6.1).  

The survival of the copepods Q. aurantius and G. pectinatus was similar after exposure to 

sediments from the control and the remediated sites, even at the site with low access for 

sediment dredging. The low mortality at the sites with TBT concentrations above trigger values 

(Site 1) is not surprising. While the release of organometals during dredging activities does not 

appear sufficient to trigger acute toxicity, it has been reported to result in chronic effects to 

marine organisms (Eggleton and Thomas 2004). The reduced offspring production of Q 

aurantius, exposed to sediments after remediation could be explained by the presence of 

suspended sediment and toxicants on the sediment-water interphase. The distribution and 

relocation of contaminants post-remediation has been well documented for intensively dredged 

sediments (van den Berg et al., 2001; Du Laing et al., 2009). The partitioning distribution of a 

contaminant depends on the physicochemical properties of the sediment. For example, the 

disturbance of anoxic sediment (as in the case of the current study) leads to the oxidation of 

sulfides, which weakens the bonds with organometallic and metallic compounds. While this 

promotes the solubility and movement of contaminants in the water column, the quick re-

formation of Fe and Mn oxides and hydroxides allows for the creation of new bonds with 

contaminants over a relatively short period of time (Eggleton and Thomas 2004). Higher levels 

of reactive sulphides and organic carbon in a reducing environment post-remediation can 

facilitate the stabilization of contaminants, potentially resulting in lower bioavailability of 

organotin compounds to the copepods in the water and sediment matrices (Table 6.2). This 

process can explain the lower acute toxicity of copepods exposed to the sediment at sites 2 and 
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3, but may not be enough to reduce levels below chronic effects (Guo, DeLaune, and Patrick 

Jr 1997; Briant et al., 2016).  

Toxicity testing using laboratory TBT-spiked sediment was conducted to better 

characterize the effects of TBT on benthic copepods. The 0.26 mg Sn/kg TBT-spiked sediment 

LC50 value for Quinquelaophonte aurantius suggests a high acute tolerance when compared to 

the ANZECC/ ARMCANZ ISQG-High value of 0.07 mg Sn/kg (ANZECC/ ARMCANZ 

2000). Some caution is warranted when comparing the toxicity of spiked sediment to field data 

as adsorption and desorption processes can differ between sediment types, and the partitioning 

of TBT in spiked samples might not fully represent in situ conditions (Burton, Phillips, and 

Hawker 2004). Higher physio-chemical partitioning coefficient (Kd) values favour sediment 

adsorption, which reduces TBT availability to organisms at pH > 6.3 (Langston and Pope 1995; 

Fang et al., 2017). Measurement of Kd was not conducted due to time and financial constraints. 

However, the limited variation in pH, salinity and sulfides found here suggest that changes in 

Kd were unlikely to have occurred (Table 6.2). In addition, adult crustaceans (especially 

females) have higher abilities to metabolize (biotransform), excrete and store toxicants in fat 

tissue (Lee 1996). This has been demonstrated in the pelagic copepod Eurytemora affinis 

(Cailleaud et al., 2011), the benthic copepod Microarthridion lottorale (Klosterhaus Susan, 

Lee Ferguson, and Chandler 2009) and in the shrimp Penaeus japonicus (Lignot et al., 1998) 

exposed to alkylphenols, aromatic hydrocarbons, and organotin compounds, respectively.  

Our results suggest that the toxicity of post-remediation sediment samples affected the 

reproductive success and larval development endpoints in both species of copepods. However, 

toxicity decrease was evidenced from the closest site to the slipway to the most distant seaward 

site (Figure 6.4, 6.5 and Figure S5). These results align with studies reporting chronic impacts 

on copepods and crustaceans exposed to concentrations of TBT similar to those measured at 

Site 1 after remediation. For example, Kurihara et al. (2007) assessed toxicity of TBT in both 
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water and sediment matrices. Concentrations of 0.1 µg/L of TBT inhibited the development of 

E. affinis during a 13-day exposure in water and triggered further chronic effects on benthic 

estuarine organisms at concentrations as low as 0.3 mg Sn/kg dry weight in the sediment.  

Further, Haung et al., (2006) reported that concentrations of tributyltin oxide as low as 0.06 

µg/L significantly affected the fecundity of the copepod Pseudodiaptomus marinus on the first 

generation, and delayed first egg sacs in females of the following generation at 0.006 µg/L. 

The toxicity of TBT by-products such as triphenyltin (TPT) and DBT also triggered a delay in 

the maturation period and enhanced developmental impairments in the copepod Tigriopus 

japonicus (Yi et al., 2014).  Organotin compounds and copper are known to disrupt metabolic 

functions in crustaceans by targeting the neuroendocrine system. The endocrine system 

secretes hyperglycemic hormones (CHH), which are essential neuropeptides in the formation 

and regulation of gonad inhibiting hormones (GIH) and molt inhibiting hormones (MIH) 

(Webster, Keller, and Dircksen 2012). Crustaceans tend to develop hyperglycemia under 

stressful conditions, altering the normal production, release and signalling of CHH, resulting 

in the inhibition of molting and developmental processes (Andersen et al., 2001; Vogt, Model, 

and Vinagre 2018). 

While concentrations of dissolved copper and zinc in the elutriates significantly 

decreased after remediation, they cannot be disregarded as contributors of chronic toxicity prior 

to remediation at site 1 because they exceeded the trigger values for an 80% protection level 

(ANZECC/ ARMCANZ 2000). Of equal importance is the potential presence of TBT-tainted 

paint flakes in the sediment samples that can lead to overestimation of available organotin 

concentrations. It may also overestimate the bioavailability in the dissolved phase to receptor 

organisms (Schipper et al., 2010). These results highlight the importance of conducting 

bioassays along with chemical analysis. The presence of toxicants does not explain 

bioavailability and accessibility to organisms. Bioassays can evaluate the extent of toxicity of 
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present contaminants (Simpson 2013). Based on the mobility of sediments after dredging and 

the relatively long time needed to re-stabilize the seabed, a follow up survey is recommended 

to continue evaluating the efficacy of the remediation process and related recovery of local 

benthic communities. Such knowledge is required to develop robust remediation frameworks 

for harbours and other coastal sites and help estimate how long recovery may take.  

6.5. Conclusion 
 

Some degradation of TBT to DBT and MBT was evident in the port sediment over the 

last 8 years. Remediation activities reduced the acute toxicity of sediments at all the sampled 

sites, and copepod reproductive success was greatest in the site with the highest concentrations 

of TBT and copper before remediation. Chemical analyses done immediately after remediation 

suggested sediment resuspension and possible dispersion in the basin. Resuspension of 

sediments is likely to explain the availability of toxicants to both species of copepods, affecting 

egg hatching and reproduction success. The use of the two bioassays and the acute and chronic 

endpoints used proved suitable to assess the efficacy of remediation processes. Our study 

reinforces the importance of complementing chemical analysis with bioassays, to differentiate 

between the presence of chemicals and their availability to organisms in coastal areas. Further 

monitoring assessments are recommended to establish the stability and persistence of metals 

in sediment post-remediation. 
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7.1. General remarks 
 

The production of new chemical compounds has significantly grown over the last 10 

years, and by 2018 more than 142 million were registered in the American Chemical Society 

database (CAS, 2018). Only a third of this number is regulated, and around 100,000 are 

produced in high volumes (Bakkes et al., 2008; Schnoor 2014; CAS 2018). Despite the efforts 

to reduce the risk of chemicals, there is still knowledge gaps related to the effects of persistent 

compounds on the environment. The development of biological effects-based tools to predict 

and assess the impacts of chemicals in the environment is required to underpin more effective 

management policies. 

Copepods are abundant and key stone organisms in estuarine processes, and excellent 

candidates for ecotoxicological assessments. The copepod bioassays developed and validated 

in this thesis showed similar sensitivities to those reported for the international organisms 

Acartia tonsa and Tigropus japonicus (Chapter 3). The validated bioassay can be used for 

environmental risk assessment and for the development of toxicant trigger values.  

Bioassays can directly demonstrate the impact of a pollutant on biota. The bioassays 

developed and used in this thesis showed that pollutants present in the sediment samples from 

the Ahuriri Estuary in Napier were bioavailable (Chapter 5). The tests showed the toxicity of 

sediments induced reproduction impairments in the benthic copepods, and larval development 

inhibition in the pelagic copepods at the study sites. The development of local bioassays can 

be used to complement the suite of tests suggested for the prioritization of national estuaries, 

especially in system with high ecological values receiving rural or urban runoff from drains or 

freshwater bodies (Robertson et al., 2002).  

Chapter Seven                                                           
General Discussion 
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The comet assay is an endpoint to further characterise the risk pollutants pose to 

exposed biota. It provides an indication of DNA damage which is an early warning indicator 

of genotoxicity. This study identified the genotoxic potential of sediment samples receiving 

urban and rural runoff. Further developments and validation of comet assay protocols are 

required before uptake by regulatory agencies (de Lapuente et al., 2015).  

The bioassays were further tested as tools to assess the effectiveness of a remediation 

project in a contaminated port in New Zealand (Chapter 6). The benthic and pelagic bioassays 

characterized the toxicity of sediment samples before and after remediation, and identified 

significant improvements in acute toxicity, and less evidenced changes in chronic toxicity. An 

interesting observation was made for the different chemical concentrations measured post-

remediation per site. While the first set of post-remediation samples showed values below 

detection limits, follow up samples showed concentrations similar to those obtained before the 

remediation was conducted. However, the toxicity was significantly lower. This difference can 

be attributed to sediment resuspension and mobility, and the dispersion of TBT flakes. 

Chemical analysis of a sample containing a localized flake would show high concentration of 

TBT, which could be interpreted as highly toxic, as opposed to immediately adjacent sediments 

without TBT flakes. The use of analytical chemistry as a proxy for toxicity can be misleading 

and therefore warrants some caution. The later highlights the importance to include 

biomonitoring tools such as bioassays in risk assessments to give an insight into the 

bioavailability and toxicity of contaminants present in a sample.  

 
7.2. Limitations 
 
Bioassays were validated to assess the toxicity of single and multiple contaminants in water 

and sediment (Chapter 3, 5 and 6).  Results from New Zealand estuarine areas showed acute 

and chronic responses under multiple contaminants exposure, where synergistic, additive or 
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antagonistic toxicities could have occurred. However, bioassays are not designed to identify 

the main driver of toxicity in a complex mixture. For cases where the main stressor needs to be 

identified (e.g. permitted discharges under resource consent approval or for enforcement 

actions), an integrated approach of Toxicity Identification Evaluation (TIE) and whole toxicity 

test (bioassay) is recommended. The TIE method separates chemicals from a mixture and 

identifies them by class, following a tier framework (U.S. EPA 2007). Once stressors are 

identified, bioassays can be conducted to identify the effects of individual toxicants or sub 

mixtures. 

Another observation identified in this study was the extrapolation of laboratory-based 

in vivo responses as in situ results. Some scientists may argue that sediment physicochemical 

properties are likely to change between the sample collection and bioassay setup, especially in 

the presence of non-persistent pollutants with low Kd. These changes can alter the toxicity of 

the sediment (e.g., changes in redox, pH and temperature can influence toxicity), as reviewed 

in the first chapter of this thesis. The development of copepod mesocosms on site (with barrier 

protection to avoid predation) would validate in situ copepod bioassays in estuarine 

ecosystems, as well conducting comparative studies between in situ and ex situ tests.   

 
7.3. Future considerations  
 
The validation of the copepods as a local test species opens opportunities for chemical 

regulation and estuarine ecosystems management. The latest revision of the ANZECC/ 

ARMCANZ water quality guidelines highlights the need to increase the sources of data to 

derive generic and site specific trigger values (Warne et al., 2015). It encourages the use of at 

least 8 local species (belonging to 4 or more taxonomic groups) to estimate species sensitivity 

distribution (SSD) models (or the assessment factor method to a lesser extent) for each toxicant. 

The two validated copepods presented in this thesis could fill the gap of test organisms 

representing the primary consumers niche at benthic and pelagic estuarine zones. Both species 
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could be added to the battery of assays recently used to derive estuarine copper and zinc limit 

values (Gadd Draft September 2016).  

Recent reports from New Zealand and Australia have identified new and emerging 

pollutants entering waterways at concentrations similar to those reported in other developed 

countries (CRC CARE 2014; Stewart et al., 2016). These contaminants of emerging concern 

(CEC) are understudied and therefore unregulated. Efforts are needed to understand the 

negative effect of CECs on estuarine species’ endocrine, immunologic and reproductive 

systems. Once robust information on the environmental risks of CECs is proven, changes in 

coastal management policies can be reassessed. A preselection of CECs has been suggested to 

be included in regional council’s monitoring programmes (Stewart et al., 2016) and regulatory 

agencies are assessing its implementation. However, while the interest in CECs is growing, 

there are other known but unregulated persistent and pseudo persistent contaminants that need 

attention too (Table 7.1). Of particular interest is the presence of trace elements in this list. 

Trace elements are frequently identified in urban estuaries (mainly discharged through storm 

water outlets and waste water treatment plants). However, trigger values are unreliable for 

chronic toxicity on key species (specifically for levels of protection of 90 and 80%) (ANZECC/ 

ARMCANZ 2000).  

The use of copepod bioassays to help derive toxicant trigger values, and as tools for 

estuarine monitoring, aligns with the implementation of the New Zealand Coastal Policy 

Statement 2010 and the National Policy Statement for Freshwater Management 2014. These 

policies direct councils to set regional targets to improve water quality by following limit-base 

guidelines (Williamson 2017).  The development of the copepod bioassays can contribute in 

the generation of data needed to execute regional and national management plans. 

Table 7.1. Chemicals of concern with limited toxicity information. A= Values might not protect key 

species from acute and chronic toxicity, B= Bioaccumulation and secondary poisoning effects to be 

assessed. C= Might not protect species from chronic toxicity. ID= Insufficient data. SM= Value derived 
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for lightly to moderately disturbed systems. * Values from overseas GL. All values are presented in 

μg/L. Information sourced from the ANZECC/ ARMCANZ guidelines (2000), CRC Care (2014) and 

Stewart (2016). 

 
 Levels of protection for marine 

ecosystems 
Type Chemical 99% 95% 90% 80% 
Trace elements Nickel 7 C A A 

Arsenic (AsIII and AsV) ID ID ID ID 
Chromium (CrVI) 0.14 4.4 C C 
Cadmium B BC BC AB 
Copper 0.3 1.3 C A 
Zinc 7 C C C 
Lead 2.2 4.4 C C 

Herbicides Glyphosate ID ID ID ID 
Trifluralin ID/B ID/B ID/B ID/B 
2,4,5-T ID ID ID ID 

Pesticides Carbofuran ID ID ID ID 
Permethrins ID ID ID ID 
Chlorpyrifos 0.0005 0.009 A A 
Endosulfan SM   A 
Parathion ID ID ID ID 
Endrin SM    
Chlordane ID ID ID ID 

Perfluorinated compounds Perfluorooctanesulfonic acid ID ID ID ID 
Perfluorooctanoic acid ID ID ID ID 

Flame retardants Brominated diphenylethers 
(BDEs) 

ID ID ID ID 

Polybrominated diphenyl ethers 
(PBDE)  
 

0.0002-
0.12* 

ID ID ID 

Hexabromocyclododecane 
(HBCD)  

ID ID ID ID 

Surfactants  Perfluorooctanesulfonic acid 
(PFOS) 

0.00053* ID ID ID 

Antifouling agents Diuron ID ID ID ID 
Isoproturon ID ID ID ID 
Irgarol ID ID ID ID 

Plasticisers DEHP ID ID ID ID 
BBP ID ID ID ID 
Bisphenol A ID ID ID ID 

Musk Galaxolide ID ID ID ID 
Tonalide ID ID ID ID 

Pharmaceuticals and 
personal care 

Carbamazepine ID ID ID ID 
Diclofenac ID ID ID ID 
Ibuprofen ID ID ID ID 
Triclosan ID ID ID ID 
Methyltriclosan ID ID ID ID 

Gasoline additive Methyl tertiary-butyl ether 
(MTBE) 

0.018-
0.053* 

ID ID ID 

Polycyclic aromatic 
hydrocarbons 

Benzo[a]pyrene (BaP) 
 

ID 0.2B ID ID 
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Further opportunities to improve environmental risk assessments include the 

development of Adverse Outcome Pathways (AOP). AOPs provide a framework for organising 

and integrating toxicity information obtained at different levels of biological organization 

(Connon, Geist, and Werner 2012; Muller, Lin, and Nisbet 2015). Its objective is to characterise 

and relate molecular initiating events, key events and adverse effects from the molecular level 

to the population level in a “chain-reaction process” (Figure 7.1). The assemblage of these 

modular components allows for an evidence-based foundation to demonstrate adverse effects 

(or the lack of them) from molecular reactions (using omics and biomarker tests) to the 

population (bioassay) and community level (mesocosms). Demonstrating these mechanistic 

pathways will validate (or not) the ecological relevance of molecular tools, and their 

applicability in environmental monitoring as tools accepted by regulatory agencies. However, 

without reliable test organisms, the achievement of the AOPs would be impossible.  

The need for whole organism bioassays is increasing due to the lack of knowledge on 

ecosystem effects of existing and emerging contaminants. The commonly used species for 

bioassays tend to be robust under laboratory conditions, and perhaps less sensitive to 

contaminants. There may also be constraints on the import or movement of such species if they 

are not native, because of the biosecurity risk. My PhD has shown that two native species, 

including one endemic to New Zealand and described as a new species, are suitable for toxicity 

bioassays. These species are small, abundant, at the base of the estuarine food chain, and can 

be cultured in the laboratory. Because they live in benthic and pelagic estuarine environments, 

respectively, they capture together the partitioning of contaminants between sediments and 

water. This work provides a platform for increased testing of toxicity in New Zealand estuaries, 

and shows how native taxa could be developed for use in other countries.  
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Figure 7.1. Diagram of an Adverse Outcome Pathways framework using copepods as an example.  
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Document S2. ISO 14669 Criteria for the validity of test 
 
The results are to be considered valid if the following conditions are satisfied: 
 

a) The dissolved oxygen concentration at the end of the test is greater or equal to 4mg/L; 
b) The percentage mortality of the controls is less than or equal to 10%; 
c) The toxicity of the reference chemical is within the range specified in 8.5 of The ISO 

14669 standard. 

 
Document S3. ISO 16778. Criteria for the validity of chronic test. 
 

a) The dissolved oxygen concentration should be at least 70 % of the air saturation value 
(ASV) throughout the test  

b) Temperature should vary no more than ±1 °C during the entire test period;  
c) Control pH shall not vary more than 1,0 unit from the initial measure control pH;  
d) Salinity shall not vary more than 10 % from the control initial value;  
e) Hatching success in the control shall be ≥75 %  
f) In LDR tests, the average control copepodite fraction (LDR) shall be (60 ± 20) % of the 

counted animals at the end of the exposure;  
g) Average surviving percentage of copepods in the control treatments must be more or 

equal to 70 % of the hatched nauplii  

 
 

Chapter Eight                                                 
Supplementary Information 
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Figure S1. Chapter 3: Gladioferens pectinatus at different stages: (A) nauplii, (B) 

copepodite, (C) male adult, (D) gravid female, (E) eggs sac (F) Female legs with main feature 

of species; Black arrow: leg 5 with characteristic claw-like projections on inner edge of 

exopod. White arrow: leg 4. 
 

  

A B 
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E F 
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Figure S2. Chapter 3: Compared parameters from the dose response results obtained from 3 

replicated tests for copper, chlorpyrifos and phenanthrene. Response measured was larval 

development ratio. (A) Copper, (B) chlorpyrifos, (C) phenanthrene.  
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Figure S3. Chapter 5: DNA Migration after single cell electrophoresis assay. Comet assay 

images of copepod cell nucleoids exposed to different treatments: (a) Control, (b) UV 

exposure, (c) Humber Drain, (d) Old Tutaekuri Estuary site, (e) Humber Estuary site, (f) Old 

Tutaekuri Riverbed. 
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Figure S4. Chapter 5: Tail length as a measurement of DNA damage on cells to sediment 

elutriates. Negative control (CN), Positive control (CP), and elutriates from the Humber 

Drain (HD), Humber Estuary (HE), Old Tutaekuri Estuary (OE) and Old Tutaekuri riverbed 

(OR)sediments. Humber Drain (p < 0.01) Old Tutaekuri Riverbed (p < 0.001). 
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Figure S5. Chapter 6: Modelled trend in (A) survival, (B) realized offspring and (C) 

potential offspring based on the distance from slipway infrastructure. All values have been 

normalized to % control. Error bars represent 95% confidence level. ANCOVA test was used 

to determine significant differences in reproductive success of treatments from control based 

on distance from slipway. 
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Table S1. Chapter 2: Decision Matrix for prioritising estuaries for state of environment monitoring. Adapted from Robertson et al.,(2002). 
Estuary Assessment 
Factor 

Explanation Scoring Schedule Estuary  
1 

Estuary  
2 

 
A. Existing Estuary Physical and Biological Characteristics 
 

1 Area of Estuary (ha) Value of an estuary increases with the area of the resource. 1 = 2500 ha. 
      

2 Diversity of intertidal 
habitat 

Estuaries with the broadest array of intertidal habitats have the greatest potential for 
high intertidal biodiversity and therefore have greatest ecological value to a region. 
Habitats include: rushes, reeds, seagrasses, tussocks, herb fields, scrub, rock, cobble, 
gravel, mobile sand, sand, shell, muddy sand, soft muds, shellfish beds, sabellid beds 

1 = limited array of habitats, 2 = moderate array of 
habitats, 3 = most common habitats present and in 
good condition 

      

3 Diversity of subtidal 
habitat 

Estuaries with the broadest array of subtidal habitats over a wide depth range have the 
greatest potential for high subtidal biodiversity and therefore have greatest ecological 
value to a region. Habitats include macroalgal beds, seagrass beds, rock, cobble, gravel, 
mobile sand, sand, shell, muddy sand, soft muds, shellfish beds. 

1 = limited array of habitats, 2 = moderate array of 
habitats, 3 = most common habitats present and in 
good condition 

      

4 Flushing time (days) Flushing time is the average period during which a quantity of freshwater derived from 
a stream or seepage remains in the estuary. The very well-flushed estuaries will be least 
at risk from build-up of contaminants. 

 
1 = >10 days, 2 = 3-10 days, 3 = < 3 days 

 

      

5 Freshwater input 
(m3/s)/Area of estuary 
(ha) ratio 

Estuaries with a high FW/A ratio have a large freshwater influence and often result in a 
relatively harsh environment for aquatic life (i.e. biodiversity tends to be less) 

1 = >100, 2 = 10-100, 3 = <10.       

6 Extent of mangrove and 
saltmarsh habitat 

Estuaries where mangrove and/or saltmarsh habitats have been reduced or reclaimed 
have lower ecological value, fewer feeding and nursery habitat for other species, and a 
decreased ability to assimilate contaminant and sediment entry. These habitats act as 
coastal buffers. 

1 = low or severely reduced, 2 = moderately reduced, 
3 = habitat present in unaltered extent and in good 
condition (For regions outside the range of 
mangroves, use saltmarsh habitat as the single 
assessment factor) 

      

7 Extent of fish/shellfish 
resources 

Occurrence of fish and shellfish resources in an estuary enhances the value. A drop in 
abundance and diversity could result from an increase in nutrients and pollutants to an 
estuary 

1 = low or no fish and shellfish resources, 2 = 
medium abundance/diversity, 3 = High abundance 
and/or diversity 

      

 
B.     Natural Character and Values 
 

8 Wetland and 
wildlife status 

Estuaries are often important habitat for coastal fisheries and international migratory birds, 
and may be recognised as having significant conservation value. Estuaries with high 
wetland and wildlife status have a high perceived value 

1 = low, 2 = medium, 3 = high wetland and wildlife 
status 

      

9 Recreational use An estuary can be a significant social resource, used for water sports, food gathering, 
sightseeing, exercising etc 

1 = low utilisation for recreation, 2 = moderate, 3 = 
high utilisation for recreation 

      

10 Cultural significance The values of tangata whenua, including the issue of mana whenua (customary authority) 
may be significant to an estuary. Estuaries may have a high cultural value if they are or 
were a traditional food-gathering site, papa taakoro or of other cultural importance. 

1 = low perceived cultural significance, 2 = medium, 
3 = high perceived cultural significance 

      

11 Commercial use An estuary can be a commercial resource with economic importance, for example through 
shellfish/fish harvesting, aquaculture, ecotourism etc 

1 = low commercial use, 2 = moderate, 3 = high 
commercial use 
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12 Perceived value by 
the communities in 
the region 

Estuaries may have high aesthetic and amenity value to surrounding residential 
communities. They may also be important for education, tourism, or significant to the 
communities' natural character or identity. 

1 = low perceived value by communities, 2 = 
medium, 3 = high perceived value by communities 

      

13 Potential for 
rehabilitation 

Historically impacted estuaries may have a greater potential for rehabilitation of estuary 
condition than currently impacted estuaries 

1 = low potential for rehabilitation, 2 = medium, 3 = 
high potential for rehabilitation 

 

      

 
C. Characteristics that indicate an Existing Impact 
 

14 Proportion of 
urban/industrial land 
use in the estuary 
catchment 

Modified catchments are likely to pose greatest risk to each estuary from contaminant 
entry. Urban and industrial contaminants include heavy metals, nutrients, organochloride 
pesticides etc. 

1 = high extent of urban/industrial land use, 2 = 
medium, 3 = low extent of urban/industrial land use 

      

15 Proportion of 
agricultural land use 
in the estuary 
catchment 

Modified catchments are likely to pose greatest risk to each estuary from contaminant 
entry. Agricultural run-off has been attributed to increased sedimentation, nutrients and 
contaminants in estuaries. 

1 = high extent of agricultural land use, 2 = medium, 
3 = low extent of agricultural land use 

      

16 Proportion of exotic 
forest land use in the 
estuary catchment 

Modified catchments are likely to pose greatest risk to each estuary from contaminant 
entry. Exotic forestry can impact on estuaries by causing increased erosion of the 
catchment, increased sedimentation and nutrients in the estuaries. 

1 = high extent of exotic forest land use, 2 = medium, 
3 = low extent of exotic forest land use 
 

 

      

17 Proportion of 
unmodified estuary 
catchment 

The least modified catchments are likely to pose least risk to each estuary from 
contaminant entry. Unmodified land may also include parks, reserves and other protected 
areas on the estuary margin. 

1 = low extent of unmodified catchment, 2 = medium, 
3 = high extent of unmodified catchment 

      

18 Estuary margin 
alteration (e.g. 
reclamation) 

Estuaries where margins have been altered and/or reclamation has been undertaken have 
less value and a decreased ability to assimilate contaminant entry and increased erosion and 
sedimentation processes 

1 = high extent, 2 = medium extent, 3 = low extent of 
margin alteration 

      

19 Point Source 
effluents 

Presence of point source discharges of wastewater (municipal, industrial and/or 
agricultural) into an estuary poses a high risk of contaminant entry. 

1 = extensive discharges, 2 = moderate discharges, 3 
= very low or no discharges. 

      

20 Aquaculture 
licences 

Presence of aquaculture activities in an estuary provides a greater risk of contaminant entry 
and other impacts (e.g. biosecurity risk and impingement on the natural and aesthetic 
values of an estuary). 

1 = aquaculture licences exist in estuary, 2 = estuary 
is at risk from aquaculture developments, 3 = estuary 
has no current or likely future aquaculture activities. 
 

      

21 Extent of biosecurity 
risk 

Infiltration of an estuary by foreign plants and/or animals poses risks to the existing habitat 
and community structure. Risk assessment should include such factors as: likelihood of 
entry (e.g. high risk for ports, areas with extensive aquaculture or areas which attract 
boats), likelihood of invaders surviving, and risk of impacts on perceived estuary values. 

1 = high risk, 2 = medium risk, 3 = low biosecurity 
risk 
 

 

      

22 Extent of risk of 
accidental spills 

Accidental spillage of hazardous wastes (e.g . oil) lowers values in an estuary. 
 
  

1 = high risk, 2 = medium risk, 3 = low risk of 
accidental spills 
 

      

 
D. Characteristics that Indicate an Existing Impact 
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23 Extent of nuisance 
macro and micro-algal 

blooms 

Algal blooms (e.g. Ulva sp.) indicate nutrient enrichment. Estuaries with algal bloom 
problems often have widespread adverse ecological and aesthetic effects. Additionally, 
there may be health risks associated with eating contaminated shellfish during bloom 
events. 

1 = frequent algal bloom problems and/or large areas 
of nuisance macroalgae, 2 = occasional algal bloom 
problems 3 = rare algal bloom problems 

      

24 Extent of invasive 
species 

Occurrence of exotic invasive species can threaten the natural character and 
biodiversity of an estuary (e.g. Pacific oyster, Spartina sp.) 

1 = large colonisation of invasive species, 2 = low 
extent of invasive species, 3 = no known invasive 
species 

      

25 Extent of modification 
of estuary hydrodynamic 
characteristics 

The hydrodynamic processes of an estuary can be altered by gravel or sand extraction, 
roading, reclamation and structures, creating modified water circulation patterns, 
increased sedimentation, less flushing and an increase in contaminant loading. 

1 = large extent, 2 = moderate extent, 3 = low extent 
of modification of hydrodynamic characteristics 

      

26 Extent of water clarity 
problems 

Widespread water clarity problems (e.g. after heavy rain and/or wind events) lower the 
perceived value of an estuary, have an adverse social effect and adversely effect 
aquatic ecosystems. 

1 = frequent, 2 = occasional, 3 = rare water clarity 
problems 

      

27 Suitability for human 
contact 

Water that people would not swim in or wade in has low value. Waters that are 
appealing to swim or wade in have highest value. Water quality problems include 
water-borne disease risks. 

1 = water frequently not suitable for human contact, 2 
= water on occasions not suitable for human contact, 
3 = water always suitable for human contact 

      

28 Extent of faecal 
contamination problems 

Widespread faecal contamination problems lower estuary values. Problems are 
indicated by high faecal coliforms and enterococci in the water column and shellfish, 
illness or perceived health risk. 

1 = High extent, 2 = moderate extent, 3 = low or no 
extent of faecal contamination problems 

      

29 Extent of nuisance 
odour problems 

Widespread nuisance odour problems lower estuary values, e.g. from effluent, 
decomposing macro algae, anaerobic sediments. 

1 = frequent problems, 2 = occasional problems, 3 = 
rare or no nuisance odour problems 

      

30 Extent of toxicity 
problems 

Widespread toxicity problems or perceived problems (e.g. metals, organics, sulphide, 
and ammonia) lower estuary values. Toxicity problems can be both in the water 
column and sediment, and may have extensive adverse effects for the biological 
communities within the estuary. 

1 = High extent, 2 = moderate extent, 3 = low or no 
extent of toxicity problems 

 

      

31 Solid waste The presence of solid waste (e.g. refuse) lowers estuary values. 1 = High occurrence, 2 = medium occurrence, 3 = 
low occurrence of solid waste 

      

Total Score If estuaries with existing and potential adverse effects and currently degraded estuary condition are prioritised for monitoring, then the lower the final score the 
higher the priority for state of environment monitoring. If the estuaries with near to pristine condition, high natural values and low potential for adverse effects 
are prioritised for monitoring, then the higher the final score the higher the priority for state of the environment monitoring 
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Table S2. Chapter 3: Nominal and measured values of copper used in nauplii and adult 

copepod bioassays. 

Nauplii  

Acute  Chronic 

Nominal Measured Nominal Measured 

105 86.4 50 43.6 

157.5 115.3 65 46.9 

236.2 180.5 84.5 60.7 

354.3 262.8 109.8 86.17 

531.5 391.4 142.8 137 

Adults 

Acute  Chronic 

Nominal Measured Nominal Measured 

100 86.8 30 26 

150 121.2 45 40 

225 170.1 67.5 49 

337.5 270.6 101.2 80 

506 484.6 151.8 145 
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Table S3. Chapter 3: Measured concentrations of copper, phenanthrene and chlorpyrifos for 

acute and chronic tests using nauplii copepods. Values are the average of the concentrations 

measured at the beginning and end of the tests. Measured values are given in µg/L, and 

concentration loss is shown in percentage.  

 

Toxicant Test type Average 
concentration (µg/L) 

Percent loss during 
test   

Copper Acute 86.5 4.3 

 115.8 20.1 

 180.6 5.1 

 262.8 1.6 

 262.9 3.5 

Chronic 45.0 19 

53.9 0.7 

68.2 2.5 

86.2 0.9 

137 21.1 

Phenanthrene Acute 67.7 89 

112.1 90 

175.3 93 

239.5 96 

399.5 97 

Chronic 20.8 98 

15.2 98 

23.6 99 
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35.8 99 

54.1 99 

Chlorpyrifos Acute 2.7 69.6 

4.3 58.3 

6.1 67.1 

8.2 72.3 

14.3 70.9 

Chronic 1.0 30.7 

1.3 37.6 

1.8 30.5 

2.6 28.6 

3.8 42.1 
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Table S4. Chapter 4: Polycyclic aromatic hydrocarbon trace analysis conducted at the five sampled sites from the Ahuriri and Waitangi Estuary 

in Napier. 

 
 

ANZECC/ 

ARMCANZ 

ISQG-Low 

ANZECC/ 

ARMCANZ     

ISQG High 

Humber 

Drain 

Humber 

Estuary 

Old 

Tutaekuri 

Estuary 

Old 

Tutaekuri 

Riverbed 

Waitangi 

Estuary 

1-Methylnaphthalene ND ND 0.0012 <0.055 <0.013 <0.003 <0.003 

2-Methylnaphthalene ND ND 0.0012 <0.055 <0.013 <0.003 <0.003 

Acenaphthene 0.016 0.5 0.0036 <0.055 <0.013 <0.003 <0.003 

Acenaphthylene 0.044 0.64 0.01 <0.055 <0.013 <0.003 <0.003 

Anthracene 0.082 1.1 0.0244 <0.055 <0.013 <0.003 <0.003 

Benzo[a]anthracene 0.261 1.6 0.144 0.008 <0.013 0.015 <0.003 

Benzo[a]pyrene (BAP) 0.430 1.6 0.164 0.005 <0.013 0.022 <0.003 

Benzo[b]fluoranthene + 

Benzo[j]fluoranthene 

ND 

 

ND 0.176 0.011 <0.013 0.032 <0.003 

Benzo[e]pyrene 0.43 1.6 0.1 <0.055 <0.013 0.020 <0.003 

Benzo[g,h,i]perylene ND ND 0.1 <0.055 <0.013 0.021 <0.003 

Benzo[k]fluoranthene ND ND 0.0724 <0.055 <0.013 0.011 <0.003 
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Chrysene 0.384 2.8 0.14 <0.055 <0.013 0.019 <0.003 

Dibenzo[a,h]anthracene 0.063 0.26 0.022 <0.055 <0.013 <0.003 <0.003 

Fluoranthene  0.

 6 

5.1 0.288 0.008 <0.013 0.034 <0.003 

Fluorene 0.019 0.54 0.0044 <0.055 <0.013 <0.003 <0.003 

Indeno(1,2,3-c,d)pyrene ND ND 0.116 <0.05 <0.013 0.023 <0.003 

Naphthalene 0.16 2.1 <0.0044 <0.027 <0.060 <0.012 <0.015 

Perylene ND ND 0.0384 <0.055 <0.013 0.007 <0.003 

Phenanthrene 0.24 1.5 0.096 <0.055 <0.013 0.011 <0.019 

Benzo[a]pyrene Potency 

Equivalency Factor (PEF) 

NES 

ND ND 0.244 <0.013 <0.030 0.032 <0.008 

Benzo[a]pyrene Toxic 

Equivalence (TEF) 

ND ND 0.244 <0.016 <0.04 0.032 <0.003 

Pyrene 0.665 2.6 0.296 0.008 <0.013 0.034 0.018 

Sum of low MW PAHs 0.552 3.16 0.144 0.36 <0.1 0.01 <0.003 

Sum of high MW PAHs 1.7 9.6 1.15 0.19 0.09 0.13 <0.003 
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Table S5. Chapter 4: Elutriate physicochemical properties from five study sites at the Ahuriri Estuary (Chapter 5). 

 

 pH Total ammonia 
(µg/L) 

NPOC in (g·m-3) 

Humber Drain 8.03 1170 3.5 

Humber Estuary 8.02 5 1.6 

Old Tutaekuri Riverbed 8.02 960 3.8 

Old Tutaekuri Estuary 8.02 220 1.5 

Waitangi Estuary 8.06 760 2.5 
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Table S6.Chapter 6: Concentrations of TBT measured in ports from New Zealand. Analysed 

samples were collected from the area adjacent to the slipway from each port and marina. 

Concentrations of TBT in sediment are reported in mg Sn/kg (dry wt) and TBT in water is 

reported as mg Sn/L. NA= Data not available. 

 

Port TBT in sediment TBT in water Year 

Auckland 0.002 - 0.334 0.032 – 0.3 1989-1995 

Tauranga <0.004 - 1.62 NA 2001, 2016 

Wellington 0.006 - 0.009 NA 2006 

Christchurch 0.021-0.028 NA 2015 

This study Site 1 pre-remediation 0.020 - 4.8 0.72 2017 

This study Site 1 post-remediation <0.004 - 1.49 0.07 2018 
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Table S7 Chapter 6: Multiple comparisons of treatments mean with control for survival and 

realized offspring of Quinquelaophonte sp before and after remediation. PrR= Pre-

remediation,   PoR= Post-remediation.  

 

 
 

Estimate 
Std. 

  Error     t value       Pr(>|t|)  

Survival     

Site 1 PrR - Control      0.70     0.12       5.79        < 0.001 

Site 1 PrR - Control     0.06     0.12       0.55            0.990     

Site 2 PrR - Control      0.52     0.12       4.32            0.002  

Site 2 PoR - Control    -0.03     0.12      -0.28           0.999     

Site 3 PrR - Control     0.42     0.12       3.48            0.014   

Site 3 PoR - Control      0.20     0.12       1.70            0.420     

Realized offspring 

Site1 PoR - Control    -180.51       37.27   -4.84  0.003  

Site 2 PoR - Control -165.65 37.27   4.44   0.005  

Site 3 PoR- Control  -184.76       37.27   4.95   0.002  
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Document S1. Chapter 3: Chemical analysis for Phenanthrene and Chlorpyrifos 

Aliquots of the phenanthrene and chlorpyrifos working standards were transferred into 

amber glass vials for confirmatory analysis. Five mL from each aqueous test solution was 

transferred into separate amber glass vials with Teflon lined lids. An aliquot of 

dichloromethane (DCM) was added to each vial (2 mL) which were firmly sealed with the 

screw cap enclosure and shaken vigorously by hand before being stored under refrigeration. 

The subsamples of phenanthrene and chlorpyrifos working standards and test solutions were 

transported on ice to the Plant and Food Research laboratories in Hamilton New Zealand.  

The working and aqueous test solutions of phenanthrene were spiked with a recovery solution 

of fluorine-d10 and anthracene-d10 and solvent extraction with dichloromethane as previously 

described (Stringer et al, 2014). The raw solvent extracts were concentrated under a stream of 

nitrogen gas, a solution of phenanthrene-d10 added as internal standard, and the final solvent 

extracts analysed by gas chromatography mass-spectrometry (Stringer et al, 2014). 

The aqueous solutions of chlorpyrifos were spiked with chlorpyrifos-methyl as a 

recovery standard, adjusted to pH 2.5 by the addition of 2.5M sulfuric acid, and shaken to 

extract chlorpyrifos, any residues of 3,5,6-trichloro-2-pyridinol, and the recovery compound 

chlorpyrifos-methyl into DCM. The vials of solution and DCM were left to separate, the lower 

DCM layer removed by Pasteur pipette and dried by passing through a small column of 

anhydrous sodium sulphate, and the extraction repeated two more times with 2mL of DCM. 

The combined dried solvent extracts were carefully evaporated to dryness under a stream of 

nitrogen gas, re-dissolved in ethylacetate (0.050 mL), and any residues of 3,5,6-trichloro-2-

pyridinol derivatised with the addition of N-tert-butyldimethylsilyl-N-

methyltrifluoroacetamide (0.030 mL, 30 minutes at room temperature). 

Following derivatisation an aliquot of fenthion used as internal standard was added to 

the sample extracts which were made up to a predetermined volume with ethyl acetate. 
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Residues of chlorpyrifos, its primary metabolite 3,5,6-trichloror-2-pyridinol, the 

recovery standard chlorpyrifos-methyl, and internal standard fenthion were analysed by high 

resolution gas chromatography mass-spectrometry (GCMS) using an Agilent 7000 series triple 

quadrupole GCMS. 1mL of sample extract was injected in pressure pulsed splitless mode onto 

an Agilent J&W DB5MS UI GC column (30m x 0.25mm i.d. x 0.25mm) via a splitless inlet at 

a temperature of 250 oC. The inlet was held at an initial pressure of 45psi for 1 minute followed 

by a split flow of 50 ml.min-1 at 1.2 minutes.  Helium was used as carrier gas at a constant flow 

of 1.2 mL.min-1. Separation of target analytes was achieved by implementing the following 

temperature programme. The temperature of the GC column was held constant at 80oC for 1 

minute, increased to 160oC at 50oC.min-1, then to 215oC at 8oC.min-1 (0 hold), followed by 

50oC.min-1 to 280oC where it was held for 3 minutes. The temperatures of the MS interface, 

source and quadrupole were 280, 230 and 150oC respectively. The mass spectrometer was 

operated in electron impact mode and multiple reaction monitoring mode.   

Analyte peaks were identified from compound specific mass transitions and relative 

retention time against the internal standard, and quantified by internal standard quantitation 

multiple reaction monitoring mode from compound specific mass transitions Calibration 

curves for the analysed compounds were prepared by injecting seven calibration standards 

within the range of 0.005 to 1.0 g/ml. Data analysis was carried out using the Agilent Mass 

Hunter MSMS Quantitative Analysis Software. 
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