
The direct and indirect effects of marine 

reserve protection on reef fish 

assemblages 

Harry Allard 

A thesis submitted in partial fulfilment of the requirements for the degree of 

Doctor of Philosophy in Marine Science, 

The University of Auckland, 2020. 



 

ii 

 

ABSTRACT 

 

 Marine reserves are established to protect marine ecosystems from fishing, allowing 

harvested fishes to recover: these are the “direct effects” of protection. However, changes may 

also occur among species not typically exposed to fishing mortality, via “indirect effects”. Most 

marine reserve studies have focused on direct effects, and the prevalence and relative 

importance of indirect effects is poorly understood. Understanding both direct and indirect 

effects is key to understanding how fishing affects wider fish assemblages. 

 To investigate the direct and indirect effects of marine reserve protection on reef fish 

assemblages I examined monitoring data from four northeastern New Zealand marine reserves. 

This long-term analysis also provided a wider assessment of how reef fish have changed over 

the last 2-4 decades in this region. Across all reserves examined, the large predatory sparid 

Chrysophrys auratus responded strongly to protection. This response was hypothesised to drive 

indirect effects on other species, as a result of increased predation, competition, or predator-

induced habitat changes.  

 Long-term changes in reef fish assemblages in New Zealand’s oldest marine reserve at 

Leigh suggested that along with direct effects on six targeted species, snapper recovery had 

indirect effects on three small-bodied non-target fishes and one herbivorous fish. Comparisons 

across three reserves revealed that the potential indirect effects identified in Leigh were not 

ubiquitous. While direct effects on target species like snapper and cheilodactylid 

Cheilodactylus spectabilis were largely predictable, potential indirect effects were more 

location-specific and difficult to differentiate from the effects of environmental gradients. At 

an offshore island marine reserve, with a more speciose temperate-subtropical fish fauna, 

potential indirect effects existed for just 3 wrasses, despite dramatic direct effects of protection 

on snapper. There was no evidence of tropicalisation of fish assemblages at this offshore island 

marine reserve over the last two decades.  

 This study demonstrated that while protected fish assemblages are distinct, this is 

mostly driven by the recovery of harvested species. Potential indirect effects of long-term 

protection were identified, but were rarely consistent across multiple reserves. Trophic links 

between reef fishes appear weak, and the role of indirect effects is likely overwhelmed by the 

direct effects of fishing. 
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CHAPTER I 

General Introduction 

 

1.1 Background 

1.1.1 Fishing and marine reserves 

 Fishing is a major source of food production, employment and recreation, occurring 

over 55% of the planet’s ocean area (Kroodsma et al. 2018) and providing livelihoods for 260 

million people worldwide (Teh & Sumaila 2013). Accordingly, it provides an almost 

inescapable stressor for marine ecosystems. Species targeted by fishers are not the only ones 

that experience its effects, with bycatch, ghost fishing, and habitat destruction all posing 

indiscriminate mortality risk (Matsuoka et al. 2005; Kaiser et al. 2006; Lewison et al. 2014). 

Fishing may also remove top predators, keystone species and specialised functional groups 

from ecosystems, resulting in further ecosystem changes (Roberts 1995; Micheli et al. 2004). 

Marine protected areas (MPAs) may be established to mitigate the effects of fishing within a 

managed space, but the level of protection afforded can vary greatly (Edgar et al. 2014).  

 No-take marine reserves are a type of MPA that prohibits all extractive activities, 

providing the greatest level of protection for marine ecosystems. No-take marine reserves, if 

effectively enforced, can also provide a quasi-experimental treatment for the studies of fishing 

effects, often using a before/after, control/impact (BACI) experimental design (Osenberg & 

Schmitt 1996). Unfortunately, the pitfalls that can affect such studies are manifold, including 

the lack of baseline data, or an absence of suitably comparable fished areas. Where these studies 

are possible, benefits of protection may be identified. For targeted species, this frequently takes 

the form of increased abundance, biomass, and individual body sizes in marine reserves (e.g. 

Mosquera et al. 2000; Côté et al. 2001; Lester et al. 2009; Molloy et al. 2009). With long-term 

protection, populations of target species are expected to return to healthy, pre-fished 

demographics (Claudet et al. 2011). These impacts on exploited species, or “direct effects” of 

reserve protection, are well-understood, with evidence gathered from marine reserves around 

the world. However, changes to populations of target species may have flow-on effects within 

an ecosystem, and the pathways by which these effects occur are less frequently discussed.  
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1.1.2 Defining indirect effects 

 The flow-on responses of other species to the direct effects of protection can be referred 

to broadly as “indirect effects”. These indirect effects are not unique to marine reserves, and 

simply describe a chain of interspecies interactions. Strauss (1991) reviewed indirect effects in 

prior ecological studies, describing them as “trophic and/or competitive interactions between 

two species that effect changes in population densities or per capita growth rates of a third 

species”. However, this definition largely fails to include other outcomes of inter-specific 

interactions, such as predator avoidance behaviours, which might modify consumption rates in 

an interaction chain without affecting prey species densities. Abrams et al. (1996) used the 

terms “density-mediated indirect interactions” to refer to indirect effects transmitted by 

changes to population densities, and “trait-mediated indirect interactions” to refer to those 

mediated by changes in population traits, including behaviour (Trussell et al. 2003; Werner & 

Peacor 2003; Pérez-Matus & Shima 2010). Here, we use “indirect effect” to refer to any 

measurable change to the third (at minimum) species in a proposed interaction chain. The 

indirect effects of fishing are those that follow on from the two-species interaction chain 

between human fishers and exploited fish. 

  One-third of species in marine reserves have been shown to respond negatively to 

protection (Micheli et al. 2004). Effects like these, in which non-target species respond to 

protection or target species respond negatively to protection, have been assumed to result from 

indirect effects. In marine reserves, an indirect effect may be defined by a three-species 

interaction chain between humans (in this case represented by a lack of fishing), the target 

species, and an interacting species. The prevalence and relative importance of these indirect 

effects are poorly understood, despite evidence that they occur under long-term marine 

protection as frequently as direct effects and with similar magnitudes (Babcock et al. 2010). 

Indirect effects in marine reserves, particularly those that involve sea urchins, are associated 

with lengthy time lags, occurring after 13.1 ± 2.0 years of protection, as opposed to the 5.13 ± 

1.9 years preceding direct effects (Babcock et al. 2010). These time lags are likely caused by 

urchins exhibiting cryptic behaviour where predators are common, highlighting the interacting 

roles of density-mediation and trait-mediation in indirect effects (Shears & Babcock 2003; 

Pederson & Johnson 2006; Spyksma et al. 2017). To classify the cascading effects of fishing 

across multiple trophic levels, Langlois & Ballantine (2005) used the terms “First-order” (the 

effects of humans on target species) through to “Fourth-order” changes (responses of other 

species to trophic cascade-driven habitat change). Here, I similarly discuss indirect effects 
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involving reef fish in order of increasing complexity, from the effects of predator recovery on 

prey and competitors, through to habitat change and its impacts (e.g. Fig. 1.1).  

 

Figure 1.1. Flow diagram showing simplified direct and indirect effects of marine reserves on 

fishes, flowing from a predator-sea urchin-kelp trophic cascade, in a temperate reef 

ecosystem. Solid lines represent direct effect pathways, dashed lines represent indirect effect 

pathways. All fish illustrations modified from www.efishalbum.com (used with permission). 

1.1.3 Predator-prey interactions and competition 

 Targeted species are frequently higher trophic level fishes (Pauly et al. 1998; Zhou & 

Smith 2017), and correspondingly, the fishes that respond most positively to reserve protection 

are commonly large-bodied, high trophic level species (Mosquera et al. 2000; Micheli et al. 

2004; Molloy et al. 2009; Claudet et al. 2010). Where predatory fish recover in a marine 

http://www.efishalbum.com/
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reserve, perhaps the most obvious way for indirect effects to manifest is via predator-prey 

interactions. While the majority of these effects reported in marine reserves involve the 

predation of fishes on sea urchins (e.g. Pinnegar et al. 2000; Babcock et al. 2010), the recovery 

of higher predators in marine reserves has been linked to lower abundances and biomass of 

many fish taxa, as summarised in Table 1.1. The indirect effects of predation may also manifest 

as reduced post-settlement survival of recruits (Tupper & Juanes 1999; Sato et al. 2017), 

modified predator avoidance behaviours (e.g. Smith & Anderson 2016) and altered life history 

strategies (e.g. Catalán et al. 2018) among prey species.  

 Among predatory fishes, the indirect effects of competition may appear similar to the 

effects of predation, and difficult to distinguish. Possible competitive effects have been 

described between herbivorous fishes, including reduced abundance of non-target herbivores 

under the recovery of a targeted herbivorous competitor (e.g. Ashworth & Ormond 2005; 

Skinner et al. 2019). The relaxation of competition under fishing pressure may even alter the 

trophic ecology of non-targets, with an expansion to a more generalist diet in fished areas 

(Pereira et al. 2017). Predation and competition are powerful and pervasive ecological forces, 

and can flow into further community changes, capable of reshaping the ecosystem around them.   

1.1.4 Trophic cascades and biotic habitat 

 Where fish-mediated indirect effects extend to basal, habitat-forming species, marine 

reserve protection may be capable of causing widespread habitat change. As discussed, a 

common form of predation effect under protection is the recovery of predatory fishes and 

suppression of sea urchins, and this indirect effect has been described in reserves globally, in 

locations as diverse as the European Atlo-Mediterraean (García-Charton et al. 2008), Africa’s 

Indian Ocean coasts (Watson & Ormond 1994; McClanahan & Obura 1995; McClanahan & 

Muthiga 2016), New Zealand (Babcock et al. 1999; Shears & Babcock 2002 & 2003), 

California (Cowen 1983) and The Galápagos Islands (Sonnenholzner et al. 2009). Sea urchins 

cause bioerosion on coral reefs (e.g. Bak 1994) and graze fleshy macroalgae, processes capable 

of altering biotic habitats in both the tropics and temperate waters. On African coral reefs, the 

removal of predatory fish facilitates the formation of sea urchin barrens (largely dominated by 

Echinometra mathaei), with a corresponding decline in live coral cover (McClanahan & 

Muthiga 1988; McClanahan et al. 1999; O’Leary et al. 2013) and coral settlement-inducing 

crustose coralline algae (O’Leary & McClanahan 2010; O’Leary et al. 2012). On temperate 

reefs, this interaction chain takes a different form; in northern New Zealand, the sea urchin 
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Evechinus chloroticus is suppressed by predator recovery (mainly snapper Chrysophrys 

auratus and rock lobster Jasus edwardsii) in marine reserves, which in turn facilitates the 

regrowth of extensive kelp (Ecklonia radiata) forests (Babcock et al. 1999; Shears et al. 2002 

& 2003). The transformative potential of this indirect effect cannot be understated: in New 

Zealand’s oldest marine reserve, 30 years of protection saw the near-complete loss of urchin 

barrens and their replacement by extensive kelp forests (Leleu et al. 2012). The conditions for 

similarly structured predator-sea urchin-algae trophic cascades have been described in several 

temperate reserves, in locations including the Canary Islands (Hernández et al. 2008a & 2008b; 

Clemente et al. 2010 & 2011), Italy (e.g. Guidetti 2006) and Portugal (e.g. Gil Fernández et al. 

2016). The trophic cascade-triggered regime shifts between macroalgal beds and urchin barrens 

are non-linear, with critical thresholds of sea urchin density determining the two resilient 

ecosystem states (Ling et al. 2015). However, these effects are not ubiquitous, and are mediated 

by their environmental context (e.g. Hereu et al. 2004; Guidetti & Sala 2007; Shears et al. 

2008).  

 As biotic habitats undergo phase shifts within marine reserves, we might expect 

corresponding indirect effects to occur on fish species that are closely associated with certain 

habitats. Depending on the species’ habitat associations, this may take the form of “habitat 

facilitation” or “habitat inhibition” (sensu Menge 1995). As habitat effects on fishes under 

marine protection rely on a preceding chain of strong indirect effects, they are rarely described 

in the existing ecological literature. However, the theoretical basis for habitat effects exists 

where a fish population responds to changes in a habitat-forming benthic species (e.g. Jones 

1992). As such, understanding species’ habitat associations, in systems where habitat-altering 

trophic cascades exist, is a necessary first step in identifying these “fourth-order” habitat 

effects. In this vein, Anderson & Millar (2004) identified urchin barrens and kelp-associated 

fish assemblages in northeastern New Zealand, which were later discussed by Jones (2013), 

who proposed a series of hypothetical indirect effects on reef fish that might occur with habitat 

change. Although fishes may be “habitat responders” (e.g. Jones & Andrew 1992), the pathway 

of hypothetical habitat effects on fish is subject to the influences of environmental context (e.g. 

Shears et al. 2008) and those large-scale influences extraneous to fishing (e.g. Schiel 2013). 

Finally, where the habitat responder species are targeted by fishers, the direct effects of 

protection from fishing mortality could potentially overwhelm the effects of habitat facilitation. 
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1.1.5 Ecosystem-level effects of protection 

 Marine reserves can improve the ecological resilience of the wider ecosystem (Babcock 

et al. 2010; Barnett & Baskett 2015), with the restoration of predation as a key ecosystem 

function (Cheng et al. 2019). While reserves cannot prevent large-scale perturbations, these 

resilient communities may be more able to resist or “bounce back” from change. Marine reserve 

protection can help reef-building corals recover from disease (Lamb et al. 2015 & 2016), and 

protect lobster J. edwardsii from handling-related disease (Freeman & MacDiarmid 2009). 

Some effects of climate change may also be mitigated (Bernhardt & Leslie 2013; Roberts et al. 

2017), and communities may be better equipped to recover from more sporadic impacts like 

climate-driven hypoxia events (Micheli et al. 2012). One longer-term effect of climate change 

is the tropicalisation of temperate reef systems, a community phase shift caused by the 

concurrent poleward range expansion of warm-affinity species and the range retraction of 

temperate species (Vergés et al. 2014 & 2016 & 2019). However, the recovery of large 

predatory fish and increased predation rates in marine reserves may provide a buffer against 

the earliest stages of tropicalisation: the arrival of tropical vagrant fishes (Bates et al. 2014a). 

1.2 Study location – Northeastern New Zealand 

 Northeastern New Zealand is home to multiple long-term, no-take marine reserves, and 

provides the ideal location to study the indirect and community-level effects of fishing. As 

described previously, a strong, positive effect of protection on targeted snapper C. auratus 

(Babcock et al. 1999; Willis et al. 2003; Denny et al. 2004; Langlois et al. 2005; Taylor et al. 

2011) and a predator-sea urchin-kelp trophic cascade has been detected in multiple reserves 

(Babcock et al. 1999; Shears & Babcock 2002 & 2003; Shears et al. 2008), capable of driving 

extensive habitat changes from urchin barrens to lush kelp forest (Leleu et al. 2012). Given that 

both of these biogenic habitats possess distinct fish assemblages (Anderson & Millar 2004), 

we might expect shifts in the extent of each habitat within marine reserves to have flow-on 

indirect effects on other reef fishes (e.g. Figure 1.1; Jones 2013). With multiple, geographically 

close marine reserves, which contain extensive subtidal reef systems, we are able to study 

marine reserve effects with the rare opportunity for reserve-level spatial replication.  

 The research presented in this thesis was conducted at sites inside and outside four 

marine reserves in northeastern New Zealand (Figure 1.2). These four marine reserves have 

each maintained no-take protection for multiple decades, which is long enough to encompass 

the lengthy time lags associated with the onset of indirect effects (Babcock et al. 2010). Three 
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of these reserves: Cape Rodney-Okakari Point (Leigh), Tāwharanui, and Te Whanganui-A-Hei 

(Hahei), represent coastal rocky reef habitats, and are commonly compared to one another due 

to their ecological similarity (e.g. Willis et al. 2003; Langlois et al. 2005; Shears et al. 2008; 

Smith et al. 2014). Leigh Marine Reserve, enforced from 1977, is New Zealand’s oldest marine 

reserve, and baseline fish surveys were conducted in 1977-1978, thus providing the opportunity 

to study the decadal-scale effects of protection on fish. Once identified, the possibility of 

similar responses in two comparable coastal locations can be assessed, providing insights into 

the respective strength and predictability of direct and indirect reserve effects on reef fish.  

 The fourth reserve, The Poor Knights Islands Marine Reserve, was given full no-take 

protection status in 1998. These islands are located 22 km offshore in the Hauraki Gulf, and 

their most suitable fished reference area lies 60 km southeast, at the Mokohinau Islands. Both 

island groups are surrounded by clear, oceanic waters, influenced by the warm East Auckland 

Current (Zeldis et al. 2004), and thus support a similar guild of subtropical species alongside 

those fishes common at coastal sites (Brook 2002). The positive response of snapper 

Chrysophrys auratus to no-take reserve status was particularly pronounced within the first few 

years of protection at the Poor Knights Marine Reserve (Denny et al. 2004). However, it is 

largely unknown how the wider and highly speciose fish assemblage has responded to both the 

direct effects of protection, and the indirect effects of the explosion in predator biomass. 

Although long-term changes to the Poor Knights’ reef fish assemblages have been described 

(Schiel et al. 2018), these changes have not been compared to a fished location in around 15 

years (Denny et al. 2004). In addition, tropical and subtropical vagrants are sometimes recorded 

at these offshore islands (Francis et al. 1999) due to the influence of the poleward-flowing East 

Auckland Current, and may signal the early stages of longer-term tropicalisation. The 

tropicalisation of fish assemblages, and the possible buffering effect of reserve status, has not 

been investigated in New Zealand. 
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Figure 1.2. Map of northern New Zealand, with the five study locations. The Poor Knights 

Islands, surrounded by a marine reserve out to 800 m offshore (A), the fished Mokohinau 

Islands (B), as well as Leigh (C), Tāwharanui (D) and Hahei (E) with their marine reserve 

boundaries shown. 

1.3 Thesis aims and outline 

 Although the capability of marine reserves to alter whole fish communities is often 

acknowledged, the mechanisms by which this can occur are less frequently considered. For 

marine reserve status to affect populations of non-targeted fishes, the recovery of target species 

must exert an influence on other species via indirect effects. In northeastern New Zealand, the 

recovery of heavily targeted snapper C. auratus, and the existence of a predator-sea urchin-

kelp trophic cascade in marine reserves, have led others to hypothesise further indirect effects 

on reef fish (e.g. Jones 2013). However, while expected, none of these effects have been tested, 

and the majority of fish species’ responses to protection are unknown. As fishing remains a 

key mode of global food production, it is imperative to understand the far-reaching 

consequences of fishing on reef ecosystems. This includes not only indirect effects, but the 

ways in which protected and exploited assemblages may differ in response to patterns of 

environmental change. In this thesis, field studies alongside analyses of existing data were used 
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to investigate the potential role of indirect effects in community change under reserve 

protection. The thesis is composed of three data chapters, as outlined below.  

Chapter II – To understand the longer term effects of fishing on reef fish communities, the 

effects of long-term marine reserve protection must be assessed. Extensive baseline surveys 

were conducted by A.M. Ayling around the time of Leigh Marine Reserve’s initial no-take 

enforcement (1977). The objective of this chapter was to repeat these original surveys after 40 

years, assessing changes in fish assemblages and habitats, and to compare these results to 

surveys conducted inside and outside Leigh Marine Reserve in 2018. Thus, the long-term 

effects of protection could be compared to the contemporary differences between protected and 

fished reef fish assemblages and habitats, and common patterns could be more confidently 

attributed to reserve status. Using this method, indirect effects of protection, measured as 

directional changes in non-target species, could be differentiated from unrelated long-term 

changes. Habitat changes could also be used in the interpretation of protection effects on fish. 

Hypothesised indirect effects could then be tested in other reserves in Chapter III. 

Chapter III – Ecological responses from one marine reserve are important to discuss, but 

understanding their generality across multiple marine reserves provides a stronger test for 

reserve effects. Responses attributed to reserve protection may in fact represent existing 

differences in the ecology of two areas, or two points in time, unrelated to fishing. In 

northeastern New Zealand, three similar, coastal no-take marine reserves – Leigh, Tāwharanui 

and Hahei – provide a means to understand how reserve effects may vary spatially. By 

conducting surveys inside and outside each reserve in 2018 using methods shared with prior 

monitoring surveys, changes to fish communities over time could be assessed across the three 

locations. This contextualises the indirect effects on reef fish and habitat changes identified in 

Chapter II, and facilitates a better understanding of how they may vary. 

Chapter IV – The Poor Knights Islands are a world-renowned diving location and no-take 

marine reserve. Under protection, a particularly pronounced increase in large snapper C. 

auratus has occurred, and this may be expected to cause declines in other species. The objective 

of Chapter IV was to investigate the changes to reef fish communities that have occurred after 

20 years’ protection at The Poor Knights Islands, and to compare these to the changes that have 

occurred with 20 years of continued fishing at The Mokohinau Islands. Northeastern New 

Zealand’s offshore islands support a variety of subtropical fish species, and as our climate 

changes, we might expect to see the effects of tropicalisation manifesting on their reefs. 
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Whether these changes are occurring, and whether they will differ with reserve status, is 

unknown. Comparing surveys conducted at the Poor Knights to those at the Mokohinau Is 

contextualises any ecological changes in relation to fishing pressure and enables us to 

differentiate them from long-term environmental changes, and provides the first such 

investigation in the reserve’s history.     

Chapter V – With this final chapter, the main findings of the research are summarised, with a 

focus on the indirect effects of protection, and their implications, limitations, and the areas that 

could be addressed in further research are discussed. 
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Table 1.1. Review of potential predation effects and competition effects due to predator recovery, as identified in marine protected areas 

worldwide. 

 
Family Species Response Proposed 

mechanism 

MPA Length of 

protection at 

time of surveys 

Location Zone Reference 

Acanthuridae A. nigrofuscus,  

Naso unicornis. 

Less abundant 

in reserve 

Predation Ras Mohammed 

Marine Park 

15 years Egypt Tropical Roberts & Polunin 

(1992) 

 
Grouped acanthurids Less abundant 

in reserve 

Predation Nabq Managed 

Resource 

Protected Area  

7 years Egypt Tropical Ashworth & 

Ormond (2005) 

 
Acanthurus thompsoni, 

A. nigricauda, 

Ctenochaetus spp. 

Less abundant 

in reserve 

Predation Longogori Pass 

Reserve  

4 years Mayotte Tropical Letourneur (1996) 

Carcharinidae C. albimarginatus,  

C. amblyrhynchos, and  

C. melanopterus. 

Rapid recovery 

of lower trophic 

level reef 

sharks, as 

recovery of 

apex predator 

species was 

slower. 

Predation 

and 

competition 

Ashmore Reef 8 years Australia Tropical Speed et al. (2018) 

Chaetodontidae Six species Less abundant 

in reserve 

Predation Kisite Marine 

National Park 

19 years Kenya Tropical Watson & Ormond 

(1994) 

Haemulidae Grouped haemulids Lower 

recruitment of 

juveniles in MR. 

Predation Barbados Marin

e Reserve 

14 years Barbados Tropical Tupper & Juanes 

(1999) 
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Labridae Grouped labrids Less abundant 

in reserve 

Predation Scandola natural 

reserve 

13-17 years Corsica Temperate Francour (1994) 

 
Grouped labrids Less abundant 

and fewer 

species in 

reserve 

Predation Chumbe Island 

Coral Park, 

Kisite Marine 

National Park 

Chumbe ICP: 2 

years, Kisite 

MNP: 20 years 

Tanzania Tropical McClanahan et al. 

(1999) 

 
Thalassoma lutescens, 

Coris auricularis. 

Less abundant 

in reserve 

Predation Houtman 

Abrolhos 

Islands 

10-11 years Australia Tropical Watson et al. (2007) 

 
10 labrid species Less abundant 

in reserve 

Predation Scandola 

Marine Reserve 

13-17 years Corsica Temperate Francour (1994) 

 
Coris auricularis Smaller body 

sizes in reserve 

Predation Houtman 

Abrolhos 

Islands 

10-11 years Australia Tropical Watson et al. (2009) 

Pomacentridae Grouped pomacentrids Less abundant 

and fewer 

species in 

reserve 

Predation Chumbe Island 

Coral Park, 

Kisite Marine 

National Park 

Surveys 

conducted in 

1993 

Tanzania Tropical McClanahan et al. 

(1999) 

 
Dascyllus trimaculatus Less abundant 

in reserve 

Predation Houtman 

Abrolhos 

Islands 

10-11 years Australia Tropical Watson et al. (2007) 

 
Grouped small 

juveniles 

Less abundant 

in reserve 

Predation Florida Keys 

National Marine 

Sanctuary 

7 years USA Tropical Kramer & Heck 

(2007) 

 
Grouped pomacentrids Less abundant 

in reserve 

Predation Great Barrier 

Reef Marine 

Park 

Varies with 

NTZ, most 

protected for 

>25 years 

Australia Tropical Boaden & Kingsford 

(2015) 
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Labracinus lineatus Less abundant 

in reserve 

Predation Houtman 

Abrolhos 

Islands 

10-11 years Australia Tropical Watson et al. (2007) 

Scaridae Chlorurus sordidus Less abundant 

in reserve 

Predation Houtman 

Abrolhos 

Islands 

10-11 years Australia Tropical Watson et al. (2007) 

 
Grouped small 

juveniles 

Less abundant 

in reserve 

Predation Florida Keys 

National Marine 

Sanctuary 

7 years USA Tropical Kramer & Heck 

(2007) 

 
Scarus caudovittatus,  

S. rubroviolaceus 

Less abundant 

in reserve 

Predation Longogori Pass 

Reserve  

4 years Mayotte Tropical Letourneur (1996) 

Serranidae Cephalopholis 

hemistiktos 

Less abundant 

in reserve 

Competition Nabq Managed 

Resource 

Protected Area: 

South El 

Ghargana  

7 years Egypt Tropical Ashworth & 

Ormond (2005) 

 
Cephalopholis spp. Less abundant 

in reserve 

Competition Kisite Marine 

National Park 

19 years Kenya Tropical Watson & Ormond 

(1994) 

 
Grouped serranids Less abundant 

in reserve 

Predation Arvoredo Marin

e Reserve 

21 years Brazil Warm-

temperate 

Anderson et al. 

(2014) 

 
Cephalopholis 

cruentata, C. fulva. 

Less abundant, 

lower biomass 

in reserve. 

Predation 

and 

competition 

Exuma Cays 

Land and Sea 

Park 

37 years The Bahamas Tropical Chiappone et al. 

(2000) 

 
Caesioperca 

lepidoptera 

Less abundant 

in reserve 

Predation Kokomohua 

Marine Reserve 

24 years New Zealand Cold-

temperate 

Udy et al. (2019) 
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Serranus scriba Less abundant 

in reserve 

Predation 

and 

competition 

Cabo de Palos-

Islas Hormigas 

Marine Reserve 

15-16 years Spain Temperate Hackradt et al. 

(2019) 

Synganthidae Hippocampus whitei Less abundant 

in reserve 

Predation Port Stephens-

Great Lakes 

Marine Park 

23-26 years Australia Warm-

temperate 

Harasti et al. (2014) 

Multiple 9 identified prey 

species 

8/9 species less 

abundant in 

reserve 

Predation Great Barrier 

Reef Marine 

Park 

14.5 years Australia Tropical Graham et al. (2003) 

 
Grouped teleost fish Less abundant, 

lower biomass 

of 

mesopredatory 

fish in reserve, 

where shark 

abundance is 

high. 

Predation Rowley Shoals 

Marine Park 

23-24 years Australia Tropical Barley et al. (2017) 

 
Grouped herbivorous 

fish 

Less abundant 

in reserve 

Predation Great Barrier 

Reef Marine 

Park 

Varies with 

NTZ, most 

protected for 

>25 years 

Australia Tropical Boaden & Kingsford 

(2015) 

 
Mid-trophic level 

species and some small 

species 

Lower biomass 

in reserve 

Predation 

and 

competition 

Exuma Cays 

Land and Sea 

Park 

23 years The Bahamas Tropical Lamb & Johnson 

(2010) 

 
Multispecies cryptic 

fish assemblages 

Less abundant 

in reserve 

Predation Leigh Marine 

Reserve 

22-23 years New Zealand Temperate Willis & Anderson 

(2003) 

 
Multispecies littoral 

fish assemblage 

(Blenniidae, 

Tripterygiidae, 

Gobiidae) 

Less abundant 

in reserve 

Predation Medes Islands 

Marine Reserve 

10 years Spain Temperate Macpherson (1994) 
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CHAPTER II 

Long-term changes in reef fish assemblages after 40 years of no-take marine 

reserve protection 

 

2.1 Introduction 

 No-take marine reserves can directly benefit target species by greatly reducing fishing 

mortality and allowing populations to return to a pre-fishing state, (i.e. “unfished” age and size 

structures) (Claudet et al. 2011). While these “direct effects” of protection have been widely 

reported, they are not ubiquitous and depend on characteristics of reserve design, species 

attributes, and environmental context, among other factors (e.g. Lester et al. 2009; Molloy et 

al. 2009; Edgar et al. 2014). When populations of target species increase, this can lead to a 

range of flow-on or “indirect” effects on other species (reviewed in Claudet et al. 2011). These 

can occur through a range of mechanisms including increased predation and changes in 

competition, and in some cases they may propagate through the food web and cause changes 

in ecosystem structure and processes (e.g. trophic cascades, Claudet et al. 2011). Consequently, 

the trophic pathways by which indirect effects may impact a species within a marine reserve 

are complex and far-reaching (Jones 2013).  

 A review of long-term ecological trends in marine reserves found that indirect effects 

arose as frequently as direct effects, had similar magnitudes, but took much longer to occur 

(Babcock et al. 2010). In the majority of these cases, the indirect effect that was identified 

included interactions between predators and herbivorous sea urchins. This indirect effect of 

predators on sea urchins has been demonstrated in several marine reserves globally (e.g. Gil 

Fernández et al. 2016; Guidetti 2006; Halpern et al. 2006; McClanahan & Muthiga 2016; 

Shears & Babcock 2002 & 2003), and in some cases this has further indirect effects on basal 

habitat-forming species such as corals (e.g. McClanahan & Shafir 1990; McClanahan & 

Muthiga 2016; O’Leary et al. 2012) and kelp (Shears & Babcock 2002 & 2003). In the latter 

cases, these trophic cascades and resulting changes in the extent of kelp forests can have wider 

impacts on associated species (Shears & Babcock 2003) and ecosystem functions (Salomon et 

al. 2008).  Most studies of the indirect effects of marine reserves have implicated sea urchins, 

and there is generally a limited understanding of how populations of non-target fish species 

might be indirectly affected by protection.   
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 Indirect effects may occur through increased predation or competition between target 

and non-target fish species in marine reserves. For example, the overfishing of large-bodied 

predatory serranids in Belize led to a dramatic increase in mesopredatory fish abundance over 

several years, which in turn drove a decline among small pomacentrids (Mumby et al. 2012).  

Similarly, increased abundance of a targeted high-level predatory serranid in the Bahamas 

resulted in reduced activity and growth among mid-level predator serranid species, which then 

leads to increased recruitment of other smaller coral reef fishes (Stallings 2008 & 2009). In 

New Zealand, high densities of predatory fish within marine reserves have been shown to affect 

the habitat preferences and competitive interactions among small cryptic fish (Smith & 

Anderson 2016). In these reserves, two species of small triplefin (Ruanoho whero and 

Forsterygion flavonigrum) are more closely associated with complex habitats, and a third 

triplefin (F. lapillum) may be competitively excluded by the other two (Smith & Anderson 

2016). Finally, in South African reserves, decreased abundance of non-target species has been 

attributed to increased competition with recovering populations of targeted predatory fish that 

occupied a similar trophic level (Heyns-Veale et al. 2019).   

 Indirect effects may also occur on non-target fish species when the recovery of 

predators in reserves drives changes in habitats through trophic cascades. Reef fish 

assemblages often vary between kelp forest and sea urchin barren habitats (Graham 2004; 

Anderson & Millar 2004), therefore a recovery of kelp forest within reserves may lead to 

increases or decreases in habitat-associated species through habitat-facilitation or habitat-

inhibition respectively (sensu Menge 1995). Large-scale recovery of kelp forests on reefs 

previously dominated by sea urchins has been reported in New Zealand’s oldest marine reserve 

at Leigh (opened 1977) following the recovery of the targeted predatory species snapper 

Chrysophrys auratus and spiny lobster Jasus edwardsii (Babcock et al. 1999; Leleu et al. 2012; 

Shears & Babcock 2002 & 2003). While the direct effects of protection on targeted reef fish 

have been demonstrated, and Willis & Anderson (2003) reported potential indirect effects of 

predator recovery on small, cryptic reef fish assemblages, it remains largely unknown how the 

wider fish community has changed with protection. The majority of research in the Leigh 

marine reserve has focused on the direct effects of protection on snapper C. auratus (Jones 

2013), with only a few other studies examining how reserve protection has affected other fish 

species (e.g. Cole et al. 1990, Cole 1994, McCormick & Choat 1987). Jones (2013) provides a 

hypothetical overview of indirect effects on fish that may have occurred under protection, 

including those caused by changes in competition, predation, and large-scale distribution of 
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habitats. For example, Jones (2013) predicted declines in small reef fish due to increased 

predation, increased biomass of herbivorous fishes in response to increased macroalgae 

biomass, and declines in species associated with urchin barrens habitat. 

 The aim of this study was to investigate the long-term effects of marine reserve 

protection on reef fish assemblages within the Leigh Marine Reserve, and assess the potential 

occurrence of indirect effects of protection on reef fish assemblages, as hypothesised by Jones 

(2013). This was examined by (1) assessing long-term changes in reef fish assemblages within 

the marine reserve between 1978 and 2018, and (2) due to an absence of control (fished) 

locations in the original 1978 surveys, also comparing reef fish assemblages inside the reserve 

in 2018 with those on the adjacent fished coast, where reef habitats are assumed not to have 

changed. By comparing the relative changes over time in abundance of target and non-target 

species, with contemporary spatial differences between fished and reserve sites, we can infer 

whether changes are a direct or indirect response to reserve protection, or reflective of larger-

scale temporal changes unrelated to reserve protection.  For example, a long-term increase in 

the reserve for a given species could arise from a direct effect of protection, an indirect effect 

due to changes in habitats driven by the trophic cascade (e.g. habitat facilitation), or due to 

other external changes occurring at larger scales (i.e. unrelated to reserve protection).  

Similarly, declines in species in the reserve may result from indirect effects such as increased 

predation or competition, or changes in habitats (habitat inhibition), or simply reflect larger-

scale temporal changes. Understanding whether species are harvested or not, and making 

comparisons between reserve and fished sites, can then inform the mechanisms responsible, 

specifically whether the observed changes are a likely result of protection.   

2.2 Materials and methods 

2.2.1 Study sites 

 The Cape Rodney-Okakari Point (or Leigh) Marine Reserve is located on the 

moderately exposed rocky coast of Leigh, northeastern New Zealand (Figure 2.1). The marine 

reserve covers ~5 km of coast and extends 800 m offshore. It was established in 1975, but not 

officially opened and enforced until May 1977. Extensive baseline biological surveys were 

carried out at sites throughout the marine reserve in 1977 and 1978, including mapping of 

subtidal reef habitat types and surveying of benthic communities, reef fishes, and lobster using 

underwater visual census methods (Ayling 1978). Since then, extensive experimental research 

has been carried out in the reserve, as reviewed by Jones (2013) and Babcock (2013). The reef 



 

18 

 

fish communities and benthic habitats present in the marine reserve and around the adjacent 

fished coast are considered typical of moderately exposed rocky coasts in northeastern New 

Zealand (Choat & Schiel 1982; Choat & Ayling 1987; Shears et al. 2004). 

 

Figure 2.1. Location of the Cape Rodney-Okakari Point (Leigh) marine reserve (officially 

protected in 1977) in northeastern New Zealand. Inset maps show the original baseline sites 

within the reserve surveyed in 1978 and 2018 (A), and the sites surveyed inside and outside 

the reserve in 2018 (B).  

 

2.2.2 Long-term change in reef fish communities 

 Baseline surveys of reef fish were conducted using underwater visual census (UVC) in 

the Leigh Marine Reserve at 11 sites in the austral winter of 1977, and 29 sites in the summer 

of 1978 (Ayling 1978). A habitat-stratified approach was used whereby sampling at each site 

was located within a specific reef habitat type (see Appendix Table 2.1 for detail). The results 

of these surveys represent the marine reserve’s initial state. In winter 2017 and summer 2018 

the survey sites were relocated (using detailed maps in Ayling 1978) and resurveyed using the 

same methods as in the baseline surveys (Figure 2.1). The original 11 sites were resurveyed in 

winter 2017, and 26 sites were resurveyed in summer 2018 as discrepancies in current site 

locations versus original descriptions made the exact locations of 3 sites uncertain.  
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 Demersal reef fish were counted and their size visually estimated by two divers on five 

transects (50 x 10 m) that were haphazardly placed on continuous reef at each site. Small 

cryptic species (e.g. Blenniiformes) and schooling species were not recorded in the baseline 

surveys. Snapper (Chrysophrys auratus) are diver positive within the centre of the marine 

reserve (Cole 1994; Willis et al. 2001; Willis et al. 2003), so these were counted separately by 

the first diver while they swam out the 50 m tape. At the end of the 50 m, the first diver secured 

the tape reel, and returned in the opposite direction along one side of the tape, counting and 

estimating lengths for the other demersal reef fish species in a 5 m wide strip. Simultaneously, 

the second diver swam the opposite side of the tape, counting and estimating lengths of the fish 

species within the other 5 m wide strip. The dominant habitat type for each site was also 

recorded in 2018 using the same habitat categories described by Ayling (1978). These included 

“Kelp forest”, which is dominated by the stipitate kelp Ecklonia radiata, “Shallow mixed 

algae” (“Shallow broken rock” in Ayling 1978): a mixture of fucoid algae and kelp, “Urchin 

barrens” (“Rock flats” in Ayling 1978): reef areas grazed bare of large brown algae by the 

dominant sea urchin Evechinus chloroticus, “Turfing algae” (“Sediment flats” in Ayling 1978): 

areas where rock surfaces covered in coralline turf accumulates fine sediment and sand, 

“Sponge gardens”: flat areas at 16 m or deeper with sponges atop sand and sediment, and “Deep 

reefs”: broken greywacke reef at 18 m or deeper, with low densities of kelp and sea urchins 

(Ayling 1978; Shears et al. 2004). 

2.2.3 Fish communities inside and outside the marine reserve  

 To aid interpretation of long-term changes in the marine reserve we also surveyed fish 

communities at 12 sites inside and 12 outside the marine reserve in autumn 2018 (Figure 2.1, 

Appendix Table 2.2). The methods used here employed a randomised design whereby ten 

transects (25 x 5 m) were haphazardly placed on continuous reef at each site and spanned the 

range of depths (typically between 3 and 15 m depth) and habitats present at the site. This 

approach was based on the Department of Conservation marine reserve monitoring program 

that has intermittently monitored reef fish in the reserve using UVC since 2000 (Haggitt 2011).  

Two divers surveyed five transects each, and recorded fish numbers and estimated fish total 

lengths. Each diver tethered the end of a 30 m tape using a wire hook, then swam 5 m before 

commencing counts, to minimise the effects of fish disturbed or attracted by diver descent. 

After the initial 5 m, divers began to count and estimate lengths for demersal reef fishes seen 

within 2.5 m either side of the tape, as they swam a further 25 m. Depth and habitat type (based 

on Ayling et al. 1978 and Shears et al. 2004) were recorded for individual transects. 
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2.2.4 Statistical analysis 

2.2.4.1 Long-term changes in reef fish 

 Given a much larger number of sites were sampled in summer compared to winter, in 

both 1978 and 2018, the focus of our analysis is based on the summer sampling only. A separate 

seasonal analysis, comparing long-term changes in winter and summer at a subset of the sites 

(n=11), is also described below and results are presented in Appendix II.  

 A similar statistical approach was used to assess long-term changes (1978 vs 2018), 

and differences between reserve and fished sites (2018), in overall reef fish assemblages and 

key species. The majority of statistical analyses were carried out on biomass instead of density 

to take into account the effect of changes in body size, and in particular to minimise the 

potential effects of large numbers of juvenile fish. Biomass was calculated for each species on 

each transect using total length measurements and length-weight relationship data from 

FishBase (www.fishbase.org). Where the length-weight relationship data utilised a length 

measurement other than total length, length-length relationship data on FishBase were used to 

derive the required measurement. For the surveys inside and outside the reserve, the biomass 

for each transect was multiplied by four so it could be expressed in the same units as the long-

term data (biomass 500 m-2). 

 Reef fish community structure, based on 22 demersal reef fish species, was compared 

before and after 40 years’ protection (i.e. 1978 vs 2018), using permutational multivariate 

analyses of variance (PERMANOVA). Analyses of changes in reef fish assemblages were run 

with and without snapper included. It has been widely demonstrated that snapper are larger and 

more abundant in the reserve. They are generalists and occur across a range of depths, and are 

therefore likely to have an overwhelming effect on community-level analyses. Furthermore, 

this large and abundant predatory species may be driving indirect effects on other species, and 

removal of snapper from the community analysis meant we could examine how other 

components of the reef fish assemblage have changed. 

 A Bray-Curtis resemblance matrix was constructed from Log(X+1)-transformed 

biomass data with transects as replicates. The PERMANOVA tested the partitioning of 

variation in biomass by the fixed factors ‘Survey’ (1978 and 2018) and ‘Depth’ (shallow (< 4 

m), mid (4 - 8m), deep (8 - 16m), very deep (> 16m)), the random factor ‘Site’ (n = 26 sites), 

nested in ‘Depth’, as well as the interactions between terms, using 9999 permutations of 

residuals under a reduced model. Terms with a high P-value (P > 0.25) were sequentially 

http://www.fishbase.org/
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excluded, beginning with the term with the smallest mean square value, and the model was re-

run each time (Anderson et al. 2008). The same model structure was used to test the factors 

influencing variation in the biomass of individual species, although this univariate 

PERMANOVA used Euclidean distance matrices of Log(X+1)-transformed data. This 

approach was also used to analyse total fish biomass and total fish abundance, but here the data 

were square root-transformed, as the combined fish data were not as right-skewed as single 

species data.  

 Principal coordinates analysis (PCO) was used to visualise changes in reef fish 

community structure for each site between 1978 and 2018. The PCO was based on the distance 

among site centroids in the Bray-Curtis resemblance matrix, excluding snapper biomass due to 

its overwhelming effect.  

 Additional multivariate analyses were used to compare the reef fish assemblages at 11 

sites in the winters and summers of 1977-78 and 2017-18. Here, a Bray-Curtis resemblance 

matrix was also constructed from Log(X+1)-transformed biomass data with transects as 

replicates, and the PERMANOVA tested the fixed factors ‘Era’ (1970s and 2010s), ‘Season’ 

(summer and winter) and ‘Site’ (n = 11 sites), as well as the interactions between terms, using 

9999 permutations of residuals under a reduced model. This PERMANOVA was tested with 

snapper included and excluded. Principal coordinates analysis (PCO) was used to visualise 

changes in reef fish community structure for each site between 1978 and 2018. The PCO was 

based on the distance among centroids for sites, in each season of each era, in the Bray-Curtis 

resemblance matrix, including snapper biomass.  

2.2.4.2 Fish communities inside and outside the marine reserve 

 Similar methods as above were used to compare the reef fish assemblages and biomass 

of individual species between marine reserve sites and fished sites in 2018. However, ‘Depth’ 

was not included as a fixed factor, as transects were sampled haphazardly across the range of 

depths represented at each site (typically 3-15 m depth). The range of depths sampled were 

however consistent between reserve and fished sites. Instead, the PERMANOVAs tested the 

fixed factor ‘Status’ (Reserve or Fished) and the fixed factor ‘Site’ (n = 24 sites, 12 fished and 

12 marine reserve) nested within ‘Status’, using 9999 permutations of residuals under a reduced 

model. The same model was also used to analyse total fish biomass and total fish abundance, 

but based on Euclidean distance matrices calculated on square root-transformed data. 

Abundance data was used in a SIMPER test, to identify the key species that contributed to the 
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dissimilarity between overall fish abundance in the marine reserve compared to fished sites in 

2018. 

 Principal coordinates analysis (PCO) was used to visualise the reef fish community 

structure inside the marine reserve and at adjacent fished sites in 2018. Again, the PCO was 

based on the distance among site centroids in the Bray-Curtis resemblance matrix, excluding 

snapper biomass. 

 All multivariate statistical analyses were conducted in PRIMER-e v7 (Clarke & Gorley 

2015) with the PERMANOVA+ add-on (Anderson et al. 2008). Estimated log response ratios 

(with standard error) were calculated in R (version 3.4.2, R Core Development Team 2017): 

for changes in fish biomass between 1978 and 2018, and between reserve and non-reserve sites.  

2.3 Results  

2.3.1 Long-term and spatial variation in reef habitat types 

 Extensive changes in habitats were evident at sites surveyed within the Leigh marine 

reserve between 1978 and 2018 (Fig. 2.2A). While shallow and deep sites remained similar 

over time, primarily dominated by shallow mixed algae and kelp forests respectively, the mid-

depth class underwent a large-scale change from predominantly urchin barrens (80% of sites) 

in 1978, to being dominated by kelp forest (50%), turfing algae (25%) and shallow mixed algae 

(20%) in 2018. Only one site (Cape Rodney), located on the edge of the marine reserve, had 

urchin barrens present in 2018, being classified as a mix of kelp forest and urchin barrens 

(Appendix Table 2.1). There was no change in habitats in the very deep class (> 16m) between 

1978 and 2018, with these being classified as Deep reef and Sponge garden. 

 The contrast in habitats between fished and reserve sites in 2018 (Figure 2.2B) mirrored 

the long-term change in habitats in the reserve between 1978 and 2018 (Figure 2.2A).  The 

shallow and deep zones were primarily dominated by Shallow mixed algae and kelp forests 

respectively, both inside and outside the reserve. The mid-depth class at fished sites was 

primarily a mix of urchin barrens (42%) and kelp forest (42%), whereas in the reserve urchin 

barrens were absent at the sites examined and the reef at this depth was primarily kelp forest 

(85%).  
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Figure 2.2. Changes in habitat composition at fish monitoring sites in the Leigh Marine 

Reserve between 1978 vs 2018 (A) and between fished and reserve sites in 2018 (B) 

Percentage of sites (A) and transects (B) that were classified as each of the main habitat 

types, in each depth class (Shallow: < 4 m, Mid: 4 - 8 m, Deep 8 - 16 m). Habitat types: SMA 

= Shallow mixed algae, TF = Turfing algae flats, UB = Urchin barrens, KF = Kelp forest. 

Note that ‘Very deep’ sites (>16 m) are not shown in (A) as habitat types differed from the 

shallower depth strata and did not change between 1978 and 2018 (75% Deep reef and 25% 

Sponge Garden). The habitats ‘Shallow mixed algae’ and ‘Turfing algae flats’ were originally 

referred to by Ayling (1978) as ‘Shallow broken rock’ and ‘Sediment flats’ respectively, but 

both terms describe the same habitat type. 

 

2.3.2 Changes in fish communities after 40 years’ of marine reserve protection 

 The overall biomass of reef fish was greater in 2018 than in 1978 and this was evident 

across depths (Figure 2.3A, Table 2.1A). In contrast, the overall density of reef fish decreased 

between 1978 and 2018, and this effect was consistent across depths (Figure 2.3C, Table 2.1B).  

This suggests a general shift from high densities of small fish in 1978 to lower densities of 

large fish in 2018. This same pattern was evident when snapper were excluded, although the 

effect of survey year on biomass was statistically weak (P = 0.055). 
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Table 2.1. Results of univariate PERMANOVA for differences in total fish biomass (A) 

and density (B) between the 1978 and 2018 surveys by depth class. Model design used two 

fixed factors: ‘Survey’ (1978 and 2018) crossed with ‘Depth’ (shallow (< 4m), mid (4 - 8m), 

deep (8 - 16m), very deep (> 16m)), and the random factor ‘Site’ (n = 26 sites, nested in 

‘Depth’). Dark grey cells represent terms excluded due to high P-values (> 0.25). DF: 

degrees of freedom, SS: sum of squares, MS: mean squares. 

A 

Source df     SS     MS Pseudo-F P (perm) 

Survey 1 76.325 76.325 4.1981 0.0343 

Depth 3 389.56 129.85 3.9511 0.0221 

Site(Depth) 22 721.95 32.816 1.805 0.0242 

Survey x Depth      

Survey x Site(Depth)      

Res 231 4199.8 18.181   

Total 257 5388.9          

 

B 

Source df     SS     MS Pseudo-F P (perm) 

Survey 1 727.53 727.53 59.758 0.0001 

Depth 3 520.53 173.51 14.843 0.0002 

Site(Depth) 22 256.69 11.668 5.802 0.0001 

Survey x Depth 3 77.896 25.965 2.1367 0.1196 

Survey x Site(Depth) 22 266.88 12.131 6.0323 0.0001 

Res 206 414.26 2.011   

Total 257 2245.2    
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Figure 2.3. Fish biomass (A) and density (C) (mean ± se) in the Leigh marine reserve in 1978 

and 2018 (500 m-2), and mean fish biomass (B) and density (D) (mean ± se) in fished and 

reserve areas in 2018 (500 m-2). Shaded areas on each bar represent the proportion of total 

density or biomass density comprised by snapper C. auratus. 

 

 Reef fish assemblage structure differed between the summer surveys of 1978 and 2018 

(Fig. 4A, and this effect varied with depth, regardless of whether snapper biomass was included 

(Table 2.2A) or excluded (Table 2.2B). With snapper excluded, pairwise PERMANOVA tests 

indicated that differences between the 1978 and 2018 fish assemblages were significant at the 

shallow (< 4m) (P = 0.0408), mid (4 - 8m) depth class (P = 0.0006) and deep (8 - 16m) classes 

(P = 0.0037), but communities were not significantly dissimilar at the very deep (> 16m) (P = 

0.0582) class. This is evident in a general shift in species composition among sites in the 
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principal coordinates analysis from left to right, with a number of species generally having 

higher biomass in 1978 (left) and others having higher biomass in 2018 (on right) (Figure 

2.4A). 

 

Table 2.2. Results of multivariate PERMANOVA for biomass of reef fish assemblages 

between the 1978 and 2018 surveys by depth class, including snapper C. auratus biomass (A) 

and excluding snapper biomass (B). Model design used two fixed factors: ‘Survey’ (1978 and 

2018) crossed with ‘Depth’ (shallow (< 4m), mid (4 - 8m), deep (8 - 16m), very deep (> 

16m)), and the random factor ‘Site’ (n = 26 sites, nested in ‘Depth’. DF: degrees of freedom, 

SS: sum of squares, MS: mean squares. 

A 

Source df     SS     MS Pseudo-F P (perm) 

Survey 1 37667 37667 13.434 0.0001 

Depth group 3 68237 22746 4.6705 0.0001 

Site(Depth) 22 1.07E+05 4861.2 4.866 0.0001 

Survey x Depth 3 16276 5425.5 1.9387 0.0173 

Survey x Site(Depth) 22 61470 2794.1 2.7969 0.0001 

Res 206 2.06E+05 999.01   

Total 257 5.05E+05    

 

B 

Source df     SS     MS Pseudo-F P (perm) 

Survey 1 43544 43544 16.325 0.0001 

Depth 3 77891 25964 4.7393 0.0001 

Site(Depth) 22 1.20E+05 5468.5 4.5 0.0001 

Survey x Depth 3 18539 6179.7 2.3214 0.0021 

Survey x Site(Depth) 22 58477 2658 2.1873 0.0001 

Res 206 2.50E+05 1215.2   

Total 257 5.81E+05    
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Figure 2.4. Principal coordinates analyses (PCO) showing variation in reef fish assemblages 

among sites in the Leigh marine reserve in 1978 and 2018 (A) and inside and outside the 

Leigh marine reserve in 2018 (B). Based on Log(X+1)-transformed biomass of 21 species 

(A) and 13 species (B), and Bray-Curtis dissimilarity. Points represent each site’s centroid, 

calculated from replicate transects. Vector plots represent Pearson correlations between 

individual species (correlation > 0.3) and the first two PCO axes.  
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 Of the species recorded in 1978, only the labrids Notolabrus inscriptus and 

Pseudolabrus luculentus were not recorded in the 2018 survey. Three additional species were 

recorded in 2018; serranid Caesioperca lepidoptera, pomacentrid Parma alboscapularis and 

cheilodactylid Nemadactylus macropterus. Of the remaining species, the mean biomass 

increased significantly for two species (sparid snapper Chrysophrys auratus and kyphosid 

Kyphosus sydneyanus), declined for nine species (cheilodactylid Nemadactylus douglasii, 

chironemid Chironemus marmoratus; labrids Coris sandeyeri, Notolabrus celidotus and N. 

fucicola; girellid Girella tricuspidata; monacanthid Meuschenia scaber; mullid Upeneichthys 

lineatus; pinguipedid Parapercis colias), and did not change for the remaining species (Figure 

2.5A, Table 2.3).   

 Although the biomass of snapper and C. spectabilis increased, their densities did not 

significantly change (Appendix Table 2.4). The increase in snapper biomass was driven by an 

increase in individual size between 1978 and 2018: particularly high numbers of small 

individuals (≤ 250 mm) were recorded in 1978, whereas in 2018 individuals were much larger 

(up to 800 mm) (Appendix Figure 2.2).  

 The biomass and density of P. colias were significantly lower in 2018 compared to 

1978 (Figure 2.5A, Appendix Table 2.4). While blue cod were found across all depth classes 

in 1978, they were only observed on the very deep reefs (> 16 m) in 2018. Only large 

individuals were recorded in 2018, compared to the large number of juveniles in 1978 

(Appendix Figure 2.2). N. douglasii biomass was abundant on very deep reefs (> 16 m) in 

1978, whereas only one individual was recorded in 2018. 

 Based on the subset of 11 sites sampled in winter 2017 and summer 2018, the overall 

differences in fish communities and key species between 1978 and 2018 were consistent 

between the two seasons (Appendix Table 2.3, Appendix Figure 2.1). The winter surveys of 

1977 and 2017 also differed, and dissimilarities between the 1977-78 and 2017-18 fish 

communities varied with season, whether snapper were included or excluded. Biomass of M. 

scaber was greater in winter both in the 1977-1978 and the 2017-2018 surveys.
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Table 2.3. Results of univariate PERMANOVA for individual fish species biomass (Log(X+1)). The 1978 and 2018 comparison model design used two fixed factors: 

‘Survey’ (1978 and 2018) crossed with ‘Depth’ (shallow (< 4m), mid (4 - 8m), deep (8 - 16m), very deep (> 16m)), and the random factor ‘Site’ (n = 26 sites, nested in 

‘Depth’). The 2018 fished area and marine reserve comparison model design used the fixed factor ‘Status’ (Reserve or Fished) and the fixed factor ‘Site’ (n = 24 sites, 12 

fished and 12 marine reserve) nested within ‘Status’. Pseudo-F values and statistical significance reported. Interaction terms with high P-values were excluded, and are 

denoted by cells marked “ns”. Black cells indicate species excluded due to rarity or absence. Significance levels: *, P < 0.05; **, P < 0.01; ***, P < 0.001.  

 1978 and 2018 Fished and Reserve 

Species Survey Depth Site(Depth) Survey x Depth Survey x Site(Depth) Status Site(Status) 

Aplodactylus arctidens 1.8 ns 4.59* 4.57*** 2.36 P=0.08 5.44*** 0.48 ns 1.57 P=0.05 

Bodianus unimaculatus 0.07 ns 3.75** 5.74*** ns ns   

Caesioperca lepidoptera        

Cheilodactylus spectabilis 0.65 ns 3.35* 6.64*** ns 1.65* 5.62* 2.07** 

Chironemus marmoratus 59.51*** 18.33*** 4.92*** 17.35*** 5.09*** 4.59* 1.70* 

Chrysophrys auratus 6.52* 4.17* 4.35*** ns 4.93*** 100.19*** 8.87*** 

Coris sandeyeri 8.02** 4.6* 1.92* 3.11* 1.27 P=0.18   

Girella tricuspidata 7.25* 7.52** 6.99*** ns 3.69*** 5.76* 2.13** 

Kyphosus sydneyanus 10.55** 2.53 P=0.08 2.26** ns 1.92* 10.96** 2.37** 

Meuschenia scaber 13.61*** 9.72*** 5.39*** 4.46* 2.31** 7.4** 2.94*** 

Nemadactylus douglasii 64.55*** 37.1*** 1.80* 38.5*** 1.74*   

Nemadactylus macropterus        

Notolabrus celidotus 82.09*** 2.69 P=0.07 9.53*** 1.74 P=0.18 4.44*** 31.55*** 5.42*** 

Notolabrus fucicola 10.3** 20.31*** 2.4*** 4.39* 1.87* 1.58 ns 1.76* 

Notolabrus inscriptus        

Odax pullus 4.13 P=0.06 7.57** 2.06** 3.12* 2.15** 6.14* 1.34 P=0.13 

Parapercis colias 14.61*** 4.73* 2.66*** 2.18 P=0.12 3.25***   

Parma alboscapularis        

Pseudolabrus luculentus        

Pseudolabrus miles 0.04 ns 5.62* 5.26*** ns 2.4**   

Upeneichthys lineatus 34.4*** 25.3*** 5.85*** 5.89** 5.28*** 3.65 P=0.06 1.76* 

Zeus faber        
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Figure 2.5. Natural log-response ratios (with standard errors) for biomass of each of the most 

common species, based on changes between 1978 and 2018 (A) and difference between 

reserve and fished sites in 2018 (B). Colours indicate whether species are harvested 

recreationally and commercially, as indicated by their inclusion in New Zealand’s Quota 

Management System, or knowledge of their status as recreational fishing targets.
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2.3.3 Fish communities inside and outside the marine reserve  

 Overall biomass and density of reef fish was significantly higher in the marine reserve 

compared to fished sites in 2018 (Figure 2.3B & D, Table 2.4A & B). When snapper were 

excluded, there was no difference in density (P = 0.145) but biomass remained higher in the 

reserve (P = 0.0001) (Figure 2.3B).  

 

Table 2.4. Results of univariate PERMANOVA for total fish biomass (A) and density (B) 

between the 2018 Leigh marine reserve and fished areas. Model design used the fixed factor 

‘Status’ (Reserve or Fished) and the fixed factor ‘Site’ (n = 24 sites, 12 fished and 12 marine 

reserve) nested within ‘Status’. DF: degrees of freedom, SS: sum of squares, MS: mean 

squares. 

A 

Source df     SS     MS Pseudo-F P (perm) 

Status 1 264.77 264.77 33.925 0.0001 

Site(Status) 22 556.61 25.3 3.2418 0.0001 

Res 216 1685.8 7.8045   

Total 239 2507.1    

 

B 

Source df     SS     MS Pseudo-F P (perm) 

Status 1 37.982 37.982 4.636 0.0331 

Site(Status) 22 487.85 22.175 2.7067 0.0002 

Res 216 1769.7 8.1929   

Total 239 2295.5    

 

 Reef fish assemblages differed between reserve and fished areas in 2018 (Figure 2.4B), 

regardless of whether snapper biomass was included (Table 2.5A) or excluded (Table 2.5B). 

Consistent with the long-term change over time there was a general shift in community 

structure among fished (left) and reserve (right) sites, with N. celidotus more common at fished 

sites and species such as C. auratus, C. spectabilis and K. sydneyanus generally having higher 

biomass at reserve sites (Figure 2.4B). Fewer species were recorded in the reserve vs. fished 

area comparison in 2018, compared to the long-term surveys, reflecting the narrower range of 

depths and habitat types sampled (Figure 2.4). Biomass of six species was greater in the reserve 

compared to outside (C. spectabilis, C. auratus, G. tricuspidata, K. sydneyanus, M. scaber, 

odacid Odax pullus) (Figure 2.5B, Table 2.3). Density of C. auratus was higher in the reserve, 
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but there was no significant difference in the density of C. spectabilis between reserve and 

fished sites (Appendix Table 2.5). Biomass of C. marmoratus and N. celidotus was 

significantly greater in fished areas, mirroring the long-term decline in the reserve seen for 

these species (Figure 2.5A). Biomass of U. lineatus also tended to be lower in the reserve, but 

this effect was non-significant (P = 0.06; Table 2.3). Several species were too rare for our 

statistical analyses; C. lepidoptera were only present at non-reserve sites, and P. colias were 

only recorded within the marine reserve. The labrid Coris sandeyeri was recorded on one 

transect inside and one transect outside the reserve.  

 

Table 2.5. Results of multivariate PERMANOVA for reef fish assemblages in the 2018 Leigh 

marine reserve and fished areas, including snapper C. auratus biomass (A) and excluding 

snapper (B). Model design used the fixed factor ‘Status’ (Reserve or Fished) and the fixed 

factor ‘Site’ (n = 24 sites, 12 fished and 12 marine reserve) nested within ‘Status’. DF: 

degrees of freedom, SS: sum of squares, MS: mean squares. 

A 

Source df     SS     MS Pseudo-F P (perm) 

Status 1 23447 23447 20.305 0.0001 

Site(Status) 22 1.0157E+05 4616.9 3.9982 0.0001 

Res 216 2.4942E+05 1154.7   

Total 239 3.7444E+05    

 

B 

Source df     SS     MS Pseudo-F P (perm) 

Status 1 10580 10580 8.8719 0.0001 

Site(Status) 22 75869 3448.6 2.8918 0.0001 

Res 216 2.5759E+05 1192.6   

Total 239 3.4404E+05    
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Table 2.6. Interpretation of direct and indirect effects of no-take protection in the Leigh 

marine reserve based on comparison of long-term changes in the marine reserve (1978 vs 

2018; columns) and differences between reserve and fished sites (2018; rows). Target species 

are expected to respond positively to protection (direct effects), whereas non-target species 

may increase or decrease in reserves as a result of indirect effects. 

 

  Long-term change in marine protected area 

 
 

Increase No change 

 

Decrease 
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v

e 
v
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F
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h
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Higher in 

reserve 

Direct effect 

Chrysophrys auratus 

 

Indirect effect 

Kyphosus sydneyanus 

(habitat facilitation) 

Direct effect 

Cheilodactylus spectabilis 

Odax pullus 

 

Indirect effect 

- 

 

Direct effect with larger-

scale changes 

Girella tricuspidata 

Meuschenia scaber 

Parapercis colias 

 

 

Indirect effect with larger-

scale changes 

- 

No difference 

 

Larger-scale changes 

- 

 

 

No effect 

Aplodactylus arctidens 

Bodianus unimaculatus 

Pseudolabrus miles 

Zeus faber  

Larger-scale changes 

Coris sandeyeri  

Notolabrus fucicola 

Notolabrus inscriptus 

Pseudolabrus luculentus 

Nemadactylus douglasii 

Lower in 

reserve 

 

Indirect effect with 

larger-scale changes 

- 

Indirect effect 

- 

 

Indirect effect 

Chironemus marmoratus 

Notolabrus celidotus 

Upeneichthys lineatus  
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2.4 Discussion 

 After 40 years of marine reserve protection there was a general shift in reef fish species 

composition, and this shift was broadly consistent with the contrasting fish assemblages 

currently found on reefs inside vs outside the Leigh reserve. Overall, the reef fish community 

in the Leigh marine reserve now has ~5 times higher total biomass, but lower densities, of fish 

than it did in 1978; with the community now being dominated by fewer, larger fish. The 

increased total biomass reflects the general effects of size-selective fishing on body size, with 

fishing typically removing large individuals from the population (e.g. Conover et al. 2009; 

Graham et al. 2005; Pauly et al. 2005). The long-term decline in density is largely driven by 

the decreased abundance of small non-target species Notolabrus celidotus and Upeneichthys 

lineatus, and juvenile snapper Chrysophrys auratus, in the reserve in 2018 compared to 1978. 

These long-term changes in reef fish assemblage structure were consistent in winter and 

summer. Spatial comparisons between reserve and fished sites in 2018 also demonstrated 

greater overall reef fish biomass in the reserve, ~5 times higher than adjacent fished sites. 

However, in contrast to the long-term decline in fish density in the reserve, overall fish densities 

were higher in the reserve compared to fished sites in 2018. While fish are now larger and less 

abundant, there are still greater numbers in the marine reserve compared to adjacent fished 

areas. 

 Our study reports large-scale changes in reef habitat types in the Leigh marine reserve 

that are broadly consistent with previous research (Babcock et al. 1999; Leleu et al. 2012; 

Parsons et al. 2004; Shears & Babcock 2003).  The main change reported is in the prevalence 

of sea urchin barrens, which dominated the mid-depth sites in the reserve in the 70s and are 

now all but absent in the reserve. These areas have been replaced by a mixture of kelp forest, 

turfing algae and shallow mixed algae. We also demonstrate the contrasting state of reef 

habitats inside and outside the reserve, with the habitat distribution of reefs outside the reserve 

being comparable to those found in the reserve when it was first created. Outside the reserve, 

urchin barrens remain a common habitat at mid-depths (4-8 m depth), which can be attributed 

to the lack of targeted sea urchin predators in fished areas (Babcock et al 1999; Shears & 

Babcock 2002). These findings demonstrate that reef habitats at fished sites in 2018 are 

analogous to those in the reserve in 1978, which is important when interpreting the potential 

mechanisms driving changes in reef fish species. The greatest change in reef fish assemblage 

structure in the Leigh reserve between 1978 and 2018 occurred at mid-depths (4-8 m), 

corresponding with the depths where the largest shift in habitat types has occurred. This 
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suggests that some of the observed changes in fish assemblages may result from habitat-

facilitation or -inhibition (sensu Menge 1995) of certain species.  

 Individual species showed a variety of responses in terms of change over time and 

differences between reserve and fished sites, and the potential mechanisms driving these 

patterns require careful interpretation. It is not within the scope of this study to rule out 

interacting drivers of change, such as combinations of direct and indirect effects, or changes in 

prey availability or competition. Instead, we infer likely causes for changes to the populations 

based on our surveys and the known natural history of each species. This requires an 

understanding of feeding ecology, habitat association, as well as the level of harvest for a given 

species (target vs non-target). The possible results and potential mechanisms driving changes 

among species are summarised in Table 6. The simplest potential reserve effects to discuss are 

direct effects of protection on target species. These can most strongly be inferred where a 

targeted species has higher biomass in the reserve in 2018, and where biomass increased in the 

reserve between 1978 and 2018 (Table 2.6). This was only the case for snapper, which are a 

highly sought after inshore species and have previously been shown to increase in biomass 

under reserve protection and be considerably larger than at fished sites (e.g. Babcock et al. 

1999; Denny et al. 2004; Langlois et al. 2005; Taylor et al. 2011; Willis et al. 2003).  

 Two target species (Cheilodactylus spectabilis and Odax pullus) had higher biomass in 

the reserve compared to fished sites in 2018, but did not change between 1978 and 2018. C. 

spectabilis is not a popular target species like snapper, but is harvested directly by speargun or 

net, and indirectly as bycatch in lobster pots (Ayling 1978; Cole 1994). Despite not showing 

an overall increase in biomass in the reserve over time, the population in the reserve in 2018 

contained greater numbers of legal-sized individuals (>40 cm fork length) than in 1978. This, 

along with the truncated size structure at fished sites in 2018 (Appendix Figure 2.3), suggests 

a direct effect of protection on this species. The herbivorous butterfish O. pullus is a popular 

target for spearfishers and were found to have higher biomass in the reserve compared to fished 

sites (Table 2.6). This species is known to feed directly on large brown algae including the 

dominant kelp species Ecklonia radiata (Jones 2013). As such, this species is strongly 

associated with macroalgal habitats (Anderson & Millar 2004) and it has been hypothesised 

that its abundance may increase in reserves in response to kelp cover increasing (Jones 2013). 

However, we recorded no increase in O. pullus biomass between 1978 and 2018, meaning that 

the higher biomass in the reserve compared to fished sites in 2018 can only be interpreted as a 

direct effect of protection. Positive reserve effects on butterfish abundance and biomass have 
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also been described in New Zealand’s fourth oldest marine reserve, Kapiti MR (Eddy et al. 

2014). However, this species is often highly cryptic, hiding under macroalgal canopies, and it 

is possible that diver-based surveys do not provide an accurate assessment of their densities. 

Furthermore, O. pullus has specific smaller-scale habitat requirements, associated with shallow 

areas of high macroalgal canopy cover (Choat & Ayling 1987; Cole et al. 2012) that have not 

been properly captured in the broad habitat categories used here. Consequently, further work 

is needed to tease out the relative importance of the direct and indirect (habitat-related) effects 

of protection on this species.   

 The biomass of three target species (Girella tricuspidata, Meuschenia scaber and 

Parapercis colias) was greater in the reserve compared to fished sites, but exhibited long-term 

declines between 1978 and 2018 that likely reflect larger-scale changes (Table 2.6). For 

example, blue cod P. colias biomass and density has declined substantially in the Leigh marine 

reserve between 1978 and 2018, but they were larger and more common in the reserve 

compared to adjacent fished sites in 2018. Previous studies have identified increased abundance 

and size of blue cod in marine reserves (Cole et al. 1990; Cole & Keuskamp 1998; Pande et al. 

2008), and our results suggest that while abundance has declined, this population still benefits 

from marine reserve protection. P. colias is primarily a cool water species (Gardner & Struthers 

2013), so abundances may be expected to decline with warming water temperatures. In general, 

there has been limited warming in sea surface temperatures at Leigh over the last 50 years, but 

the observed decline in P. colias abundance could be related to warmer-than-average 

temperatures since the late-1990s (Shears & Bowen 2017). Similarly, the long-term decline in 

leatherjacket M. scaber biomass could be attributed to the effects of climate change, as this 

species’ reproduction is triggered by the region’s coldest winter water temperatures (Visconti 

et al. 2018). Fewer juvenile leatherjackets were recorded in 2018 compared to 1978 (Appendix 

Figure 2.2), although biomass of this commercially targeted and recreationally spearfished 

species was greater in the reserve compared to fished areas. Despite a statistically weak decline 

in parore G. tricuspidata biomass since 1978, biomass was greater inside the marine reserve 

than at fished sites in 2018. This may therefore represent a weak direct effect of protection, or 

a weak habitat effect. Parore consume a variety of algae (Raubenheimer et al. 2005) and Jones 

(2013) suggested that parore would be associated with areas of fucoid algae. Fucoid algae are 

common in the shallow mixed algae habitat, which has decreased in the reserve on shallow (< 

4 m) reefs since 1978, but was slightly more common at reserve sites than fished sites in 2018. 
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 No effect of reserve status on targeted Nemadactylus douglasii biomass was detected 

in 2018, but a dramatic decline in biomass occurred in the reserve after 40 years’ protection. 

N. douglasii is a relatively long-lived, slow-growing species (Stewart & Hughes 2009). 

Recruitment events in the closely related target species N. macropterus are dependent on 

suitable oceanographic processes (Bruce et al. 2001) and larvae have a long pelagic larval 

phase, resulting in considerable recruitment variability (Vooren 1977; Jordan 2001), an 

attribute shared by N. douglasii (Stewart & Hughes 2009). The single fish we observed in 2018 

was a 40 cm long adult, while a healthy size distribution was recorded in 1978 including <10 

cm recruits. The combined effects of longevity, recruitment variability and age-class truncation 

by size-selective fishing pressure can have dramatic effects on population resilience (Stuart & 

Hughes 2009).  

 Indirect effects on non-target species can potentially manifest as an increase or decrease 

in abundance in reserves (Table 2.6). Three non-target species (Chironemus marmoratus, 

Notolabrus celidotus and Upeneichthys lineatus) were less abundant in the reserve compared 

to fished sites in 2018 and showed long-term declines. N. celidotus is a small and common 

wrasse that exhibited a pronounced negative response to reserve protection. While N. celidotus 

juveniles are generally associated with macroalgal habitats when they recruit (Jones 2013) and 

feed upon small, kelp-associated invertebrates (Cole et al. 2012; Jones 1984a), adults are more 

common on urchin barrens (Anderson & Millar 2004). The decline under reserve protection 

could therefore be an example of habitat inhibition, with the reduced availability of urchin 

barrens in reserves. Alternatively, this could be in part due to increased predation, as small 

demersal fishes comprise part of the diet of larger snapper (Colman 1972; French et al. 2012, 

Godfriaux 1969, Russell 1983). Antagonistic interactions between snapper and N. celidotus, in 

which the latter were submissive, have been observed (Jones 1984b) but there is no published 

research identifying them specifically as a food item of C. auratus. However, as a common, 

small-bodied reef fish, there is no reason to preclude N. celidotus juveniles as a potential prey 

item for adult snapper. The negative reserve effects for goatfish U. lineatus and hiwihiwi C. 

marmoratus were generally weaker than those recorded for N. celidotus, but might be 

attributable to similar factors. C. marmoratus are generally associated with urchin barrens 

rather than kelp forests (Anderson & Millar 2004) and may experience habitat inhibition with 

the loss of these barrens under protection. Goatfish have no strong association with urchin 

barrens, although natural predation by snapper on goatfish has been observed (N. Shears pers. 

obs.).   
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 Only one non-target species exhibited a potential positive indirect response to 

protection.  The biomass of the herbivorous K. sydneyanus was greater in the reserve compared 

to fished sites, and increased in the reserve over time (Table 2.6). This large herbivore feeds 

directly on large brown macroalgae, including kelp Ecklonia radiata (Jones 2013; Moran & 

Clements 2002). This species is not targeted by fishers, and thus their increased biomass in the 

reserve is potentially an example of habitat facilitation, due to the greater availability of kelp 

as a food item. A similarly positive response to reserve protection among K. sydneyanus has 

been reported in marine reserves in the Houtman Abrolhos Islands, Western Australia (Watson 

et al. 2007) as well as Jervis Bay, New South Wales, Australia (Ferguson et al. 2016), although 

the mechanisms driving a reserve effect on this non-target were not fully explored. Further 

work is required to assess whether this potential reserve effect is a result of habitat facilitation. 

 A number of species did not differ between reserve and fished sites, but experienced 

long-term declines in the reserve since 1978 (Table 2.6) that likely relate to larger-scale 

changes in response to environmental variation. For example, the absence of some subtropical 

labrids in our 2018 surveys (Notolabrus inscriptus and Pseudolabrus luculentus), and the 

decline in Coris sandeyeri biomass since 1978, may be due to the gradual loss of ‘subtropical’ 

labrid species that were reported to have had a strong recruitment due to an influx of warmer 

water in the early 1970s (Schiel et al. 2018). Similar declines in subtropical species have been 

reported over the same time period at the Poor Knights Islands (Schiel et al. 2018).  Long-term 

water temperatures have remained relatively stable at Leigh over the last 50 years (Shears & 

Bowen 2017), and while a large marine heatwave occurred in New Zealand in 2017/2018 

(Salinger et al. 2019), this did not appear to result in increased recruitment of subtropical 

species at Leigh. This contrasts with results from some other temperate regions, where 

tropicalisation of fish assemblages has been documented in recent decades (Horta E Costa et 

al. 2014; Vergés et al. 2014; Vergés et al. 2016).  

 Our study adds to the vast literature on the direct effects of marine reserves on target 

species, with six out of 10 target species responding positively to protection. The target species 

that did not respond positively to reserve protection may be weakly targeted by fishers or may 

have experienced long-term declines unrelated to fishing. The direct effects presented here are 

broadly consistent with other studies (e.g. Lester et al. 2009; Molloy et al. 2009). In contrast, 

for the majority of non-target species there was no evidence of long-term effects of marine 

reserve protection, suggesting that indirect effects may not be as ubiquitous as previously 

thought (Babcock et al. 2010). Despite considerably increased biomass of predators, and large-
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scale habitat changes in the reserve associated with protection, we suggest only three non-target 

species have declined, and one has increased, as a result of the indirect effects of protection. 

The indirect effects described in Babcock et al. (2010) largely refer to impacts of predators on 

sea urchin populations, and strong indirect effects between fish species (e.g. predation, 

competition and habitat effects) may be rarer or harder to detect. In our study area snapper C. 

auratus are the dominant predatory reef fish, but other fishes comprise a small proportion of 

the adult snapper’s diet (Colman 1972; Godfriaux 1969 & 1974; Russel 1983), and their 

generalist nature renders high pressure of predation (or competition) on any one reef fish 

unlikely (Strong 1992).   

 Our results also suggest that reef fish species may not exhibit as close of an association 

with broad-scale reef habitat types (urchin barrens vs kelp forests) as previously thought (Choat 

& Ayling 1987; Anderson & Miller 2004). Jones (2013) predicted that the biomass of 

herbivorous fishes (e.g. K. sydneyanus, O. pullus) and those associated with macroalgae (e.g. 

N. celidotus) would increase in the Leigh reserve as an indirect response to the long-term 

increase in kelp cover, whereas those species associated with urchin barrens would decline. 

While our results for K. sydneyanus are consistent with this, we did not see a long-term increase 

in O. pullus biomass. Similarly, some species thought to be associated with urchin barrens 

(Anderson & Millar 2004) did not decline, and biomass of one of these species, C. spectabilis, 

increased. We did find evidence for a possible indirect effect acting on N. celidotus in Leigh, 

but in contrast to predictions made by Jones (2013), this resulted in lower biomass under 

reserve protection. These indirect effects of protection seem to be complex, and their 

trajectories difficult to predict. Where both indirect and direct effects could both conceivably 

drive a response in a given fish species, it may be that fishing pressure simply overwhelms the 

complexities of the indirect pathway. Further research is required to clarify the mechanisms 

responsible for effects of reserve status on non-target fishes, and to understand the generality 

of these results for reef fish in other marine reserves. 

 Overall, our study highlights the complexity of indirect effects of marine protection on 

reef fish species and identifies a number of long-term changes in reef fish species that are likely 

unrelated to fishing or protection. The generality of these results, and the exact mechanisms 

responsible for potential indirect effects, remain unclear. Thus, only with further study of other 

marine reserves can we learn whether the responses of non-target species to the cessation of 

fishing can be successfully predicted, or whether they are largely location-specific and 

influenced by local-scale environmental patterns.  
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CHAPTER III 

The direct and indirect effects of protection on reef fish communities: variation 

across three northeastern New Zealand marine reserves   

 

3.1 Introduction 

 No-take marine protected areas or marine reserves, whether established for fisheries 

management or biological conservation (Rowley 1994; Bohnsack 1998; Gaines et al. 2010), 

can have direct effects on target species resulting in increased abundance and size (Polunin & 

Roberts 1993; Mosquera et al. 2000; Côté et al. 2001). When target species recover, we might 

expect further changes among populations of interacting species, via flow-on or “indirect” 

effects (reviewed in Claudet et al. 2011). These indirect effects can propagate through the 

ecosystem and drive a cascade of responses among non-target species (Babcock et al. 2010). 

Whether by competition or predation, recovering species can alter the densities or behaviour 

of other species, potentially driving biotic habitat change and corresponding changes among 

habitat-dependent species (Langlois & Ballantine 2005). Indirect effects can be just as common 

as direct effects in marine reserves, with similar magnitudes (Babcock et al. 2010). However, 

indirect effects take longer than direct effects to occur after the establishment of a marine 

reserve (Babcock et al. 2010), and they can vary across environmental gradients (e.g. Shears et 

al. 2008). 

 Marine reserves can be treated as human-exclusion experiments (Castilla 1999) to 

identify the effects of fishing. However, this approach frequently requires suitable baseline data 

and comparable fished “control” sites (Willis et al. 2003), without which it is difficult to 

attribute any observed patterns to reserve status. If these conditions are met, the long-term 

monitoring of a marine reserve can help account for other sources of variability over time, and 

the time lags associated with indirect reserve effects (Babcock et al. 2010). Similarly, 

monitoring multiple reserve and multiple fished sites can account for spatial variability at the 

local scale. Replication at the marine reserve level is also desirable; where multiple, 

comparable reserves exist within a region this provides a means to assess the generality of 

marine reserve effects (e.g. Mumby et al. 2006; Russ et al. 2008; Fitzpatrick et al. 2015).    

 The use of marine reserves in ecological research was pioneered in New Zealand 

(Ballantine 2014). However, previous work in New Zealand marine reserves has largely 

focused on targeted species, with few studies considering wider effects of reserve protection of 
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reef fish communities as a whole (Jones 2013). The sparid snapper Chrysophrys auratus is 

New Zealand’s most heavily targeted inshore fish species (Parsons et al. 2009) and responds 

positively to protection from fishing, with increased abundance and size in marine reserves 

(e.g. Cole et al. 1990; Babcock et al. 1999; Willis et al. 2003; Denny et al. 2004; Edgar et al. 

2017). Similarly, positive responses to reserve protection have also been described for other 

targeted species like the cheilodactylid red moki Cheilodactylus spectabilis and pinguipedid 

blue cod Parapercis colias (McCormick & Choat 1987; Cole et al. 1990; Pande et al. 2008; 

Edgar et al. 2017; Chapter II). To date, the only regional studies in northeastern New Zealand 

have explicitly considered the indirect effects of protection on reef fish have focused on small 

cryptic fish (Willis & Anderson 2003; Smith & Anderson 2016). Whether indirect effects of 

protection exist over multiple locations, or whether they are largely location-specific, is poorly 

understood.    

 In New Zealand’s oldest marine reserve, the Cape Rodney-Okakari Point (Leigh) 

marine reserve (officially opened in 1977), the recovery of predators (primarily snapper C. 

auratus and rock lobster Jasus edwardsii) triggered a trophic cascade, whereby these predators 

suppressed grazing sea urchins and allowed kelp forests to flourish (e.g. Babcock et al. 1999; 

Shears & Babcock 2002 & 2003; Leleu et al. 2012). This far-reaching but highly context-

dependent indirect effect was also detected in the nearby Tāwharanui and Hahei marine 

reserves (Shears et al. 2008). Given that many reef fish species are associated with particular 

habitats (Anderson & Millar 2004), such changes in the extent of urchin barrens and kelp 

forests may have indirect impacts on reef fish (sensu Menge 1995). Jones (2013) hypothesised 

a number of indirect effects to occur as a result of predation, competition, and habitat changes 

within marine reserves, but it is unknown how widely these indirect effects occur in New 

Zealand’s marine reserves. A recent study of long-term changes in the Leigh Marine Reserve 

has provided some support for indirect effects of protection (Chapter II). These included an 

increased biomass of the herbivorous kyphosid silver drummer Kyphosus sydneyanus under 

protection, potentially in response to the greater availability of kelp as a food item, and a decline 

in small consumer species including Notolabrus celidotus, potentially in response to increased 

predation or changes in reef habitats. Although several potential indirect effects on reef fish 

were identified, it remains unclear whether similar changes have occurred in other marine 

reserves in the region. Furthermore, since the early studies of marine reserve effects on reef 

fish in this region (e.g. Cole 1990; Babcock et al. 1999; Willis et al. 2003), changing fishing 

trends may have resulted in other species benefitting directly from protection. Marine 
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recreational fishing has become a billion dollar industry in New Zealand (Southwick et al. 

2018), and with the growing popularity of spearfishing, a growing number of fishes on shallow 

reefs around the New Zealand coast are likely targets. 

 The aim of this paper was to investigate the direct and indirect effects of no-take 

protection on reef fish assemblages in northern New Zealand. To do this we compared reef fish 

assemblages between three long-established (26-41 years of protection) reserves in northern 

New Zealand and their adjacent fished coasts in 2018. Recognising that inherent variation 

between reserve and fished locations can confound and potentially obscure effects of 

protection, we also compiled available time series data on reef fish from these locations. Using 

this approach, the generality of potential direct and indirect effects of marine reserve protection 

can be compared across three long-term marine reserves, and the manifestation and stability of 

these effects over time can be contextualised. Here, direct effects were defined as positive 

responses of target species to protection, whereas indirect effects were defined as positive or 

negative responses of non-target species to protection. To aid in interpretation of potential 

indirect effects we also compared the extent of important biogenic reef habitat types (e.g. kelp 

forest and urchin barrens) between protected and fished areas in 2018. 

3.2 Materials and methods 

3.2.1 Study sites 

 This study focuses on three long-term no-take marine reserves in temperate 

northeastern New Zealand (Figure 3.1). All reserves are a similar size, protecting 4-6 km of 

mostly rocky coast. The reserves and surrounding coast are generally considered moderately 

exposed to waves, and the reef communities present are typical of moderately exposed coasts 

in northeastern New Zealand (Shears & Babcock 2004).   

 The Cape Rodney-Okakari Point (Leigh) Marine Reserve (518 ha area, 36°17.43′S, 

174°48.82′E) is located on the coast of Leigh. It is the oldest marine reserve in New Zealand, 

established in 1975, but was not officially opened or enforced until 1977. The reserve’s 

boundary extends to 800 m offshore, encompassing Goat Island (approximately 1 ha area) and 

its fringing rocky reefs. Tāwharanui Marine Reserve (350 ha area, 36° 22′S, 174° 50′E) is 

located 15 km south of the Leigh Marine Reserve, on the northern side of Tāwharanui 

Peninsula. The current marine reserve was established in 2011, replacing the existing 

Tāwharanui Marine Park, which opened in 1981 and implemented full no-take status from 1983 



 

43 

 

onwards. Tāwharanui Marine Reserve’s boundary extends to just 340 m offshore at its 

westernmost side, and 900 m offshore at its eastern end. Te Whanganui a Hei (Hahei) Marine 

Reserve (840 ha area, 36°50.86′S, 175°49.32′E) is located on the eastern coast of the 

Coromandel Peninsula. It was established in 1992, the most recent of these three areas to gain 

no-take protection status. Hahei Marine Reserve’s offshore boundary lies approximately 1.5 

km offshore, encompassing multiple small islands. Hahei spans a greater local gradient in wave 

exposure and sedimentation than the other reserves, where the marine reserve area is more 

sheltered, with higher sediment cover (Shears et al. 2008).  

 
Figure 3.1. Locations of the three marine reserves surveyed in northeastern New Zealand, 

with inset maps showing the positions of sites in the reserves and in their corresponding 

adjacent fished areas. 

3.2.2 Reef fish monitoring 

 Reef fish communities have been surveyed using underwater visual census (UVC) at 

sites inside and adjacent to the marine reserves every 1-5 years at Leigh since 2000, at 

Tāwharanui since 2008, and at Hahei since 2003 (Appendix Table 3.1). At Leigh, surveys were 

initially conducted seasonally, in austral autumn and spring, but this protocol was changed to 

autumn only following the 2001 spring survey. All surveys at Tāwharanui and Hahei were 
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conducted in autumn. In autumn 2018 all three locations were sampled, allowing a comparison 

of the generality of reserve effects on reef fish across all three locations.  

 In all surveys, 25 x 5 m transects were haphazardly placed on continuous reef at each 

site, and spanned the range of depths and habitats present at each site. Throughout the historic 

monitoring of all three locations, some changes to sampling protocols have occurred, including 

differing levels of spatial replication between survey years (Appendix Table 3.1). In all 

surveys, demersal reef fish were counted by one diver per transect. Divers recorded all reef fish 

species, excluding small cryptic fish (e.g. Blenniiformes), and the sizes of snapper Chrysophrys 

auratus were visually estimated. In 2018, the sizes of the reef-associated target species 

Cheilodactylus spectabilis, Parapercis colias, and Odax pullus were also estimated. For each 

transect, a diver loosely tethered the end of a 30 m tape using a wire hook, and swam 5 m 

before commencing counts, to minimise the effects of fish disturbance caused during diver 

descent. In the 2018 surveys, ten transects per site were conducted in Leigh and Tāwharanui, 

and six transects per site were conducted in Hahei; in keeping with the most recent prior 

surveys. Throughout this study, species were defined as a target based on their presence in the 

New Zealand Government’s Quota Management System, local natural historical knowledge, 

or from reports in the scientific literature. Feeding types of fish species were defined broadly 

as “benthic predator”, “generalist predator”, “herbivore” and “planktivore”, based on the 

trophic level and relevant dietary information available on FishBase (www.fishbase.org). 

 To assess the extent of different biotic reef habitats in all three locations, divers in the 

2018 surveys described the dominant habitat type on each transect, using broad, qualitative 

habitat categories. These included “Kelp forest”, which is dominated by the stipitate kelp 

Ecklonia radiata, “Mixed algae”: a mixture of fucoids and kelp, “Urchin barrens”: reef areas 

grazed bare of large brown algae by the dominant sea urchin Evechinus chloroticus and 

“Turfing algae”: areas dominated by turfing algae such as articulated coralline algae, with low 

densities of large brown algae. These habitat types are distinct, and can be reliably categorised 

visually by divers (Shears et al. 2004). The “Shallow Carpophyllum” habitat defined in Shears 

et al. (2004) was grouped with “Mixed algae”. 

3.2.3 Statistical analysis 

 Due to the differences in sampling years across the three locations, it was not possible 

to undertake an overall or “global” analysis of marine reserve effects over time. Instead, reserve 

effects were investigated using a two-step approach. Firstly, the results of the 2018 surveys 
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alone were used to assess differences between reserve and fished sites and the generality of 

these effects among locations. Secondly, all available time series data were analysed for each 

location separately to examine the trajectories of change in fish assemblages inside and outside 

each marine reserve. Here, changes over time were also considered for individual species, 

contextualising reserve effects both spatially and temporally.  

3.2.3.1 Differences in reef fish between reserve and fished areas  

 Permutational multivariate analyses of variance (PERMANOVA) was used to test for 

community-level effects of protection on reef fish assemblages across the three locations in 

2018. A Bray-Curtis resemblance matrix was constructed from the dispersion weighted, square 

root-transformed abundances of the 31 reef fish species recorded in the 2018 surveys, with 

transects as replicates. Using 9999 permutations of residuals, the PERMANOVA tested the 

partitioning of variation in abundance by the fixed factors ‘Location’ (Leigh, Tāwharanui and 

Hahei) and ‘Status’ (Reserve and Fished) and the interaction between these terms, as well as 

the random factor ‘Site’ (n = 60 sites), nested in ‘Location*Status’. These analyses were 

conducted with and without snapper Chrysophrys auratus included. This generalist predator is 

known to benefit strongly from protection, occurs across a range of depths and habitats, and 

may drive indirect effects on other fishes. Therefore, removing snapper from the analysis 

provides an assessment of how the remaining fish assemblages vary with protection and allows 

us to examine the contribution of snapper to potential differences in fish assemblages between 

marine reserve and fished areas. 

 Non-metric Multi-dimensional Scaling (nMDS) was used to visualise variation in reef 

fish assemblages between marine reserve and fished areas among the three locations. The 

nMDS was based on the distance among site centroids in the Bray-Curtis resemblance matrix. 

Vectors were also plotted with individual species’ Pearson correlations (> 0.3), showing the 

relationships between species abundances and site positions in multivariate space.  

 Individual species responses to reserve protection across all three locations were 

explored using generalized linear mixed models (GLMMs). GLMMs were run on count data 

using zero-inflated Poisson distributions, to test how the abundance of individual species varied 

with ‘Location’ and ‘Status’, and the random effect ‘Site’ nested within ‘Location*Status’. A 

simple generalized linear model (GLM) was then used to test the overall effect of Status on 

individual species within each location and calculate an effect size (with 95% confidence 

limits) for reserve status in each location. Snapper biomass was calculated using divers’ 



 

46 

 

snapper length estimates and length-weight relationship data available from FishBase 

(www.fishbase.org). These data were analysed as above using a GLMM, but biomass was 

Log(X+1)-transformed and fitted to a normal distribution. 

3.2.3.2 Variation in reef fish over time 

 Assessment of changes in reef fish over time were carried out separately for each 

locations due to the variable length and sampling frequency of the time series. For each 

location, PERMANOVA was used to test how reef fish communities varied between year and 

protection status. Bray-Curtis resemblance matrices were constructed for each location, from 

the dispersion weighted, square root-transformed abundances, with transects as replicates. 

Only autumn data were used. Using 9999 permutations of residuals, PERMANOVAs tested 

the fixed factors of ‘Year’ (varies with location, Appendix Table 3.1) and ‘Status’ (Reserve 

and Fished) and their interaction, as well as the random factor ‘Site’, nested in ‘Year*Status’. 

Although sites were revisited for multiple surveys in each of the three locations, these sites 

refer to broad areas, and exact geographic data was not available for all surveys. In addition, 

the sites surveyed occasionally differed between survey years.  

 To visually assess patterns of community change in the three locations, nMDS was 

used, based on the distance among centroids of combinations of ‘Survey’ and ‘Status’ in the 

Bray-Curtis resemblance matrix. In this case, spring survey data recorded at Leigh were 

included. The survey centroids for the reserve and fished areas were plotted to provide a 

simplified representation of the trajectories of community change at reserve and fished sites. 

Vectors were plotted with individual species’ Pearson correlations (> 0.3), providing a simple 

visual indication of the species driving the trajectories.  

 The response of individual species to reserve status over time was explored using 

univariate PERMANOVAs. Euclidean distance matrices were constructed for each species in 

each location, using the square root-transformed site average abundance data. PERMANOVAs 

tested the fixed factors of ‘Year’ (varies with location, Appendix Table 3.1) and ‘Status’ 

(Reserve and Fished), and their interaction. Site averages were treated as replicates. A 

univariate form of PERMANOVA with averaged data was used instead of GLMM, due to 

difficulties with model convergence arising from the high zero-inflation in each location’s 

multiyear datasets. 

http://www.fishbase.org/
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 Variation in the biomass of C. auratus between reserve and fished sites was also 

examined to take into account the size-selective nature of fishing on this species (minimum 

legal size of 30 cm fork length). Biomass was calculated using length-weight relationship data 

from FishBase (www.fishbase.org), and averaged by site. However, size data was not available 

to calculate biomass at Leigh in 2002 and Hahei in 2010, 2012, 2014 and 2016. Untransformed 

site averages were used to construct a Euclidean distance matrix, and using 9999 permutations 

of residuals, univariate PERMANOVAs tested the fixed factors of ‘Status’ and ‘Year’, and 

their interaction.  

 Multivariate analyses and univariate PERMANOVAs were conducted in PRIMER-e 

v7 (Clarke & Gorley 2015) with the PERMANOVA+ add-on (Anderson et al. 2008), GLMs 

and GLMMs were conducted in R version 3.4.2 (R core team, 2017), with the packages “lme4” 

(Bates et al. 2015) and “glmmTMB” (Brooks et al. 2017) respectively. 

3.3 Results 

3.3.1 Differences in reef fish between reserve and fished sites 

 Reef fish assemblages differed among locations and with reserve status in 2018, and 

there was no interaction effect, with or without snapper C. auratus included (Table 3.1A). Pair-

wise PERMANOVA tests of ‘Location’ and ‘Status’ revealed that the reserve assemblages at 

all pairings of locations were significantly different. There was no clear clustering of reserve 

and fished sites, but there was a general separation of Hahei sites on the left of the ordination, 

whereas Leigh and Tāwharanui sites were more tightly grouped on the right (Figure 3.2). Pair-

wise PERMANOVA tests of ‘Location’ revealed that all locations were significantly different 

from one another. A number of species including Bodianus unimaculatus, Meuschenia scaber, 

Notolabrus fucicola, Obliquichthys maryannae and Scorpis violacea, tended to be more 

common at Hahei (Figure 3.2). In contrast, Leigh and Tāwharanui contained greater 

abundances of Upeneichthys lineatus and Notolabrus celidotus. In general, there was 

considerably greater variation in reef fish assemblages among sites at Hahei, compared to 

Leigh and Tawharanui. 

 Comparison of reef fish density inside and outside reserves in 2018 revealed a variety 

of responses to protection among different target species and among locations (Table 3.1B, 

Figure 3.3A).  Four target species showed an overall positive reserve effect across all locations: 

Chrysophrys auratus, Cheilodactylus spectabilis, Girella tricuspidata and Meuschenia scaber. 

http://www.fishbase.org/
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Abundances of snapper Chrysophrys auratus were greater under reserve protection at all three 

locations: on average 1.5 (1.3-1.7, 95% CI) times greater in Leigh, 1.3 (1-1.8, 95% CI) times 

greater in Tāwharanui, and 4 (2.9-5.7, 95% CI) times greater in Hahei, and snapper were larger 

in all reserves (Appendix Figure 3.1). A universal, but weaker positive effect was also detected 

for Cheilodactylus spectabilis, with slightly greater abundances in the reserves: 1.3 (1-1.5, 95% 

CI) times greater in Leigh, 1.5 (1.2-2.2, 95% CI) times greater in Tāwharanui and 1.5 (1-2.2, 

95% CI) times greater in Hahei. C. spectabilis body sizes were slightly larger in reserves 

(Appendix Figure 3.1). Abundances of the herbivore Girella tricuspidata were on average 10.9 

(6.7-19.4, 95% CI) times greater in Leigh Marine Reserve and 2.3 (1.7-3.1, 95% CI) times 

greater in Hahei Marine Reserve, and this species was only recorded within the reserve at 

Tāwharanui. While there was an overall reserve effect for Meuschenia scaber (Table 3.1B), 

densities were on average 2.3 (1.6-3.2, 95% CI) times greater in the Leigh and 2.5 (1.1-6, 95% 

CI) times greater in the Tāwharanui Marine Reserves, but were not significantly greater inside 

the Hahei Marine Reserve.  

 For other target species, some were absent in one or more reserves (e.g. Bodianus 

unimaculatus) and for others the response varied among reserves (Odax pullus, Parapercis 

colias and Scorpis violacea). A clear positive reserve effect on B. unimaculatus densities was 

detected at Hahei, but this species was not recorded at Leigh or Tāwharanui. The effect of 

protection varied for O. pullus, with 4.2 (1.8-11.2, 95% CI) times greater densities in Leigh 

Marine Reserve, no individuals recorded at Tāwharanui, and lower densities were recorded in 

Hahei Marine Reserve compared to the adjacent fished areas. Parapercis colias was only 

recorded at reserve sites in Leigh and Tāwharanui and absent from fished sites, whereas at 

Hahei densities were low and there was no discernible effect of reserve status on abundance. 

At Leigh, all P. colias were 25-35 cm (total length) and at Tāwharanui the species was 

represented by a single 40 cm individual, while at Hahei, both reserve and fished area 

populations contained sublegal-sized fish (< 30 cm fork length) (Appendix Figure 3.1). Finally, 

Scorpis violacea densities were 6.7 (5.4-8.3, 95% CI) times greater in Leigh Marine Reserve, 

but densities were lower in Hahei Marine Reserve compared to fished areas (Table 3.1B, Figure 

3.3A).  

 Only one non-target species, Kyphosus sydneyanus, showed an overall effect of 

protection across the three locations (Table 3.1B), being more abundant in reserves (Figure 

3.3B). Densities of this herbivore were 8.4 (6.4-11.2, 95% CI) times greater in Leigh Marine 

Reserve compared to fished sites, 2.6 (1.7-4, 95% CI) times greater in Hahei Marine Reserve 
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compared to fished sites, and the species was only observed at reserve sites at Tāwharanui. The 

small labrid Notolabrus celidotus was common across all locations, but varied in its response 

to protection among locations (Table 3.1B, Figure 3.3B). At Leigh, N. celidotus densities at 

reserve sites were half (0.4-0.6, 95% CI) of those in fished areas, whereas at Tāwharanui 

abundances were 1.5 (1.2-1.9, 95% CI) times greater in the reserve. There was no effect of 

protection at Hahei for this species. The small-bodied benthic predator Chironemus 

marmoratus was more common in Leigh Marine Reserve and only recorded once at fished 

sites, and was exclusively recorded at reserve sites at Tāwharanui, but no effect of reserve 

status was detected at Hahei. Abundance of the planktivore Scorpis lineolata were 1.6 (1.5-1.7, 

95% CI) times greater in the reserve compared to fished sites at Leigh, whereas at Hahei, where 

densities of schooling plantivorous fishes like S. lineolata and S. violacea are generally higher 

(Figure 3.2), densities were 7.0 (6.4-7.5, 95% CI) times greater in the marine reserves. At 

Tāwharanui, S. lineolata densities in the reserve were a tenth (0.1-0.18, 95% CI) of those of 

fished areas. Other potential reserve effects were limited to just one of the three locations. In 

Leigh Marine Reserve, densities of Notolabrus fucicola were 1.9 (1.1-3.4, 95% CI) times 

greater than at adjacent fished areas, while Upeneichthys lineatus densities in the reserve were 

half (0.4-0.6, 95% CI) those in fished areas. In Hahei Marine Reserve, the planktivore Chromis 

dispilus was 2.3 (2.2-2.5, 95% CI) times more abundant than in adjacent fished areas, and 

Aplodactylus arctidens was common, but only recorded once in fished areas (Table 3.1B, 

Figure 3.3B).
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Table 3.1. Analysis of differences in reef fish assemblages (A) individual species density (B) and snapper biomass (C) between fished areas and reserve areas at the three 

locations in 2018. Multivariate analyses of reef fish assemblages using PERMANOVA, Pseudo-F values and statistical significance reported (A), analyses of individual 

species densities (B) and snapper Chrysophrys auratus biomass (C) used GLMMs, reported as Chi-square value and statistical significance of model terms (B). Interaction 

terms with high P-values were excluded, and are denoted by cells marked “ns”. Significance levels: *, P < 0.05; **, P < 0.01; ***, P < 0.001. 

A      

Reef fish assemblage 
 

Location Status Location x Status Site(Location x Status) 

All species 
 

7.35*** 2.51* ns 4.02*** 

All species excluding snapper 
 

7.84*** 2.38* ns 3.67*** 

 

B 

     

Target species 
 

Location Status Location x Status Site(Location x Status) 

Cheilodactylus spectabilis 
 

χ2=23.0*** χ2=5.2* ns χ2=9.9** 

Chrysophrys auratus 
 

χ2=12.5** χ2=5.0* ns χ2=350.7*** 

Girella tricuspidata a  χ2=6.0* χ2=5.5* ns χ2=291.8*** 

Meuschenia scaber 
 

χ2=13.1** χ2=6.7** ns χ2=277*** 

Odax pullus b  χ2=9.7** χ2=0.6 ns χ2=7.9* χ2=12.1*** 

Scorpis violacea b  χ2=10.4** χ2=0.1 ns ns χ2= 1995.6*** 
      

Non-target species 
     

Aplodactylus arctidens b 
 

χ2=4.6 ns χ2=0.01 ns ns χ2=4.7* 

Chromis dispilus 
 

χ2=10.6** χ2=0.09 ns ns χ2=4398.8*** 

Kyphosus sydneyanus a  χ2=6.6* χ2=8.7** ns χ2=291.8*** 

Notolabrus celidotus 
 

χ2=0.9 ns χ2=0.1 ns χ2=8.8* χ2=153.8*** 

Notolabrus fucicola 
 

χ2=18.4*** χ2=1.9 ns ns χ2=34.3*** 

Scorpis lineolata 
 

χ2=12.0** χ2=0.6 ns ns χ2=11099*** 

Upeneichthys lineatus 
 

χ2=10.2** χ2=1.7 ns ns χ2=120.7*** 

 

C 

     

Snapper biomass  Location Status Location x Status Site(Location x Status) 

  χ2=0.2 ns χ2=14.6*** χ2=0.27 ns χ2=14.5*** 

a, Species was rare in Tāwharanui, only Leigh and Hahei analysed  b, Species not recorded in Tāwharanui, only Leigh and Hahei analysed. 
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Figure 3.2. Non-metric multidimensional scaling (nMDS) showing variation in reef fish assemblages in 2018, in the marine reserve and fished 

areas of Leigh, Tāwharanui and Hahei. Based on dispersion weighted and square root-transformed abundaces of 31 species, and Bray-Curtis 

dissimilarity. Points represent site centroids, calculated from replicate transects. The vector plot represents the Pearson correlations of individual 

species (correlation >0.3).
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 Figure 3.3. Effect sizes of marine reserve abundance compared to fished area abundance in 2018, with 95% confidence intervals, plotted on Log10 axes for (A) Targeted 

species, (B) Non-target species. Colours indicate species feeding types. Targeted species status was defined based on the species’ presence in New Zealand’s Quota 

Management System, or reports of the species as an intentional catch. ∞, species that were only recorded in the given management area; +, species that were only recorded on 

one transect in a fished area and could not be analysed; -, species that were only recorded on one transect in the marine reserve and could not be analysed.
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3.3.2 Variation in reef fish over time 

 There was a significant effect of reserve protection on reef fish assemblages in each 

location and this remained consistent over time, regardless of whether snapper were included 

or not (Table 3.2A). The evidence of an effect of reserve status (based on P-value) was greatest 

at Leigh (Table 3.2A, Figure 3.4A), and weakest at Tāwharanui (Table 3.2A, Figure 3.4B), but 

comparisons of estimated sizes of components of variation revealed that reserve status, while 

statistically significant contributed the least to assemblage dissimilarities in the Hahei time 

series (Table 3.2A, Figure 3.4C). There was considerable variation among years (Table 3.2A, 

Figure 3.4), but at all locations the greatest source of variation in fish assemblage structure was 

found at the level of individual replicate transects. There was a general shift in Leigh reef fish 

assemblages between 2002 and 2003, driven in part by a dramatic increase in abundances of 

the small labrid Notolabrus celidotus at both reserve and fished sites (Figure 3.4A, Appendix 

Figure 3.2). Although only three surveys were undertaken at Tāwharanui, a large shift in 

assemblages at fished sites between 2011 and 2018 was largely due to the occurrence of small 

numbers of the aplodactylid Aplodactylus arctidens and labrid Coris sandeyeri, both of which 

were absent from prior surveys. The shift over time in Hahei’s fished and marine reserve 

assemblages appears to be linked to increasing abundances of the targeted herbivore Girella 

tricuspidata and the plantivores C. dispilus, S. lineolata and S. violacea (Figure 3.4C). 

 Data from multiple surveys in each location were used to investigate the longer-term 

patterns in targeted species populations. Densities (Table 3.2B, Appendix Figure 3.2) and 

biomass (Table 3.2C, Figure 3.5) of snapper C. auratus were greater in all three marine 

reserves, but the effect of reserve status varied among years at Leigh and Hahei. At Leigh, 

snapper biomass in the reserve fluctuated over time, but remained consistently higher than at 

fished sites. At Tāwharanui, snapper biomass in the reserve was lower than at Leigh, but 

increased slightly across the three surveys from 2008-2018 (Figure 3.5). At Hahei, biomass in 

the reserve was very low between 2003 and 2006, but increased dramatically in the 2018 

surveys while fished area biomass remained low (Figure 3.5). Densities of Cheilodactylus 

spectabilis were consistently greater in Leigh and Tāwharanui marine reserves, but densities 

were generally lower at Hahei and there was no statistically significant effect of reserve status 

(Table 3.2B). However, C. spectabilis densities at Hahei’s fished sites declined steadily 

between 2003 and 2018, and tended to be lower than at reserve sites in recent surveys 

(Appendix Figure 3.2). The blue cod Parapercis colias occurred at low densities at all 

locations, although a positive reserve effect was consistent over time in Leigh (Table 3.2B, 
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Appendix Figure 3.2), and a weakly positive reserve was detected in Tāwharanui (Table 3.2B); 

where no individuals were recorded in fished areas in 2011 or 2018 (Appendix Figure 3.2). At 

Hahei, no such effect existed (Table 3.2B), with similar, low densities recorded in reserve and 

fished areas across all surveys (Appendix Figure 3.2). A weakly positive effect of reserve 

protection on densities of Girella tricuspidata was detected across the Leigh and Hahei 

surveys, with no effect detected in Tāwharanui (Table 3.2B). Densities in the Tāwharanui 

Marine Reserve in 2011 were greater than those recorded in fished areas, and the species was 

only recorded in the reserve in 2018 surveys (Appendix Figure 3.2). No consistent effects of 

reserve status on Odax pullus densities were recorded in Tāwharanui and Hahei (Table 3.2B, 

Appendix Figure 3.2), whereas densities in the Leigh Marine Reserve fluctuated from 2000-

2003, before increasing and remaining greater than fished area densities from 2005-2018. The 

wrasse Bodianus unimaculatus was rarely detected in the Leigh surveys and absent from all 

three Tāwharanui surveys. At Hahei densities were low and variable, however densities were 

greater in the marine reserve than the adjacent fished areas in the most recent surveys (Table 

3.2B, Appendix Figure 3.2). While an overall positive effect of reserve protection on 

Meuschenia scaber was detected in 2018, this effect was not evident in the time series at any 

of the locations (Appendix Figure 3.2).  

 Among non-targeted species, Kyphosus sydneyanus responded to protection most 

strongly in Leigh and Hahei (Table 3.2B), with increases in the reserve densities over time in 

both locations (Appendix Figure 3.2). In the three surveys conducted at Tāwharanui from 2008-

2018, K. sydneyanus was rare, but this species was more abundant in the reserve in 2011 and 

only detected in the reserve in 2018. Notolabrus celidotus densities were greater in Leigh fished 

areas across the time series (Table 3.2B, Appendix Figure 3.2), but this effect was not detected 

at Tāwharanui or Hahei. In all three locations, N. celidotus densities declined over time. 

Notolabrus fucicola densities were variable among locations and over time. At Tāwharanui and 

Hahei there was a statistically significant reserve effect, with greater densities in fished areas 

(Table 3.2B). In Tāwharanui, this effect was weak, driven almost entirely by higher fished area 

densities in 2011, and similarly in Hahei, the pattern was largely caused by higher numbers in 

fished areas in 2006 and 2010 (Appendix Figure 3.2). There was a strong, negative effect of 

reserve protection on Upeneichthys lineatus densities in Leigh, and a weakly negative effect in 

Hahei (Table 3.2B, Appendix Figure 3.2). No such pattern was detected in Tāwharanui, 

although fished area densities were slightly greater than their reserve counterparts in 2008 and 

2011 (Appendix Figure 3.2). Although there was limited evidence for a possible negative 
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reserve effect on Chironemus marmoratus density in Leigh and Tāwharanui in 2018 (Figure 

3.3B), longer-term evidence of this pattern could only be detected in Hahei, although overall 

densities were low (Table 3.2B, Appendix Figure 3.2).
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Table 3.2. Analysis of differences in reef fish assemblages (A) individual species density (B) and snapper biomass (C) between fished areas and reserve areas at the three 

locations over time. Multivariate analyses of reef fish assemblages using PERMANOVA (A), analyses of individual species densities (B) and snapper Chrysophrys auratus 

biomass (C) using univariate PERMANOVA, all with Pseudo-F values and statistical significance reported. Interaction terms with high P-values were excluded, and are 

denoted by cells marked “ns”. Blue cells denote species that were more abundant in the reserve, red cells denote species that were more abundant in fished areas. Significance 

levels: *, P < 0.05; **, P < 0.01; ***, P < 0.001. 
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Figure 3.4. Non-metric multidimensional scaling (nMDS) based on dispersion weighted and 

square root-transformed abundance of 47 species and distance among centroids of surveys in 

(A) Leigh, (B) Tāwharanui, (C) Hahei. Points represent the centroids of fished area and 

marine reserve reef fish assemblage structure in each survey year. The vector plots represent 

the Pearson correlations of individual species (correlation >0.3). 
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Figure 3.5. Snapper Chrysophrys auratus biomass (kg) per 125 m2 transect (mean ± se) in 

Leigh, Tāwharanui and Hahei in autumn surveys only. Suitable size data was not available 

for all survey years.
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3.3.3 Spatial variation in reef habitat types 

 Clear contrasts were evident in the distribution of reef habitats between reserve and 

fished sites at Leigh and Tāwharanui in 2018, but this was less evident at Hahei (Figure 3.6). 

At Leigh and Tāwharanui, urchin barrens were common at fished sites in the shallow (< 4 m) 

and mid (4-8 m) depth zones, whereas these depths were dominated by mixed algae and kelp 

forest at reserve sites. At Hahei urchin barrens were absent in the reserve, but only covered a 

relatively low proportion of the reef at fished sites (< 11% of transects).  

 

Figure 3.6. Differences in habitat composition at sites in the three marine reserves (A) and 

their corresponding fished areas (B). Percentage of transects classified by the main habitat 

types in each depth class (Shallow: < 4 m, Mid: 4 - 8 m, Deep 8 - 16 m). Habitat types: MA = 

Mixed algae, UB = Urchin barrens, TF = Turfing algae flats, KF = Kelp forest.
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3.4 Discussion  

 The reef fish assemblages were similar at Leigh and Tāwharanui, and distinct from 

those found at Hahei where more subtropical species and schooling planktivores were found. 

Leigh and Tāwharanui are geographically close and sites within each location have similar 

wave exposure levels (Shears et al. 2008). In contrast, Hahei is located on the eastern side of 

the Coromandel Peninsula, which may be more strongly influenced by the East Auckland 

Current. The East Auckland Current is formed by a fraction of the Tasman Front flow 

(Uddstrom & Oien 1999), which flows south-east along the continental slope between New 

Zealand’s North and East Capes (Brook 2002). This flow of warmer water primarily influences 

the more subtropical fish communities at offshore islands, bringing warmer water species 

(Francis et al. 1999), but is capable of intrusions into coastal waters at exposed headlands and 

contributing to distinct fish assemblages (Sharples 1997; Brook 2002). In addition, the sites at 

Hahei span a larger gradient in wave exposure than at Leigh and Tāwharanui, and this coincided 

with a greater variation in reef fish assemblages. With differing fish assemblages and greater 

numbers of warm-water species at Hahei, we might expect to see differing responses to 

protection compared to the other reserves. The gradient in environmental conditions among 

sites also complicates direct comparisons between reserve and fished sites.   

 Patterns consistent with direct reserve effects on target species were common, with the 

majority of harvested species having consistently higher densities in one or more of the marine 

reserves. Our results add to the wealth of literature that describes a strong direct effect of 

reserve protection on snapper C. auratus in New Zealand (e.g. Babcock et al. 1999; Willis et 

al. 2003; Denny et al. 2004; Langlois et al. 2005; Taylor et al. 2011; Edgar et al. 2017). Snapper 

abundance, biomass and body size were consistently greater in reserves, all commonly used 

measures of a positive reserve effect (e.g. Lester et al. 2009). Few snapper larger than the legal 

minimum size were observed in fished areas (Appendix Figure 3.1), although this could simply 

be an effect of snapper behaviour. Likely due to a history of visitors feeding fish, snapper in 

the Leigh Marine Reserve exhibit diver positive behaviour, while snapper in fished areas are 

generally diver-negative, which may cause unreliable estimation of densities by UVC (Willis 

et al. 2000). However, our results were broadly consistent with baited underwater video studies, 

which avoid this limitation (e.g. Willis & Babcock 2000; Denny et al. 2003; Willis et al. 2003).  

 Cheilodactylus spectabilis is also a large, benthic predatory species, commonly found 

in each location, but the direct effect of protection described was not as strong as that seen for 
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snapper. C. spectabilis is not among the most popular target species, but may be harvested 

directly by speargun or setnet, or as bycatch in lobster pots (Ayling 1978; Cole 1994). Previous 

studies have similarly reported greater C. spectabilis body sizes (McCormick & Choat 1987) 

and abundances (Cole et al. 1990) under reserve protection. At Hahei, the effect was weakest, 

although densities in fished areas declined over time and individuals recorded in 2019 were 

mostly sublegal size (Appendix Figure 3.1). While the popularity of spearfishing has generally 

increased, without detailed recreational catch data it is unknown whether increased 

spearfishing pressure outside the reserve has driven this decline. However, if spearfishing 

continues to increase, common, large-bodied species such as C. spectabilis will become 

increasingly vulnerable, and reserves may play a greater role in protecting these highly resident 

species.  

 Direct effects of reserve protection on Parapercis colias size and densities have 

previously been described in the Leigh Marine Reserve, but this is a cooler water species and 

it has been shown to respond strongly to protection in southern New Zealand (Cole et al. 1990; 

Cole et al. 2000; Davidson 2001; Pande et al. 2008; Diaz Guisado et al. 2012; Eddy et al. 2014). 

Trends in the Leigh Marine Reserve suggest a long-term decline in biomass and abundance 

(Chapter II), which may be a result of a long-term shift in seasonality at Leigh, with gradually 

warming May and June temperatures (Shears & Bowen 2017). It is unknown whether P. colias 

has experienced similar long-term declines in Tāwharanui and Hahei, but low densities were 

recorded in all surveys included in this study. We describe a direct effect of protection on P. 

colias density in Leigh and a weak effect in Tāwharanui, which may represent the value of 

reserve protection for these vulnerable northern populations, although it is unclear why no 

effects of reserve status were detected in Hahei. Fishing of large P. colias poses a secondary 

problem to this protogynous fish, as it is capable of dramatically altering the community sex 

ratio via sex inversion (Beentjes & Carbines 2005). Further work is required to understand how 

multiple interacting stressors may affect northern P. colias populations in the future, and the 

extent to which marine reserve protection can ameliorate them.    

 A potential direct effect of reserve protection on densities of the targeted herbivore O. 

pullus in Leigh was not shared with Tāwharanui or Hahei. O. pullus is a popular target species 

among spearfishers, and feeds directly on both Ecklonia radiata and Carpophyllum spp. 

(Clements & Choat 1993). As a targeted herbivore, a positive reserve effect in Leigh could be 

a direct effect of protection from fishing or an indirect effect of habitat facilitation. A direct, 

positive effect of reserve protection has been reported for O. pullus in Kapiti Marine Reserve, 
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on the south-western coast of New Zealand’s North Island (Eddy et al. 2014). While no reserve 

effect was detected in Tāwharanui or Hahei, large individuals over the legal size limit (35 cm 

fork length) were more common in the Hahei Marine Reserve compared to fished areas in 

2018. The recorded densities were low throughout this study, chiefly represented by clusters 

of O. pullus at suitable sites. These fish are relatively cryptic (Willis 2001), and may be 

underestimated by this UVC method (Willan et al. 1979). Furthermore, O. pullus is closely 

associated with shallow, mixed algae (Trip et al. 2014) and densities are affected by small-

scale habitat differences between sites, including differences in wave exposure (Meekan & 

Choat 1997). The highest densities found in this study occurred at sites outside the reserve at 

Hahei, including the eastern side of Mahurangi Island, which is highly exposed and the kelp 

Lessonia variegata (associated with exposed locations) is common. Future investigation is 

needed, requiring more targeted sampling of suitable sites and analysis of site-specific 

characteristics, to better assess whether reserve protection affects this species.  

 The positive effect of reserve status on Girella tricuspidata densities across all three 

reserves was a novel and perhaps surprising finding. This herbivore is not a popular target 

species but was introduced into New Zealand’s Quota Management System in 2004 as a 

common bycatch species in setnet fisheries. However, in New South Wales, Australia, G. 

tricuspidata is heavily targeted both recreationally and commercially, and abundances and 

body sizes of this species are greater in marine reserves (Ferguson et al. 2016). As individuals 

exhibit close site fidelity (Ferguson et al. 2013), G. tricuspidata is more likely to benefit from 

protection in small marine reserves than wider-ranging target species.  

 The wrasse B. unimaculatus is not part of New Zealand’s Quota Management System 

and is not subject to any minimum size restrictions, but may be caught by line or spearfishers. 

This species was rarely observed at Leigh or Tāwharanui, but at Hahei the species was 

common, and more abundant in the marine reserve. B. unimaculatus is a predominantly warmer 

water species, associated with greater wave exposure (Denny 2005), and the higher densities 

at Hahei may be due to its closer proximity to the East Auckland Current. Densities in Hahei’s 

fished areas and the marine reserve diverged in recent years, potentially representative of a 

gradual, positive effect of protection. Greater abundances of B. unimaculatus have previously 

been described in Mimiwhangata Marine Park (Denny & Babcock 2004), where the species 

may benefit from fishing regulations. These wrasses are slow-growing after maturity and long-

lived reef residents (Stewart 2011), and are thus particularly vulnerable if targeted by fishers, 
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and as reef residents, would be correspondingly likely to benefit from local-scale spatial 

protection.   

 Direct reserve effects on target species appear to be widespread, with the strongest 

effect acting on the most heavily fished species, the snapper Chrysophrys auratus. However, 

the majority of the target species that appeared to respond to reserve status are not highly 

sought-after targets, and some are strongly influenced by localised site characteristics (e.g. 

Odax pullus), with habitat preferences that may influence or obscure reserve effects. Other 

favoured target species that maintain close reef residency like snapper (Willis et al. 2000) (e.g. 

Nemadactylus douglasii, Parapercis colias, Zeus faber) were uncommon in these coastal 

marine reserves, and were infrequently observed in this study. Strong responses to reserve 

protection are in part dependent on harvest selectivity prior to protection (Barnett & Baskett 

2015), and multiple species may respond strongly to protection where multiple common 

species are frequently targeted, or less selective fishing methods like netting and fish trapping 

are widespread (e.g. Russ & Alcala 1989).  

 Possible indirect effects of reserve protection acting on non-target species were more 

variable over time, and harder to separate from underlying habitat differences. The only 

potential global indirect effect detected in 2018 was the increased abundance of non-targeted 

herbivore Kyphosus sydneyanus under protection, although longer-term data showed that this 

effect was only strong in Leigh and Hahei. Although this indirect effect did not seem to persist 

over multiple years in Tāwharanui, only three surveys were conducted during the 10-year 

sampling period, and future monitoring is necessary to understand local variation in this 

potential response. K. sydneyanus feeds directly on kelp Ecklonia radiata (Jones 2013; Moran 

& Clements 2002) and may benefit from the greater availability of macroalgae under reserve 

protection, via habitat facilitation (sensu Menge 1995). The higher abundance coincides with 

the higher kelp cover and reduced cover of urchin barrens in each reserve. However, at Hahei 

there is a relatively small difference in kelp cover between reserve and fished sites, so it is 

unlikely that this is the sole explanation for higher K. sydneyanus abundance in the reserve. K. 

sydneyanus is not considered a common target species in New Zealand, but the species is 

targeted by fishers in New South Wales, Australia, and body sizes were larger under no-take 

protection at Jervis Bay Marine Park, consistent with a weak direct effect (Ferguson et al. 

2016). As with O. pullus, more work is needed to better understand the importance of site level 

characteristics and to differentiate potential direct and indirect effects.  
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 The non-targeted wrasse Notolabrus fucicola was more abundant at Tāwharanui and 

Hahei fished areas. It has been suggested that this species is positively associated with urchin 

barrens (Anderson & Millar 2004), so a negative reserve effect may be expected due to habitat 

inhibition (sensu Menge 1995). Similarly to snapper, N. fucicola is a generalist predator that 

feeds on benthic invertebrates (Denny & Schiel 2001), and a negative reserve effect could also 

indicate an indirect effect via competition. However, neither of these proposed indirect effect 

pathways can explain why no such pattern was detected for N. fucicola in Leigh. The species 

is most frequently recorded at more exposed sites (Denny 2005), and the pattern recorded in 

Hahei may alternately be explained by the species’ fidelity to the shallow, more exposed sites 

in the fished area to the east of the reserve. In the 2018 survey, N. fucicola was most common 

at one of the most exposed shallow sites in the Hahei fished area.   

 The mullid Upeneichthys lineatus was more common in Leigh and Hahei fished areas, 

with no apparent effect of reserve status in Tāwharanui. This effect was not statistically 

significant in Hahei, where overall U. lineatus densities were consistently very low compared 

to Leigh. The species is not thought to be closely associated with urchin barrens or kelp forests 

(Anderson & Millar 2004), instead feeding over soft sediment adjacent to reefs, where they 

share a similar distribution and diet to juvenile snapper (Ross et al. 2007). With no strong 

habitat associations, lower U. lineatus densities in marine reserves could be due to predation 

by snapper, as the diet of large snapper includes smaller fishes (Colman 1972; French et al. 

2012; Godfriaux 1969; Russell 1983), but further work is required to investigate this possible 

relationship. 

 A negative effect of reserve protection on the small, non-targeted labrid N. celidotus 

described in Leigh Marine Reserve (Chapter II) was not evident in Tāwharanui or Hahei. 

Antagonistic interactions between snapper and N. celidotus, in which snapper were dominant, 

have been described by Jones (1984b), and the small-bodied juveniles might be a prey item. 

However, densities of N. celidotus were similar across the three locations, and large snapper 

were more common in all three marine reserves, so it is unclear why this pattern would not be 

ubiquitous if it is an indirect reserve effect. N. celidotus densities are higher in sheltered areas 

with low wave exposure (Denny 2005), and exposure gradients across survey sites may explain 

the species’ distribution in these three locations. While the non-targeted Chironemus 

marmoratus was slightly more common in Hahei’s fished areas, this effect was not found in 

Leigh or Tāwharanui. C. marmoratus is often associated with urchin barrens (Anderson & 

Millar 2004), and could hypothetically experience habitat inhibition with the dominance of 
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macroalgae under snapper recovery. However, their densities were similar across all locations 

and it is unclear why this habitat effect would be unique to Hahei, where urchin barren cover 

in fished areas is comparatively low. As with N. celidotus, fine-scale differences in habitat 

suitability may explain spatial distributions better than fishing-related indirect effects.  

 In all locations, urchin barrens were more common in fished areas, while marine reserve 

reef habitats were dominated by kelp forests and mixed algae. Species associations with biotic 

habitats like urchin barrens and kelp forests have been described in northeastern New Zealand 

(Choat & Ayling 1987; Anderson & Millar 2004), and hypothesised indirect effects of reserve 

protection include bottom-up effects of habitat structure on fish, as urchin barrens are replaced 

by macroalgae (Jones 2013). If species are closely associated with specific habitat types, we 

might expect results indicative of strong habitat effects, for example, higher densities of urchin 

barrens-associated, non-targeted species in all fished locations. In general, indirect effects were 

not evident across all three reserves. In the case of K. sydneyanus, other mechanisms of change 

cannot be ruled out, with minimal evidence for any reserve effect at Tāwharanui, despite the 

greater kelp forest cover in the reserve. These results suggest a number of species are more 

likely influenced by site-level variation in other habitat factors, rather than variation caused by 

reserve status (e.g. Quaas et al. 2019). By definition, indirect effects on non-targeted species 

are mediated by multiple trophic or behavioural interactions, and may be overwhelmed or 

obscured by the influences of environmental variation (Wootton 1994). While further analysis 

could tease out potential indirect impacts, these effects appear relatively subtle and may be of 

low importance in driving spatial variation in these species. Previous studies have suggested 

that indirect effects are just as common and of similar magnitude to direct effects (Babcock et 

al. 2010), but the majority of these case studies involved indirect effects on invertebrates, and 

the same might not be as widely applicable to reef fish. While studies that test for indirect 

effects on non-target fishes are uncommon, results from some marine reserves have reported a 

lack of strong, consistent reserve effects on species that are non-targets, or are infrequently 

caught as bycatch (e.g. Tetreault & Ambrose 2007; Kleczkowski et al. 2008; Thiault et al. 

2019) 

 Multiple species responses to reserve protection identified in our 2018 surveys were 

consistent over time, in multiple reserves. However, this “snapshot” view was not able to 

accurately identify all possible reserve effects, and longer-term patterns showed that some 

responses were not consistent over time. For example, spatial comparisons showed that 

Meuschenia scaber densities were higher in reserve areas in 2018, but time series data at each 
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location revealed that this was not due to a positive effect of protection. This study highlights 

the importance of the long-term monitoring of marine reserves to understand the trajectories of 

reef fish community change, and reiterates the limitations of the common single-point-in-time 

comparison sampling design (Miller & Russ 2014).  

 Strong fishing pressure has large impacts on the abundance and size of targeted species, 

manifested as strong direct effects in no-take marine reserves. The indirect effects that flow-on 

from target species recovery can be powerful (Babcock et al. 2010), but for northeastern New 

Zealand’s reef fishes, they appear to be weaker than the direct impacts of harvesting, and are 

more likely to be obscured or modified by environmental variation. For targeted species that 

are highly resident, with specific habitat associations (e.g. Odax pullus), environmental 

variation may similarly obscure fishing effects in spatial comparisons of marine reserve and 

fished areas. Marine reserves are able to provide clear insights into the direct effects of fishing, 

but this research demonstrated that ecosystem-level or indirect effects of fishing on reef fish 

assemblages are complex and difficult to detect. Monitoring of multiple marine reserves is 

essential to understand how time and regional environmental context may modify the effects 

of fishing, and to inform future management of marine ecosystems. Fishing trends, existing 

environmental gradients, and fish population demographics are all subject to change, and 

without such research, the flow-on ecological consequences of anthropogenic use proceed in 

unknown directions. 
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CHAPTER IV 

Reconciling the effects of marine reserve protection and tropicalisation on reef 

fish in an iconic New Zealand Marine Reserve 

 

4.1 Introduction 

 The impacts of anthropogenic climate change include rapidly warming global sea 

surface temperatures (Belkin 2009), capable of driving shifts in species distributions (Perry et 

al. 2005; Richardson 2008; Cheung et al. 2009; Molinos et al. 2016). In marine ecosystems, 

the effects of warming and changing species distributions can result in tropicalisation, wherein 

tropical and subtropical species extend their range poleward and in some cases trigger phase 

shifts on temperate reefs (Vergés et al. 2014). In kelp-dominated temperate areas, the long-

term process of tropicalisation includes the poleward retreat of temperate macroalgae 

(Wernberg et al. 2011), which can be exacerbated by climate events like the collapse of kelp 

forests under marine heatwaves (Wernberg et al. 2016). On tropicalised reefs, the concurrent 

expansion of tropical species ranges and retraction of temperate species ranges leads to an 

increase in overall species richness (Elahi et al. 2015; Vergés et al. 2016; Wernberg et al. 2016). 

Initially this creates a state of inflated biodiversity, with mixed temperate and tropical 

characteristics, before temperate species are lost from the system in the longer term and 

replaced entirely by the warmer water species (Vergés et al. 2019). 

 Although marine reserves are not a panacea for protecting marine ecosystems (Allison 

et al. 1998), long-term reserve protection has been linked to the restoration of ecosystem 

function (Cheng et al. 2019), including the top-down indirect effects of predator recovery 

(Babcock et al. 2010). The community-level effects of restoration include increased ecological 

resilience (Babcock et al. 2010; Barnett & Baskett 2015). More resilient communities within 

marine reserves may be better equipped to resist large scale perturbations including marine 

diseases (Lamb et al. 2015 & 2016), and some of the effects of climate change (e.g. Micheli et 

al. 2012; Bernhardt & Leslie 2013; Roberts et al. 2017). Even in locations where the 

tropicalisation of reef communities has been detected, protection from fishing can preserve 

distinct assemblage characteristics over time (Malcolm & Ferrari 2019). Under protection, 

levels of predation are generally considered higher owing to the recovery of large fish (Edgar 
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& Stuart-Smith 2009; Lester et al. 2009), which may reduce the settlement success of warmer 

water species and help mitigate the potential impacts of tropicalisation (Bates et al. 2014a). 

 Long-term marine reserves can be found in temperate regions globally (Stewart et al. 

2009), but the vulnerability of many of these protected ecosystems to the long-term 

tropicalisation of their fish assemblages is poorly understood. In northern New Zealand, the 

recovery of targeted predators such as snapper (Chrysophrys auratus) and spiny lobster (Jasus 

edwardsii) has been widely demonstrated in in marine reserves (Babcock et al. 1999; Kelly et 

al. 2000; Davidson et al. 2002; Willis et al. 2003; Denny et al. 2004; Langlois et al. 2005; 

Taylor et al. 2011). This recovery of predators has also been linked to the restoration of kelp 

forests within marine reserves, as predators reduce macroalgal grazing by sea urchins (Shears 

& Babcock 2002 & 2003; Shears et al. 2008; Leleu et al. 2012). It is unknown whether the 

ecosystems within marine reserves will be more resistant to tropicalisation. 

 The occurrence of tropicalisation has not been assessed in New Zealand waters. Based 

on satellite data spanning the last 3-4 decades, coastal waters are warming around New Zealand 

(Sutton & Bowen 2019), and a marine heatwave in 2017/18 was the largest ever recorded in 

New Zealand (Salinger et al. 2019). However, there is considerable regional variability in 

coastal warming trends and few longer-term records available to better understand the longer-

term persistence and rates of warming around New Zealand (Shears & Bowen 2017). While 

long-term warming in northern New Zealand may be expected to aid vagrant subtropical 

species that arrive in warm water currents, long-term records suggest minimal warming in this 

region (Shears & Bowen 2017) and satellite data show considerably lower rates of warming 

than areas such as southeastern Australia (Sutton & Bowen 2019), where substantial increases 

in tropical species have been observed over the last 16-18 years (e.g. Booth et al. 2018; Fowler 

et al. 2018).  

 Locations such as the Poor Knights Islands, located 22 km off the northeastern coast of 

New Zealand (Figure 4.1), may be the most likely candidates for tropicalisation in northern 

New Zealand. This island group is one of the world’s top dive sites (Taylor et al. 2011) and is 

renowned for its high fish diversity and abundance (Russell 1971), including a large component 

of subtropical species (Brook 2002) and high abundances of planktivorous fish (Kingsford 

1989). The islands are strongly influenced by the East Auckland Current, which flows down 

the northeast coast and sporadically delivers larvae of rare tropical and subtropical fishes from 

locations north of New Zealand to the Poor Knights during warm summers (e.g. Francis et al. 
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1999). As a result, these islands may provide an early indicator of changes in fish assemblages 

associated with long-term warming.   

 A long-term investigation of changes in reef fish assemblages at the Poor Knights 

Islands found large-scale declines in some subtropical and coastal wrasses between 1974 and 

2016 (Schiel et al. 2018), which may suggest tropicalisation is not occurring.  However, the 

Poor Knights Islands have been fully protected in a no-take marine reserve since 1998 (Taylor 

et al. 2011) and it is unknown whether this may have mitigated any potential effects of 

tropicalisation. Following full no-take protection at the Poor Knights Islands in 1998, there has 

been a rapid recovery of snapper C. auratus, with the immigration of large, adult fish (Denny 

et al. 2004). A number of other changes in reef fish assemblages were also reported following 

protection (Denny et al. 2003), including a decline in a number of smaller fish species that were 

speculated as possibly resulting from an indirect effect of increased snapper abundance. With 

long-term protection, the increased abundances of snapper (and potentially other target 

species), may be expected to result in further declines among prey species and competitors. For 

example, a number of relatively large wrasse species including pigfish Bodianus unimaculatus, 

Sandager’s wrasse Coris sandeyeri and green wrasse Notolabrus inscriptus are important 

benthic predators and common at the Poor Knights, and may be expected to compete with 

snapper. However, to more confidently attribute such changes to predator recovery, trends 

among these species must be compared to a reference location where predator recovery has not 

occurred. If an indirect effect of predator recovery is occurring in a marine reserve (sensu 

Claudet et al. 2011), populations of the competing or prey species may be expected to remain 

stable, or even increase, in fished reference locations. Evidence for these ongoing effects of 

protection have not been examined following now over 20 years of protection at the Poor 

Knights, and it is unknown whether indirect mechanisms might have played a role in the 

observed declines in subtropical species (Schiel et al 2018).    

 In this study we compared long-term changes in reef fish assemblages between the Poor 

Knights Islands Marine Reserve and the fished Mokohinau Islands between 1999 and 2019 to 

(1) investigate the effects of 20 years of protection on reef fish assemblages, and (2) determine 

whether there is any evidence of tropicalisation at either of these two locations. To understand 

temperature changes and aid in interpretation of changes in fish assemblages, trends in satellite-

derived sea surface temperature from near to the Poor Knights Is were also assessed. While 

both the Poor Knights Islands and Mokohinau Islands contain mixed subtropical and common 

temperate fish fauna, with occasional tropical arrivals, the Mokohinau Islands generally has a 
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lower proportion of subtropical species (Brook 2002). Nevertheless, our surveys in 2019 were 

undertaken just over one year after the 2017/2018 heatwave (Salinger et al. 2019), so this was 

hypothesised to have led to increased abundance of subtropical vagrants. If tropicalisation of 

reef fish assemblages is occurring in the region, we hypothesised that this change would be 

greatest in fished areas compared to the Poor Knights Marine Reserve, where greater predator 

numbers may exert a limiting effect on this process (Bates et al. 2014a).  

4.2 Materials and methods 

4.2.1 Study sites 

 The Poor Knights Islands (PKI), located off the northeastern coast of mainland New 

Zealand (Figure 4.1), became a partially protected marine reserve in 1981, but were designated 

as a full “no-take” marine reserve in October 1998. The marine reserve surrounds the entire 

island group and extends 0.8 km offshore. The Mokohinau Islands are another small group of 

islands, approximately 60 km southeast of the PKI (Figure 4.1), located in clear oceanic waters. 

Unlike the PKI, the Mokohinau Is are not protected from fishing. Both locations are influenced 

by the warmer waters of the East Auckland Current, and support many of the reef fishes 

common to coastal northeastern New Zealand, as well as a host of subtropical fish species 

(Francis 1996). The PKI and Mokohinau Is fish fauna is similar, but the PKI has higher 

diversity and greater proportion of subtropical species (Brook 2002). The Mokohinau Is has 

previously been used as a fished reference location for comparisons with the PKI as it 

represents the most comparable island group to the Poor Knights (Denny et al. 2003 & 2004). 
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Figure 4.1. Locations of the Poor Knights Islands (PKI) and Mokohinau Is, off the coast of 

northeastern New Zealand. Inset maps show locations of sites surveyed in 2019, in the marine 

reserve that surrounds the PKI, and at the fished Mokohinau Is. 

 

4.2.2 Fish communities around the Poor Knights Islands and Mokohinau Islands 

 Surveys of reef fish were conducted using underwater visual census (UVC) at 21 sites 

around the Poor Knights Is and 20 sites around the Mokohinau Is in the austral autumn of 2019. 

Where possible, three depth strata were sampled at each site: shallow (< 10 m), mid (10-18 m) 

and deep (18-25+). Three divers surveyed a total of nine transects (25 x 5 m) at each site, 

aiming to sample the three different depth strata. Along each transect, divers recorded fish 

numbers and estimated total lengths for some target species (Cheilodactylus spectabilis, 

Chrysophrys auratus, Latridopsis ciliaris, Nemadactylus douglasii, Pseudocaranx georgianus 

and Seriola lalandi). Small cryptic species (e.g. Blenniiformes) were not recorded, and cave-

dwelling species (e.g. Lotella rhacina, Optivus elongatus, and Pempheris adspersa) were 

recorded only when observed: caves and crevices were not actively searched. Each diver 

attached the end of a 30 m tape with a wire hook, then swam 5 m before beginning their fish 

counts, to minimise the effects of diver disturbance on surrounding fishes.  
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 Past fish monitoring surveys conducted at the PKI and Mokohinau Is have used the 

same methods, and are largely comparable in their sampling and replication (Appendix Table 

4.1). While sizes of snapper C. auratus were recorded across all surveys, sizes of other target 

species were not. At the PKI, the first survey was conducted in the austral spring of 1998, 

followed by biannual surveys in spring-summer and autumn from 1999-2002, and autumn 

surveys in 2004, 2015 and 2019. The 2015 surveys made the only significant departure from 

the UVC methods described, by not sampling the deeper stratum (>18 m). At the Mokohinau 

Is, the sampling period began with a spring-summer survey in 1999, biannual surveys in spring-

summer and autumn 2000-2002, and autumn surveys in 2004 and 2019. 

4.2.3 Statistical analysis 

 Changes to reef fish community structure at the Poor Knights and Mokohinau Is over 

time were analysed using permutational analysis of variance (PERMANOVA). Autumn 

surveys from 2000-2002, 2004 and 2019 were used, while spring-summer surveys, and the 

autumn 1999 and 2015 PKI surveys were excluded as there were no corresponding surveys 

conducted at the Mokohinau Is. A Bray-Curtis resemblance matrix was constructed from the 

Log(X+1)-transformed average abundances of 77 reef fish species at each site. Ten species 

were excluded from analyses, including some schooling fishes in accordance with methods 

used by Denny et al. (2003), and species that were not counted in the earliest surveys (Arripis 

trutta, Chromis dispilus, Decapterus koheru, Labracoglossa nitida, Lotella rhacina, 

Obliquichthys maryannae, Optivus elongatus, Pempheris adspersa, Pseudocaranx georgianus, 

and Trachurus novaezelandiae). The PERMANOVA tested the partitioning of variation by the 

fixed factors ‘Location’ (PKI and Mokohinau Is), ‘Year’ (2000, 2001, 2002, 2004, and 2019) 

and the interactions between these terms, using 9999 permutations of residuals under a reduced 

model. Means across all transects for each site were considered replicates. The same process 

was repeated with the “subtropical” subset of the reef fish community only (Appendix Table 

4.2), to assess how the subtropical cohort within the fish assemblage changed over time in both 

locations.  

 The changes to reef fish community structure at the PKI and Mokohinau Is over all 

surveys were visualised using non-metric multidimensional scaling (nMDS). A second Bray-

Curtis resemblance matrix was constructed using Log(X+1)-transformed average site 

abundances, with all surveys included. From the Bray-Curtis matrix, distances between each 

survey’s group centroid were calculated, and these were used in the nMDS. The Pearson 
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correlations for average abundance of each species were calculated, and the strongest 

correlations (> 0.6) were plotted alongside the nMDS.  

 Univariate PERMANOVAs were used to test changes in individual species densities 

over time. In this case, Euclidean distance matrices were constructed from Log(X+1)-

transformed average abundance at each site, for each species. Like the multivariate analyses, 

this PERMANOVA tested the partitioning of variation by the fixed factors ‘Location’ (PKI 

and Mokohinau Is) and ‘Year’ (2000, 2001, 2002, 2004, 2019), the interactions between these 

terms, and the random factor ‘Site’ (nested in ‘Location’ and ‘Year’), using 9999 permutations 

of residuals under a reduced model. The same model structure was also used for a univariate 

PERMANOVA of snapper C. auratus biomass (kg 125 m-2), although here, the model tested a 

Euclidean distance matrix constructed from square root-transformed biomass data. In addition, 

as kingfish Seriola lalandi school sizes were highly variable, presence/absence data was 

analysed using a general linear model (GLM) fit to a binomial distribution. 

4.2.4 Trends in sea surface temperature 

 Remote-sensed monthly SST measurements were obtained from NOAAs Optimum 

Interpolation Sea Surface Temperature (OISST) v2 (Reynolds et al. 2002). These data are 

available in ¼° grid format from 1982-2019, and were extracted for the grid location nearest to 

Poor Knights Islands (35°22.5’S; 174°52.5’E). Trends in satellite-derived SST were assessed 

using linear regressions of the mean annual temperatures, mean summer (December-February) 

temperatures and mean winter (June-August) temperatures. These analyses were carried out 

for the full time series (1982-2019) and the time series encompassing the period of monitoring 

and no-take reserve protection at the Poor Knights Is (1998-2019). For comparison to longer-

term temperature trends, the annual means based on monthly means of daily sea surface 

temperatures recorded since 1967 at the University of Auckland’s Leigh Marine Laboratory 

(36°16.12′S; 174°48.01′E) were analysed.   

 All multivariate statistical analyses and univariate PERMANOVAs were conducted in 

PRIMER-e v7 (Clarke & Gorley 2015) with the PERMANOVA+ add-on (Anderson et al. 

2008). The kingfish presence/absence GLM was calculated in R (version 3.4.2, R Core 

Development Team 2017). 
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4.3 Results 

4.3.1 Patterns of community change 

 Reef fish assemblages at the Poor Knights were distinct from those at the Mokohinau 

Islands and this effect persisted over time (Figure 4.2). In the analysis of autumn surveys, reef 

fish assemblages were distinct between the PKI and Mokohinau Is, and the interaction between 

location and survey year was statistically significant (Table 4.1A). Correlation vectors (Figure 

4.2) indicated the species common to the PKI and Mokohinau Is assemblages, with greater 

abundances of snapper C. auratus and subtropical species at the PKI (e.g. wrasses Coris picta, 

Notolabrus inscriptus, Pseudolabrus luculentus and Suezichthys aylingi) and greater 

abundances of more common coastal species including Cheilodactylus spectabilis, Kyphosus 

sydneyanus, Notolabrus celidotus and Upeneichthys lineatus at the Mokohinau Is.  

 At the PKI, the initial shift in assemblage composition between the 1998 spring-summer 

survey and the first autumn survey in 1999 coincides with a large increase in multiple targeted 

species densities, including C. auratus and C. longimanus, following implementation of no-

take reserve status (Figure 4.2). This initial dramatic change in fish assemblage structure is 

followed by minimal directional changes between 1999 and 2002, where surveys were 

conducted bi-annually. At the Mokohinau Is, there appeared to be minimal directional change 

in fish assemblage structure from 1999-2004. From 2004 to 2019, there was a large, directional 

shift in reef fish assemblage structure at both locations (Figure 4.2). Fish assemblages at both 

locations appeared to change in the same direction over time, due to increasing abundances of 

some species at both locations, including snapper C. auratus, Scorpis violacea, and Seriola 

lalandi.   

 The subtropical cohort of the reef fish assemblage was similarly distinct between the 

Mokohinau Is and PKI (Table 4.1B, Appendix Figure 4.1). There was little directional change 

in either location, although changes in subtropical fish assemblage structure between surveys 

were generally greater at the PKI. A pronounced shift in the PKI assemblage structure occurred 

between 1998 and 1999, corresponding with increased abundances of Coris sandeyeri and 

Girella cyanea (Appendix Figure 4.1). A change in the subtropical assemblage structure 

occurred at the Mokohinau Is between 2004 and 2019, which was largely due to increased C. 

sandeyeri abundances (Appendix Figure 4.1). 
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Table 4.1. Results of PERMANOVA for difference in the whole reef fish assemblage structure (A) and the subtropical species component of the 

assemblage structure (B) by fish abundance, between the Poor Knights Islands and Mokohinau Is in shared autumn surveys (2000, 2001, 2002, 

2004, and 2019). Species categorised as “subtropical” are summarised in the supplementary materials.  

A. Whole fish assemblage B. Subtropical component 

Source df SS MS Pseudo-F P (perm) df SS MS Pseudo-F P (perm) 

Location 1 2.20E+05 2.20E+05 41.009 0.0001 1 1.72E+05 1.72E+05 70.771 0.0001 

Year 4 1.28E+05 31904 5.9424 0.0001 4 3.88E+04 9703.6 3.9814 0.0001 

Location x Year 4 44183 11046 2.0574 0.0012 4 23061 5765.3 2.3655 0.0074 

Site(Location x Year) 193 1.04E+06 5383.6 3.5446 0.0001 193 4.72E+05 2444.1 3.7175 0.0001 

Res 1674 2.54E+06 1518.8                  1674 1.10E+06 657.46                  

Total 1876 3.98E+06                             1876 1.81E+06                             
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Figure 4.2. Non-metric multidimensional scaling (nMDS) of community centroids for each survey, in the Poor Knights Islands and Mokohinau 

Is. Based on distance among centroids of the Log(X+1)-transformed abundance across all surveys. The vector plot represents Pearson 

correlations (correlation > 0.6) for the average abundances of individual species. 
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4.3.2 Changes in density of key target species 

 Among the target species, snapper C. auratus showed the clearest response to 

protection. At the PKI, densities were low in the spring-summer of 1998, increasing 

dramatically in 1999. Between 1999 and 2002, seasonal surveys revealed consistently lower 

densities in spring-summer. After 2002, densities continued to increase at the PKI. There was 

no interaction effect between survey year and location: snapper densities fluctuated at the 

Mokohinau Is, with lower densities in spring-summer, but an increase in density occurred 

between 2004 and 2019 (Figure 4.3A, Table 4.2). This increase in densities at the Mokohinau 

Is was largely due to an influx of juveniles (Appendix Figure 4.2), while greater numbers of 

legal-sized fish have consistently been recorded at the PKI after 1998 (Appendix Figure 4.2). 

The contrast in snapper populations between the two locations is more evident when expressed 

as biomass (Figure 4.4). There was a significant interaction between survey year and location 

on snapper biomass (Table 4.3): while biomass increased over time at the PKI, biomass at the 

Mokohinau Is remained stable and low (Figure 4.4).  

 Other target species that showed a clear positive response to protection were the 

planktivores C. longimanus and S. violacea. C. longimanus densities increased at the PKI from 

1998-2001, and remained significantly higher than the Mokohinau Is (Table 4.2, Figure 4.3B). 

While there was no interaction between survey year and location on C. longimanus densities 

(Table 4.2), densities remained very low at the Mokohinau Is, with just one individual recorded 

in 2019 (Figure 4.3B). While S. violacea densities were consistently slightly greater at the PKI, 

they have increased to a greater extent at the Poor Knights Is which is reflected in the significant 

location by year interaction (Figure 4.3C, Table 4.2).  

 Two popular target species, kingfish and trevally, did not show clear positive effects of 

protection based on UVC data (Figure 4.3D & E). Kingfish S. lalandi densities were slightly 

greater at the PKI (Table 4.2), but trends at the two locations followed a similar trajectory over 

time (Figure 4.3D, Table 4.2). Kingfish body sizes in 2019 were not appear greater at the PKI, 

with large groups of sublegal-sized fish (Appendix Figure 4.3). There was a statistically 

significant effect of location (P=0.000005) and a weak interaction between survey year and 

location (P=0.08) on the odds of observing kingfish; the odds of observation increased by 93-

115% (95% CI) annually at the PKI, while there was no evidence for change at the Mokohinau 

Is. Trevally P. georgianus densities were significantly higher at the PKI, but this effect has 

remained constant over time, with no interaction between survey year and location (Figure 
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4.3E, Table 4.2). Trevally at the PKI possessed larger body sizes in 2019, while the majority 

observed at the Mokohinau Is were sublegal-sized (< 25 cm) (Appendix Figure 4.3).  

 Patterns of change in the densities of large, benthic predators varied. Cheilodactylus 

spectabilis was significantly more abundant at the Mokohinau Is (Figure 4.3F, Table 4.2), 

although the PKI population in 2019 consisted of larger individuals (Appendix Figure 4.3). 

Densities of Nemadactylus douglasii however were greater at the PKI (Figure 4.3G, Table 4.2), 

and body sizes were larger at the PKI in 2019 (Appendix Figure 4.3). Densities of the targeted 

wrasse Bodianus unimaculatus at the PKI and Mokohinau Is were mostly similar over time, 

although a statistically significant interaction effect was detected (Table 4.2) that appeared to 

be driven by a dip in PKI densities in 2015 (Figure 4.3H). In addition, the targeted scorpionfish 

species Scorpaena cardinalis was consistently more common at the PKI, but trajectories of 

change at the two locations diverged after 2004, and appeared to decrease at the Mokohinau Is 

by 2019 while increasing at the PKI (Appendix Figure 4.4). This resulted an interaction effect 

between survey year and location (Table 4.2).  
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Table 4.2. Analysis of differences in individual species densities between the PKI and 

Mokohinau Is in shared autumn surveys (2000, 2001, 2002, 2004, and 2019). Analyses of 

individual species using univariate PERMANOVA. Blue cells denote species that were more 

abundant in the PKI, red cells denote species that were more abundant in the Mokohinau Is. 

Significance levels: *, P < 0.05; **, P < 0.01; ***, P < 0.001. 

 

 

Target species Location Year Location x Year 

Bodianus unimaculatus 1.43 ns 7.75*** 2.47* 

Caprodon longimanus 20.46*** 0.57 ns 1.61 ns 

Cheilodactylus spectabilis 135.18*** 4.94*** 1.93 ns 

Chrysophrys auratus 151.67*** 7.2*** ns 

Meuschenia scaber 51.89*** 2.39, P=0.051 3.62** 

Nemadactylus douglasii 56.6*** 7.93*** ns 

Odax pullus 1.07 ns 2.91* ns 

Pseudocaranx georgianus 26.32*** 2.65* ns 

Scorpaena cardinalis 65.84*** 7.12*** 6.89*** 

Scorpis violacea 6.37* 23.76*** 3.77** 

Seriola lalandi 5.86* 3.01* 1.44 ns 

 

Non-target species 

   

Aplodactylus arctidens 0.01 ns 3.90** ns 

Atypichthys latus a 10.78** 3.83** 5.35*** 

Caesioperca lepidoptera 1.71 ns 0.81 ns 1.96, P=0.098 

Canthigaster callisterna a 42.46*** 2.13, P=0.07 2.86* 

Chironemus marmoratus 25.1*** 1.48 ns ns 

Coris sandeyeri a 3.14, P=0.08 1.94 ns 2.01, P=0.09 

Dasyatis brevicaudata 21.94*** 1.39 ns 1.70 ns 

Hypoplectrodes spp. 16.56*** 3.76** 2.15, P=0.06 

Kyphosus spp. 48.62*** 7.43*** 7.2*** 

Notolabrus celidotus 68.04*** 10.02*** 9.06*** 

Notolabrus fucicola 23.94*** 4.17** 3.94** 

Notolabrus inscriptus a 6.27* 0.91 ns ns 

Parma alboscapularis 6.25* 2.34, P=0.06 ns 

Plagiotremus tapeinosoma a 6.15** 2.39*** 2.91** 

Pseudolabrus luculentus a 219.59*** 4.84** 1.81 ns 

Pseudolabrus miles 13.48*** 0.9 ns 4.11** 

Scorpis lineolata 0.17 ns 3.54** 1.44 ns 

Suezichthys aylingi a 64.62*** 1.49 ns 1.84 ns 

Upeneichthys lineatus 23.71*** 4.46** ns 

a: Subtropical species  

 

Subtropical species 

Including C. sandeyeri 81.82*** 2.99* 1.61 ns 

Excluding C. sandeyeri 124.61*** 2.45* 2.86* 
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Figure 4.3. Density per 125 m2 transect (mean ± se) for key target species across all surveys in which they were counted. Species: Chrysophrys 

auratus (A), Cheilodactylus spectabilis (B), Caprodon longimanus (C), Scorpis violacea (D), Pseudocaranx georgianus (E), Seriola lalandi (G), 

Nemadactylus douglasii (G) and Bodianus unimaculatus (H). 



 

81 

 

Table 4.3. Results of univariate PERMANOVA for differences in snapper C. auratus 

biomass, between the Poor Knights Islands and Mokohinau Is, in shared autumn surveys. 

 

 

 

 

 

Figure 4.4. Snapper Chrysophrys auratus biomass (kg) 125 m-2 (mean ± se), in the Poor 

Knights Islands and Mokohinau Islands across all surveys. 

Source   df     SS       MS Pseudo-F P (perm) 

Year 1 33.849 33.849 391.26 0.0001 

Location 4 3.1791 0.79478 9.1867 0.0002 

Year x Location 4 4.0323 1.0081 11.652 0.0001 

Res 2557 221.22 0.086514                  

Total 2566 293.06                           
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4.3.3 Changes in density of key non-target species 

 Among the most common non-target species were several species of wrasse. The 

relatively large-bodied, subtropical wrasse Coris sandeyeri was common at both locations, but 

existed at slightly higher densities at the PKI from 1998-2004 (Figure 4.5A). However, there 

was a weak interaction effect (Table 4.2) caused by a large increase in abundances at the 

Mokohinau Is between 2004 and 2019 that resulted in greater numbers recorded at the 

Mokohinau Is than at the PKI in 2019 (Figure 4.5A). Densities of the common temperate 

wrasses Notolabrus celidotus and N. fucicola have declined at the PKI since protection (Figure 

4.5B & C), while remaining consistently higher at the Mokohinau Is; similarly resulting in an 

interaction between survey year and location (Table 4.2). Some of the more common 

subtropical wrasses (N. inscriptus and P. luculentus) were found at both locations, but at 

significantly greater densities at the PKI consistently over time, with no interaction between 

survey year and location (Figure 4.5D & E, Table 4.2). The wrasse P. miles declined over time 

at the PKI, but increased at the Mokohinau Is post-2004, as detected by a statistically significant 

interaction effect (Figure 4.5F, Table 4.2).
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Figure 4.5. Density per 125 m2 transect (mean ± se) for the most common non-target wrasse species, across all surveys. Species: Notolabrus 

celidotus (A), Notolabrus celidotus (B), Notolabrus fucicola (C), Notolabrus inscriptus (D), Pseudolabrus luculentus (E) and Pseudolabrus 

miles (F).  
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4.3.4 Subtropical component 

 At the PKI, subtropical species richness has been consistently higher and similarly 

stable from 1998-2015. However, in 2019 the highest number of subtropical species was 

recorded in any survey. Although almost all species had been recorded in previous years, 2019 

included the first observations of the wrasse Thalassoma lutescens and a lizardfish (Synodus 

sp.) in these surveys. The number of subtropical species recorded has remained comparatively 

lower at the Mokohinau Is but relatively stable from 1999-2019 (Figure 4.6A). Overall 

abundances of subtropical fishes at the PKI increased from 1998 to 2000 (Figure 6B), but has 

remained at similar levels in subsequent surveys. Overall abundances of subtropical fishes at 

the Mokohinau Is remained low throughout surveys, but abundances of subtropical wrasses 

increased over time, reaching similar levels to the PKI in 2019 (Figure 4.6C), and there was no 

evidence for an interaction between survey year and location (Table 4.2). The bulk of this 

increase in Mokohinau Is wrasse abundance was due to C. sandeyeri (Figure 4.6D). When 

densities of C. sandeyeri were excluded, there was a statistically significant interaction between 

survey year and location (Table 4.2). Trends in the densities of common individual subtropical 

species are reported in Table 4.2. 
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Figure 4.6. Total number of subtropical species recorded in each survey (A) and density per 

125 m2 transect (mean ± se) across all surveys, for all subtropical fish species (B) all 

subtropical wrasses (C) and subtropical wrasses excluding the common Coris sandeyeri (D). 

2015 data is included as an outlier, as this survey did not sample any sites deeper than 18 m, 

and some subtropical species were common at these depths. 

 

4.3.5 Sea surface temperature 

 From 1982-2019, significant warming occurred in average summer temperature (+0.2 

°C decade-1), average winter temperature (+0.14 °C decade-1) and the annual mean temperature 

(+0.19 °C decade-1) (Table 4.4, Figure 4.7). When analyses were restricted to the period of no-

take protection beginning in 1998, there were no statistically significant warming trends (Table 

4.4). Average winter temperature appeared to cool (-0.13 °C decade-1), but likewise, this trend 

was not significant (Table 4.4, Figure 4.7). The annual mean temperatures from 1982-2019 at 

the PKI were closely correlated to those recorded at Leigh Marine Laboratory (r = 0.89) on the 

coast of northeastern New Zealand (36°16.12′S; 174°48.01′E). Temperatures at Leigh have 

been recorded daily since 1967, and when the full 1967-2019 time series of Leigh annual mean 
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temperature is considered (Figure 4.7), there is no evidence for a long-term warming trend, as 

reported by Shears & Bowen (2017).   
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Table 4.4. Results of linear regressions of sea surface temperature time series, based on 

yearly values of mean temperature, mean summer temperature and mean winter temperature.  

PKI annual SST     

1998-2019 (22 years) slope yr-1 se F p 

Mean 0.012 0.013 0.868 0.363 

Summer 0.034 0.019 3.307 0.084 

Winter -0.013 0.013 1.062 0.315 

1982-2019 (38 years) 
    

Mean 0.019 0.006 9.925 0.003 

Summer 0.020 0.008 5.72 0.022 

Winter 0.014 0.007 4.62 0.038 

 

Leigh annual SST 

    

1998-2019 (22 years) 0.012 0.013 0.79 0.385 

1982-2019 (38 years) 0.018 0.006 7.825 0.008 

1967-2019 (53 years) 0.005 0.004 1.21 0.277 

 

 
Figure 4.7. Sea surface temperature range (°C) at the Poor Knights Islands from 1982-2019, 

with additional long-term monitoring (1967-2019) from Leigh Marine Reserve. Annual mean 

temperatures from 1982-2019 were closely correlated between Leigh and PKI (r = 0.89). 

Regression lines are shown for all time series. Regression lines for Leigh show the full time 

series as well as the 1982-2019 period only. Regression lines for the PKI show the 1982-2019 

period as well as the period of fish monitoring beginning with reserve establishment in 1998.
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4.4 Discussion  

 The differences in biogeography and management status between the Poor Knights 

Islands and the Mokohinau Islands have produced contrasting ecological trends in the past two 

decades. Snapper populations at the Poor Knights increased rapidly in the four years following 

full protection (Denny et al. 2003 & 2004), and this study demonstrates that C. auratus biomass 

has increased further over subsequent years, and remains markedly higher than at the fished 

reference location. Many of the large mobile and schooling species including kingfish S. 

lalandi, trevally P. georgianus, blue maomao S. violacea and pink maomao C. longimanus are 

thought to have increased substantially at the Poor Knights following no-take protection (G. 

Edney pers. comm.). However, in contrast to the clear response of snapper to no-take 

protection, it is more difficult to attribute changes in these target species at the Poor Knights 

solely to no-take protection. All of these species were permitted as target species during the 

partial protections prior to 1998 and were heavily targeted (Denny et al. 2003), with long-term 

declines in S. lalandi and P. georgianus from the 1970s to 2004 (Taylor et al. 2011). Using 

UVC methods, counts of schooling and highly mobile species are highly variable, and this 

made statistical comparisons between the two locations difficult. These difficulties were 

exacerbated by species-specific attributes; such as the tendencies of pink maomao C. 

longimanus to occupy the deeper areas of “wall” reefs and rock archways, and of trevally P. 

georgianus to school in open water outside of divers’ transect areas. While observations of 

kingfish were more likely at the PKI, densities appeared to increase over time at both locations, 

perhaps indicative of broader changes in the region. Similarly, blue maomao S. violacea 

increased over time at both locations, but this increase was more dramatic at the protected PKI.  

 Large-bodied benthic predators that are targeted to varying degrees include 

Cheilodactylus spectabilis, Nemadactylus douglasii and Bodianus unimaculatus. These long-

lived species (Ewing et al. 2007; Stewart & Hughes 2009; Stewart 2011) showed minimal 

change following no-take protection at the PKI, likely due in part to the fact that they were 

already protected under partial protection (Denny et al. 2003). As benthic predators, all three 

species may compete with snapper, but we report no evidence of declines at PKI that could be 

indicative of competitive effects. Densities of these three species at the Mokohinau Islands 

have also remained relatively stable, which suggests no increase in fishing pressure on these 

species. 
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 With the superabundance of large snapper that has existed at the PKI since full no-take 

status was implemented (Denny et al. 2004), and this predatory species’ generalist diet (Colman 

1972), we hypothesised that snapper would cause indirect effects on multiple non-target 

species, via predation or competition. This study suggests that strong indirect effects of snapper 

recovery are unlikely a widespread phenomenon at the PKI, with relative changes in the 

densities of just three temperate wrasse species (Notolabrus celidotus, N. fucicola, and 

Pseudolabrus miles) consistent with indirect effects. All three species declined at the PKI, 

while abundances have increased at the Mokohinau Is. In addition, there were similar (but not 

statistically significant) changes in populations of subtropical wrasse Coris sandeyeri; while 

densities remained stable at the PKI, they increased at the Mokohinau Is, exceeding PKI 

densities in 2019. N. celidotus is a small-bodied wrasse that may face predation by snapper, 

while adult N. fucicola, P. miles and C. sandeyeri are larger reef predators that occupy a similar 

trophic position to snapper (www.fishbase.org) and feed on similar benthic invertebrates 

(Russell 1983). Denny et al. (2003) speculated that early declines in N. fucicola and P. miles 

after reserve protection could be due to displacement by snapper. Long-term declines in N. 

celidotus biomass have occurred with 40 years’ no-take protection in Leigh Marine Reserve 

(Chapter II), and densities of N. fucicola in Hahei Marine Reserve are lower than at adjacent 

fished areas (Chapter III).  

 The fish assemblage at the PKI is highly speciose, with many smaller-bodied species 

that snapper could feasibly prey on or outcompete. Despite the overwhelming direct effects on 

predatory snapper, indirect effects were a plausible cause of change for just four species, 

suggesting that trophic linkages at the PKI may be weak (e.g. Langlois et al. 2012). While 

snapper have been observed preying upon planktivorous fish in the water column (Schiel et al. 

2018), they are highly generalist and opportunist, but may not exert a high enough predation 

pressure to exert considerable top-down population control of on any one fish species. In 

general, temperate fish may have larger movement ranges than tropical fish (Ebeling & Hixon 

1991), and effects of predator recovery on other species may be more diffuse at a location with 

temperate characteristics (Salomon et al. 2010). In lower latitude, subtropical systems, these 

effects may be more pronounced: at the Houtman-Abrolhos Islands, multiple harvested, reef-

associated predators respond strongly to protection, and strong indirect effects on reef fish have 

been recorded (e.g. Watson et al. 2007 & 2009). 

 We found little evidence of long-term increases in subtropical fish populations at the 

Poor Knights or Mokohinau Islands, which is consistent with Schiel et al. (2018). Although 

http://www.fishbase.org/
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more subtropical species were recorded in total on the 2019 survey than other years, the 

majority of these species were known from previous surveys. Two species recorded in 2019 

had not been recorded in prior surveys, the wrasse Thalassoma lutescens and a lizardfish 

(Synodus sp.). However, both have been recorded at the Poor Knights Islands previously: T. 

lutescens was first recorded at the PKI in 1996 (Francis et al. 1999), and multiple Synodus 

species occur in New Zealand waters.   

 Longer-term trends at the Poor Knights demonstrate that densities of subtropical fish 

were considerably higher in the 1970s (Schiel et al. 2018). A particularly strong recruitment of 

subtropical wrasses occurred in the early 1970s, coinciding with a period of warmer waters, 

and populations of multiple species have largely declined in the ensuing years (Choat et al. 

1988; Schiel et al. 2018). It is therefore surprising that subsequent warm water events have not 

resulted in similar recruitment events to replenish these populations. In some instances 

increases in subtropical wrasse abundances occur following years with high summer and winter 

sea surface temperatures (SST). This is particularly pronounced with the increase in subtropical 

wrasses from 1998-2000, and the higher numbers of subtropical wrasses recorded in both 

locations in 2019, following the 2017/2018 marine heatwave (Salinger et al. 2019).  

 Long-term SST records do not exist for the PKI, so we are reliant on satellite-derived 

data to assess trends in water temperature since 1982.  Based on available satellite data there 

has been a significant increase in average annual temperature (+0.19 °C decade-1) at the Poor 

Knights Is from 1982-2019 (Figure 4.7). However, warming trends over the satellite period are 

not reflective of longer-term changes in SST in northeastern NZ (Shears and Bowen 2017). 

Analysis of long-term data from Leigh over the different time periods (Table 4.4) clearly 

highlights this point and demonstrate how conclusions on warming based on the satellite era 

must be treated with caution. Annual mean temperatures at PKI (based on satellite) and Leigh 

(in situ measurements) are highly correlated (1982-2019; r = 0.89), and trends over the satellite 

era based on these two data sets are very similar (0.19 ± 0.06 °C decade-1 at the PKI vs 0.18 ± 

0.06 °C decade-1 at Leigh). We can therefore assume that longer term trends at the Poor Knights 

were similar to that seen at Leigh, and considerably lower than those seen over the 1982-2019 

satellite era. It is therefore not surprising that there is a general lack of tropicalisation in 

northern NZ, and densities of existing populations of subtropical fishes are likely to simply 

fluctuate over time unless temperatures increase. 
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 Overwinter survival is a limiting factor for tropical settlers (Figueira et al. 2009; 

Figueira & Booth 2010; Booth et al. 2018). For example, Abudefduf vaigiensis, a tropical fish 

that has expanded its range into temperate waters in southeastern Australia (Booth et al. 2007; 

Figueira & Booth 2010; Fowler et al. 2018), and has been recorded as a vagrant in northern 

New Zealand (Francis et al. 1999), experiences a loss in aerobic performance at 18°C 

(Djurichkovic et al. 2019), and real critical minimal temperatures at 16.5–17.5°C (Figueira & 

Booth 2010). Winter temperatures at the PKI fall well below this threshold, and therefore 

similar warm water species that are recorded in summer and autumn may not survive winter, 

impeding any long-term process of tropicalisation. Additionally, unlike the hotspots where the 

tropicalisation of temperate reefs has occurred, the PKI does not have a continuous tropical-

temperate coastline (Vergés et al. 2014). Rather than simply expand their range down the coast, 

subtropical and tropical fishes must arrive via the recruitment of larvae from distant subtropical 

sources. Settling fish must also contend with the established population of large snapper and 

other predatory fish in the marine reserve, which theoretically provide another buffer against 

the effects of tropicalisation (sensu Bates et al. 2014a). However, the relative rarity of indirect 

effects observed in this study may prove that such top-down control of reef fish assemblages 

is weak. Tropicalisation requires not just the arrival of tropical species, but a population 

increase, along with a performance decline and eventual population decline among common 

temperate species (Bates et al. 2014b). Although extensive tropicalisation has occurred over 

similar time periods in other locations (e.g. Booth et al 2018; Fowler et al. 2018), we report no 

such patterns at the Poor Knights or Mokohinau Islands. 

 The continued intensification of the East Australian Current and associated weakening 

of the Tasman Front flow is likely to reduce the connectivity between northern New Zealand 

and the warm waters of East Australia (van Gennip et al. 2017; Shears & Bowen 2017). This 

may in fact cause future declines in subtropical populations that rely on the recruitment of 

transported larvae. Results from intermittent monitoring since 1974 reflect an ecosystem that 

experiences a transient subtropical guild, sustained by periods of successful subtropical species 

recruitment that, without replenishment, are lost over time (Choat et al. 1988; Schiel et al. 

2018). In fact, a guild of subtropical wrasses: Anampses elegans, Coris picta, Pseudojuloides 

elongatus and Suezichthys arquatus declined from high abundances in 1975 to a local 

extinction in 1979 (Choat et al. 1988), but all of these species, excluding P. elongatus, were 

recorded at low abundances in 2019. How this variability in externally recruiting subtropical 

fishes will continue with global climate change remains to be seen with future monitoring.    
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 The methods used in this study were able to document changes in demersal reef fish 

assemblages, but were not entirely suitable for sampling larger species or schooling species. 

Anecdotally, there have been long-term changes in the populations of some of these species at 

the PKI, but more work is needed to verify these reports. For example, low densities of the 

non-targeted stingrays Dasyatis brevicaudata and Dasyatus thetidis were recorded at the PKI 

in 2019. These were iconic species at the Poor Knights, but anecdotal reports suggest that 

increased traffic at the popular dive site Northern Arch, historically known for high abundances 

of stingrays, has impacted the rays, causing them to avoid popular diving areas (G. Edney pers. 

comm.). In the Caribbean, dive operations have had negative effects on the health and 

behaviour of stingray D. americana (Shackley 1998; Semeniuk et al. 2009; Corcoran et al. 

2013), but it is unclear whether dive tourism affects stingrays at the PKI. For such species, 

further work, employing a range of monitoring methods, is required to investigate such 

changes, and to determine whether they are examples of wider regional patterns.      

 Long-term monitoring at the Poor Knights Islands confirmed the overwhelming effects 

of fishing on key target species, primarily C. auratus. However, the evidence for indirect 

effects of predator recovery on non-target species is limited, with only three wrasse species 

exhibiting declines consistent with snapper-driven predation or competition effects. We found 

no evidence for long-term tropicalisation in the study area, which is consistent with the low 

rates of long-term warming. We reiterate that while conditions in temperate locations may be 

conducive to arrivals of warm-affinity species, this does not necessarily translate to 

vulnerability to the process of tropicalisation. Based on the limited influence of predators on 

other reef fish species following no-take protection, we would hypothesise that in this system 

predators are unlikely to play a role in limiting the survival and establishment of tropical 

species. Instead, in some cases, the recovering ecosystems in marine reserves may provide a 

suitable settlement structure for transitory guilds of subtropical species, controlled primarily 

by warming events. 
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CHAPTER V 

General discussion 

 

5.1 Study rationale 

 Fishing is capable of driving ecosystem-wide changes, but its effects are most 

frequently assessed on populations of target species alone. In no-take marine reserves, 

populations of target species are able to recover from the direct effects of harvesting, and may 

create changes in populations of other, non-targeted species via indirect effects. The 

importance of these indirect effects in the ecosystem response to reserve protection has been 

emphasised in the scientific literature (Langlois & Ballantine 2005; Babcock et al. 2010, 

Claudet et al. 2011; Jones 2013), but studies directly testing for evidence of these effects are 

rare. Understanding how marine reserve protection affects entire fish assemblages is a key step 

towards elucidating the mechanisms by which fishing can have community-wide impacts, 

including increased resilience to large-scale perturbations (Barnett & Baskett 2015). The main 

aim of this thesis was to investigate the indirect effects of reserve protection on reef fish, and 

to assess their relative importance in structuring fish communities. To achieve this, four 

decadal-scale marine reserves were used experimentally; with comparisons made between the 

reef fish assemblages of protected and fished areas. Together, these four marine reserves 

enabled the study of the direct and indirect effects of long-term protection, how they may vary 

across multiple reserves, and how they might be expressed in a more speciose offshore system.   

5.2 Principal findings and contributions of the work 

  The aim of Chapter II was to assess the direct and indirect effects of long-term marine 

reserve protection on reef fish communities in New Zealand’s oldest marine reserve. The direct 

effects of protection on some target species in the Leigh Marine Reserve had previously been 

described, but indirect effects on non-target species are not well-understood (see Jones 2013). 

Comparisons of the marine reserve’s fish assemblages in 1978 (Ayling 1978) and 2018 were 

supplemented with comparisons of reserve and fished areas in 2018, to infer the effects of long-

term protection. Biomass of targeted species like snapper Chrysophrys auratus and red moki 

Cheilodactylus spectabilis was greater under protection. While the direct effects of protection 

on snapper have been described extensively (Babcock et al. 1999; Willis et al. 2003; Denny et 

al. 2004; Langlois et al. 2005; Taylor et al. 2011), Jones (2013) had predicted a decline in red 

moki in the reserve, as an indirect effect of lost urchin barrens. Some small-bodied non-target 
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species, including the near-ubiquitous wrasse Notolabrus celidotus, exhibited strong, negative 

responses to reserve protection, perhaps as an indirect effect of snapper recovery. This too was 

in direct contrast to a hypothesised positive effect of habitat change on N. celidotus (Jones 

2013), due to the association of juveniles with kelp (Jones 1984a). Biomass of the kelp-grazing 

herbivore Kyphosus sydneyanus was much greater under protection, perhaps an example of the 

habitat facilitation of herbivores (sensu Menge 1995) caused by increased kelp forest cover in 

the marine reserve (as predicted by Jones 2013). In addition to these possible reserve effects, 

several species declines unrelated to the effects of fishing were detected, including the near-

total loss of a 1970s cohort of subtropical wrasses. While large blue cod Parapercis colias were 

more common in the reserve, in keeping with prior assessments (Cole & Keuskamp 1998; 

Pande et al. 2008), this cold-affinity species had also declined to very low densities, perhaps 

due to warmer than average sea temperatures in recent years (Shears & Bowen 2017). Perhaps 

surprisingly, overall fish densities were much lower in 2018 compared to 1978 while biomass 

was greater, likely due to the accumulation of large-bodied target fish in the reserve. Despite 

the predator recovery and ensuing dramatic phase shift that has occurred in Leigh Marine 

Reserve, responses consistent with habitat effects were rare among non-target species.  

 The primary aim of Chapter III was to determine how the effects of protection on reef 

fish vary across multiple marine reserves: Leigh, Tāwharanui and Hahei, all similarly-sized (4-

6 km of coast) and long-established (26-41 years), with broadly comparable reef communities 

(Shears & Babcock 2004). In keeping with Chapter II and previous studies, snapper C. auratus 

density and biomass was greater inside all three reserves, and there was evidence for a weaker, 

positive effect of protection on C. spectabilis densities. As snapper are the most common and 

heavily targeted demersal reef-associated predator in the region (Denny et al. 2004), this global, 

positive reserve effect is not surprising (Mosquera et al. 2000). C. spectabilis is less heavily 

targeted, and the direct effects of protection are correspondingly weak. Other potential direct 

effects were only present at one or two of the marine reserves over time. For some species, 

such as the wrasse Bodianus unimaculatus, this was likely related to regional variation in 

abundance (Denny 2005). While a likely direct effect of protection on the spearfisher-targeted 

herbivore Odax pullus existed in Leigh, the species’ response to protection in Hahei appeared 

variable; perhaps due to the overriding influence of preferred microhabitat features (Meekan 

& Choat 1997; Trip et al. 2014) on the species’ spatial distribution. The rarity of global direct 

effects across the three locations may be due to differing degrees of fishing pressure, perhaps 

due to differences in the accessibility of fished areas. Additionally, the nature of the fishing 
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pressure itself varies between species: not all fishes can be caught by line (e.g. Odax pullus), 

and spearfishing or netting may be the primary source of fishing mortality.  

 For non-target fish species, no global indirect effect was detected across the three 

locations, and differences between reserve and fished area densities were harder to attribute to 

reserve status. The potential indirect effect on K. sydneyanus (as described in Chapter II) 

persisted over time in Leigh and Hahei. However, the extent of kelp forests did not differ 

dramatically between Hahei’s reserve and fished areas, and correspondingly, habitat 

facilitation is unlikely as the chief cause of this effect. Densities of the wrasse Notolabrus 

fucicola were greater in fished areas at Hahei and Tāwharanui, perhaps due to competition with 

snapper in the respective reserves. Other potential indirect effects were detected at only one of 

the three reserves, and other species responses described in Chapter II were not detected in 

Hahei or Tāwharanui.  

 The estimated variation in assemblage structure between individual transect replicates 

was high, and the underlying, local-scale environmental gradients may prove a more important 

determinant of some species distributions than reserve effects. For example, wave exposure 

gradients varied across the three locations, and in Hahei, the most exposed sites were located 

in fished areas, potentially obscuring some reserve effects. Although urchin barrens were more 

common outside all three marine reserves, there was no consistent reserve effect that could be 

confidently associated with habitat change. Indirect effects have been described as existing at 

similar magnitudes to direct effects in marine reserves (Babcock et al. 2010), but Chapter III 

demonstrates that this may not be true for reef fish in northeastern New Zealand. Like the 

predator-sea urchin-kelp trophic cascade, they are highly dependent on environmental context 

(Shears et al 2008), and environmental gradients may modify or obscure weaker reserve effects. 

Reserve and fished area assemblages were always significantly dissimilar, but the majority of 

this distinction was caused by the direct effects of protection. While Chapter II provided 

evidence for several potential indirect effects, Chapter III demonstrated that these effects do 

not exist in all reserves where predator recovery has occurred.  

 As ocean temperatures warm, warmer water species from lower latitudes are expected 

to extend their range polewards, and in some cases cause tropicalisation of temperate reefs 

(sensu Vergés et al. 2014). By protecting and restoring fish assemblages, marine reserves may 

therefore be better equipped to resist such changes (Bates et al. 2014a). In Chapter IV, I aimed 

to explore how patterns of long-term change, including signals of tropicalisation, differed 
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between an offshore marine reserve and a fished location. At the Poor Knights Islands Marine 

Reserve, snapper densities increased over 20 years, with considerably greater densities of large, 

legal-sized snapper (>30 cm FL) than the Mokohinau Is. The odds of observing the heavily 

targeted kingfish Seriola lalandi increased over time at the Poor Knights while no change 

occurred at the Mokohinau Is, but no reserve effect on densities or individual body sizes was 

detected. Densities of the planktivores Scorpis violacea and Caprodon longimanus increased 

over time in the reserve, and both species were targeted by fishers before no-take protection 

began (Denny et al. 2003). For some species, including C. longimanus, the effects of protection 

on densities were difficult to distinguish from existing differences in Poor Knights and 

Mokohinau Is population sizes.  

 The indirect effects of protection appeared to be relatively unimportant among the 

offshore islands reef fish fauna, with just 3 of 77 species appearing to respond to indirect 

effects. Densities of three non-targeted wrasses, Notolabrus celidotus, N. fucicola and 

Pseudolabrus miles declined steadily over time in the marine reserve, with a corresponding 

increase at the Mokohinau Is. A decline in N. celidotus numbers may be an indirect effect of 

snapper predation (as reported in Chapter II), but N. fucicola and P. miles are relatively large 

and occupy a similar trophic position to snapper (www.fishbase.org), and declines are more 

likely due to competitive exclusion. In Chapter III, I presented similar results, consistent with 

negative indirect effects of snapper recovery on N. fucicola densities in Hahei. In addition, 

Denny et al. (2003) raised the possibility that declines in the abundance of N. fucicola and P. 

miles, in the first 3½ years of protection at the Poor Knights, were caused by competition with 

snapper.  

 While the number of subtropical species recorded in the Poor Knights was highest in 

2019, the majority of these species had been recorded in prior surveys. Two fishes were 

recorded for the first time in these monitoring surveys: the wrasse Thalassoma lutescens and a 

lizardfish (Synodus sp.). However, both are known to occur in New Zealand (e.g. Francis et al. 

1999), and do not represent new records. There was no evidence for long-term tropicalisation 

of the fish fauna. Densities of subtropical wrasses and other warm-affinity species remained 

relatively stable at the Poor Knights and Mokohinaus in the ~20 years since protection, with 

high densities appearing to correspond with recent warm water events. In fact, contrary to a 

process of tropicalisation, densities of subtropical wrasses at the Poor Knights are now 

considerably lower than those recorded in the 1970s (Schiel et al. 2018). This subtropical 

wrasse component likely persists due to pulses of external recruitment, bolstered by warm 
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water events like marine heatwaves (e.g. Salinger et al. 2019). Analyses of sea surface 

temperature trends at the Poor Knights revealed little evidence for warming over the monitoring 

period. Cold winter temperatures likely exert a limiting factor on warm-affinity species, 

preventing overwinter survival (e.g. Figueira & Booth 2010). If future warming and 

tropicalisation of northeastern New Zealand’s fish fauna does occur, based on the results of 

this study it would be unlikely that fish assemblages in the marine reserve are any more resistant 

to permanent colonisation by subtropical vagrants than fished areas (Bates et al. 2014a). 

5.3 Limitations of the work and directions for future research 

 Snapper thrive in marine reserves. Across the four locations examined snapper biomass 

was 6-21 times greater under protection compared to fished areas (Figure 5.1). This effect 

might be considered an overestimate, as snapper in some reserves exhibit diver-positive 

behaviours that can affect the accuracy of UVC methods (Cole 1994; Kulbicki 1998; Willis et 

al. 2000). This diver-responsive behaviour is most evident at the centre of Leigh Marine 

Reserve (Cole 1994), and may not apply to other reserves. Additionally, the direct effects of 

protection described in this study are similar in magnitude to those seen in other studies that 

have utilised baited underwater video (BUV) as a means of minimising behavioural impacts 

(Willis et al. 2003; Denny et al. 2004; Smith et al. 2014).  

 A positive reserve effect on snapper is not a new result (e.g. Babcock et al. 1999; Willis 

et al. 2003; Denny et al. 2004; Langlois et al. 2005; Taylor et al. 2011; Smith et al. 2014). 

Previous studies that used BUV generally focused on targeted predators like snapper and blue 

cod, but with UVC, it was possible to sample species that do not respond to baited video 

methods. This enabled a comparison of the relative effects of protection across the reef fish 

assemblage, and revealed that the effects on snapper are overwhelming in comparison to other 

species. In fact, these direct effects on snapper were the only response to protection found in 

all four marine reserves in this study (e.g. Appendix Figure 5.1), likely due to their prevalence 

and the intense fishing pressure they are exposed to. Other demersal reef fishes are popular 

targets (e.g. P. colias and Zeus faber), but these species are not as dominant in the fish 

assemblage, existing at much lower densities. In other temperate systems, multiple strong 

responses to protection have been recorded where multiple reef-associated target species co-

occur at similar densities (e.g. Tetreault & Ambrose 2007; Kleczkowski et al. 2008; García-

Rubies et al. 2013). 
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Figure 5.1. Snapper C. auratus biomass (mean ± se) in each marine reserve and reference 

fished area. 

 

 The magnitude and ubiquity of the direct effects of protection on snapper meant that 

for some suitable, small-bodied fishes, snapper were hypothesised as a likely predator. 

Although species like blue cod may feed more frequently on other fishes than snapper (Russell 

1983), as stated, snapper were far more common. The snapper diet is highly generalist; in the 

course of this study, individuals were observed eating vagrant pufferfish (Contusus richei), 

invertebrates including barnacles, and sponges (H. Allard and N. Shears pers. obs.). Despite 

this gluttony, the specific predatory effects hypothesised in this study are largely inferential, 

and must be tested with more in-depth food web analyses. In particular, snapper gut contents 

need to be sampled from inside and outside marine reserves and analysed to confirm which 

fishes are frequently eaten. Lethal sampling in marine reserves is understandably difficult, but 

there is scope for testing non-lethal methods, such as gastric lavage. If feasible, this method 

could be used to more confidently address the hypothesised indirect effects on small-bodied 

fishes like N. celidotus and juvenile Upeneichthys lineatus. In addition to sampling stomach 

contents, isotopic analysis of snapper muscle tissue and a range of potential prey items, 

including fish, may provide further insights into the species composition of snapper prey (e.g. 

Hamilton et al. 2011). These methods could be combined for multiple predators, to provide 



 

99 

 

insights into trophic niche partitioning and the likelihood of competition between species (e.g. 

Tilley et al. 2013; Cresson et al. 2014; Knickle & Rose 2014).  

 Indirect effects on reef fish were generally rare and complex. Fish respond to a variety 

of interacting environmental factors, which may modify and/or dampen the occurrence of 

indirect effects. For example, Chapters III and IV showed the influence of an onshore-offshore 

gradient in species composition in northeastern New Zealand (Brook 2002), with a greater 

proportion of warm-affinity species dependent, in part, on proximity to the East Auckland 

Current (EAUC). Differential exposure to the EAUC may therefore affect comparisons 

between reserve and fished locations and sites, particularly in comparisons of the PKI and 

Mokohinau Islands, but also potentially across the range of Hahei sites. From west to east, the 

Hahei sites cover a gradient of exposure, including moderately exposed sites sheltered by an 

outcrop of land to the north, exposed sites at small islands close to shore, and highly exposed 

sites on the eastern side of the Coromandel Peninsula, facing the open Pacific Ocean. The 

methods used here did not discount the effects of such environmental gradients, but assumed 

that the primary difference between marine reserves and fished areas was the lack of fishing 

pressure. Finer-scale analyses of variables like reef topography, wave exposure and habitat 

composition would help to separate the variation in reef fish distributions due to reserve effects 

from other factors. However, if indirect effects were strong, we would expect to detect them 

with the approach used in this study.  

 Direct experimental manipulations, such as kelp clearances and the establishment of 

experimental kelp stands, could also be used to determine the influence of habitat associations 

on fine-scale species distributions (e.g. Andrew & Jones 1990; Jones 1992; Edgar et al. 2004; 

Cole et al. 2012). In turn, this could help to support or refute possible habitat effects. In this 

study, biogenic habitat changes were predicted to trigger indirect responses among closely 

habitat-associated species (Jones 2013), but I did not find widespread evidence for these 

effects. I describe a possible example of habitat facilitation on Kyphosus sydneyanus in Leigh 

Marine Reserve (Chapter II), but there was no evidence of an indirect effect of protection in 

Tāwharanui Marine Reserve (Chapter III), and the hypothesised mechanism was an unlikely 

explanation for the greater densities found in Hahei Marine Reserve (Chapter III). Habitat 

associations exist (Anderson & Millar 2004; Williams et al. 2008), but they do not appear to 

be capable of driving large-scale indirect effects detectable with the methods used, and may be 

modified by other environmental factors. However, the aim of this study was to assess the 

“bigger picture” patterns differentiating reserve and fished area fish assemblages. A key finding 
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is that the indirect effects of protection on fish are not as strong or common as direct effects, 

and harder to generalise than previously thought (e.g. Babcock et al. 2010; Jones 2013). 

Instead, these results support conclusions drawn by Langlois & Ballantine (2005); that the 

indirect effects of protection are likely complex and difficult to predict. This study has 

identified some possible novel direct effects of protection on parore G. tricuspidata (Chapter 

II) and wrasse Bodianus unimaculatus (Chapter II), and indirect effects of protection on 

hiwihiwi Chironemus marmoratus (Chapters II & III), silver drummer K. sydneyanus 

(Chapters II & III), goatfish Upeneichthys lineatus (Chapters II & III) and wrasses Notolabrus 

celidotus (Chapters II & IV), N. fucicola (Chapters III & IV) and Pseudolabrus miles (Chapter 

IV). Further investigation is required to test and better understand the hypothesised 

mechanisms. 

 Throughout this study, the interpretation of direct or indirect effects was informed by 

whether a species is a “target” or “non-target” of fisheries. Species were classified based on 

the fisheries represented in New Zealand’s Quota Management System as well as discussions 

with fishers, but the degree to which a species is targeted is highly variable and can change 

over time. Spearfishing is an increasingly popular pastime in New Zealand, and comprises a 

portion of the recreational fishing pressure that reefs face. The target species of spearfishers 

are more variable over time than those of established fisheries, for example, the red moki C. 

spectabilis has fallen in and out of popularity as a target, with changing cultural perceptions 

(A.M. Ayling, pers. comm.). While it is generally frowned upon to shoot red moki, they are 

still regularly speared, particularly by beginner spearfishers. Given the rising popularity of 

spearfishing in northern New Zealand, most reef fish species are now vulnerable to a varying 

degree. Some species considered “targets” in this study, such as parore G. tricuspidata, were 

likely not considered target species in the 1970s. Even species such as silver drummer K. 

sydneyanus, which are widely considered inedible to humans (and were identified as non-

targets throughout this study), are often speared and used as burley. These changes make it 

increasingly difficult to differentiate the direct and indirect effects of marine protection, but 

also highlight a potentially growing impact on reef fishes. Means of addressing the shifting 

nature of recreational fishing pressure would be (1) surveying fishers in specific locations, to 

identify which species are frequently targeted, (2) estimating the spearfishing pressure in a 

given area via shore-based observations of fishers, and (3) interviewing long-term fishers (e.g. 

Taylor et al. 2011) regarding favoured target species over time. 
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 In all chapters, no-take marine reserve status itself was used as a quasi-experimental 

treatment (Osenberg & Schmitt 1996), with comparisons of control (reserve) and impact 

(fished) areas used to infer the effects of protection from fishing. In all study designs, I 

attempted to account for alternate sources of variation over time, rather than making simple 

“snapshot” assessments of two locations. Despite these efforts, no location in this study was 

surveyed annually, leaving extensive gaps in some time series. At the Poor Knights Islands, 

even annual surveys may not be sufficient to properly understand patterns of change: for 

example, the detection of a rare, warm-affinity species in an autumn survey does not provide 

evidence for long-term tropicalisation, as overwinter temperatures may prevent successful 

settlement (Booth et al. 2018). Biannual surveys, in autumn and spring, would provide the best 

means to understand long-term changes, and to differentiate them from short-term events. Of 

course, such frequent surveys, particularly at offshore locations, would be labour intensive and 

costly, and may not be feasible in the long term. The majority of the fish surveys conducted in 

this study took place over a short period of time, usually several days. These periods may not 

be able to account for short-term variation in fish assemblage structure, caused by individual 

fish movements. Accounting for the effects of lunar or tide cycles may help to explain short 

term variation in species representation in the assemblage (e.g. Bijoux et al. 2013). However, 

accounting for all such potential sources of temporal variation was beyond the scope of this 

study, and UVC monitoring methods such as these are most appropriate for identifying broad 

patterns in the fish assemblage structure over time and space.   

 In many cases, the establishment of marine reserves in the 20th century likely protected 

ecosystems that were already degraded (Pinnegar & Engelhard 2008). This shifting baseline 

syndrome (Pauly 1995) means that it is not always clear whether reserve effects represent a 

process of community recovery towards resembling an unfished state, or a shift towards a 

hybrid ecosystem state with only some resemblance to its historic form (Hobbs et al. 2009; 

Schläppy & Hobbs 2019). For example, at the Poor Knights Islands, while post-protection 

snapper populations grew, other targeted predators like hāpuku (Polyprion oxygeneios) and 

golden snapper (Centroberyx affinis) that had experienced dramatic declines since the early 

1970s (Taylor et al. 2011) have shown no recovery after 20 years of reserve protection, likely 

due to the small size of the reserve, with the 800 m offshore boundary not encompassing deep 

reefs. Many marine ecosystems possess low levels of functional redundancy, and fishing is 

capable of extirpating whole functional groups (Micheli & Halpern 2005). It is therefore 

uncertain whether marine reserves established after generations of commercial fishing 
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pressure, resulting in snapper-dominated protected reefs, are truly recovering towards an 

unfished state.  

5.4 Indirect effects of marine protection on reef fish 

 Despite the existence of very strong direct effects of protection on a dominant reef 

predator, and large-scale habitat changes associated with this, indirect effects of protection on 

reef fish in this study were rare. An example from another temperate system highlights the 

complexities of habitat effects: in California’s Channel Islands National Park (CINP), some 

fishes were found to respond negatively to increased abundance of giant kelp Macrocystis 

pyrifera due to the kelp canopy’s shading effect on their favoured foliose algae (Holbrook et 

al. 1990). However, in the presence of extensive urchin barrens, these fishes are positively 

associated with M. pyrifera, as the foliose algae is entirely lost to grazing by sea urchins in the 

barrens (Graham 2004). Perhaps for strong habitat effects to be expressed, higher stakes are 

required; with habitat features closely linked to fish survival. For example, small, site-attached 

cryptic fish may maintain close association with understorey biogenic habitats that minimise 

predation by larger fish (e.g. Pérez-Matus et al. 2016), and reef fish may favour complex 

habitats in the presence of large piscivorous predators (e.g. Russ et al. 2015; Hensel et al. 2019). 

 Indirect effects were expected to be as common and as large as direct effects, but this 

hypothesis was drawn predominately from interaction chains involving sea urchins by 

(Babcock et al. 2010), and the limited mobility of sea urchins likely contributes to the strength 

of these indirect effects. At each stage of a multi-species interaction chain, dietary generalism, 

behavioural plasticity, and species mobility may weaken the trophic links involved. 

Accordingly, predation effects are the most widely-demonstrated indirect effects on fish in the 

existing scientific literature (see Chapter I), and the majority of potential indirect effects 

described in this study were most likely effects of predation or competition. This is the shortest 

possible interaction chain for an indirect effect of reserve protection, and the stakes are high: 

the second fish in the interaction chain risks being consumed, or being excluded from common 

resources. Beyond that simplest model, evidence for indirect effects among reef fish are rare. 

The much-discussed predator-sea urchin-kelp trophic cascade involves two site-attached 

trophic levels, and the hypothesised fourth-order indirect effects stemming from this habitat 

change (Langlois & Ballantine 2005; Jones 2013) have only been described among 

invertebrates (Shears & Babcock 2003). This is not to say that these more complex indirect 

effect pathways do not exist among reef fish, but to conclude that the very nature of their 



 

103 

 

participants complicates them, and likely leaves them as another weak interactor in the noise 

of factors that influence reef fish populations.  

5.5 Concluding statement 

 This study has been the first to test hypothesised indirect effects of marine reserve 

protection on demersal reef fishes in northeastern New Zealand. While these indirect effects 

weren’t the transformative force controlling fish populations that I once imagined, I provide 

evidence for some potential indirect effects that I hope will be explored further in the future. 

In all, fishing itself appears to have the strongest effect on reef fish assemblages, while the 

indirect effects that flow on from it are weak. In marine reserves, this is expressed in the 

overwhelming recovery of favoured target species, outstripping all other changes. This research 

demonstrates that the recovery of target species is unlikely to have significant, predictable 

effects on populations of non-target fish, and the risk of becoming a target species is a far more 

pressing issue. Humans may expand their base of favoured target species, or favour less 

selective fishing methods, and as mentioned, the growing popularity of spearfishing may 

continue to blur the line between “target” and “non-target” fish.  

 The apparent success of every marine reserve studied in conserving targeted species is 

a reason for optimism. If an increasing number of species are targeted by fishers, marine 

reserves will become increasingly important in protected those species that aren’t managed at 

a fishery level. Of course, more, larger marine reserves (whose rules are adhered to) would 

provide an effective counterbalance to a possible future of growing human consumption and 

waning pickiness. Whether that will happen remains to be seen, but the latent potential of 

humans to address problems as effectively as we cause them is undeniable, and I hope that we 

start to favour the former. 
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APPENDICES 

Appendix II 

Appendix Table 2.1. Leigh marine reserve sites surveyed in the 1978 and 2018 summer 

surveys. Depth classes: shallow (< 4 m), mid (4 - 8 m), deep (8 - 16 m), very deep (> 16 m). 

Habitat types: UB (urchin barrens), TF (turf flats), SG (sponge garden), SMA (shallow mixed 

algae), KF (kelp forest), DR (deep reefs). 

Site Name Latitude Longitude Depth class Habitat 

type 1978 

Habitat 

type 2018 

1 GI Beach/Channel -36.2685 174.7953 Shallow SMA/UB   

2 GI Beach/Channel -36.2683 174.7972 Mid UB TF 

3 Okakiri Point -36.2609 174.7705 Mid UB SMA 

4 Marimo -36.2641 174.7759 Mid UB SF 

5 Martins Rock -36.2676 174.7842 Deep UB KF 

6 PB4 -36.2684 174.791 Mid UB KF 

7 D Buoy -36.2653 174.7946 Mid UB KF 

8 North Reef -36.264 174.7948 Mid UB KF 

9 Mid Waterfall -36.2679 174.8013 Mid UB KF 

10 Ray Rock -36.269 174.8036 Deep UB KF 

11 Moto Ruru -36.2705 174.8089 Deep UB   

12 Cape Rodney -36.2752 174.819 Mid UB KF/UB 

13 PB1 -36.2652 174.7935 Deep TF TF 

14 Shag Rock -36.268 174.794 Mid TF TF/KF 

15 Sponge Garden Buoy -36.2641 174.7932 Very Deep SG SG 

16 PB2 -36.2652 174.7924 Very Deep SG   

17 Marimo -36.2636 174.7745 Mid SMA SMA 

18 Te Rere Bay -36.2675 174.7822 Shallow SMA SMA 

19 Knot Rock -36.2691 174.7884 Shallow SMA SMA 

20 Inner-Waterfall -36.2685 174.8012 Shallow SMA SMA 

21 Table Top Rock -36.2706 174.8068 Shallow SMA KF 

22 Okakiri Point -36.261 174.7726 Deep KF KF 

23 PB4 -36.2679 174.7909 Deep KF KF 

24 PB3 -36.2672 174.7922 Deep KF KF 

25 PB1 -36.2649 174.7932 Deep KF KF 

26 North Reef Slope -36.264 174.7946 Deep KF   

27 North Reef -36.2625 174.7947 Deep KF KF 

28 Porae Reef -36.2613 174.7948 Very Deep DR DR 

29 Splendid Reef -36.2623 174.7984 Very Deep DR DR 

30 Deep Point/The Point -36.2646 174.801 Very Deep DR DR 
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Appendix Table 2.2. Leigh sites surveyed inside and outside the marine reserve in 2018. 

Site Name Latitude Longitude Reserve status 

1 Outside Matheson Is -36.3034 174.8012 Fished 

2 Daniels Reef -36.2995 174.805 Fished 

3 Nordic -36.2919 174.8112 Fished 

4 South Outpost -36.2908 174.8179 Fished 

5 North Outpost -36.2894 174.8197 Fished 

6 V Bay -36.2840 174.8183 Fished 

7 Ladder -36.2819 174.8206 Fished 

8 Cape Rodney -36.2787 174.8222 Fished 

9 NW Cape Rodney -36.275 174.8194 Reserve 

10 Steps -36.2732 174.8142 Reserve 

11 East Tabletop -36.2715 174.8099 Reserve 

12 West Tabletop -36.2698 174.806 Reserve 

13 Waterfall East -36.2678 174.8023 Reserve 

14 East Goat Island -36.2656 174.8002 Reserve 

15 North Reef -36.2632 174.7942 Reserve 

16 Alphabet Bay -36.2659 174.7944 Reserve 

17 Knot Rock -36.269 174.7895 Reserve 

18 Martins Rock -36.2673 174.7830 Reserve 

19 Te Rere Pt West -36.2638 174.7752 Reserve 

20 Inside Okakari Pt -36.2612 174.7717 Reserve 

21 Nth Okakari -36.2597 174.7689 Fished 

22 Kemps Beach -36.2605 174.7634 Fished 

23 Pakiri Pines -36.2595 174.7598 Fished 

24 Pakiri -36.2582 174.7553 Fished 
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 Appendix Table 2.3. PERMANOVA results for analysis of biomass data from seasonally 

resurveyed subset of 11 sites. Site averages were treated as replicates, data were Log(X+1) 

transformed and used to construct a Bray-Curtis resemblance matrix. Factors and interactions 

were tested with using 9999 permutations of residuals under a reduced model. Fixed factors: 

‘Season’ (Winter and Summer), ‘Era’ (1977-78 and 2017-18), ‘Site’ (11 sites resurveyed with 

haphazardly placed transects) and the interactions between these terms. Seasonal differences 

in fish communities consists largely of increased snapper C. auratus biomass, and decreased 

leatherjacket M. scaber and red moki C. spectabilis biomass in summer. 

  

Source df SS MS Pseudo-F P (perm) 

Era 1 33434 33434 31.666 0.0001 

Season 1 20168 20168 19.101 0.0001 

Site 10 1.56E+05 15648 14.82 0.0001 

Era x Season 1 4811 4811 4.5566 0.0006 

Era x Site 10 45232 4523.2 4.284 0.0001 

Season x Site 10 20164 2016.4 1.9097 0.0001 

Era x Season x Site 10 21171 2117.1 2.0051 0.0002 

Res 176 1.86E+05 1055.8   

Total 219 4.88E+05    
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Appendix Table 2.4. Univariate PERMANOVA results for density of three key species 

between 1978 and 2018 in Leigh marine reserve: snapper Chrysophrys auratus, red moki 

Cheilodactylus spectabilis and blue cod Parapercis colias. Terms and interactions with a 

high P-value (> 0.25) were excluded. Density data were Log(X+1) transformed, and site 

averages were treated as replicates. Grey cells show terms that were excluded. 

 

Snapper Chrysophrys auratus 

Source df       SS       MS Pseudo-F P(perm) 

Survey 1 0.032314 0.032314 0.10122 0.3806 

Depth group 3 5.055 1.685 2.0049 0.1401 

Site(Depth group) 22 18.49 0.84045 2.6327 0.0156 

Survey x Depth group 
     

Res 22 7.0232 0.31924                  

Total 51 32.635                           

 

 

 

Red moki Cheilodactylus spectabilis 

Source df       SS       MS Pseudo-F P(perm) 

Survey 1 0.023158 0.023158 0.20073 0.6553 

Depth group 3 5.5622 1.8541 3.5331 0.0347 

Site(Depth group) 22 11.545 0.52477 4.5486 0.0003 

Survey x Depth group 3 1.4819 0.49397 4.2817 0.0165 

Res 22 2.5381 0.11537                  

Total 51 21.157                           

Blue cod Parapercis colias 

Source df       SS       MS Pseudo-F P(perm) 

Survey 1 7.2777 7.2777 58.315 0.001 

Depth group 3 1.1738 0.39127 3.3772 0.037 

Site(Depth group) 22 2.5488 0.11586 0.92834 0.568 

Survey x Depth group 
     

Res 25 3.12 0.1248                  

Total 51 14.12         
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Appendix Table 2.5. Univariate PERMANOVA results comparing density in Leigh marine 

reserve with adjacent fished sites in 2018: snapper Chrysophrys auratus and red moki 

Cheilodactylus spectabilis. Blue cod Parapercis colias was only observed in the reserve. 

Density data were Log(X+1) transformed, and all replicate transects were included. 

Snapper Chrysophrys auratus 

Source df     SS      MS Pseudo-F P (perm) 

Status 1 18.066 18.066 11.919 0.0007 

Site(Status) 22 190.91 8.6776 5.725 0.0001 

Residuals 216 327.4 1.5157   

Total 239 536.37    

 

Red moki Cheilodactylus spectabilis 

Source df     SS      MS Pseudo-F P (perm) 

Status 1 4.206 4.206 3.2944 0.0712 

Site(Status) 22 64.777 2.9444 2.3062 0.001 

Residuals 216 275.77 1.2767   

Total 239 344.75    
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Appendix Figure 2.1. Principal coordinates analyses (PCO) analysis showing variation in reef fish assemblages among 11 sites in the Leigh 

marine reserve in 1977-1978 and 2017-2018 in austral winter and summer-autumn. Based on Log(X+1)-transformed biomass of 21 species and 

Bray-Curtis dissimilarity. Points represent the centroids of each site as surveyed in each of the seasonal surveys (4 points per site). The vector 

plot represents Pearson correlations between individual species (correlation > 0.3) and the first two PCO axes. 
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Appendix Figure 2.2. Species size frequency distributions before and after 40 years’ of 

marine reserve protection. 
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Appendix Figure 2.3. Species size frequency distributions in reserve and non-reserve areas. 
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Appendix III 

Appendix Table 3.1. The UVC fish monitoring surveys at each location, used in this study. 

Numbers of sites surveyed in reserve and fished areas are included, detailing the changing 

sampling methods as monitoring programmes changed over time. 

Location Surveys Reserve sites Fished sites 

Leigh 2000 Aut 11 9  
2000 Spr-Sum 10 12  
2001 Aut 11 13  
2001 Spr-Sum 12 12  
2002 Aut 12 12  
2003 Aut 12 12  
2005 Aut 12 12  
2008 Aut 12 8  
2011 Aut 12 8  
2018 Aut 12 12     

Tāwharanui 2008 Aut 12 6  
2011 Aut 6 6  
2018 Aut 6 6     

Hahei 2003 Aut 10 8  
2004 Aut 9 9  
2006 Aut 18 18  
2010 Aut 12 12  
2012 Aut 12 12  
2014 Aut 12 12  
2016 Aut 12 12  
2018 Aut 12 12 
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Appendix Figure 3.1. Size frequency distributions for several target species in 2018. All sizes 

are given as fork lengths. Blue dashed lines represent the minimum legal size at the time of the 

survey. 



 

117 

 



 

118 

 



 

119 

 

 



 

120 

 

Appendix Figure 3.2. Densities of common species (mean ± se) across all available surveys. 
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Appendix IV 

Appendix Table 4.1. Summary of all UVC fish monitoring surveys used in this study. 

Location Year Season Sites 

Poor Knights Islands 1998 Spr-Sum 15 
 

1999 Aut 21 
 

1999 Spr-Sum 20 
 

2000 Aut 19 
 

2000 Spr-Sum 20 
 

2001 Aut 20 
 

2001 Spr-Sum 21 
 

2002 Aut 20 
 

2002 Spr-Sum 20 
 

2004 Aut 21 
 

2015 Aut 20 
 

2019 Aut 21 

Mokohinau Is 1999 Spr-Sum 20 
 

2000 Aut 23 
 

2000 Spr-Sum 19 
 

2001 Aut 20 
 

2001 Spr-Sum 21 
 

2002 Aut 20 
 

2002 Spr-Sum 21 
 

2004 Aut 19 
 

2019 Aut 20 
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Appendix Table 4.2. All subtropical species observed in this study. Subtropical species were 

defined as those primarily occurring in Australia and northern New Zealand’s offshore 

islands, uncommon at sites in coastal New Zealand. 

Subtropical species 

Family Species 

Aplodactylidae Aplodactylus etheridgii 

Blenniidae Plagiotremus tapeinosoma 

Callanthiidae Callanthias australis,  

Chaetodontidae Amphichaetodon howensis 

Cheilodactylidae Cheilodactylus ephippium 

Girellidae Girella cyanea 

Kyphosidae Atypichthys latus, Bathystethus cultratus, Labracoglossa nitida, 

Labridae Anampses elegans, Coris picta, Coris sandeyeri, Notolabrus inscriptus, 

Pseudolabrus luculentus, Suezichthys arquatus, Suezichthys aylingi, 

Thalassoma amblycephalum, Thalassoma lunare, Thalassoma lutescens 

Monacanthidae Thamnaconus analis 

Mullidae  Parupeneus spilurus 

Muraenidae Enchelycore ramosa, Gymnothorax obesus, Gymnothorax prionodon 

Pentacerotidae Evistias acutirostris, Zanclistius elevatus 

Pomacentridae Chromis fumea, Chromis hypsilepis 

Serranidae Acanthistius cinctus, Caprodon longimanus, Epinephelus daemelii, 

Trachypoma macracanthus 

Synodontidae Synodus spp.  

Tetraodontidae Canthigaster callisterna 
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Appendix Figure 4.1. Non-metric multidimensional scaling (nMDS) of subtropical fish community centroids for each survey, in the Poor 

Knights Islands and Mokohinau Is. Based on distance among centroids of the Log(X+1)-transformed abundance across all surveys. The vector 

plot represents Pearson correlations (correlation > 0.6) for abundances of individual species. 
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Appendix Figure 4.2.  Size frequency distribution for snapper C. auratus in all surveys by fork 

length (FL). Dashed blue lines represent the minimum legal size for the given survey year, 

which was increased from 27 cm to 30 cm (FL) in 2014.  
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Appendix Figure 4.3. Size frequency distributions for other target species in 2019, by fork 

length (FL). Dashed blue lines represent the minimum legal size for each species. There is not 

presently a legal size limit for Nemadactylus douglasii. 
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Appendix Figure 4.4. Mean densities (125 m-2) with standard errors of frequently observed 

species across all surveys in the PKI and Mokohinau Is. For some schooling species, densities 

were not recorded in the earliest surveys, and these years have been excluded. 
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