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Abstract  

Studies of anthropogenic impacts on lake ecosystems are limited by the scarcity of long-term 

records. Furthermore, paleolimnological approaches utilised to address missing records are restricted by 

various important epistemological issues and theoretical assumptions. In this thesis I aimed to address 

some of the limitations to our understanding, and thus management, of long-term lake change in the face of 

anthropogenic impacts. I used diatoms, single celled photosynthetic organisms, as models for lake 

response to impacts. Using paleolimnological records of lake diatoms, I investigated the influence of prior 

human impacts on lake response and resilience to recent land use change. I found evidence for impacts of 

both prehistoric and contemporary human land use; however, the effects of current land use practices far 

exceed the effects of prehistoric humans in both pace and magnitude. I assessed the applicability of trait-

based methods in expanding our understanding of lake response to anthropogenic stress, finding evidence 

that trajectories of diatom cell size add important information to paleo-diatom analyses, and may help to 

elucidate the effects of land use impacts on lake structure and function. Using a nutrient amendment 

experiment, I investigated diatom species specific responses to nutrient impacts, in a New Zealand context. 

The experimental results highlight that diatom response to environmental stressors is highly context 

dependent and should not be considered fixed either among lakes or environmental conditions. The 

experimental results also have implications for lake nutrient management in New Zealand, reinforcing that 

reductions in both nitrogen and phosphorous are required. Finally, I assessed novel metabarcoding 

methods to overcome the methodological limitations of morphological diatom identification in 

paleolimnology. DNA metabarcoding performed significantly worse than morphological techniques. 

However, metabarcoding did expand taxonomy for some taxa, and thus this method warrants further 

investigation. Overall, my research both addresses and highlights several limitations to our understanding 

of long-term lake ecosystem change. Most importantly, for us to halt the decline of lake environments, an 

approach from both short-term fine grain studies and long term paleolimnological perspectives is required.
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Chapter 1 

 

General Introduction 

Lake ecosystems around the world are under increasing anthropogenic stress and identifying how 

anthropogenic impacts have modified lake ecosystems is a primary area of limnological study. Much of the 

focus of limnology has been on conspicuous fast-acting changes happening over contemporary time 

frames. However, lake ecosystem state represents the effects of both contemporary and historic drivers 

which interact with individual lake and catchment characteristics. Moreover, anthropogenic stressors are 

often press type impacts, driving ecosystem change slowly over long periods of time and important 

changes in ecosystem condition involve more than just sudden transitions (Hughes et al., 2013; Sayer et 

al., 2010c). Thus, understanding the mechanisms behind lake ecosystem change requires both fine 

temporal grain and long-term temporal perspectives. However, over much of human history environmental 

monitoring was not routine, and thus long-term records of land use change and lake ecosystem condition 

are rare. Paleolimnology, the study of records archived in lake sediments, provides what is in many cases 

the only method to establish long-term records of lake change. Geochemical and biological signals of lake 

and catchment environmental conditions become incorporated into lake sediments, accumulating over 

time. Measuring these signals over lake sediment profiles enables us to chronicle environmental change 

across time frames unobtainable from contemporary limnology or monitoring.  

The long-term perspective afforded by paleolimnology has made it pivotal for understanding and 

managing the effects of anthropogenic impacts on lakes, and it has been central to several key limnological 

developments. For example, paleolimnology helped to resolve the lake acidification debate in the late 20th 

century (Battarbee et al., 1989; Renberg et al., 1990), has provided an important basis for theories of 

bifurcation and alternate stable states in ecosystem conditions (Randsalu-Wendrup et al., 2016), and for 

understanding the mechanisms behind cultural lake eutrophication (Davidson & Jeppesen, 2013). 
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Paleolimnology also has an important role in investigating the effects of climatic change on lake and 

catchment ecosystem dynamics (Battarbee, 2000, 2010) and the long-term data gained from 

paleolimnological analyses are a vital source for ecological modelling (Anderson, 1995)  , crucial if we 

hope to halt the increasing human impact on lake ecosystems. Further, paleolimnological records enable us 

to quantify pre-impact lake variability and identify points of human-induced ecosystem change, both vital 

for developing effective and sustainable lake ecosystem management and remediation (Battarbee, 1999; 

Bennion et al., 2011). My thesis focuses on using a combination of paleolimnological, contemporary 

limnological, and novel metabarcoding techniques to address some of the epistemological and theoretical 

gaps that limit our understanding of long-term lake ecosystem change in response to anthropogenic 

impacts.  

Agriculture is perhaps the most pervasive of anthropogenic activities effecting lakes. The impacts 

associated with agriculture are generally diffuse, gradually driving lake eutrophication. Unfortunately, 

efforts to halt global lake eutrophication have been largely unsuccessful, in part due to the lack of long-

term ecosystem monitoring and understanding of slow lake processes. The gradual and accumulative 

nature of agricultural impacts lends them to paleolimnological analyses. In Chapter two of my thesis I 

review how paleolimnology can be used to understand agriculturally driven change in lakes. I also use this 

chapter to highlight some deficiencies of commonly applied paleolimnological approaches to 

understanding agricultural impacts on lakes, some of which are explored in subsequent chapters.  

By altering the relationships between lake and catchment, and restructuring internal lake ecosystem 

dynamics, anthropogenic impacts have long-term influence on ecosystem structure and function. In some 

areas of the world recognisable effects of humans on lake environments span back several millennia. Thus, 

to contextualise the effects of current anthropogenic land use on lakes it is fundamental we identify historic 

human stressors and understand their role in structuring lake ecosystems (Dubois et al., 2018). Yet, the 

influence of early humans on trajectories of lake change in response to modern stressors remains poorly 
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understood (Dubois et al., 2018). New Zealand has had two waves of human settlement, that compared 

with the rest of the world occurred relatively recently and with well resolved timing. Thus, New Zealand 

presents a unique opportunity to better understand how historic impacts may have legacies of effect on 

lake ecosystems. In Chapter three I used New Zealand lake sediments to investigate the influence of 

historic human impacts on lake response to contemporary land use change.  

Diatoms are the most frequently applied biological group to paleolimnological studies. This 

diverse, microscopic group of algae is sensitive to physical, chemical and biological changes in their 

environment making them useful for tracking lake response to anthropogenic influence (Smol & Stoermer, 

2010). Diatom cell walls, or frustules, are constructed from silica and can remain well-preserved in lake 

sediment records for long periods of time. Diatom taxa are traditionally distinguished by their unique 

frustules, and in ideal conditions can provide continuous records of community composition spanning 

millennia. Paleo-diatom environmental reconstructions are usually based on taxa-specific autecological 

information for a driver of interest. A major limitation of this approach is that it assumes diatoms are static 

in their response to a driver, and that relationships between environmental drivers and diatom taxa are 

conserved among lakes and through time. Furthermore, diatoms are incredibly diverse in taxonomy and 

autecological preferences and accounting for the diversity in diatom response to multiple interacting 

factors in a lake, let alone across multiple lakes, is a momentous task. As a result, diatom based 

environmental reconstructions and assessments can produce conflicting and misleading results. The ability 

of a species to exist within a set of environmental conditions is governed by its functional traits (Poff, 

1997; Townsend & Hildrew, 1994). Diatoms, whilst simple in structure, have numerous physiological and 

life history traits that enable them to survive a wide range of environmental conditions. Many of these 

traits are allometric with cell size (Litchman & Klausmeier, 2008), and thus including diatom size in paleo-

diatom reconstructions may help to improve insight into the ecological mechanisms responsible for driving 

diatom community change. In Chapter four, I investigate the applicability of diatom cell size as a metric 
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of ecological response to the environmental changes associated with agriculture in five New Zealand lake 

sediment records.  

To understand the results of anthropogenic impacts on lakes we need to be able to resolve the 

relative influence of extrinsically and intrinsically driven change. Here, extrinsically driven change refers 

to the direct effects of agricultural land use impacts on lakes, for example, declines in water clarity 

resulting from increased sedimentation. Intrinsically driven change refers to internal feedbacks and altered 

ecological interactions resulting from the direct effects of agricultural impacts. For example, bottom up 

changes to trophic structure driven by increased nutrient concentrations. One of the major caveats of 

paleolimnology is that relationships between extrinsic drivers and intrinsic response can only be inferred 

from correlations between various proxy records. Furthermore, understanding internal ecosystem dynamics 

from paleolimnological records is limited by the few biological groups that leave reliable records, and the 

often sparse and uneven temporal resolution common to paleolimnological analyses. Experimental 

limnology can provide quantitative identification of mechanisms behind specific impacts, and 

contemporary limnology allows us to observe ecosystem dynamics at finer temporal scale than possible in 

many paleolimnological records. Integrating contemporary limnology into paleolimnological studies is 

proving a powerful way to resolve the mechanisms behind, and triggered by, extrinsic impacts (Battarbee 

et al., 2012; Saros, 2009; Sayer et al., 2010c; Seddon et al., 2014). Yet studies aimed at understanding 

anthropogenic impacts on lake ecosystems continue to predominantly focus on either discipline 

exclusively. In New Zealand, paleolimnological analysis of long-term lake change has been further 

stymied by the lack of diatom species specific autecological information (Reid, 2005). Moreover, many of 

the approaches to paleo-diatom reconstruction were developed in Europe and North America, countries 

that differ from New Zealand in human history and associated impacts. In Chapter five I conducted a 

nutrient amendment experiment to investigate diatom response to nitrogen and phosphorous in New 

Zealand lakes, and applied these to a paleo-diatom record in an attempt to understand the cause of 

community change in the lake.  
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Diatoms are characterized from other single celled algae by their siliceous cell walls, or “frustules”, 

and diatom species are distinguished from one another by the shape, size, and structure of their frustules. 

Whilst this technique is well established, it is time consuming and requires a high level of taxonomic 

expertise. A common limitation of paleo-diatom reconstructions is a sparse and un-even temporal 

resolution, restricting how records can be applied and analysed, particularly in a management framework. 

There is thus much to be gained from developing faster, more automated methods of diatom identification. 

DNA metabarcoding is an approach to species identification and biodiversity estimation that uses marker 

regions of DNA assigned to individual taxa. DNA metabarcoding has shown promise as an alternative 

method of diatom community identification in fresh environmental samples (Rivera et al., 2018; 

Zimmermann et al., 2015) and shallow sediments (Capo et al., 2015; Stoof-Leichsenring et al., 2012), 

however it is yet to be trialed for reconstructing long term paleo-diatom records. In Chapter six of this 

thesis, I explored DNA metabarcoding as a method for reconstructing long-term paleo-diatom records and 

for overcoming the limitations of visual diatom identification.  

Lake ecosystems have fundamental environmental and cultural importance. Unfortunately, 

management and remediation of anthropogenic impacts on lakes frequently fails and lake ecosystem 

decline has become a defining feature of the Anthropocene. In this thesis I aim to address some of the 

challenges to understanding long-term lake response to anthropogenic impacts and provide historic 

perspective to contemporary lake conditions. I hope that this research helps us better understand and 

manage the mechanisms behind anthropogenic impacts on lakes.  
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Chapter 2 

 

Understanding agriculturally driven change in lakes: what can be gained from the long-term 

perspective of paleolimnology? 

2.1. Introduction 

Agriculture is one of the most widespread and pervasive anthropogenic activities impacting lake 

ecosystems worldwide. The main impacts of agriculture for lakes are excess nutrient inputs in the form of 

nitrogen (N) and phosphorous (P) and increased sedimentation (Carpenter et al., 1998). Agricultural 

activity was present across most of the world by the mid-Holocene (Ellis et al., 2013), and the 

industrialisation of N-based fertilisers and advent of mechanised agriculture behind the intensive 

agricultural practices we see today began in the early 20th century. Unfortunately, for much of the 20th 

century agricultural impacts and their effects on lakes progressed largely unchecked and written records of 

land use practices and lake conditions spanning the history of agriculture are extremely rare.  

Pollution by nutrients and sediment as a consequence of agriculture are typically diffuse and 

accumulate in lakes over long periods, driving ecosystem change slowly and at rates imperceptible to most 

environmental monitoring. In some cases, impacts reach “critical thresholds” when relatively rapid, 

significant changes in lake community composition and structure occur (Scheffer et al., 2001). Most 

commonly associated with agricultural impacts is a transition from a clear water, macrophyte dominated 

state to a turbid and highly productive, or “eutrophic” state (Carpenter et al., 2001; Smith et al., 1999). 

Shifts to eutrophic states can be prompted by sudden external perturbations (Ramstack Hobbs et al., 2016; 

Scheffer & van Nes, 2007), or as a result of extrinsic impacts prompting intrinsic processes that drive 

change internally (Williams et al., 2011). Here, “extrinsic drivers” refers to the direct effects of agricultural 

impacts on lake condition (Figure 2.1A), for example, nutrient and sediment inputs alter lake chemistry, 
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light regimes, and hydrology, which directly influence species. Such extrinsic drivers can also trigger 

changes in intrinsic lake processes, which are modulated by existing lake communities and physical and 

chemical attributes (Figure 2.1A). Positive feedbacks between intrinsic response processes and impacts can 

reinforce eutrophic conditions and stabilise eutrophic states (Hobbs et al., 2012; Jeppesen et al., 2005). For 

example, decreased water clarity as a direct result of sedimentation limits the growth of macrophytes and 

benthic algae, and instead selects for small, pelagic algal species that further limit water clarity. Thus, a 

major challenge to management of lake eutrophication is distinguishing between the extrinsic and intrinsic 

processes that drive eutrophication, and the ecological feedbacks that maintain it (Petraitis & Latham, 

1999).  

While experimental ecology allows us to directly test for relationships between impacts and 

ecosystem response, experiments are constrained by time and space. In mesocosm experiments for 

example, it is difficult to include multiple trophic levels, habitat types, or impacts, and thus most 

experiments represent oversimplified representations of lakes. Furthermore, whole lake manipulations, 

though more realistic representations of ecosystem change, are temporally restricted. To understand 

environmental change, we need to observe both the drivers of change and the corresponding ecosystem 

response over the spatial and temporal scales at which they occur. In lakes impacted by agriculture, this 

means observing impacts and lake change over entire impact histories. Yet records of both land use and 

lake ecosystem change spanning agricultural history are lacking. In the absence of long-term records, 

space-for-time substitution approaches have been used as surrogate measures of long-term ecosystem 

change. In this approach, multiple lakes along a gradient of agricultural land use are assumed to represent 

different stages in the progression of agricultural effects. However, space-for-time substitution approaches 

are restricted by variation in geographic, climatic, physical, and ecological characteristics that constrain 

ecosystem structure and function and previous attempts to use space-for-time approaches for predicting 

ecosystem response to environmental stress have produced varied results (Johnson & Miyanishi, 2008).  
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While contemporary limnology has provided us with empirical evidence from which we have 

developed our understanding of lake response to agricultural impacts, because contemporary studies 

cannot capture long-term dynamics, this evidence is partial. Despite a long history of research into lake 

eutrophication (Lund, 1972; Schindler, 1974, Smith et al., 1999), it remains one of the most significant 

threats to lakes. Tracking changes in lakes over environmentally relevant time frames would improve our 

understanding of agricultural effects on lakes and our ability to accurately interpret contemporary findings. 

Such information is crucial for modelling and predicting future change in lake ecosystem conditions, for 

which there is pressing need (Mouquet et al., 2015).  

Paleolimnological records facilitate reconstruction of temporal change in lakes and catchments over 

much longer time than can be encompassed by contemporary environmental monitoring and experiments. 

Signals of lake and catchment community composition and physiochemical conditions become 

incorporated into lake sediments over time. Measuring these signals, we can reconstruct long-term records 

of multiple biological and physiochemical components of lake and catchment ecosystems and observe how 

they change over impact trajectories. Early paleolimnological studies were centered on understanding 

natural lake processes and identifying drivers of lake evolution (Battarbee & Bennion, 2011). As it became 

apparent that not all patterns observed in lake sediment records were the result of natural ecosystem 

processes, the focus expanded to include detecting and understanding anthropogenic impacts, catalysed by 

the acid precipitation debate in the 1980-90s (Battarbee et al., 1989; Renberg, 1990; Renberg et al., 1990). 

The use of paleolimnological records to address the absence of long-term limnological data and track 

anthropogenic impacts on lakes has become commonplace, and such records have been applied in many 

contexts including lake pollution, species loss, acidification, eutrophication, climate change, and land use 

history (Battarbee & Bennion, 2011). 

Here I review how paleolimnology can be used to further our ability to understand how the impacts 

associated with agricultural land use drive change in lake ecosystems. In the following, I discuss how 
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paleolimnology can provide missing records of extrinsic impacts and the timing and magnitude of lake 

response, how multiproxy paleolimnology approaches can aid understanding of the role of intrinsic lake 

mechanisms on trajectories of lake change and differentiate the effects of multiple drivers. Further, I 

discuss the limitations of paleolimnology and how combining contemporary limnology with 

paleolimnology can address these. To conclude I outline some of the management perspectives to be 

gained from paleolimnology.  

2.1.1. Overview of the main impacts on lakes associated with agricultural land use 

Catchment soil erosion and nutrient inputs are the primary direct impacts for lakes resulting from 

agricultural land use (Carpenter et al. 1998). Deforestation of catchments initially generates pulse inputs of 

sediment and organic matter and decreases catchment soil stability (Wilmshurst et al., 1997). Tilling, 

cropping and stock grazing further disturb catchment soils and contribute to sediment loading. Application 

of N and P based fertilisers and stock manure often exceed agricultural uptake; excess P binds to 

catchment soils and is mobilised to lakes by erosion, and de-vegetation of the catchment increases 

overland runoff and N delivery to lakes. Phosphorus accumulates in lake sediments, thus even when 

fertiliser use and stock densities are relatively low, P concentrations in lakes can exceed natural conditions 

(Sharpley et al., 2013) .  

The main mode of agricultural impact is slow, persistent inputs of nutrients and sediment that 

gradually drive ecosystem change, until a state change may occur. Such state changes are brought about by 

a number of pathways (Figure 2.1 A). The direct effects of excess nutrients and sedimentation trigger, and 

are amplified by, intrinsic lake response. Excess nutrients drive macrophyte and phytoplankton growth 

(Smith et al., 1999). The proliferation of phytoplankton in response to excess nutrients increases light 

attenuation, limiting macrophyte growth and in some cases leading to the complete extirpation of 

macrophyte communities. Sedimentation also limits light levels, contributing to macrophyte decline. 

Decaying macrophyte and phytoplankton matter increases lake oxygen demand and can result in anoxic 



10 

 

conditions, having negative consequences for fish and invertebrate communities (Carpenter et al., 1998). 

Excess nutrients can also trigger blooms of nuisance algae, many of which produce compounds toxic to 

fish and invertebrates (Smith et al., 1999). 
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Figure 2.1 A. Overview of the effects of nutrients and sedimentation on intrinsic lake dynamics. B. Examples of how paleolimnology can aid reconstruction of missing 

impact records. C. Examples of how paleolimnology can help to identify the effects of extrinsic impacts and intrinsic lake response. D. Examples of using paleolimnology 

and contemporary ecology as complementary methods to better elucidate agriculturally driven lake change. 
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2.2. Identifying and reconstructing histories of agricultural impacts: direct, extrinsic drivers 

Monitoring agriculturally derived inputs of nutrients and sediment to lakes is difficult; they are 

non-point and diffuse inputs from expansive areas of land and over long time periods. Sedimentary 

geochemical attributes are used as proxies of lake catchment change, from which we can infer records of 

agricultural land use and associated impacts. 

2.2.1. Catchment erosion and lake sedimentation  

Histories of catchment erosion can be inferred from lake sedimentation rate calculated from age-

depth chronologies (e.g. Heathcote et al. (2013); Rose et al. (2011)), and sediment source based on 

geochemical and physical paleolimnological techniques (De Boer, 1994; Dearing, 1991; Van der Post et 

al., 1997) (Figure 2.1 B). However, without matching records of agricultural land use practices, we are 

only able to correlatively attribute sediment inputs derived from paleolimnological analyses to agricultural 

activities. Re-creating other records of land use change alongside proxies of agricultural impact can help to 

interpret impact records more mechanistically. For example, where catchment deforestation involved fire, 

spikes in macro-charcoal are used to establish the timing of catchment clearance (McWethy et al., 2010) 

and the onset of anthropogenic occupation of lake catchments can be inferred from fecal sterols (Argiriadis 

et al., 2018). Furthermore, sedimentary pollen records archive changes in catchment vegetation, including 

the onset, growth and change of agricultural crops, and can substantiate patterns in lake sedimentation rate 

and source (e.g. De Boer (1994); Massa et al. (2012)).  

2.2.2. Nutrient inputs 

The timing, rate, and extent of nutrient inputs are important determinants of their impact on lakes. 

However, reconstructing lake nutrient histories using paleolimnological techniques is not straightforward; 

P does not leave a reliable geochemical signal and the complex biogeochemical processes involved in the 

cycling and production of N complicate reconstructions. Geochemical paleolimnological methods for 
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reconstructing nutrient records are diverse and vary widely in their interpretation, application, and 

repeatability. For example, isotopic N (δ15N) signals can increase with increasing nutrient enrichment of 

lake sediment records. However, δ15N values can be confounded by other processes, such as blooms in N-

fixing bacteria, which are common under increasing eutrophication (Davidson & Jeppesen, 2013), and 

δ15N is better used as a proxy for N cycling, and not N loading (McLauchlan et al., 2013). The use of other 

methods, such as X-ray Fluorescence (XRF), fractionation, and colorimetry to measure nutrient 

concentrations in lake sediments all have their own strengths and weaknesses, but are limited in accuracy 

by the instability of N and P in lake sediments. Because of such epistemic uncertainties, interpretation of 

geochemical nutrient reconstruction can vary.  

A widely applied technique thought to overcome the limitations of geochemical paleolimnological 

nutrient reconstructions is the transfer-function approach, in which nutrient concentration profiles are 

inferred from paleolimnology records of lake community composition. The transfer-function approach 

uses species optima and tolerances of an environmental variable (in this case, nutrient concentration), 

determined by assessing lake community composition across a contemporary gradient of nutrients. These 

data are then used to infer historical trends in the variable from sediment records of community 

composition. For example, diatom community composition is used to obtain diatom-inferred TP (DI-TP) 

over time by applying transfer functions for TP to the diatom community at each time step (Hall & Smol, 

1992). Transfer functions rely on two main assumptions; that the impact of interest is an important factor 

shaping community composition, and that species-environment relationships are static through time and 

among ecosystems (Juggins, 2013). Furthermore, by relying on inferred relationships between an 

individual environmental variable and community composition transfer functions disregard the importance 

of other factors for shaping lake communities (Costa-Böddeker et al., 2012). For example, when applied to 

reconstruct historic lake TP records, DI-TP transfer functions can incorrectly attribute diatom community 

change to fluctuating P concentration when other environmental variables are equally or, in some cases, 

more responsible for driving diatom community change (Reid, 2005; Schroeder et al., 2016). Furthermore, 
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using transfer function approaches to understand ecological change in response to a driver is inherently 

circular in reconstructing an impact from what is purportedly a response to that impact to understand how 

that impact drives the response. 

Independent records of lake community composition are useful for interpreting nutrient 

reconstructions and identifying where fluctuations in nutrients are likely to drive ecological change. For 

example, because alpine lakes have experienced minimal anthropogenic catchment modification, it is 

generally assumed they represent an unimpacted ‘reference’ condition. However, in the alpine lakes of the 

Colorado Front range, recent changes in lake diatom community composition and nitrogen stable isotopes 

far exceed the historic range recorded by lake sediment (Wolfe et al., 2001). Thus, it is unlikely that 

contemporary nitrogen concentrations in these lakes reflect unimpacted state and instead results from 

increased atmospheric deposition originating from agricultural and industrial sources (Wolfe et al., 2001) 

(Figure 2.1 B). Lake productivity is inherently linked to nutrient concentrations and reconstructing proxies 

that track lake productivity, such as algal pigments (Leavitt & Hodgson, 2002) and sedimentary C:N ratios 

(Meyers & Ishiwatari, 1993), alongside nutrient reconstructions can remove some of the uncertainty in 

interpretation of inferred lake nutrient records.  

When using paleolimnological records to reconstruct nutrient impact trajectories, interpreting 

single inferred values as absolute concentrations should be avoided. Paleolimnological records of N and P 

input to lakes are best used to provide trends in concentration which are useful for identifying baselines 

and determining the onset, timing, and approximate magnitude of nutrient pollution. Where possible, 

historical records should be used to calibrate paleolimnological records of nutrient concentrations (Carson 

et al., 2015).  
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2.3. Identifying lake response to agricultural impacts and understanding the role of intrinsic and 

extrinsic mechanisms  

Without records of long-term ecosystem conditions, contemporary ecosystem state has little 

context. Thus, separating the results of agricultural impacts from natural lake conditions, the effects of 

other anthropogenic drivers, or climatic change is difficult. Contemporary ecological approaches rely on 

reference systems lacking substantial human influence, but often these do not exist. From sedimentary 

records pre-dating human impacts, we can derive a picture of natural lake ecosystem variability. These 

records provide historical and ecological context to contemporary conditions and allow us to assess if a 

lake is within its natural range of variability, and more confidently assign change to anthropogenic or 

natural processes.  

In order to understand lake change over trajectories of agriculture impacts, and thus appropriately 

target lake management, we need to be able to distinguish between the relative influence of both extrinsic 

and intrinsic forcing, and the interplay between them, on lake ecosystem state. Correlations between 

proxies of impact and community change over lake sediment records can be interpreted as indicative of 

ecosystem response to extrinsic forcing. The most widely applied group is the diatoms; they are extremely 

diverse and widespread, and their short generation time makes them good indicators of changing 

environmental conditions. Diatom communities are sensitive to agricultural impacts and shifts in diatom 

community composition frequently track the onset and development of agriculture in sediment records 

(e.g. Anderson et al. (1995); Hall et al. (1999)). Moreover, links between diatoms and agricultural impacts 

are well established. For example, a common trend in diatom community composition over agricultural 

histories is a shift from benthic to pelagic dominance with increasing agricultural impact (e.g. Davidson et 

al. (2013); Rawcliffe et al. (2010)). 

Using paleolimnology we can characterise how the results of direct impacts drive changes in the 

structure of ecosystem variables over long temporal extents; changes which themselves do not amount to 
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shifts in ecosystem state, but gradually modify intrinsic lake dynamics. For example, Lake Remoray, 

France, experienced an abrupt change in chironomid community composition around 1980 (Belle et al., 

2017). Preceding this, sediment organic matter content became gradually enriched with autochthonous 

organic matter in response to increased nutrient availability. Rising organic matter drives increased 

bacterial breakdown and thus oxygen demand and depletion. As oxygen concentration is a strong 

determinant of chironomid community composition the shift in chironomid community was likely a 

response to deep-water hypoxia that resulted from gradually increasing primary productivity (Belle et al., 

2017a).  

Applying multiple biological proxies to paleolimnological reconstructions can help to further reveal 

how direct agricultural impacts alter ecological interactions in lakes and thus aid understanding of the 

intrinsic mechanisms behind ecosystem change (Figure 2.1 C). For example, Sayer et al. (1999) 

reconstructed community composition of diatoms, macrophytes and chironomids over a 150-year history 

of agricultural nutrient enrichment in Groby pond, England. As eutrophication progressed, chironomid and 

macrophyte diversity declined and diatom diversity increased. Individually, these trends suggest nutrient 

enrichment resulted in either increased or decreased lake community diversity. When assessed together as 

a community, a more complete picture of ecosystem response is gained; the loss of macrophyte diversity 

resulted in the breakdown of specific plant-chironomid relationships and subsequent declines in 

chironomid diversity. Conversely, the proliferation of nutrient tolerant and highly competitive macrophyte 

taxa facilitated the growth of epiphytic diatoms, and thus increases in overall diatom species richness 

(Sayer et al., 1999).  

Incorporating multiple proxies of both impacts and community change into paleolimnological 

reconstructions strengthens interpretation of the mechanisms behind lake change (Figure 2.1 C). For 

example, Reid (2008) observed shifts in diatom community structure and changes in magnetic 

susceptibility (indicating a change in sediment input) that suggested a loss of macrophytes in the 
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waterbodies coinciding with times of high sediment input, and a transition to phytoplankton-dominated 

systems. The lake sediment records they considered consistently showed periods of high sedimentation 

immediately followed by declines in epiphytic algal species suggesting increasing light attenuation from 

sedimentation drove the decline of macrophyte communities, and associated attached algal species (Reid, 

2008; Reid et al., 2007). Furthermore, after the initial phase of sediment input there was no return of the 

macrophyte community and planktonic algae continue to dominate (Reid, 2008). Community change was 

associated with initial increases in sediment delivery following catchment clearance, triggering changes in 

internal lake dynamics (Reid, 2008).  

How a lake receives and responds to external drivers of change is highly dependent on individual 

lake and catchment characteristics. Comparing trajectories of change across multiple lake sediment records 

can help us to identify what processes or features underlie (in)consistencies in system response. For 

example, across 32 eutrophic agricultural lakes in Iowa, USA, paleo-diatom community composition, and 

proxies of lake productivity and nutrient enrichment changed significantly from pre- to post-European 

agriculture sediment records, indicating that lakes in this region have experienced agricultural impact 

(Heathcote et al., 2015). However, the magnitude of diatom community change was not correlated with 

nutrient enrichment or productivity, but rather with maximum lake depth (Heathcote et al., 2015). 

Differing response to similar impacts is also observed over smaller spatial extents. Theissen et al. (2012) 

observed different magnitudes of response to human settlement and agricultural land use in two basins of 

the same lake. In both examples, within lake (Theissen et al., 2012) and across 32 lakes (Heathcote et al., 

2015), the magnitude of response to impacts was correlated with basin depth. Thus, the intrinsic dynamics 

of lake response to agricultural impacts are context dependent. 

2.4. Differentiating agricultural impacts from other drivers of lake change 

Agricultural impacts do not act in isolation to influence lake ecosystem state. Other physical, 

chemical, and biological factors occurring prior to or coincident with agricultural impacts can interact with 
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(to amplify or dampen) agricultural impacts and influence internal lake dynamics. It is difficult to 

disentangle the effect of multiple drivers without specific understanding of their relative influence and 

interactions. A first step is to use the paleolimnological record to reconstruct the timing of different drivers 

and ecosystem change. For example, the extent of extrinsic agricultural impacts is influenced by climatic 

conditions (Battarbee et al., 2012; Jeppesen et al., 2009). Following catchment conversion to agriculture, 

soil erosion and lake sedimentation after storm events increase in lake sediment records (Dearing et al., 

2008; Wilmshurst et al., 1997). Thus, the effect of catchment clearance and agricultural land use on lake 

sedimentation was exacerbated by increased precipitation, and vice versa. Paleolimnological records can 

also be helpful for identifying other, temporally variable environmental drivers. For example, 

paleolimnological records of lake communities are frequently demarcated into discrete temporal “zones” 

(e.g. Costa-Böddeker et al. (2012); Schroeder et al. (2016)) that correlate with different drivers. In two 

lowland lakes in Windemere, England, between 1850 and 1969, shifts in algal community toward 

cyanobacterial dominance coincided with increased stocking densities of cattle and sheep in the lake 

catchments. Following approximately 1970, changes in algal community composition correlated more 

closely with changes in lake hydrology, regulated by climate (Moorhouse et al., 2014). Other 

environmental variables can mask the presence or influence of agricultural impacts; using multiproxy 

records that include other potential ecosystem drivers over impact histories can be useful for identifying 

these. For example, Quinlan et al. (2008) identified that in sediment records from the shield lakes of 

Ontario, Canada, declining TP was paralleled by decreasing pH. Lowered pH can promote the flocculation 

of P with dissolved Al and Fe, explaining recent declines of lake TP despite increased phosphorous inputs 

(Quinlan et al., 2008). 

Preceding conditions and perturbations, natural and anthropogenic, can create ecological legacies 

that influence how the effects of agriculture manifest in lakes. Paleolimnology allows us to identify these 

and estimate the potential for continued influence. For example, in New Zealand, fire-mediated 

deforestation by early Māori populations coincides with increased erosion, altered hydrology, and shifts in 
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lake community composition (McWethy et al., 2010; Wilmshurst et al., 1997; Woodward et al., 2014). 

Following this initial deforestation, decreased soil stability limited forest recovery which increased rates of 

sediment and nutrient delivery to some lakes (McWethy et al., 2010; Woodward et al., 2014) that was later 

remobilised by European activity (Ogden et al., 2006).  

In conclusion, when interpreting paleolimnological records of community change as response to 

agricultural impacts, it is essential to consider the effects of other drivers of change. Thus, it is important to 

adopt a “whole ecosystem” approach to paleolimnological studies and incorporate multiple proxies of both 

ecosystem response and potential drivers. However, despite the understanding to be gained from such an 

approach, without prior system-specific knowledge of lake and catchment history identifying the presence 

of interacting variables and thus incorporating them into paleolimnological reconstructions remains a 

significant challenge to paleolimnology.  

2.5. Combining paleolimnology and contemporary ecology 

A primary limitation of paleolimnology is that impact records face epistemic uncertainties, or are 

based on inferred impact-response relationships, and are thus un-substantiated. By allowing us to observe 

impact-response relationships in the absence of other drivers, experimental ecology can provide 

quantitative evidence for direct mechanisms behind specific impacts, and thus address some of the 

uncertainties associated with paleolimnological inferences. For example, targeted limnological 

experiments aid interpretation of sediment records, and can substantiate inferred impact records (Figure 2.1 

D) (Brodersen et al., 2004; Saros et al., 2005; Saros et al., 2012).  

A primary limitation of contemporary limnology is that ecosystem conditions have no historical 

context. Thus, we are unable to identify extrinsic from intrinsic drivers, or identify where along a trajectory 

of impact lake ecosystem state represents. The long-term perspective of paleolimnology provides the 

records of temporal variability in ecosystem state needed to identify the relative influence of extrinsic vs 
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intrinsic dynamics on lake ecosystem state (Vermaire et al., 2017) and differentiate continuous from abrupt 

change (Bunting et al., 2016; Ramstack Hobbs et al., 2016; Randsalu-Wendrup et al., 2016). Thus, 

combining contemporary and paleolimnological approaches can address some of the limitations of using 

either in isolation and it is a powerful way of resolving lake response to anthropogenic change. For 

example, paleolimnological records are limited in temporal grain and most records are restricted to yearly 

resolution at the most. Thus, changes happening at finer temporal grains (e.g. seasonal) may be masked in 

paleolimnological studies and important intrinsic dynamics missed. In contrast, contemporary limnological 

monitoring and experiments, whilst restricted in temporal extent, allow us to observe in-lake processes 

occurring at finer temporal grains. Sayer et al. (2010c) combined the results from a contemporary lake 

survey (Sayer et al., 2010a) and a paleolimnological reconstruction (Sayer et al., 2010b) to investigate the 

mechanism(s) behind a succession in lake community composition of Felbrigg hall lake, England; a lake 

with a history of agricultural impact (Figure 2.1 D). The contemporary survey identified a shift in the 

seasonal strategies of phytoplankton and macrophyte communities, with increasing nutrient enrichment. 

The paleolimnological study reconstructed the timing of changes in community composition in the past. 

Combining the two, Sayer et al. (2010c) deduced that nutrient enrichment was driving a slow acting 

feedback between macrophyte and phytoplankton communities; the loss of certain macrophyte species 

shortened the macrophyte season making way for increased phytoplankton growth, which increased light 

attenuation, eventually resulting in a collapse of macrophyte communities, and shift from benthic to 

pelagic phytoplankton. Using the finer seasonal grain afforded by contemporary limnology, Sayer et al. 

(2010c) were able to identify an important intrinsic mechanism that contributed to long-term ecosystem 

change. 

2.6. Management insights 

Paleolimnology highlights some of the key challenges associated with traditional lake management 

techniques (Barak et al., 2016; Battarbee, 1999; Smol, 1992). A lake’s history shapes ecosystem structure 
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and function and constrains response to management efforts (Bain et al., 2012; Foster et al., 2003). 

However, in the absence of long-term records of lake ecosystem conditions, traditional management is 

designed with little consideration of lake history. Furthermore, to appropriately prioritise and select lakes 

for management we need to know which lakes are vulnerable to further decline and those that are likely to 

respond positively to remediation efforts. Lakes are usually prioritised for management according to the 

degree of impact perceived from contemporary conditions. Thus, since environmental monitoring often 

begins after the onset of agricultural land use, management is largely implemented after impacts have 

already had significant, and potentially irreversible, effects on a lake. The long-term perspective 

paleolimnology affords can support traditional lake management, guiding sustainable and effective 

management decision making.  

2.6.1. Management targets  

Traditional management targets are typically based on an ecosystem’s pre-impact, or ‘reference’ 

state, set from nearby unimpacted systems. However, in regions of agricultural land use un-impacted lakes 

are rare, and lakes used as references may be dissimilar from the impacted lakes in their geographic 

proximity and/or ecology and geomorphology (Bennion et al., 2004; Bjerring et al., 2008). Sediment 

records provide system-specific archives of physiochemical and ecological conditions prior to the onset of 

impact (e.g. Bennion et al. (2017); Bennion and Simpson (2011); Taylor et al. (2006); Umbanhowar Jr et 

al. (2003)) from which we can establish recovery targets that are ecologically relevant to the system in 

question. For example, paleolimnological analysis of agricultural lakes in the Qu’Appelle valley, Canada 

have identified that reference conditions are naturally eutrophic (Hall et al., 1999; Quinlan et al., 2002). 

Setting management targets of re-oligotrophication for these lakes would be counterproductive. In 

addition, for lakes in areas with long histories of human occupation, catchment and lake modification is 

often irreversible (Foster et al., 2003). In these settings, pristine ecosystem condition is not always the 

most achievable or ecologically relevant management target and remediation strategies aimed at returning 
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lakes to pre-human state are almost certain to fail. Paleolimnological studies can identify a range of lake-

specific conditions on which to base achievable management targets (Bennion et al., 2011). 

Lake management often targets extrinsic factors. Frequently, this involves imposing restrictions on 

nutrient and sediment delivery to lakes. However, whilst point source inputs are easy to regulate, 

controlling diffuse nutrient release from lake sediments and catchment soils, and restricting catchment 

erosion is much more complicated (Carpenter, 2005; O'Dwyer et al., 2013). Furthermore, altered intrinsic 

dynamics, internal positive feedbacks, and legacies of impact, can negate the effects of mitigating extrinsic 

factors, and it is often the case that reductions in nutrient inputs and sedimentation are not accompanied by 

ecosystem recovery (Anderson et al., 1990; Bennion et al., 2015; Quinlan et al., 2008). By helping to 

clarify the mechanisms responsible for undesirable ecosystem state, paleolimnology can be used to 

develop management to have the largest effect. For example, lakes Humuhumu and Rotokawau, New 

Zealand, are naturally macrophyte dominated but have exhibited recent declines in macrophyte abundance. 

To understand the mechanisms behind macrophyte decline, Stephens et al. (2018) reconstructed 

paleolimnological records of erosion, hydrology, biological change, and productivity over 4000 years of 

lake history. Throughout this period, the mechanisms driving macrophyte decline changed. Initial 

reductions in macrophyte productivity followed increased sediment influxes due to catchment 

deforestation coincident with European arrival. Subsequent increased nutrient inputs and water level 

change led to the proliferation of phytoplankton communities, increasing light attenuation and further 

macrophyte decline. Current water quality policy for these lakes does not limit sediment inputs or 

changing water level, and thus does not target key mechanisms behind macrophyte community decline. 

Legacies of impacts and intrinsic positive feedbacks can maintain undesirable ecosystem state, and present 

barriers to remediation (Carpenter, 2005; Foster et al., 2003). The long-term perspective of paleolimnology 

enables us to identify impact legacies and provides context to ecosystem conditions (Ramstack Hobbs et 

al., 2016), important for identifying state shifts and the presence of internal feedbacks (Hobbs et al., 2012; 

Quinlan et al., 2008).  
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2.6.2. Predicting ecosystem change for pre-emptive management 

Rapid ecosystem transitions and hysteretic conditions have driven significant interest in developing 

systematic ways to predict ecosystem change, aided by paleolimnological records. Statistical changes in 

ecosystem variables common to systems approaching critical transitions are considered early warning 

signals (EWS’s) of declining state stability and approaching transitions (Carpenter & Brock, 2006; 

Scheffer et al., 2009). These EWS consist of univariate metrics based on “critical slowing down”; the 

slowing down of recovery from perturbation as an ecosystem nears a critical transition (Dakos et al., 2015; 

Scheffer et al., 2009; Wang et al., 2012). However, examples of the successful prediction of ecosystem 

transitions using EWS’s are scarce and the applicability of EWS’s to predict ecosystem transitions in lakes 

remains contentious (e.g. Carstensen et al. (2013); Spears et al. (2016)). Many EWS studies are conducted 

retrospectively on lakes that have already undergone ecological transitions, thus allowing researchers to 

plan data collection to suit the analyses and produce high resolution, long-term, evenly spaced records. In 

more typical management situations, high-resolution paleolimnological data are difficult and time 

consuming to collect. Furthermore, EWS’s are based on theories of rapid bifurcations in ecosystem state, 

when not all ecosystem change is rapid (Hughes et al., 2013; Kéfi et al., 2013). Moreover, they are single 

metric and thus tend to over-simplify complex, multivariate lakes. Using paleolimnological records to 

predict ecosystem change is an evolving field of research, and focus has expanded from univariate indices 

to multivariate time series modelling (e.g. Spanbauer et al. (2014), Eason et al. (2016)), system variability 

(Bunting et al., 2016; Dakos et al., 2015), and the development of other statistical techniques such as 

Fishers information (Eason & Cabezas, 2012; Eason et al., 2014). However, while the development of 

these tools is an important area of research for lake management, using them to prioritise lakes for 

management should be done with caution, and alongside other management methods.  

2.6.3. Management lessons 
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The long-term perspective of paleolimnology provides opportunity to review management and 

remediation projects, plans, and conventions, and provide insight into why management frequently fails to 

maintain desired ecosystem state. Pre-impact paleolimnological records enable us to evaluate lake 

condition and thus management priority more accurately. For example, under the European Union Water 

Framework Directive, Lake Rotcze, Poland, meets the criteria of “high ecological status”; macrophyte 

dominated and clear water conditions (Kowalewski et al., 2016). However, when compared with 

paleolimnologically inferred pre-human conditions, contemporary ecosystem state meets reference 

conditions for water quality but has a distinctly different community composition (Kowalewski et al., 

2016). Long-term paleolimnology can also help to critically appraise management plans. For example, 

Leira et al. (2006) assessed the current diatom community composition of proposed reference lakes across 

Ireland against their paleolimnologically derived reference community. They established that despite 

meeting current water quality reference condition criteria, 68% of assessed lakes had undergone significant 

community change from pre-impact composition.  

By helping to identify impact legacies, and internal dynamics, paleolimnology can provide insights 

into why previous or current management may not succeed at maintaining desirable ecosystem state. For 

example, to assess the success of nutrient reduction measures at returning lakes to pre-impact condition, 

Bennion et al. (2015) reconstructed temporal trends in diatom community composition across 12 lakes 

with histories of anthropogenic nutrient inputs (agricultural and sewage), and nutrient abatement programs. 

Of the 12 lakes, shifts in the diatom community toward the reference composition was observed in 5 lakes, 

with only 2 of these being statistically significant (Bennion et al., 2015). Alternative nutrient sources and 

internal loading continue to impact lake communities (Bennion et al., 2015).  

The ever-increasing human population means increasing food production and demand on 

freshwater environments. Using history to inform the future, paleolimnology can help us to make 

sustainable resource and land use management decisions, essential for mitigating the effects of future 
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resource demands. For example, in assessing the suitability of different catchment and lake typologies for 

agricultural land use (Carson et al., 2015; Dearing et al., 2008), and setting critical nutrient (Saros et al., 

2011) and sediment (Rose et al., 2011) loads for lakes.   

2.7. Conclusion 

Agriculture drives lake ecosystem change over time frames beyond the scope of most lake 

monitoring or land use records. To understand ecosystem change, we need to be able to observe both the 

extrinsic and intrinsic drivers over the time frames at which they operate. Paleolimnology provides 

opportunity to reconstruct records of both extrinsic and intrinsic drivers of lake change spanning entire 

land use histories. Thus, it is an invaluable tool for understand the slow and accumulative impacts 

associated with agricultural land use. Paleolimnological records of impacts and response are not however 

without limitations; epistemological uncertainties limit our ability to confidently reconstruct records of 

nutrient concentration, paleolimnological records are limited in temporal grain, impact-response 

relationships can only be inferred, and reconstructions are limited to those biological groups leaving fossils 

or geochemical signals. Using contemporary limnology to complement paleolimnology is a powerful way 

to overcome these limitations, especially when investigating the effects of multiple drivers. 

Paleolimnology is also an invaluable tool for managing the effects of agricultural impacts on lakes. Lake 

sediment records provide system-specific pre-impact records and trajectories of lake variability with which 

we can establish meaningful and achievable management aims. Further, by helping to elucidate the 

mechanisms driving lake change, paleolimnology can be used to develop more effective management 

techniques, and the historic perspective afforded will be important for making sustainable future land 

allocation and resource management decisions.  

 

 



26 

 

Chapter 3 

 

Do legacies of early human land use shape lake response to contemporary impacts? 

3.1. Introduction  

Humans have altered natural environments for millennia and there is growing recognition that past 

human activities have a persistent influence on contemporary ecosystem structure and function (Barak et 

al., 2016; Dubois et al., 2018; Foster et al., 2003; Sharpley et al., 2013). For example, stream biodiversity 

in southeastern United States is more closely related to catchment land use activities in the 1950s than 

contemporary land cover (Harding et al., 1998). In lakes evidence of human impacts dates as far back as 

6000b2k; in Northern Germany increases in lake sedimentation and indicators of lake trophic status 

correlate with Neolithic land use (Dreibrodt & Wiethold, 2015). Today, large declines in lake ecosystem 

state are occurring globally and they play out against a long history of human influence (Dubois et al., 

2018). Identifying the influence of past human impacts and quantifying legacies of their effects provides 

important context to current and future ecosystem response to stressors.  

Freshwater ecosystems are tightly linked to their surrounding terrestrial environment. By altering 

the physical and chemical relationships between lake and catchment systems, early human land use can 

have legacies that persist long after the land use practice has ceased. For example, vegetation clearance by 

early humans can destabilise catchment soils, limiting vegetation recovery and contributing to excess lake 

sedimentation for long periods (Dearing and Jones 2003). Pollutants, such as heavy metals and plant 

nutrients, resulting from past human activities can accumulate in lakes and catchments and have lasting 

influence. For example, phosphorous from fertilisers and stock excrement can bind to catchment soils, 

contributing to phosphorous loading many years after the source has stopped (Carpenter, 2005). More 

direct impacts, for example lake level change and species introductions, have long-term influences on lake 
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function. By modifying how a lake receives and responds to stress, past human impacts can reduce lake 

resilience to future change or accentuate the effects of subsequent disturbance. For example, deforestation 

can increase the magnitude of catchment erosion events during storms (Page et al., 1994) and historic 

nutrient pollution bound to lake sediments can reduce a lake’s resilience to contemporary nutrient and 

organic matter inputs (Keatley et al., 2011).  

How an ecosystem responds to stress also depends on the rate and magnitude of the stressor. The 

effects of early human land use practices on lakes were variable; in some regions, humans had little to no 

discernible impact on lake ecosystems (for example, Paleo-Eskimo cultures in Greenland (Bichet et al., 

2013)), while in others, marked changes in lake condition are coincident with the onset of human activity 

(for example, the introduction of agriculture in Denmark 6000 years ago (Bradshaw et al., 2005)). 

Conversely, the magnitude and type of modern human impacts is more consistent. Globally, the most 

pronounced changes in lake ecosystem condition have occurred following 1850 AD, or the “Great 

Acceleration” (Hall et al., 1999; Keatley et al., 2011). Today cultural eutrophication is the primary issue 

affecting freshwaters (Smith & Schindler, 2009)  . Individual catchment and lake characteristics act as 

“filters”, confounding how a lake responds to impacts. For example, the magnitude and rate of response to 

nutrient enrichment is often correlated with lake depth (Heathcote et al., 2015; Theissen et al., 2012). 

Identifying patterns in response to land use impacts across lakes will help us to identify and understand the 

mechanisms driving change in lake ecosystems. Furthermore, understanding consistencies in response to 

human impacts at different times provides important perspective to the magnitude of contemporary 

stressors.  

When unrecognized, legacies of early human impacts can act as barriers to remediation; thus, 

characterising early human impacts potentially has important management implications (Foster et al., 

2003). However, the general global lack of long-term lake and catchment ecosystem records, and the 

logistical challenges of paleolimnological analysis means long-term environmental history and ecology are 
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not regularly considered in studies of limnological response to human impacts, let alone in lake ecosystem 

management. Furthermore, in regions where histories of human occupation are long, disentangling the 

signal of human activity from natural lake evolution and climate change is challenging (Anderson, 1995).  

New Zealand presents a unique opportunity for paleolimnological reconstruction. It has a short 

human history and has experienced two waves of human settlement; Māori (first nation) around 1280 AD 

(Wilmshurst et al., 2008), and European around 1800 AD. Māori population density and growth varied 

spatially across New Zealand, constrained by climate (Brown & Crema, 2019) as did land use type and 

intensity (Anderson, 2016). Comparatively, European population growth and expansion was more 

consistent than that of Māori. More “technologically advanced” agricultural practices meant European 

occupation was not as constrained by climate or natural resource availability, and European occupation did 

not wax and wane like that of Māori. Following Māori settlement and European colonisation, New 

Zealand’s environment underwent dramatic changes. Fire-mediated deforestation by early Māori 

populations transformed large areas of land from continuous forest cover to scrubland (Perry et al., 2014). 

This period coincides with increased erosion, altered hydrology, and shifts in lake community composition 

throughout the sediment records of many New Zealand lakes (McWethy et al., 2010; Wilmshurst, 1997; 

Woodward et al., 2014). Following European arrival further deforestation occurred across large areas 

including some previously burned by Māori (Ewers et al., 2006). Europeans also converted large 

landscapes to agriculture and introduced many non-native terrestrial and aquatic flora and fauna. Recently 

lakes in New Zealand have been subjected to intensive catchment land use, particularly agriculture. Lake 

eutrophication is a particular issue in New Zealand with 36% of monitored lakes having poor to extremely 

poor water quality resulting from anthropogenic impacts (Ministry for the Environment & Stats NZ, 2017).  

Currently, it is not clear to what extent the legacies of Māori activity influenced the trajectory of 

lake ecosystem change following European arrival and land use, and how (or whether) this shaped 

contemporary ecosystem state. Here I used paleolimnological records from six New Zealand lakes to 
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characterise lake diatom community dynamics following Māori and European arrival. I explore the 

influence of both waves of settlement on lake community composition and so provide important context to 

contemporary limnological conditions. I use these records to address the following:  

- Are periods of lake diatom community change associated with human arrival and land use 

change?   

- Do modern land use practices exert stronger, more consistent effects on lake ecosystems than 

early human land use?  

- Is lake resilience to contemporary land use impacts influenced by historic human influence? 
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3.2. Methodology 

3.2.1. Study sites  

I examined six lakes across the North and South Islands of New Zealand (Figure 3.1). All the lakes 

are in the temperate climate zone, with surface areas from 0.04 to 1.0 km2, and depths from 8.7 to 34.6 m 

(Table 3.1). Current lake conditions range from meso to super-eutrophic status, assigned following Burns 

and Bryers (2000) with current catchment land uses ranging from 100% regenerating native forest to 

intensive dairy farming  (Table 3.1).  

3.2.2. Timelines of human history 

A combination of peer-reviewed publications, technical reports, news media, historical records, 

archaeological data, and sedimentary charcoal and pollen (where available) were used to construct 

timelines of Māori and European arrival, settlement, and activity (Table S 1.1, Figures S 1.1 – 1.6). I 

defined settlement as whether the lake catchment was inhabited by humans. I considered the presence of 

Māori settlements and middens in a lake’s catchment to indicate Māori settlement. Activity refers to land 

use (e.g. crop cultivation, building, vegetation clearance) and resource extraction (e.g. hunting, food 

gathering). First, I qualitatively classified lakes by their relative level of Māori land use activity as “none’, 

“low”, and “high” (Table 3.1). I considered a lake to have no Māori land use if it had no evidence of 

catchment habitation or land and resource use. Low Māori land use lakes had no written or archeological 

accounts of catchment settlement but did have evidence of Māori arrival and catchment deforestation, 

and/or evidence of resource acquisition, such as hunting or food gathering from the lake and surrounding 

catchment (Table S 1.1). Lakes with evidence of Māori catchment deforestation, settlement, and resource 

acquisition were considered to have a high level of Māori land use activity (Table S 1.1, Table 3.1). How 

these classifications were distributed spatially aligns with models of past Māori population growth and 

density (Brown & Crema, 2019) . I then used lake histories established using the above methods to define 

periods of human occupation: pre-human, Māori, and European. The pre-human period was defined as all 
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dates prior to the first evidence of Māori arrival. Verifying the date of Māori arrival to a region is very 

difficult and accounts written by early European are not extensive or reliable. Therefore, I used 1280 AD, 

the approximate date of Māori arrival to New Zealand (Wilmshurst et al., 2008) as the start date of the 

Māori occupation. The “Māori” period was defined as the interval between 1280 AD and European 

settlement in a lake catchment or surrounding region. The “European” period was defined as the time since 

the start of early European settlement (between 1800 – 1860 AD, Table 3.1) to the date of core collection. 

Macroscopic (>125 μm) charcoal analysis was conducted at 1 cm resolution by Dave McWethy and at 2-

5cm resolution for the Lake Rototoa. Charcoal counts were converted to # charcoal particles per cm3. 

3.2.3. Core collection and chronology 

I analysed archived sediment cores from Lakes Letitia, Horseshoe, Johnson, Rotomanuka, and 

Rotokare, which were collected by Dave McWethy between 2008 and 2012. Lake Rototoa was cored in 

2019. All cores were taken from the approximate deepest point in each lake using a Uwitech gravity corer. 

As five of the six cores were taken for previous studies, sampling resolution varies across the lakes. I 

constructed chronologies from a mixture of AMS 14C dates (provided by Dave McWethy), 210Pb, pollen 

and charcoal records (provided by Dave McWethy and GNS Science). Radiocarbon dates were calibrated 

against the SHCal13 (Hogg et al., 2013). Dates of recent sediments (ca. 0-150 years) were based on 210Pb 

and 137Cs dating determined by gamma-spectrometry at the Australian Nuclear Science and Technology 

Organisation (ANSTO). 210Pb chronologies were calculated using the Constant Rate of Supply (CRS) 

model (Appleby & Oldfield, 1978). In the lake Letitia sediment core unsupported 210Pb activity was very 

low and thus unsuitable for use in age-depth model construction. Age-depth models were constructed using 

Bayesian statistics in the rbacon package v 2.4.3 (Blaauw et al., 2020). Due to laboratory restrictions amid 

the global COVID-19 pandemic, C14 and 210Pb dating of the Rototoa sediment core could not be 

conducted. Instead, I constructed the chronology for the Rototoa sediment core by aligning introductions 

of marker species of Māori and European land use in the pollen record and fire events in the charcoal 
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record with published lake, catchment, and regional history (Table S 1.1, Figure S 1.3). A summary of 

radiocarbon dates, unsupported 210Pb activity, and age models for all lakes is presented in appendix 1 

(Table S 1.2, Figures S 1.7 – 1.11).  

 

 

 

 

 

Figure 3.1 Map of study lake locations.  
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Table 3.1 Summary of study lake characteristics. 

Lake name 

(core 

collection 

year) 

Alt. 

m asl 

Lake area 

m2 

Max 

depth 

m 

Current 

trophic 

status 

Approx year  

Māori 

arrival 

Approx year 

Euro arrival 

Māori land 

use history 

classification 

Dominant 

contemporary 

land cover and 

use 

Rototoa 

(2019) 
76.3 1066050 29 Mesotrophic 1280 1840 High 

Native forest and 

agricultural 

grassland 

Rotomanuka 

(2012) 
58.3 136391 8.7 

Super-

eutrophic 
1280 1800 High 

Agricultural 

grassland 

Rotokare 

(2012) 
192.2 156616 24.5 Eutrophic 1280 1800 Low 

Native forest 

Reserve land 

Horseshoe 

(2008) 
456.7 43153 17.8 

Meso - 

Eutrophic 
1280 1860 Low 

Agricultural 

grassland 

Letitia 

(2008) 
590.9 292080 34.6 Eutrophic 1280 1840 None 

Agricultural 

grassland 

Lake Johnson 

(2009) 
391.2 254700 27 

Super-

eutrophic 
1280 1840 Low 

Agricultural 

grassland 
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3.2.4. Diatom analysis 

I identified and counted diatoms between 0.5 to 4 cm intervals on each core using standard 

protocols (Battarbee et al., 2001). I determined diatom subsample resolution at the time of diatom 

enumeration; if marked changes in community were observed between samples, more depths were added 

to the analysis when possible. Sample resolution was partly constrained by sub-sampling conducted at the 

time of core collection. Sediment samples were digested with 10% HCl and 30% H2O2. Digested samples 

were settled and dried on glass coverslips and mounted onto microscope slides using Naphrax. Slides were 

viewed at 1000 × magnification, using an oil immersion differential interference contrast objective on a 

Nikon Eclipse microscope. I counted a minimum of 300 valves per sample. Diatoms were identified to the 

highest taxonomic resolution possible, based on Cassie (1989); Foged (1979); Houk and Klee (2004); 

Krammer and Lange-Bertalot (1986–1991). Diatom taxa habitat preferences were determined from Round 

et al. (1990). A total of 239 taxa were identified across all samples. From the Lake Johnson record, one 

sample (42 cm) was excluded from analysis due to poor preservation (<250 valves counted). All other 

cores showed good diatom preservation. Diatom data is expressed as percent relative abundance of each 

sample.  

3.2.5. Statistical analyses 

Statistical analyses were performed on diatom taxa that occurred at 2% abundance in at least one 

sample of a sediment core. To determine statistically significant breaks in diatom community composition 

over time in each lake, I used a multivariate regression tree (MVT) (De’ath, 2002), with age (AD) as the 

explanatory variable. The smallest tree within one standard error of the tree with the lowest cross 

validation error was selected. MVT analyses take into account the stratigraphic ordering of data, and the 

cross-validation procedure is a robust means to determine the number of splits (Simpson & Birks, 2012).  

To summarise the dominant trends in diatom community profiles for each lake, I used Principal 

curves (PrCs) (De’ath, 1999; Simpson & Birks, 2012). PrCs are an ordination method that fits non-linear 
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curves through the data in multiple dimensions. PrCs are useful for identifying dominant trends in time-

series data. PrCs were fitted using the first correspondence analysis axis. Generalised additive models 

(GAMs) were fitted to the PrC scores in time series. GAMs fit a set of smoothing functions to data and are 

less prone to overfitting than linear models (Simpson, 2018). Thus, GAMs can handle non-linear, 

irregularly spaced data, as are frequently encountered in paleolimnological analyses. To account for the 

irregular spacing of data points through time, and the lack of independence between data points, a 

continuous time first-order autoregressive (CAR(1)) process was included in the GAM (Simpson, 2018). 

Because I wanted to identify when lake communities were undergoing gradual changes, and not just when 

abrupt shifts in community composition occurred, following the methods of Bennion et al. (2015), I 

estimated periods of statistically significant change in the fitted GAM using the method of finite 

differences. This method uses the rate of change between two consecutive time points to approximate the 

derivates of a spline. The standard errors of the predicted derivatives are then used to establish periods of 

significant change (Simpson, unpublished).  

To estimate the magnitude of change in diatom community composition over time, I calculated the 

squared chord distance (SCD) dissimilarity coefficient between the oldest sample and all other samples in 

a core. Scores range from 0, being no difference between samples, and 2, when samples are entirely 

different. SCD is a measure of community change and does not translate to ecological change (Heathcote 

et al., 2015). However, it is a useful metric of community turnover that is comparable across lakes. Rate of 

change (ROC) in SCD was used to estimate diatom community compositional turnover for each lake 

(Birks, 2012). This method was chosen as it does not require interpolation of data to a regular temporal 

resolution. I was interested in investigating the effect of past Māori land use on diatom community 

response to European impacts. To do this, I tested for differences in diatom community ROC over the 

European period between lakes using a repeated measures ANOVA, with tukeyHSD posthoc pairwise 

comparison.  
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To visualize diatom community dispersion, I performed nonmetric multidimensional scaling 

(NMDS) using the Bray-Curtis dissimilarity coefficient as the distance measure. Data were Hellinger 

transformed to down weight taxa with low counts. To test for community overlap in each time period I 

evaluated differences among diatom community variability using a homogeneity of dispersions test 

(‘betadisper’) on Bray-Curtis dissimilarity distances, followed by an analysis of variance (ANOVA) to 

compare the mean distance-to-centroid of diatom communities among periods. A pairwise permutational 

test of the homogeneity of dispersions was used post-hoc to identify significant differences in mean 

distance-to-centroid of time periods. 

All analyses and plotting were conducted in R (version 3.6.2, R Core Team (2019)), using 

packages: analogue v0.17-5 (Simpson & Oksanen, 2020), vegan v2.5-6 (Oksanen et al., 2019), rioja v0.9-

26 (Juggins, 2020), mvpart v1.6-2 (De’ath, 2014), nlme v3.1-150 (Pinheiro et al., 2020), predictmeans 

v1.0.4 (Luo et al., 2020), and ggplot2 v3.0.0 (Wickham, 2016).  
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3.3. Results 

3.3.1. Timing of change 

Stratigraphic breaks in diatom community composition (MVT analysis) occurred following human 

arrival and were mainly associated with the timing of Māori and European arrival and land use in lake 

catchment defined by historical records. In Lake Letitia, the first break in diatom community composition 

occurred prior to European arrival despite the lake having no identified history of Māori land use. 210Pb 

dating of recent sediments was not considered reliable in the Lake Letitia core and the age-depth model 

was constructed solely with two radio-carbon dates. In all other age-depth models, sedimentation rate of 

earlier sediments was increased by addition of 210Pb dating (Table S 1.2). Thus, it is reasonable to assume 

the age-model for the Letitia core underestimates sedimentation rate of recent sediments and that the 

change in diatom community preceding European arrival occurred later than estimated.  

The PrC’s explained from 74% to 92% of variance across lake diatom records (Figure 3.2). 

Changing PrC scores, regardless of the direction, indicate community change, and the PrC analysis showed 

that lakes underwent shifts during both Māori and European phases, and that the most marked changes 

occurred during the European period (Figure 3.2). In all lakes the GAMs fitted to PrC scores identified 

periods of change (indicated by solid black lines on the fitted models, Figure 3.2) in diatom communities 

leading up to and following MVT breaks, with the exception of the first MVT break in the Rototoa and 

Johnson diatom records. Furthermore, in Lakes Rotokare and Rototoa, a period of significant change was 

identified during the Māori period that was not identified by MVT (Figure 3.2).  

3.3.2. Pre-human period 

Pre-human diatom communities were dominated by three species of small araphid diatoms of 

Fragilariaceae; Staurosirella pinnata, Pseudostaurosira brevistriata and Staurosira construens, several 

centric species; Discostella stelligera, and several members of the genus Aulacoseira (Figures S 1.12 – 
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1.17). Prior to human arrival, diatom communities showed little variation over time; PrC values remained 

stable, and no breaks in diatom community composition were identified by MVT analysis. Across all 

lakes, community composition did not deviate far from “reference” (oldest sample) composition, with the 

SCD value remaining below 0.5 (Figure 3.3). The rate of diatom community change (ROC) also was low 

and constant over the pre-human period (Figure 3.3).  

3.3.3. Māori period  

During the Māori period, in five of the six lakes the most abundant diatom species remained the 

same as those during pre-human period. In Lake Rotomanuka (with “high” Māori influence) Melosira 

arentii and Tabellaria flocculosa replaced Aulacoseria subarctica as the most abundant species (Figure S 

1.15). The dispersion of diatom communities of all lakes across Māori and pre-human periods show a high 

degree of overlap (ANOVA, p = 0.99, Figure 3.4, Table 3.2), indicating they are not significantly different. 

In lakes with histories of Māori land use, changes in diatom community composition were identified by 

either MVTs or GAMs following Māori arrival and during occupation (Figure 3.2). 

The diatom community of Lake Letitia with “no” Māori land use history exhibited a significant 

shift prior to European arrival (Figure 3.2). The Lake Letitia age-depth model was constructed without 

210Pb dates for recent sediments (Table S 1.2) and is thus considered to underestimate sedimentation and 

overestimate the ages of recent sediments. The diatom communities of Lakes Rotokare, Johnson and 

Horseshoe, with “low” Māori land use history, exhibit either a period of significant change (Lake 

Rotokare), a significant shift (Lake Johnson), or both (Lake Horseshoe) in community preceding European 

arrival. In the Lake Rotokare record diatom community exhibits another shift (MVT) at the end of the 

Māori period, close to the arrival of Europeans. This shift is within 60 years of European arrival and within 

the 95% confidence interval of the age-depth model (Table S 1.2) and thus is likely indicative of European 

arrival rather than un-identified Māori activity. In Lakes Rototoa and Rotomanuka, significant shifts in 
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diatom community composition were identified within 50 years of the approximate Māori arrival date. In 

Rotomanuka, a second shift and period of change was identified during Māori occupation. 

After initial changes following Māori arrival diatom communities changed little prior to European 

arrival (Figure 3.2 & 3.3). The deviation in diatom community composition from pre-human (SCD scores) 

over the Māori period does not appear to correspond to the degree of Māori land use. For example, Lake 

Rototoa with a “high” degree of Māori land use had the lowest SCD scores. Conversely, Lake Rotokare, 

considered to have very low Māori land use history, had the second highest SCD scores over this period. 

The only lake where the SCD corresponded with land use was Lake Rotomanuka, with a “high” level of 

Māori land use and the highest SCD scores. Diatom ROC exhibited small increases in lakes with Māori 

land use histories and remained stable in lakes without Māori land use (Figure 3.3).  

3.3.4. European period 

Over the European period, diatom communities either became dominated by a single species 

already present in the lakes (e.g. Lake Letitia and Rotomanuka by Discostella stelligera), or by species not 

previously found in a core (e.g. Rototoa by Fragilaria crotonensis and Rotomanuka by Fragilaria 

crotonensis, Asterionella formosa, and Aulacoseira pusilla). The dispersion of European samples had a 

much larger spread in NMDS than either Māori or Pre-human samples (ANOVA, P < 0.001 for both 

comparisons, Figure 3.4, Table 3.2).  

Across all lakes, MVT breaks and periods of significant change were identified following the 

European arrival (Figure 3.2). Over the European period, the degree and rate of change in diatom 

community compositions was 3-13, and 3-60-fold higher, respectively, than in pre-human and Māori 

phases (Figures 3.3). The increased degree of change and dispersion of diatom communities over the 

European period indicates that lake communities became less similar within and between lakes during 

European occupation.  
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ROC over the European period did not differ among lakes (RM-ANOVA, P > 0.1 for all 

comparisons). This suggests that the level and type of Māori land use in a lake’s catchment had no 

discernible influence on the rate or degree of change in diatom community occurring over European 

history.  
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Figure 3.2 Left panel: percent abundance of diatoms species occurring in greater than 2% abundance in at least one sample. Right panel: Diatom PrC (orange) fitted with 

GAM (grey) and 95% confidence intervals (light grey bands). Black line segments indicate significant change in PrC scores. Inferred timing of Māori and European arrival 

are indicated by vertical red lines. MVT breaks indicated by dashed black lines. Percentage of variation in data explained by PrC scores in top left corner of plots.   
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Figure 3.3 Squared Chord Dissimilarity (SCD) scores (left panel) and ROC (right panel) for the six study lakes. Dissimilarity calculated between the base sample and every 

other sample in the core. ROC in SCD scores, standardized by time. Inferred timing of Māori and European arrival are indicated by vertical red lines. 
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Figure 3.4 NMDS of diatom community composition, of each sample, constructed using Bray-Curtis dissimilarity as distance 

metric. Stress = 0.14. ANOVA results comparing mean distance-to-centroid of diatom communities among time periods: F (2, 

203) = 22.088, p < 0.001.  

 

 

Table 3.2 Summary of post-hoc pairwise permutational test results on ANOVA model comparing the mean distance-to-centroid 

of diatom communities (Bray Curtis dissimilarity) among time periods.  

 Pre-human Māori 

Māori 0.990  

European < 0.001 <0.001 
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3.4. Discussion 

The role of human land use in shaping lake ecology is arguably the dominant theme of current 

limnological study. However, the influence of past human activities on lake ecosystems comprises only a 

small portion of this research, despite the persistence of legacy effects on the environment (Foster et al., 

2003). The goal of this study was to examine the influence of early human land use on lake ecosystem 

response to modern human impacts. I investigated the influence of two waves of human arrival; Māori in 

1280 AD and Europeans in 1800 AD, on New Zealand lake diatom communities with the aim of 

determining if lake response to European land use impacts is influenced by prehistoric Māori land use. I 

investigated this question using lake diatom community as an indicator of lake response to environmental 

change. Interestingly, while there were changes in lake diatom communities following Māori arrival, the 

extent of these changes did not correspond with the level of Māori land use, nor did the level of Māori land 

use appear to influence the degree or rate of change in diatom communities in response to European 

impacts. Similarly, the extent of change in diatom community over European occupation did not vary 

among lakes and thus did not correspond to type or duration of land use practices. These results suggest 

that the impacts associated with European land use out strip any potential legacies of prior Māori land use.  

3.4.1. Lake response to Māori and European land use 

Māori and European arrival coincided with changes in lake diatom communities suggesting that 

both waves of human arrival have influenced lake ecosystems. However, the magnitude and rate of change 

varied among the succeeding time periods. During the Māori period no major appearances of new diatom 

taxa occurred. Following European arrival, diatom communities underwent introductions and 

disappearances of taxa, and the abundance of disturbance and nutrient-tolerant taxa increased. For 

example, Asterionella formosa and Fragilaria crotonensis often increase in abundance with increased 

nutrient enrichment and eutrophication (Lotter 1998, Michel 2006). Furthermore, the degree of change in 

lake diatom communities occurring over the European period were much greater than those associated 
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with the Māori period, and over a shorter time (220 vs 550 years). The ecological mechanisms driving lake 

change likely differed between the Māori and European periods, related to the nature of land use practices. 

Fire-mediated deforestation by early Māori populations resulted in estimated 40-50% loss of native forest 

cover (McWethy et al., 2010; McWethy et al., 2009) and permanent shifts in landcover from forest to 

scrubland species (Perry et al., 2014). Other Māori land use practices included cultivation of Kumara and 

Bracken, hunting and food gathering, development of settlements and fortified pa, and the gathering of 

physical resources (Anderson, 2016). Deforestation and settlement by early Māori coincides with 

paleolimnological records of increased lake sedimentation, altered hydrology, and habitat change 

(McWethy et al., 2010; Wilmshurst, 1997; Woodward et al., 2014). European settlement resulted in a 

further mass forest loss, and large-scale conversion of land to agricultural pasture and commercial forestry. 

In the late 20th century, New Zealand underwent rapid agricultural intensification; from 1990 – 2015 AD 

nitrogen application from fertiliser increased by 627%, and between 1994 – 2017 AD cattle numbers rose 

by 70% (Statistics New Zealand). The intentional and unintentional introduction, spread and proliferation 

of invasive fish, macrophyte and phytoplankton species occurred nationwide (Closs et al., 2004). Thus, the 

response of lake diatom communities to the impacts associated with European land use reflect the type and 

intensity of land use practices, which, compared with Māori land use practices, have had significantly 

stronger and more consistent influences on New Zealand lake ecosystems. 

Across the study lakes, the type and intensity of European land use practices vary. For example, 

lake Rotokare and Rotomanuka have had different histories of European land use; the catchment of Lake 

Rotokare was deforested by Europeans shortly after their arrival (between 1800 – 1840 AD), and briefly 

used for low intensity agriculture before being designated as a reserve in 1870 AD. Since then the 

catchment has been revegetated and is currently covered in secondary native forest. In comparison, Lake 

Rotomanuka has had a long and complicated history of European impacts; since European arrival, the 

catchment has been used primarily for farming, and the lake itself has undergone several significant 

changes to its drainage and water level. In principal, the magnitude of an ecosystem’s response is expected 
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to correlate with the severity of the driver, and thus we would expect the degree of diatom community 

change to correlate with the intensity of land use practices. However, across the six study lakes the degree 

of departure from pre-human condition nor the rate of change in diatom community were predicted by 

European land use practices. For example, lakes with contrasting European land use histories, Rotokare 

and Rotomanuka, show similar degrees of change from pre-European composition.   

3.4.2. Legacy effects of Māori land use 

Human activities can have legacy effects on lake ecosystems (Bain et al., 2012; Christensen et al., 

1996) that can influence ecosystem response to subsequent stressors. Deforestation of lake catchments by 

humans has been associated with long-term decreased catchment stability and increased erosion 

(Wilmshurst, 1997). Thus, I hypothesised that prehistoric Māori land use, in particular fire-mediated 

deforestation and cultivation of crops, would have legacy effects on lake and catchment environments, and 

that this would reduce lake diatom community resilience to change in response to the effects of European 

land use. Where there was Māori land use, I expected to see an increase in the magnitude and rate of 

community change occurring over European history. However, despite significant shifts (MVT) in diatom 

community composition occurring during both periods of occupation, the presence of Māori land use in a 

lake’s catchment did not correspond with increased rate or degree of community change following 

European settlement. If an environmental driver is outpacing an ecosystems resilience to change, we would 

expect to see an increase in the rate of change in ecosystem response variables (Siteur et al., 2016; Wang et 

al., 2012). Thus, contrary to our hypothesis, it does not appear that Māori land use has reduced lake 

ecosystem resilience to European impacts.  

Studies that have identified legacies of human land use in lake ecosystems more often focus on 

how early 20th Century impacts have shaped contemporary lake ecosystem condition (e.g. Keatley et al. 

(2011), Randsalu-Wendrup et al. (2016)) and response to management and remediation (e.g. Bennion et al. 

(2015)). My results instead align with studies investigating the influence of historic cultures on lake 
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ecosystems, whereby contemporary land use impacts outstrip the effects of historic land use. For example, 

throughout the sediment record of Lake Igaliku, Greenland, there is evidence of catchment vegetation 

clearance, increased erosion, and agricultural grazing, during periods of Norse occupation dating back to 

985 AD (Bichet et al., 2013; Massa et al., 2012). However, when compared to modern agriculture the 

effects of Norse agriculture are almost insignificant (Bichet et al., 2013; Perren et al., 2012). 

The sensitivity of an ecosystem to environmental drivers depends not only on the strength of the 

driver, but also on ecosystem characteristics. Lake size and depth influence a lakes response to impacts; 

large, deep lakes have a higher buffering capacity for impacts than small and shallow lakes, making them 

more resilient to exogenous drivers of change (Dearing and Jones 2003). The variation in diatom 

community change over Māori land use among lakes may arise from differences in lake size and depth. 

For example, the deepest lake (Rototoa at 29 m), showed little-to-no change over Māori history, despite 

having its catchment deforested and being in an area with relatively high numbers of settlements (Table S 

1.1, Figure S 1.3). In comparison, the shallowest lake (Rotomanuka at 8.7m), underwent large changes in 

lake diatom community during Māori history. We would expect the same pattern to be observed over 

European history; with larger deeper lakes being less susceptible to impacts than smaller, shallow lakes. 

However, despite inconsistencies in response to Māori land use across the six lakes, there was no 

difference in the magnitude or rate of change in diatom community composition during the European 

period, regardless of lake size. This trend suggests that European land use impacts have outweighed the 

intrinsic characteristics of individual ecosystem characteristics on lake response 

Although lake ecosystem change during Māori occupation does not appear to influence or predict 

lake ecosystem response to European impacts, the presence of Māori impact legacies in New Zealand lakes 

cannot be ruled out. First, as I was not able to include any lakes with no European impact history, I could 

not directly test for legacies of Māori land use. With significant change in lake diatom communities 

occurring over the period of Māori settlement, it is not unreasonable to conclude that in the absence of 
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European impacts, the influence of Māori impacts would have persisting influence. Slow recovery of lake 

ecosystems from perturbation is common (Bennion et al., 2015; Francis & Foster, 2001) particularly when 

the physical and chemical relationships between a catchment and a lake have been altered. For example, 

after decades of reforestation the catchments of several New England lakes, lake ecosystem communities 

and physiochemical conditions show little return to pre-disturbance conditions (Francis & Foster, 2001). 

Māori fire-mediated deforestation in New Zealand was widespread, and in some areas occurred repeatedly 

(Perry et al., 2012). Only one of the lakes studied here, Lake Rotokare, exhibits a return to pre-Māori 

community composition following Māori arrival. Thus, it is likely that in the absence of European impacts, 

Māori land use, in particular deforestation, would have persistent influence on lake ecosystem condition.  

3.4.3. Conclusion 

The goal of this study was to examine the influence of early human land use on lake ecosystem 

response to modern human impacts, to provide context to contemporary ecosystem state and add to the 

global picture of historic impacts on lake ecosystem. The more we know about lake histories, the better 

informed we will be to interpret the effects of contemporary impacts. Across the six study lakes, diatom 

communities tracked early (Māori) and modern (European) human history, with both having significant 

influence on lake diatom communities. However, it does not appear that Māori land use predicts the 

response of New Zealand lakes to European impacts. While this outcome is inconsistent with our initial 

hypothesis, it suggests that the impacts associated with European land use in New Zealand have overridden 

any potential legacies of Māori impact. These results highlight that contemporary land use practices in 

New Zealand are not sustainable, even in the short term, and it is important we re-evaluate and re-model 

how we manage and allocate land.  
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Chapter 4 

 

The biggest loser: Can diatom cell size help us understand long-term lake ecosystem 

response to impacts?   

4.1. Introduction 

The presence and distribution of a species within an ecosystem is determined by its ability to 

survive in the set of environmental conditions present. Thus, community composition reflects 

environmental condition, and we can use changes in an ecosystem’s community to investigate 

environmental change and anthropogenic stress. In lake ecosystems, long term ecological change has been 

largely examined through analysis of shifts in community composition, mainly diatoms (Smol & Stoermer, 

2010). Diatom environmental assessments are usually based on species-specific autecological information 

for a driver of interest. A major shortfall of this approach is that it assumes diatom taxa are static in their 

response to a driver, and that relationships between environmental drivers and diatom species are 

conserved among lakes and through time (Juggins, 2013).  

Changes in community composition or species abundance are not the only indicators that a 

community is undergoing environmental stress. Ecological theory suggests that the ability of a species to 

exist within a set of environmental conditions is governed by its functional traits and use of them to 

indicate and understand aquatic environmental change is a growing field of research (Lange et al., 2016; 

Stenger‐Kovács et al., 2020; Tapolczai et al., 2016). Many of an organism’s functional traits scale with 

body size, and environmental effects on an organism are mediated by body size (Brown et al., 2004). Thus, 

the distribution of organism body size can act as an indicator of environmental change or perturbation. 

Both intra- and inter-specific variation in traits are important for structuring communities (Des Roches et 

al., 2018). Thus, changes in body size distributions of a community could reflect taxonomic shifts, for 
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example increases in the proportions of certain sized species, and/or changes in the size of individual 

species (intra-specific variability). Where environmental stress drives change in traits within species, shifts 

in trait distribution may occur prior to change in community composition or structure. In diatoms, variation 

in cell size across environmental gradients has been observed within individual taxa (Vilmi et al., 2015) 

and thus shifts in diatom cell size may precede environmentally driven taxonomic change. Furthermore, 

organism functional traits are linked to individual species life history and interactions between organisms 

(Zobel, 1992). Therefore, changes in body size distribution within a community will have, and reflect, 

wider consequences of a stressor on an ecosystem. For example, as diatoms have important roles as 

primary producers and energy cyclers, changes in the cell size distribution of diatom communities will 

have implications for energy transfer through trophic levels. Thus, including diatom cell size into 

investigations of environmental change in lake ecosystems may improve insights into the ecological 

mechanisms behind ecosystem response, and help to identify systems that are vulnerable to decline 

(Clements & Ozgul, 2016; Spanbauer et al., 2016).  

Agricultural land use is an important driver of lake degradation across the world. The main result of 

agricultural impacts for lake ecosystems is eutrophication, occurring either as a slow and persistent shift 

(Hughes et al., 2013), or a rapid transition (Scheffer & Carpenter, 2003). This primarily results from 

decreased light availability and increased productivity, resulting from catchment soil erosion and nutrient 

loss to lakes (Carpenter et al., 1998). Diatoms require access to nutrients and sunlight for photosynthesis 

and reproduction, and thus diatom ecology is tightly linked to the impacts of agriculture. Diatom cell size 

governs nutrient uptake ability, light adsorption and sinking rate (Geider et al., 1986; Litchman & 

Klausmeier, 2008; Passy, 2007). Therefore, a diatoms ability to survive under changing nutrient and light 

conditions associated with agricultural impacts is influenced by its size, and diatom cell size could be 

considered reflective of the stressors associated with agriculture. Here I examine how diatom cell size 

changes over histories of lake catchment clearance and agricultural land use and investigate the 

applicability of diatom cell size as a metric of ecological response to the environmental changes associated 
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with agriculture. To address these issues, I used paleolimnological records of five New Zealand lakes with 

varying degrees of agricultural land use in their catchments to reconstruct diatom community composition 

and diatom cell size over the past 420 years, spanning from pre-European, through European settlement, to 

today. I also investigated the relative influence of intra- and inter-specific variability in cell size on overall 

community size distributions to determine if cell size distribution is reflective of taxonomic shifts and/or 

inter-specific response to impacts.  
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4.2. Methodology 

4.2.1. Study sites, core collection and chronology 

I examined five lakes, situated across the North and South Islands of New Zealand (Figure 4.1). 

The lakes were chosen as they all have histories of agricultural land use in their catchments and have 

shown recent declines in ecosystem health (Table S 1.1, Table 1). Almost all New Zealand’s low-midland 

lakes have histories of agricultural land use, and consequently I was not able to include an “un-impacted” 

lake with no recent land use change as control. I instead selected lakes that spanned a range of historic 

agricultural land use practice and duration (Table 4.1). All the lakes are within the temperate climate zone 

and they span a range of surface areas from 0.04 to 1.0 km2, and depths from 8.7 to 34.6 m deep (Table 

4.1). Current lake conditions range from meso- to super-trophic status (Table 4.1) assigned following 

Burns and Bryers (2000). Current agricultural land use types include low-intensity deer grazing, sheep 

farming, and high intensity dairy, and the percent grassland catchment cover spans from 27.8 to 78.9% 

(Table 4.1).  

I analysed archived sediment cores for Lakes Letitia, Horseshoe, Johnson, and Rotomanuka, which 

were taken by Dave McWethy from 2008-2012. Lake Rototoa was cored in 2019. All cores were taken 

from the approximate deepest point in each lake using a Uwitech gravity corer. As five of the six cores 

were taken for previous studies, sampling resolution varies among lakes. I constructed chronologies from a 

mixture of AMS 14C dates (McWethy et al. 2010), 210Pb, pollen (Lakes 380) and charcoal records 

(McWethy et al 2010, and Lakes 380). Radiocarbon dates were calibrated against the SHCal13 (Hogg et 

al., 2013). Dates of recent sediments (ca. 0-150 years) were based on 210Pb and 137Cs dating determined by 

gamma-spectrometry at the Australian Nuclear Science and Technology Organisation (ANSTO). 210Pb 

chronologies were calculated using the Constant Rate of Supply (CRS) model (Appleby & Oldfield, 1978). 

In the lake Letitia sediment core, unsupported 210Pb activity was very low, and thus unsuitable for use in 

age-depth model construction. Age-depth models were constructed using Bayesian statistics in the rbacon 
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package v 2.4.3 (Blaauw et al., 2020). Due to laboratory restrictions amid the global COVID-19 pandemic, 

14C and 210Pb dating of the Rototoa sediment core could not be conducted. Instead, I constructed the 

chronology for the Rototoa sediment core by aligning introductions of marker species of Māori and 

European land use in the pollen record and fire events in the charcoal record with published lake, 

catchment, and regional history (Table S 1.1, Figure S 1.3). A summary of radiocarbon dates, unsupported 

210Pb activity, and age models for all lakes is presented in appendix 1 (Table S 1.2, Figures S 1.7 – 1.11).  

I estimated the date of the onset of agricultural land use in lake catchments using a combination of 

peer-reviewed publications, technical reports, news media, historical records, and sedimentary charcoal 

and pollen (where available) (Table S 1.1, Figures S 1.1 & 1.3 – 1.6). Macroscopic (>125 μm) charcoal 

analysis was conducted at 1 cm resolution by Dave McWethy and at 2 – 5 cm resolution for Lake Rototoa 

(Figure S 1.6).  

4.2.2. Diatom analysis 

I conducted diatom identification and enumeration at between 0.5 to 4 cm intervals on each core, 

using standard protocols (Battarbee et al., 2001). Sample resolution was partly constrained by sub-

sampling conducted at the time of core collection. Sediment samples were digested with 10% HCl and 

30% H2O2. Digested samples were settled and dried on glass coverslips and mounted onto microscope 

slides using Naphrax. Slides were viewed at 1000 × magnification, using an oil immersion differential 

interference contrast objective on a Nikon Eclipse microscope. A minimum of 300 valves were counted 

per sample. I identified diatoms to the highest taxonomic resolution possible, based on  Cassie (1989); 

Foged (1979); Houk and Klee (2004); Krammer and Lange-Bertalot (1986–1991). I established species 

specific trophic preferences using Van Dam et al. (1994) and Kelly and Whitton (1995), and habitat 

preferences using Round et al. (1990). Diatom data is expressed as percent relative abundance.  

 To build cell size data sets, I measured the length and width (in valve orientation) of each 

identified diatom valve and took a photograph. For centric diatoms, I calculated the valve face area from 



54 

 

the cell diameter. For centric diatoms in girdle view, I inferred the cell diameter from the width. For all 

other morphologies, I determined the valve face area from photographs using the software ImageJ. When 

diatoms were orientated in girdle view, I recorded the length of the cell, and inferred its area from other 

individuals of the same species. Valve face area used in the subsequent analysis is henceforth referred to as 

cell size.  

4.2.3. Statistical analyses  

I performed statistical analyses on diatom taxa that occurred at 2% abundance in at least one 

sample. I calculated species richness and Simpson’s Diversity Index for each sample to summarise diatom 

community structure. The Simpson’s index is a measure of diversity that accounts for species richness and 

evenness (Simpson, 1949). To determine the most significant breaks in lake community records, I used 

multivariate regression tree analysis (MVT) (De’ath, 2002), with date (AD) as the explanatory variable. 

The smallest tree within one standard error of the tree with the lowest cross validation error was selected.  

MVTs take into account stratigraphic ordering of the data, and the cross validation procedure provides a 

robust means to determine the number of splits in the data (Simpson & Birks, 2012). I used rate of change 

(ROC) analysis to estimate diatom community compositional turnover for each lake, using the square 

chord distance measure, standardized by time (Birks, 2012). To reconstruct diatom inferred trophic history, 

I grouped diatom taxa by trophic preference (Kelly & Whitton, 1995; Van Dam et al., 1994). Changes in 

the relative abundance of diatom life strategies can be indicative of altered controls on diatom populations. 

Decreases in the percentage of benthic diatoms are frequently observed as a result of eutrophication 

(Davidson & Jeppesen, 2013; Davidson et al., 2013), driving competition between pelagic and benthic 

diatoms for access to light and nutrients. Thus, I also calculated the percentage of benthic and pelagic 

diatoms for each sample (Round et al., 1990).   

To meet assumptions of normality, I log-transformed diatom cell sizes prior to analysis. I fit 

Generalised Additive Models (GAMs) to diatom cell size distributions to visualize major trends in 
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community cell size. To determine the most significant breaks in lake cell size records, I used multivariate 

regression tree analysis (MVT) (De’ath, 2002), with date (AD) as the explanatory variable. To observe the 

trend in cell size of all lakes, I plotted normalized log diatom cell sizes against years since the onset of 

agriculture in lake catchment, with a GAM fitted. To investigate correlations between diatom cell size and 

trophic preference, I performed an analysis of variance with tukeyHSD posthoc pairwise comparison on 

diatom cell size, grouped by trophic preference.  

To investigate how much of the change in diatom community cell size could be attributed to 

changes within taxa, I partitioned intra- and inter-specific variation in cell size of species occurring in at 

least 90% of a lake’s samples. I quantified the relative contributions of intra- and inter-specific variation in 

cell size to overall cell size variation in each sample using a variance partitioning analysis. Following 

Messier et al. (2010) I performed a nested ANOVA (general linear model) on the variance across intra- 

and interspecific levels. I then performed a variance component analysis on this model to calculate the 

variance partitioning across the intra- and interspecific levels. To visualize trends in cell size within 

species, I selected persistent taxa that occurred in over 10% of at least one sample in at least two lake cores 

and plotted their normalized log cell size against time with a GAM fitted to summarise the dominant 

trends.  

For all plots, date (AD) has been converted to “years since the onset of agriculture”. All analyses 

and plotting were conducted in R (version 3.6.2, R Core Team (2019)), using packages: analogue v0.17-5 

(Simpson & Oksanen, 2020), vegan v2.5-6 (Oksanen et al., 2019), rioja v0.9-26 (Juggins, 2020), mvpart 

v1.6-2 (De’ath, 2014), nlme v3.1-150 (Pinheiro et al., 2020), ape v5.0 (Paradis & Schliep, 2019), and 

ggplot2 v3.0.0 (Wickham, 2016).  
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Figure 4.1 Map of study lake locations. 

 

Table 4.1 Summary of study lake characteristics. 

Lake name (core 

collection year) 

Alt. 

m asl 

Lake area 

m2 

Max depth 

m 

Contemporary lake state and land use 

Trophic status 
Type of 

agriculture 

% agricultural 

grassland 

Rototoa 

(2019) 
76.3 1066050 29.0 Mesotrophic 

Low-intensity 

deer  
27.8 

Horseshoe 

(2008) 
456.7 43153.7 17.8 

Meso - 

Eutrophic 
Sheep and dairy 59.4 

Letitia 

(2008) 
590.9 292080 34.6 Eutrophic Sheep 73.4 

Johnson 

(2009) 
391.2 254700 27.0 Super-eutrophic Sheep 78.9 

Rotomanuka 

(2012) 
58.3 136391 8.7 Super-eutrophic 

High intensity 

dairy 
69.2 
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4.3. Results 

4.3.1. Diatom communities  

Diatom community structure (richness and diversity) did not exhibit consistent changes in either 

magnitude or direction among lakes preceding or following establishment of agriculture (Figure 4.2). 33% 

of diatom species identified had “unknown” or no published trophic preference I was able to find. A 

further 16% were classified as “indifferent” to nutrient concentration. Diatom trophic preferences did not 

show consistent temporal trends among the six study lakes (Figure 4.3) and diatom trophic classifications 

did not reflect current lake trophic states (Table 4.1). For example, Lake Rotomanuka has the highest 

current TLI, classifying it as “super-eutrophic”, yet it had the lowest average proportion of “eutrophic” 

diatoms throughout its core (Figure 4.3). Further, with progression of agriculture the percentage of diatoms 

species classified as “oligotrophic” increased, contrary to what we would expect from a lake undergoing 

progressive nutrient and sediment inputs. In contrast, Lake Rototoa has the shortest history of agricultural 

land use, and is currently “mesotrophic”, yet its diatom community exhibited a marked shift towards meso- 

and eutrophic diatoms (Figure 4.3). The timing of and direction of change in the prevalence of benthic 

versus pelagic taxa was inconsistent among lakes (Figure 4.3). ROC in diatom community was the only 

statistic that exhibited consistent trends after European arrival and agricultural onset, increasing from pre-

agriculture rates across all lakes (Figure 4.2). This indicates that the largest and fastest shifts in lake diatom 

community occurred during this period. One to two significant stratigraphic breaks in diatom community 

composition were identified by MVT analysis. In Lakes Rototoa and Letitia, a break occurred prior to the 

onset of agriculture. All other breaks followed the onset agriculture in a lake’s catchment (Figure 4.2). In 

Lakes Horseshoe, Johnson and Rotomanuka, it is possible that there are un-identified breaks prior to the 

onset of agriculture that would be identified if records examined extended earlier than 1600AD.  
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4.3.2. Diatom cell size 

Prior to European settlement, diatom cell size did not exhibit any significant changes in any of the 

lakes (MVT analysis) indicating diatom cell size changed little over this period (Figure 4.4). Following 

European settlement, MVT analysis identified one or two significant breaks in diatom cell size 

stratigraphies in all lakes, either coinciding with or following the onset of agriculture in all lake histories 

(Figure 4.4).  In Lakes Rototoa and Johnson, a break was identified 26 and 36 years prior to the onset of 

agriculture, (Figure 4.4). In Lakes Letitia, Horseshoe and Rotomanuka, breaks occurred at 70, 94 and 134 

years after agricultural onset (Figure 4.4). Lakes Letitia, Rototoa and Johnson had a second break between 

61 and 112 years (Figure 4.4). In three of the five lakes, Rototoa, Horseshoe and Johnson, diatom species 

cell size increased following the onset of agricultural land use (Figure 4.4). In Lake Rototoa, cell size 

stopped increasing at about 100 years of agricultural land use. In Lake Letitia, a small increase in diatom 

size occurred around 60 years, followed by a decrease. In Lakes Johnson and Rotomanuka, diatom cell size 

decreased after approximately 100 years of agricultural land use. Diatom cell size in Lake Rotomanuka 

declined after the onset of agriculture. When examined together, across all lake records diatom cell size 

followed a non-linear trajectory of change over agricultural land use history (Figure 4.5); following the 

onset of agricultural activity in a catchment, the average size increased, and after approximately 100 years, 

diatom cell size then decreased (Figure 4.5). The size of diatoms was significantly different among trophic 

classifications (ANOVA, F = 374.9, p < 0.05), with eutrophic diatoms having the largest median cell size 

(Figure 4.6).  

4.3.3. Intraspecific size variation 

The degree of variation in cell size attributed to intraspecific variation declined with the onset of 

agricultural impact across all lakes (Figure 4.7). Of species that occurred in >10% of at least one sample in 

at least two lakes, cell size trends following agricultural onset were variable among species (Figure 4.8). 
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Figure 4.2 Species richness, Simpsons diversity index, and Rate of change (ROC) in SCD (standardized by time), of diatom community composition of all lakes plotted 

against years since onset of agriculture in a lake catchment. Dashed lines represent MVT breaks. Red line represents inferred onset of agriculture in lake catchment. 
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Figure 4.3 Percent abundance of diatom trophic preference (left panel) and habitat type (right panel) of lake diatom communities 

plotted against years since onset of agriculture in lake catchment. Red line represents inferred onset of agriculture in lake 

catchment. 
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Figure 4.4 Log cell size distributions (left panel) and fitted GAM (black line) and 95% confidence intervals (orange bands) 

(right panel) plotted against years since the onset of agriculture in lake catchment. Dashed black lines represent MVT breaks. 

Red line represents inferred onset of agriculture in lake catchment. 
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Figure 4.5 Normalised log area vs. years since the onset of agriculture in lake catchment for all lakes. Black line represents fitted 

GAM, with 95% confidence intervals (orange). 

 

 

Figure 4.6 Log diatom cell size of trophic preference groups. Letters denote ANOVA results; boxes with different letters are 

significantly different (F = 374.9, p < 0.05) 
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Figure 4.7 Results from Variance Partitioning analysis showing the proportion of variance in diatom community cell size 

explained by intra-specific variation, in species occurring in over 90% of lake samples. 

 



64 

 

 

 

Figure 4.8 Normalised log cell size of species occurring in >10% of one sample in at least 2 lakes, by years since onset of agriculture (red line). Black line represents fitted 

GAM fitted on raw data, with 95% confidence intervals (grey bands). Points are mean cell size per lake.  
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4.4. Discussion 

4.4.1. Diatom communities 

Among the study lakes, diatom diversity did not show cohesive trends; changes in species richness 

and Shannon diversity were not consistent in either direction or magnitude and habitat type, and trophic 

preferences did not follow expected patterns given lake history. For example, Rotomanuka has the highest 

current TLI, classifying it as “super-eutrophic”, yet it has the lowest average proportion of “eutrophic” 

diatoms throughout its core, and with progressive agricultural impact shows increases in the percentage of 

“oligotrophic” diatoms, contrary to what we would expect from a lake undergoing progressive nutrient and 

sediment input. Diatom-based reconstructions of environmental change require comprehensive 

understanding of species-specific tolerances for the drivers of interest, yet in my dataset, 33% of taxa 

identified had no trophic preferences published. These results enforce that caution is necessary when 

applying diatom-based indices of environmental change; neither diatom community composition, nor 

response to impacts is universal among lakes (for example, Maheaux et al. (2016), Ramstack Hobbs et al. 

(2016)) and commonly applied diatom indices do not always lead to the same conclusions (for example, 

Besse-Lototskaya et al. (2011)). In addition, by relying on correlations between an individual 

environmental variable and community composition, such approaches do not account for other, physical, 

chemical, and biological factors governing diatom communities. The differences observed among diatom 

profiles in my study lakes likely reflects the filtering effect of individual lake and catchment characteristics 

on community composition (Costa-Böddeker et al., 2012; Schroeder et al., 2016). Diatom community 

ROC was the only statistic that exhibited coherent changes across the five study lakes; increasing after 

catchment clearance and with agricultural development. ROC is used as a proxy for ecosystem resilience 

to change (Siteur et al., 2016; Wang et al., 2012). Thus, the impacts associated with agricultural land use 

have outpaced diatom community ability to respond and maintain a constant state.  
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4.4.2. Diatom cell size 

Diatom cell size showed more consistent trends over histories of agricultural land use than diatom 

community structure. Trajectories of diatom cell size are summarised as: no change prior to catchment 

deforestation and conversion to agriculture, increasing after deforestation and the onset of agriculture, 

followed by a shift to a decreasing trend around approximately 100 years of agricultural land use. Diatom 

cell size is responsive to a variety of drivers (Rühland et al., 2015; Smol et al., 2001). Thus, my findings 

suggest that diatom cell size could improve our ability to interpret and compare complex ecosystem change 

across multiple lake ecosystems. 

The increase in diatom cell size following catchment deforestation and the onset of agriculture 

observed across four of the study lakes could be indicative of increased nutrient inputs. Larger diatom cell 

size in response to increased nutrient inputs has been observed within individual taxa (Vilmi et al., 2015) 

and across entire communities (Lange et al., 2016). In my data, diatom taxa classified as having 

“eutrophic” preferences generally were larger than mesotrophic or oligotrophic diatoms. Following 

catchment deforestation, lake nutrient concentrations are typically higher than baseline levels due to 

influxes of organic matter and nutrients bound to catchment soils. Agricultural fertilisers and stock manure 

act as further sources of nutrients to lake ecosystems (Carpenter et al., 1998). After approximately 100 

years of agricultural land use, diatom cell size declined. Smaller cells have higher surface area to volume 

ratios and less internal shading. Furthermore, small pelagic species are less resistant to sinking and sit 

higher in the water column, thus having better access to light in turbid waters. Therefore, smaller diatom 

size is a competitive advantage in low light conditions (Finkel, 2001; Geider et al., 1986). With prolonged 

agricultural catchment use, lake ecosystems are subject to persistent catchment erosion resulting in 

increased water turbidity. Simultaneously, nutrient inputs drive increased algal productivity, further 

limiting light availability (Sand-Jensen & Borum, 1991). Therefore, I hypothesize that the change from 

increasing to decreasing trends in diatom cell size could indicate a shift from increased nutrient 

concentrations to decreasing light availability as the dominant mechanisms structuring diatom populations, 
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and that a positive feedback exists between cell size and water clarity, reinforced by increased 

productivity. The cell size profile of Rotomanuka does not exhibit the same initial increase, and instead 

shows a steady decline following the onset of agriculture. This could reflect the lake’s individual history; 

Rotomanuka’s catchment was deforested by Māori prior to European settlement (Newnham et al., 1989). 

Upon European arrival, the district including Lake Rotomanuka was shortly converted to agriculture 

(Chalmers, 2014). Thus, the steady decline cell size could indicate response to Māori arrival a 

deforestation and land use, compounded by subsequent European nutrient inputs.  

4.4.3. Influence of intraspecific trait variation on size response 

 To accurately interpret a trait response as being driven by environmental change, we need to 

understand how much of the response is explained by taxonomic shifts and intra-specific trait change. For 

example, changes in diatom community cell size in response to agricultural impacts could reflect 

taxonomic shifts and/or changes in the cell size within taxa. In species that were persistent throughout lake 

sediment records, the contribution of intra-specific variation to overall cell size variation declined with 

agricultural impact, suggesting that environmental change is selecting for species in an optimum size 

range. The dominant phenotype of a trait within a community is considered to reflect the phenotype 

optimum for surviving and reproducing in a set of environmental conditions (Whittaker, 1972). Thus, if 

environmental changes limit the survival of other size phenotypes, we would expect to see a decrease in 

size variability among species, and a convergence of diatom species sizes (Violle et al., 2012). However, 

of abundant species, cell size trends following agriculture are not consistent. Thus, the trait response 

observed across the study lakes reflects both taxonomic change and intra-specific cell size shifts. This 

suggests that diatom cell size may respond to environmental change faster than community composition 

and structure (Clements & Ozgul, 2016). Importantly, this finding highlights that both intra- and inter-

specific variation should be considered when employing diatom cell size in trait based environmental 

studies (Violle et al., 2012).  
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Whilst my results encourage further study of traits into diatom based environmental assessments, 

there are several assumptions that should not go unmentioned. My study is limited by paleolimnological 

constraints and owing to the absence of fossil remains for other biological groups, I was unable to consider 

the structuring influence of, or interactions between other physiochemical and biological factors (Lange et 

al., 2011). Further, my study does not address how environmental heterogeneity may be driving 

partitioning of diatom body size within communities (Stark et al., 2017). In addition, due to the time-

consuming nature of paleolimnological analyses, my study is limited to five lakes, inhibiting me from 

testing for the influence of prior lake history, morphology, and climate variability on diatom size profiles.  

4.4.4. Conclusion  

Whilst the diversity and wide distribution of diatoms is what makes them valuable for 

environmental assessments, it also complicates and introduces error, and makes cross-lake comparisons of 

environmental change difficult. Interpreting the complex, and often conflicting patterns in diatom 

community composition is complicated by unresolved taxonomic classifications (Mann & Vanormelingen, 

2013)and diatom ecology, and the confounding influence of multiple drivers and lake specific 

characteristics. My results suggest that diatom cell size has potential as a metric of ecological change in 

response to catchment clearance and agricultural land use impacts in lake ecosystems. Among the five 

study lakes, temporal trajectories of diatom cell size over histories of agricultural impact were more 

consistent than diatom community structure or ecological preferences. With progressive impacts, intra-

specific variation in cell size decreased, suggesting that within diatom species impacts are driving change 

in cell size. Diatoms have important roles in ecosystem function and thus changes in population cell size 

distributions likely have important implications for overall lake ecology. Thus, diatom cell size may also 

provide insight into wider ecosystem change, and the mechanisms responsible for ecosystem decline. 

Whilst I cannot draw direct causal links between diatom cell size and the impacts of agriculture, this study 
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adds to the existing literature demonstrating that diatom cell size is an important structuring factor and that 

changes in diatom cell size distributions likely have important ecological ramifications.   
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Chapter 5 

 

Do diatom resource requirements depend on lake nutrient limitation and enrichment status? 

5.1. Introduction 

Nutrient enrichment is the principal problem for freshwater ecosystems around the world (Smith & 

Schindler, 2009). In New Zealand, nutrient enrichment of freshwaters is a marked issue with 36% of 

monitored lakes having poor to extremely poor water quality resulting primarily from nutrient enrichment 

(Ministry for the Environment & Stats NZ, 2017). Excess nitrogen (N) and phosphorous (P) drive 

increased phytoplankton growth which can result in shifts from macrophyte to phytoplankton dominance 

in lakes. Nutrient enrichment can also drive shifts in phytoplankton community composition that affect 

trophic interactions within lake food webs or drive the proliferation of nuisance phytoplankton. 

Consequently, shifts in phytoplankton community composition in contemporary time and in 

paleolimnological records have been used to infer changes in nutrient availability and subsequent effects in 

lakes. 

For paleo-environmental reconstructions of lake ecosystem condition, diatoms are considered 

reliable indicators of trophic status, and are frequently used to reconstruct both histories of lake nutrient 

concentrations and trophic state. However, in New Zealand, diatoms as a proxy of nutrient enrichment 

performed poorly in a transfer function approach (Reid, 2005), and the accepted trophic preference of 

diatom species showed little agreement with trophic status of five New Zealand lakes (Chapter 4). The 

poor alignment of diatom species with lake nutrient concentrations in New Zealand examples is likely in 

part due to the simplistic view of diatom ecology that such an approach takes; nutrients do not act in 

isolation to structure diatom communities, and the mechanisms behind community change are rarely due 

solely to nutrient availability. Furthermore, phytoplankton species have different nutrient requirements 
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(Sterner & Hessen, 1994), and phytoplankton nutrient requirements depend on other environmental factors, 

for example light and temperature (Raven & Geider, 1988). Moreover, information about specific 

requirements of both N and P for various diatom species is sparse, particularly in New Zealand. 

Quantifying species-specific nutrient requirements in New Zealand will strengthen our ability to interpret 

paleo-diatom records to elucidate the mechanisms behind lake degradation 

Controlling inputs of the nutrient responsible for limiting phytoplankton growth has been 

considered integral to managing the effects of nutrient enrichment on lakes (Smith et al., 1999). It is 

generally predicted that production in lakes is limited primarily by P (Schindler, 1977). However, an 

analysis of nutrient limitation in New Zealand lakes identified that whilst over 50% of lakes have TN:TP 

ratios indicative of P limitation, N has a more important role in determining lake productivity (Abell et al., 

2010). Furthermore, the relationship between N and P in New Zealand lakes differs from other countries, 

driven by relatively high range of P concentrations (Abell et al., 2010). Thus, restricting a single nutrient is 

not likely to result in either the decreased growth of all species, or have the same result for all lakes. 

Understanding if and how shifts in N and P availability affect phytoplankton species response to nutrient 

enrichment will help us better understand phytoplankton community change and utilise nutrient abatement 

methods in New Zealand lake management.  

New Zealand has an abundance of dune lake systems distributed throughout the country, many of 

which are considered to be in outstanding ecological condition (Kelly et al., 2016)  . Unfortunately, like 

most lowland areas of New Zealand, dune lakes are threatened by the impacts of anthropogenic land use, 

in particular nutrient and sediment inputs from agricultural sources. New Zealand’s dune lakes have 

significant cultural and environmental value, and there is much interest in managing for anthropogenic 

impacts and preventing their decline (Stephens et al., 2018). Understanding the response of lake 

ecosystems to nutrient enrichment will be a significant step towards their effective management. Using 

nutrient amendment experiments and paleolimnological analysis, I sought to better understand the effects 
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of nutrient enrichment on New Zealand lakes. Using diatom communities of five dune lakes of varying 

trophic state, nutrient enrichment, and limitation I investigated the response of diatoms to nutrients (N and 

P). I aimed to identify species specific nutrient requirements and investigate if and how lake nutrient 

limitation modulates diatom response to nutrient enrichment in these systems. I also applied diatom species 

nutrient requirements established from the experiments to a long-term dune lake sediment core in order to 

provide perspective on the long-term causes of lake ecosystem degradation.   
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5.2. Methodology 

5.2.1. Study sites 

The study lakes are located in the Auckland region, New Zealand, north of Auckland City. The area 

comprises a mixture of urban, rural, and exotic and native forest. I selected five dune lakes for inclusion in 

the study (Figure 5.1, Table S 3.1). These lakes were chosen because they all have histories of 

anthropogenic nutrient enrichment and span a range of nutrient concentrations and trophic state.  

Lake Rototoa was selected for paleolimnological analyses. In the Auckland region Lake Rototoa is 

considered one of the least anthropogenically modified lakes. Unfortunately, the lake has been 

experiencing recent declines in ecosystem state, and since 1992 the lake has been recorded as mesotrophic 

(Table S1.1). Currently the lake is in a clear water state and there is much interest in halting its decline, yet 

Lake Rototoa has had a complex history of human land use, and the exact causes of decline are uncertain. 

In summary, following European settlement of the South head area in approximately 1865, the land 

surrounding the lake has been subject to deforestation, sheep, cattle, and deer farming, and exotic 

commercial forestry (Table S 1.1, Figure S 1.3). Today, the lake catchment is a mixture of native forest, 

exotic commercial forestry, and low intensity pasture (Auckland Regional Council, 2005). Lake Rototoa is 

also home to a number of introduced fish species, including rainbow trout, tench, goldfish, and rudd 

(Penlington, 1985). Nutrient monitoring data for Lake Rototoa only spans back to 1993 (Auckland 

Regional Council, 2005). From 2001 to  2004 AD TN concentrations in the lake were within the range 

considered super-trophic, and between 2003 and 2008 AD TP was eutrophic (Burns & Bryers, 2000)  

(Figure 5.2). Today, TN concentrations are mesotrophic and TP oligotrophic (Figure 5.2), and the overall 

lake trophic level is classified as mesotrophic (Table 5.1).  
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5.2.2. Experimental design and procedures 

Lake water was collected from the five study lakes on the 19th of January 2020 (see Table S 2.1 for 

lake and sampling information). Using an integrated tube sampler, I collected 20 L of water from 

throughout the photic zone, in the approximate center of each lake. The depth of the photic zone (1% 

sunlight irradiance) was determined using a LI-COR Underwater Radiation Sensor. The collected water 

was filtered through a 100 µm mesh sieve to remove zooplankton and stored in acid washed containers in 

cool and dark conditions for no longer than 24 hours.  

Prior to experimental set up I collected triplicate subsamples from each of the 20L samples for 

determination of chlorophyll-a, total nitrogen (TN), and total phosphorous (TP) concentrations. 

Chlorophyll-a concentration was measured fluorometrically; 500 mL of lake water was vacuum filtered 

through 0.7 µm glass fibre filters (Whatman GF/F). Filters were immediately frozen until analysis. 

Chlorophyll-a was extracted from filters in 90% acetone for 24 hours at 4°C, and concentration measured 

using an AquaFluor Trilogy Laboratory Fluorometer (TurnerDesigns, San Jose, CA, U.S.A). TN and TP 

concentrations were measured on 30 mL samples. Samples were digested using potassium persulfate in an 

autoclave and measured on a Lachat QuikChem 8500 Flow Injection Analyser (Lachat Instruments, 

Loveland, CO, U.S.A.) using cadmium reduction (TN) and ascorbic acid (TP) methods. Initial TN and TP 

concentrations were used to calculate final concentrations of nutrient additions. To determine lake trophic 

status, I calculated the trophic level index (TLI, Burns and Bryers (2000)) using the mean secchi depth, 

TN, TP, and chlorophyll-a concentrations from 2017 – 2020, using determined concentrations (this study) 

and Auckland council monitoring data. 

Nutrient treatments followed a true factorial design, with 5 levels, totaling 25 treatments for each 

lake. The ranges of nutrient amendments were designed to increase the concentration of the least enriched 

lake (Lake Rototoa) to the ambient concentrations of the most enriched lake (Lake Spectacle) and at a 10:1 

mass ratio of N:P. Nitrogen was added in the form of KNO3, to increase sample concentrations by 0, 0.1, 
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0.25, 0.5, and 1.0 µg N/mL. Phosphorous was added as KH2PO4, to increase sample concentrations by 0, 

0.01, 0.025, 0.05, and 0.1 µg P/mL. Six hundred mL of amended water was held in Bitran specimen bags 

for 7 days at 20 °C, on a 13:11 light:dark cycle at approximately PAR 300 µEm-2s-1.  

At the end of the incubation period, I collected 500 mL subsamples for determination of 

chlorophyll-a concentration, and 50 mL subsamples for diatom identification and enumeration from each 

bag, after homogenizing the bag contents. Sample processing and analysis for chlorophyll-a concentration 

was conducted as above. To prepare samples for diatom community identification, I used a modified 

sediment digestion method (Battarbee et al., 2001). 50 mL subsamples were digested with 10% HCl and 

30% H2O2. Digested samples were settled, aspirated to 1 mL volume, settled on glass coverslips, and 

mounted on microscope slides using Naphrax. Slides were viewed at 1000 × magnification, using an oil 

immersion differential interference contrast objective on a Nikon Eclipse microscope. Diatoms were 

identified to the highest taxonomic resolution possible, based on Cassie, 1979, Schmidt et al., 2004, Houk 

and Klee, 2004, Foged, 1979; Krammer & Lange-Bertalot, 1986–1991, and the whole slide counted.  

5.2.3. Lake Rototoa core collection, age-depth determination, and sedimentary diatom analysis  

A sediment core was taken from Lake Rototoa in 2019 from the approximate deepest point of the 

lake, using a Uwitech gravity corer. Sediment core collection, age-depth construction, and diatom analysis 

was conducted as in Chapter 3, section 3.2.1. TN and TP monitoring data for the lake were gathered from 

Auckland Regional Council (2005, 2017) and experiment water samples (this study).  

5.2.4. Statistical analyses  

The chlorophyll-a response ratio was calculated by dividing the treatment concentration by the 

control concentration. To determine the nutrient limitation status of the sample lakes, I used GLMs to 

understand the influence of N and P concentration and their interaction on chlorophyll-a response ratio. 

Where a significant effect of either N or P with no interaction occurred, N or P limitation was inferred. 
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Where both N and P had significant effect, or there was a significant interaction between N and P, co-

limitation was inferred (Tank & Dodds, 2003). Chlorophyll-a response ratio data were log10 transformed 

prior to analysis where needed to meet assumptions of normality.  

I selected species common to all lakes for inclusion in diatom response analyses. Diatom species 

response ratios for each treatment were calculated as the final cell counts in treatments divided by controls. 

GLMs were conducted on individual lakes to determine the influence of N and P concentrations and their 

interaction on diatom response ratios. To test for the effects of lake limitation status, N treatments, and P 

treatments on diatom species response ratios, I performed a three-way analysis of variance on common 

species for all lakes, using normalised response ratio as the dependent variable. All analyses and plotting 

were conducted in R (version 3.6.2, R Core Team (2019)), using packages: vegan v2.5-6 (Oksanen et al., 

2019) and ggplot2 v3.0.0 (Wickham, 2016).  

 

 

Figure 5.1 Map of study lake locations. 
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Figure 5.2 Total N (top panel) and total P (bottom panel) of Lake Rototoa for the period of 1993 – 2017 (Auckland regional 

council). Horizontal dashed lines represent nutrient specific trophic categorisations from Burns and Bryers (2000)  . 
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5.3. Results 

5.3.1. Lake trophic and nutrient limitation status 

Lakes Rototoa and Tomarata were co-limited by both N and P, and Lakes Kuwakatai and Kereta 

were N-limited (Table 5.1). There was no significant effect of nutrient additions of the chlorophyll-a 

response ratio in Lake Spectacle (Table 5.1).  

5.3.2. Diatoms 

Across the study lakes, the number of taxa identified ranged from 8 in Lake Kuwakatai to 55 in 

Lake Rototoa. Three taxa were common to all lakes: Nitzschia palea, Fragilaria crotonensis, and 

Fragilaria capucina. Other taxa were only present in 1 to 3 of the study lakes so I focus here on the three 

taxa common across lakes. In Lake Spectacle, one species (Aulacoseria ambigua) overwhelmingly 

dominated all samples (relative abundance > 90%). As a result, counts for all other species were 

considered unreliable and Lake Spectacle was not included in further analysis.  

Results of the GLMs revealed that among them, the three focus taxa did not respond consistently to 

nutrient additions. N. palea showed consistent response to nutrient enrichment across all the lakes, 

increasing in abundance in treatments with N and P (Table 5.2, Figure 5.3). The other two species, F. 

crotonensis and F. capucina, exhibited different patterns of response across the lakes. F. crotonensis was P 

or co-limited in lakes where chl-a showed co-limitation (Lakes Rototoa and Tomarata) and was 

unresponsive to nutrient enrichment in lakes with higher N and P concentrations (Lakes Kuwakatai and 

Kereta) (Table 5.2, Figure 5.3). F. capucina did not respond to nutrient enrichment in lakes with low N and 

P but did show co-limitation in lakes with higher nutrients (Table 5.2, Figure 5.3).  

Results of the three-way ANOVAs support the results of the GLMs. There was significant effect of 

lake limitation status on F. crotonensis and F. capucina response ratios, but not for N. palea. Further, for 

F. crotonensis there was a significant two-way effect of P × Limitation. For F. capucina, there were no 
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other significant effects. For N. palea, there were significant one-way effects of both N and P treatments 

and a two-way effect of N × P (Table 5.3). 

In summary, in the four study lakes N. palea is limited by both N and P, and the concentrations of 

TN and TP do not appear to influence N. palea response to nutrients (Figure 5.3). F. crotonensis is 

primarily P limited, but on releasing this limitation, responds to both N and P (Figure 5.3). F. capucina is 

limited by both N and P, but only responds to nutrient additions when P is replete (Figure 5.3).  
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Table 5.1. GLM model results for chla response ratio. (chla_rr ~ N_conc *P_conc) Significance is noted as: *<0.05, **<0.005, ***<0.0005. Chlorophyll-a response ratios 

log transformed to meet assumptions of normality. Trophic lake indices (TLI, Burns and Bryers (2000)) for lakes and corresponding trophic state calculated from the mean 

(2017 – 2020) TN, TP, Chl-a, and secchi depth. SD in brackets. 

Lake  Effect t-statistic Coefficient SE p-value 
Log10 

transformed 

Inferred 

limitation status 
TLI (SD) Trophic state 

Rototoa 

Nitrogen -1.611 -0.638 0.396 0.123 

Yes Co-limited 

 

Mesotrophic Phosphorous -1.662 -9.489 5.709 0.112 3.3 (0.2) 

N × P 3.632 25.104 6.912 0.001**  

Tomarata 

Nitrogen -0.040 -0.016 0.398 0.968 

Yes Co-limited 

 

Eutrophic Phosphorous -2.503 -16.387 6.548 0.021* 4.5 (0.2) 

N × P 3.303 21.340 6.461 0.004**  

Kuwakatai 

 

Nitrogen 3.055 1.579 0.517 0.006** 

Yes N-limited 

 

Eutrophic 

 
Phosphorous -0.478 -3.384 7.070 0.638 4.9 (0.2) 

N × P 0.742 4.680 6.304 0.466  

Kereta 

Nitrogen 3.052 1.727 0.566 0.006** 

Yes N-limited 

 

Eutrophic Phosphorous 0.528 5.003 9.479 0.603 5.1 (0.3) 

N × P -0.369 -2.042 5.534 0.716  

Spectacle 

Nitrogen -0.022 -0.015 0.693 0.983 

No 
Not limited by N 

or P 

 

Super-trophic Phosphorous 0.850 8.233 9.685 0.405 6.1 (0.3) 

N × P 0.627 3.141 5.007 0.538  
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Table 5.2 GLM model results for diatom species response ratios (response ratio ~ N concentration * P concentration). 

Significance is noted as: ns > 0.05, * < 0.05, ** < 0.005. Lake TN and TP concentrations (µg/L) and inferred limitations status 

(Table 5.1). N × P indicates co-limitation, N indicates N-limitation.  

Lake 

(limitation) 
TN TP Effect N. palea F. crotonensis F. capucina 

Rototoa 

(N × P) 
357 6 

Nitrogen ns ns ns 

Phosphorous ns * ns 

N × P *** * ns 

Tomarata 

(N × P) 

560 

 

12 

 

Nitrogen ns ns ns 

Phosphorous ns ns ns 

N × P * * ns 

Kuwakatai 

(N) 
675 35 

Nitrogen * ns ** 

Phosphorous * ns ** 

N × P *** ns * 

Kereta 

(N) 
128 57 

Nitrogen ns ns ns 

Phosphorous ns ns * 

N × P * ns * 

 

Table 5.3 Results of three-way ANOVA to assess the effects of lake limitation status, and N and P additions on diatom species 

response ratios. Significance is noted as: ns > 0.05, * < 0.05, ** < 0.005, *** < 0.0005. 

Effect N. palea F. crotonensis F. capucina 

Limitation ns *** ** 

Nitrogen *** ns ns 

Phosphorous *** ns ns 

N × P *** ns ns 

N × Limitation ns ns ns 

P × Limitation ns * ns 

N × P × Limitation ns ns ns 
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Figure 5.3 Response ratios of N. palea, F. capucina, and F. crotonensis to nutrient treatments of only P, N, and N and P in equal 

ratio (N:P), across N × P limited and N limited lakes. A response ratio above one indicates a positive effect. 

5.3.3. Paleolimnological perspective 

In the lake Rototoa sediment core, the diatom community exhibited an abrupt shift to dominance by 

F. crotonensis beginning in about 1960 AD (Figure 5.4). From the results of the nutrient amendment 

experiments, F. crotonensis primarily responds to P, but on releasing this limitation, also responded to N 

(Figure 5.3), suggesting the increase in abundance is indicative of increased P concentrations. Throughout 

the core, N. palea is also present, but in very low abundance (<1%). The results of the experiment suggest 

that N. palea responded to both N and P, suggesting either nutrient is limited in the lake. F. capucina is not 

present throughout the core. The results of the experiment suggest F. crotonensis requires high nutrient 

concentrations, thus suggesting nutrient concentrations have not reached concentrations sufficient for F. 

crotonensis. 
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Figure 5.4 Lake Rototoa core diatom counts expressed as relative percent abundance. Taxa appearing in > 5% of at least one 

samples presented. 
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5.4. Discussion 

Nutrient requirements and tolerance ranges of diatoms are often used as indicators of lake trophic 

status and to reconstruct nutrient records from paleo-diatom profiles. However, such approaches assume 

diatom physiological requirements are static, and that other environmental factors known to exert influence 

on diatoms are not important for structuring community composition. In New Zealand, paleo-diatom 

trophic reconstructions do not align with the trophic histories of lakes (Chapter 4), and diatom-based 

nutrient transfer functions developed in previous studies showed poor performance (Reid, 2005). In this 

study, the nutrient requirements of focus diatoms differed among species, and were not consistent among 

lakes. Further, the results of this study suggest that the nutrient limitation status and concentration of N and 

P in a lake influence the nutrient requirements of individual diatom taxa. Thus, the poor performance of 

diatom-based nutrient reconstructions in New Zealand may be partly explained by differences in the 

nutrient limitation status of lakes. Interactions between physiochemical conditions can influence diatom 

growth (Doyle et al., 2005; Malik et al., 2017; Saros & Anderson, 2015). Thus, assigning changes in 

diatom community composition to causal factors is very difficult. In order to apply diatoms to both 

contemporary and paleolimnological nutrient inferences, further work focusing on how physiochemical 

and biological factors interact to influence diatom nutrient requirement is needed.   

Diatom taxa are frequently referred to by their inferred trophic status. However, the results from 

this study highlight that accepted diatom trophic statuses tell us little about the specific nutrient 

requirements of these taxa, or how nutrient additions will influence their growth. For example, in the 

experiment F. capucina, an oligo- to mesotrophic diatom (Rawson, 1956; Van Dam et al., 1994), only 

responded to nutrient additions when P was replete and thus only in eutrophic lakes. Furthermore, N. palea 

is considered a eutrophic diatom (Van Dam et al., 1994). While across the four study lakes N. palea 

responded positively to nutrient treatments, this response was regardless of lake trophic status, nutrient 

concentration, or limitation. Thus, N.palea may not always indicate eutrophic conditions.   
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This study highlights and reinforces that generalisations cannot be made about diatom ecologies 

across multiple lakes. Firstly, the response of two of the three focal taxa to N and P differed from 

previously reported nutrient requirements. For example, in the experiment N. palea was responded only to 

simultaneous inputs of N and P across a range of ambient nutrient availability, and thus increases in its 

abundance likely reflect increases in both nutrients. In comparison, other studies have reported the species 

as both indifferent to nutrient enrichment (Carrick et al., 1988; Hill & Knight, 1988) and preferring 

eutrophic conditions (Van Dam et al., 1994). F. capucina has been observed to respond significantly to 

increased N (Williams et al., 2016)  , yet in the experiment F. capucina was co-limited by N and P. For F. 

crotonensis studies have reported low P and moderate N requirements (Michel et al., 2006; Saros et al., 

2005), aligning with the results from the experiment; F. crotonensis was primarily limited by P at low 

nutrient concentrations. Several studies suggest that diatom species ecology can vary among lakes due to 

the development of biogeographically distinct “ecotypes” (e.g. Lewis et al. (1997); Saros et al. (2005)) . In 

another New Zealand study, N. palea also responded significantly to nutrient enrichment (Lange et al., 

2016). Thus, these differences may be partly explained by New Zealand specific ecotypes. Contrasting 

diatom ecologies may also be due to the influence of other interacting variables. In this study, the response 

of two of the three focus taxa to nutrient enrichment was dependent on nutrient limitation and 

concentration. Thus, the results of this study reinforce that diatom growth is regulated by various 

interacting factors.  

5.4.1. Implications for long-term lake ecosystem change 

Two important limitations of paleo-diatom methods are that they assume diatom species are static 

in their physiological requirements through time, and they ignore the influence of interacting variables on 

diatom ecology. The results from this study highlight these limitations; there were inconsistencies in 

diatom response to nutrients among lakes, partly explained by lake nutrient limitation and concentration. 

Furthermore, nutrient requirements differed from those reported in other geographic locations. Thus, 



86 

 

diatom physiological requirements are not fixed and ascribing diatom species to specific nutrient 

requirements is likely to return imprecise paleolimnological lake trophic reconstructions. Applying the 

results from experiments and contemporary limnology can help to interpret paleo-records more accurately 

(Belle et al., 2017b; Saros et al., 2012; Sayer et al., 2010c). For example, in the sediment record of Lake 

Rototoa F. crotonensis became the dominant diatom species at about 1960 AD. If we were to apply 

published trophic preference for this species, we would infer the shift to F. crotonensis dominance to be 

indicative of the lake becoming mesotrophic. Further, if we were to apply the low P and moderate N 

requirements identified for F. crotonensis in other studies (Michel et al., 2006; Saros et al., 2005), we 

would infer this shift be primarily in response to the increasing N concentrations in the lake. However, the 

results from this experiment show that F. crotonensis is primarily limited by P but responds to N when the 

P limitation is released.  

Erosion has been recognised as an issue in the region surrounding Lake Rototoa since the 1870s 

(Kawharu, 2005-2019). Phosphorus bound to catchment soils enters lakes via catchment erosion (Sharpley 

et al., 1994). Furthermore, fish can be both direct and indirect contributors of P to lakes, via excretion and 

death, and bottom feeding species mobilizing P bound to lake sediments. Lake Rototoa is home to 

populations of several pest fish species. Thus, I hypothesize that the increase in F. crotonensis in Lake 

Rototoa’s sediment record is indicative of increased P concentrations in the lake, resulting from catchment 

erosion and introduced fish. The chlorophyll-a response to nutrients suggests that Lake Rototoa is 

currently co-limited by N and P. Furthermore, the low abundance of N. palea suggests N is not in 

abundance, and the absence of F. capucina indicates the lake is in the early stages of eutrophication. 

Further enrichment of either N or P to the lake are likely to result in increased productivity and further lake 

degradation.  

5.4.2. Conclusions and implications for lake management 
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This study highlights that phytoplankton response to nutrient enrichment is context dependent. 

Before considering single nutrient abatement as a management option for anthropogenic nutrient 

enrichment, it is important to consider the interactive effects of other physiochemical conditions on 

phytoplankton growth. Both the limitation status and the concentrations of N and P in a lake influenced 

diatom species response to nutrients. Furthermore, in this study the focus taxa exhibit different nutrient 

requirements than observed in other parts of the world. All three focus taxa were co-limited to varying 

degrees, reinforcing that the management of New Zealand lakes would benefit from reductions in both N 

and P inputs (Abell et al., 2010). Finally, applying experimental evidence to long term paleo-records of 

lake communities can help to elucidate the mechanisms behind community shifts. Future studies should 

focus on combining paleo- and contemporary limnological approaches as complementary methods to 

better understand and manage lake ecosystem change.  
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Chapter 6 

 

Diatom community change: Morphology vs. Metabarcoding 

6.1. Introduction 

Diatoms are the most widely used biological record in paleolimnological analyses. Their ubiquity, 

high diversity and range of response to changes in chemical, physical and biological factors make them 

useful indicators of changing environmental conditions (Battarbee et al., 2001). Diatoms have siliceous 

cell walls that are well preserved in lake sediments, and analysing diatom community composition down 

sediment cores is a well-established technique for reconstructing past environments (Smol & Stoermer, 

2010). Paleo-diatom profiles are frequently applied to reconstruct records of agricultural land use and 

impact history. For example, diatom inferred total phosphorous (DI-TP) is a transfer function approach 

that uses changes in diatom community composition to reconstruct total phosphorous concentration in 

lakes through time (Hall & Smol, 1992). Paleo-diatom records are also commonly used to infer lake 

ecosystem response to agricultural impacts (Davidson & Jeppesen, 2013). For example, a shift towards 

pelagic dominance in diatom communities is a common trend over agricultural impact histories (Davidson 

et al., 2013; Reid, 2008) and can indicate a reduction in macrophyte abundance or change in macrophyte 

community composition (e.g. Sayer et al. (2010b)). Diatom identity and community composition are 

typically determined visually, based on unique morphological features of their cell wall. Whilst this 

technique is well-established and effective, when applied to long sediment records and multiple lakes it 

becomes time consuming and requires a high level of taxonomic expertise. Consequently, the temporal and 

spatial resolution and scope of paleo-diatom reconstructions are limited, frequently resulting in studies that 

are comprised of few observations that are un-evenly spaced through time.  
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Environmental DNA (eDNA) barcoding, or metabarcoding, is an approach that can be used to 

characterise the biodiversity of environmental samples. DNA barcoding works by linking taxa to unique 

sequences of marker DNA fragments, or ‘barcodes’ (Hebert et al., 2003). Obtained barcodes are matched 

with known specimens, archived in databases. Along with morphological remains, DNA is also preserved 

in lake sediments and metabarcoding has been applied to reconstruct long term trends in lake community 

(e.g. bacterial (Pal et al., 2015; Wood et al., 2009), and macrophyte (Heinecke et al., 2017)) and catchment 

environmental conditions from sediment records (Giguet-Covex et al., 2014; Parducci et al., 2013; 

Pedersen et al., 2013). For diatoms, metabarcoding methods have been trialed on cultured (Kermarrec et 

al., 2013; Zimmermann et al., 2011) and environmental samples including lake sediments (Capo et al., 

2015; Huang et al., 2020; Stoof-Leichsenring et al., 2012), water (Zimmermann et al., 2015), and epilithon 

(Kermarrec et al., 2014; Visco et al., 2015). Metabarcoding has also shown potential as a tool for 

environmental health assessment based on diatom community composition (Kermarrec et al., 2014; Visco 

et al., 2015; Zimmermann et al., 2015) and has uncovered hidden diversity in some taxa (Stoof-

Leichsenring et al., 2012). Metabarcoding relies on standardized laboratory procedures, which compared 

with morphological methods, is fast and relatively automated, and it does not require an in-depth 

knowledge of diatom taxonomy. Thus, metabarcoding has the potential to overcome some of the 

limitations associated with paleo-diatom analysis. However, development of these methods for 

paleolimnological studies are limited. In addition, studies that have reported success when using molecular 

methods to determine diatom community composition from lake sediments have focused on surface (Capo 

et al., 2015; Dulias et al., 2017; Huang et al., 2020) or shallow (Stoof-Leichsenring et al., 2012) sediments. 

DNA longevity in the environment is dependent on chemical, physical and biological conditions. A 

limitation of paleolimnological studies is issues with taphonomy; conditions at the time of sediment 

deposition and can affect the preservation of biological and geochemical records. Thus, metabarcoding 

analysis of older sediments may be more challenging than for fresh environmental and surface sediment 

samples.   
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The main aim of this study was to assess the applicability of DNA metabarcoding as an alternative 

to morphological reconstructions in an agricultural lake. A common goal of paleolimnological analysis is 

to use diatom community records to identify the timing of change in lake ecosystem state. I reconstructed 

and compared temporal trajectories in diatom community composition among the two methods to 

investigate if shifts in composition occur at the same time. Issues with diatom frustule preservations are 

often encountered in paleo diatom reconstructions (Battarbee et al., 2001). Thus, to address the potential 

effects of DNA degradation on metabarcoding results, I investigated down core trends in metabarcoding 

results, and compared them to diatom pigment concentration, an indicator of diatom productivity and 

biomass (Leavitt & Hodgson, 2002). Paleolimnological diatom data are most often presented as relative 

abundances of taxa. Thus, I assessed whether the relative abundance of metabarcoding reads is analogous 

to the relative abundance of diatom taxa identified morphologically. Furthermore, I compared identified 

taxa between methods to determine if metabarcoding has potential to improve taxonomic resolution of 

paleo-diatom reconstructions.  
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6.2. Methodology 

6.2.1. Study site and history  

I analysed an 80cm sediment core from Lake Johnson, New Zealand, spanning from pre-human 

time, through two consecutive waves of human settlement (Māori and European), to today. The lake has a 

history of agricultural impact and is currently classified as super-eutrophic (Otago Regional Council, 

2017). Lake Johnson is in the Otago region of the South Island of New Zealand (45° 0' 11" S, 168° 43' 

55"E). It is 391.2 m a.s.l, 254,700 m2 in area, and 27 m deep. The lake has no natural in or out flows. Its 

catchment has been used for sheep farming since approximately 1860 AD. Information about the lake’s 

ecological history is scarce; limnological monitoring began in 2004 and is undertaken on an annual basis.  

The sediment core was retrieved using a Uwitech gravity corer with a 2 m-long, 65 mm diameter 

Polyvinyl chloride barrel. The core barrel was cleaned with bleach prior to coring. The lake was cored 

close to it deepest point and the core was 1.06 m in length. The core was sealed, stored at 4°C and in 

darkness for 2 weeks until sub-sampling.  

6.2.2. Subsampling 

 In a room where no DNA or molecular-related work had occurred before, the cores were split in 

half using a manual saw and a guillotine, photographed, and described in detail to relate sediment type and 

colour and the presence of organic material. To prevent cross-contamination for eDNA samples, the top 2-

3 mm of one half-core per lake were carefully removed with a sterile spatula. Sub-samples (c. 0.5 g) were 

taken from the centre of the half-core using a sterile spatula at various depths to account for the variability 

in sedimentation rate among lakes. In general, sub-samples were taken every 1 to 2 cm in recent sediments 

and every 4-5 cm in older sediments, resulting in 36 sediment subsamples in total. Sub-samples were kept 

frozen (-20°C) and in the dark until DNA or pigment extraction. A second set of samples was taken as 

described above and stored at 4°C for diatom analysis. 
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6.2.3. Morphological analysis  

Diatom identification and enumeration via morphology was conducted on every sample. 

Approximately 0.3 g of sediment was digested with 10% HCl and 30% H2O2. Digested samples were 

settled and dried on glass coverslips and mounted onto microscope slides using Naphrax. Slides were 

viewed at 1000 × magnification, using an oil immersion differential interference contrast objective on a 

Nikon Eclipse microscope. A minimum of 300 valves were counted per sample. Diatoms were identified to 

the highest taxonomic resolution possible, based on based on Cassie (1989); Foged (1979); Houk and Klee 

(2004); Krammer and Lange-Bertalot (1986–1991). 

6.2.4. Molecular analysis 

Several gene regions have been proposed and tested as potential markers for diatom DNA 

metabarcoding (e.g. Evans et al. (2007); Mann et al. (2010); Zimmermann et al. (2011)). I chose to target 

the V4 region of the 18S locus of rRNA because in diatoms it is a highly variable region that is reliable for 

species discrimination in cultured (Zimmermann et al., 2011) and environmental (Visco et al., 2015; 

Zimmermann et al., 2015) samples.  

From every sample, Environmental DNA was extracted from c. 0.25 g of sediment using the using 

the PowerSoil® DNA Isolation Kit (MO BIO Laboratories Inc.) according to manufacturer protocol. 

Negative extraction controls were included every 24th sample. The V4 region of the 18S rRNA gene was 

amplified by PCR using diatom specific primers DIV4 for GCGGTAATTCCAGCTCCAATAG and 

DIV4rev3 CTCTGACAATGGAATACGAATA (Apothéloz‐Perret‐Gentil et al., 2017) The primers were 

modified to include IlluminaTM overhang adaptors following the dual-indexing method described in 

Kozich et al. (2013). The PCR reaction mixture contained 15 µL of MiFi 2 × PCR master mix, 13 µL of 

ddH2O, 2 µM of each primer (final conc.), and 1µL of DNA extract. The PCR protocol consisted of an 

initial activation step at 95°C for 1 min, followed by 40 cycles of; 95°C for 15 s, 50°C for 45 s, and 72°C 

for 45s; and a final extension of 72°C for 7 min. 20µL of PCR products were cleaned, and where needed, 
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diluted to 5ng/µL. Negative PCR and negative extraction controls were included. The PCR products were 

cleaned and normalised using Agencourt AMPure XP PCR purification kit (Beckman Coulter, CA, USA), 

and diluted to an equimolar concentration of 5 ng/L. Samples were sent to Auckland Genomics Facility 

for sequencing on an Illumina MiseqTM platform. The samples were prepared for sequencing following 

the Illumina 18S metagenomics library prep manual with the exception that after the indexing PCR, 5 mL 

of each sample (including water samples acting as sequencing blank) was pooled and a single clean-up was 

undertaken on the pool instead of samples being individually cleaned. The library pool quality control was 

undertaken on a bioanalyzer before the library was diluted to 4 nM, denatured, and diluted to a final 

loading concentration of 7 rM with a 15% PhiX spike. 

Primer sequences were removed from the raw reads, and the reads were processed using the 

Divisive Amplicon Denoising Algorithm (DADA2 package; Callahan et al. (2016)) in R (R Core Team, 

2019). The microbiome analyses package QIIME 2 (Caporaso et al., 2010) (version 2018.2.0; Callahan et 

al. (2016)) was used for the full amplicon workflow (quality filtering, merging of paired-end reads, 

dereplication, chimera identification and sample inference) using the default parameters. Reads were then 

lumped as Independent Sequence Units (ISUs). ISUs identified in blanks were removed from sample 

datasets. The resulting dataset was used for taxonomic identification against the R-Syst::diatom (Rimet et 

al., 2016) and NCBI databases. Sequences were filtered to remove any matched to “uncultured” samples, 

or that were matched to groups other than Bacillariophyceae.  

6.2.5. Pigments 

The concentration of algal pigments (Table S 3.1.) were determined for all sediment samples. 

Pigments were extracted, separated, and their concentrations measured using high-performance liquid 

chromatography with ultra-violet by Jonathan Puddick. See methods in Appendix S 3 for more 

information. Diatom-specific pigment diatoxanthin (Table S 3.1.) was used to quantify changes in the 

biomass of diatoms throughout the sediment core.  
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6.2.6. Statistical analyses and data visualisation 

To identify significant temporal shifts and compare temporal trends in diatom community 

composition between the two methods, I used multivariate regression tree (MVT) analysis (De’ath, 2002) 

with depth (cm) as the explanatory variable. The smallest tree within one standard error of the tree with the 

lowest cross validation error was selected. MVT analysis takes into account the stratigraphic ordering of 

data, and the cross validation procedure provides a robust means to determine the number of splits 

(Simpson & Birks, 2012). To compare community structure among methods, I plotted morphological taxa 

richness, Total ISU richness and High Throughput Sequencing (HTS) taxa richness, against depth. ISU 

richness is the total number of ISU’s prior to filtering. HTS taxa richness is the number of taxa returned 

after matching ISUs to taxa in the database, and after filtering to remove “un-matched” sequences. To test 

for DNA degradation down the core, I used Pearson correlation to determine if taxa richness 

(morphological, HTS, and total ISU’s) and diatoxanthin concentration were related to sample depth. To 

investigate if HTS efficacy was influenced by diatom biomass, I used Pearson correlation coefficient to 

test for a relationship between total HTS counts and diatom biomass (diatoxanthin concentration). To 

establish if the abundance of HTS taxa reads is representative of taxa abundance in a community, I 

selected taxa identified by both methods and calculated the Pearson correlation coefficient to test for a 

correlation between the relative percent abundances determined by each method. I also compared the two 

datasets to identify any taxa identified by metabarcoding that were not identified morphologically.  

All analyses and data visualisations were conducted in R (version 3.6.2, R Core Team (2019)), 

using packages: mvpart v1.6-2 (De’ath, 2014), vegan v2.5-6 (Oksanen et al., 2019), ggplot2 v3.0.0 

(Wickham, 2016). 
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6.3. Results 

6.3.1. Diatom morphological analysis  

A total of 67 species were identified using morphological analysis (Table S3.2). MVT analysis 

identified three breaks in the diatom community profile at 6.5, 35 and 62 cm (Figure 6.1). The first zone, 

from 80 – 62cm, was dominated by small Fragilaria species: Pseudostaurosira brevistriata and 

Staurosirella pinnata. Throughout the second zone (62 – 35 cm), the abundance of Discostella sp., 

Karayevia clevei, Synedra berolinensis and Planothidium lanceolatum increased and Pseudostaurosira 

brevistriata and Staurosirella pinnata declined. In the third zone (35 – 6.5 cm) Discostella sp. became the 

dominant taxon, and introductions of several Fragilaria species occurred. In the last zone (6.5 – 0 cm) the 

relative abundance of Asterionella formosa, Fragilaria crotonensis, Fragilaria nanana, and Lindavia 

intermedia increased and the abundance of Discostella sp. declined.  

The number of taxa identified per sample varied from 9 to 25 and was not correlated with sample 

depth (R = -0.27, p = 0.29, Figure 6.5A). Discostella sp. was the dominant taxon, making up 28.3% of all 

frustules counted, followed by the genera Fragilaria (15.6% over five species), Staurosirella (14%, one 

species) and Pseudostaurosira (14%, one species). 

6.3.2. High Throughput Sequencing (HTS) analysis  

Prior to filtering, 891 ISU’s were returned from the reference data base. After filtering to remove 

samples matched with uncultured and non-Bacillariophyta taxa, 114 Bacillariophyta ISUs remained, 

grouped into 17 taxa (herein referred to as “HTS taxa”) (Table S 3.2). HTS taxa richness ranged from 0 to 

8 across samples. No significant stratigraphic breaks in the HTS diatom profile were identified by MVT 

analysis (Figure 6.2). HTS taxa richness dropped to one and below in samples deeper than 20 cm in the 

core (Figure 6.3), so correlation analysis was performed on samples above 20 cm core depth. Above 20 

cm, HTS taxa richness was negatively correlated with sample depth (R = -0.78, p < 0.001, Figure 6.5B). 
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Total ISU richness varied from 13 to 110 across samples and was not correlated with sample depth (R = -

0.27, p = 0.27, Figure 6.5C).  

Fragilaria was the dominant genus, making up 48% of the relative proportion of reads, having 2 

species. Synedra was the second most dominant genus at 25.7% of reads, followed by Discostella, at 6.2%. 

Fragilaria construens was the dominant species. 

The concentration of diatom pigment diatoxanthin sharply declined below 20 cm core depth 

(Figure 6.3). The drop in diatoxanthin concentration at 20 cm coincided with the drop in HTS reads and 

taxa richness. Diatoxanthin is an indicator of diatom productivity and biomass (Leavitt & Hodgson, 2002), 

and thus the drop in concentration could indicate a decrease in diatom abundance or a deterioration in 

diatom preservation. Above 20 cm, diatoxanthin was not correlated with depth (R = -0.08, p= 0.7) and the 

total number of HTS species reads was not correlated with diatoxanthin concentration (R = -0.29, p = 0.25, 

Figure 6.4).  

6.3.3. Dataset comparison 

Comparisons between the HTS and morphological datasets were made on samples above 20cm. 

There was no correlation between the relative abundance of morphological taxa and HTS taxa reads (R = 

0.21, p = 0.34, Figure 6.6). In addition, eight HTS taxa were of high abundance in the morphological 

dataset (> 10% relative abundance in at least one sample) and three were of very low abundance (< 2% 

relative abundance in at least one sample). Thus, the likelihood of a taxa being identified by HTS does not 

appear to be related to the taxa’s abundance in the environment.  

In total, 12 taxa were common to both morphological and HTS datasets. HTS returned five taxa 

that were not identified morphologically. 55 taxa identified by morphology were not identified by HTS. 

The number of HTS taxa equated to 17.9% of total morphospecies identified. Of the total morphospecies, 

41 (61.2%) were “potential matches”, i.e. they have V4 region 18S rRNA sequences covered by the 
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database. With the five taxa added by HTS, this amounted to 46 potential taxa matches. Thus, the 17 taxa 

returned by HTS equated to a 37% match rate.  

For some taxa metabarcoding provided higher taxonomic resolution than morphological 

identification. For example, Staurosira cf. mutablis, identified by HTS is a lectotype of Staurosira 

construens, identified by morphology. HTS analysis added up to six additional taxa to morphological taxa 

richness (Figure 6.7), equating to an increase of up to 31% sample taxa richness. Some of the additional 

HTS taxa resulted from recent taxonomic developments (e.g. the species Planothidium frequentissimum 

has additional recently described species within the same clade (Jahn et al., 2017), two of which were 

identified by HTS; Planothidium naradoense and Planothidium caputium), others consist of 

morphologically identified taxa that were not counted for a given sample.   
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Figure 6.1 Stratigraphy of morphologically identified diatom taxa, >10% relative abundance in at least one sample. Red dashes 

lines indicate significant MVRT splits. 
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Figure 6.2 Stratigraphy of HTS diatom taxa, >10% relative abundance of reads in at least one sample. No stratigraphic splits 

were identified by MVT analysis. 
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Figure 6.3 Morphologic taxa richness, HTS taxa richness, total ISU richness, and Diatoxanthin concentration plotted against 

sample depth (cm). 

 

Figure 6.4 Relationship between Diatoxanthin concentration (ug/mL) (diatom biomass) and sample Total HTS taxa count. 

Pearsons correlation coefficient and significance (95%) on top right of plot.  
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Figure 6.5 Relationships between morphological (A), HTS (B), and ISU (C) richness and sample depth for the top 20cm of 

sediment core. Pearsons correlation coefficient and significance (95%) on top right of plots. 
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Figure 6.6 Relationship between the relative percent abundances of HTS taxa and morpho taxa. Pearsons correlation coefficient 

and significance (95%) on top right of plot. 

 

 

 

Figure 6.7 Combined (Metabarcoding and Morphological) taxa richness of each sample above 20cm core depth. Light grey bar 

segments represent taxa identified only by Morphological methods. Middle grey segments represent taxa only identified from 

metabarcoding methods additional to Morphological methods. Dark grey segments represent taxa identified by both methods 

(overlapping).  
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6.4. Discussion 

I compared a high-throughput sequencing (HTS) DNA metabarcoding approach with traditional 

morphological methods for reconstructing a long-term diatom community profile from an agricultural lake 

sediment record. The taxonomic diversity obtained from the two approaches were very different. HTS 

consistently returned far fewer taxa than morphological identification, and the number of HTS taxa was 

significantly negatively correlated with depth, dropping to one and below at sample depths greater than 

20cm. Overall, HTS returned 37% of the potential matches (taxa with sequences available on reference 

databases), and 18% of the total number of species identified morphologically. Both approaches revealed 

dominance by araphid and centric taxa, however the number and relative abundance of species within 

these morphometric groups differed. Thus, the diatom community reconstructions based on DNA records 

are not very comparable with morphological reconstructions. 

6.4.1. Taxonomic database coverage  

The lower taxa richness returned by HTS can be partly explained by inadequate taxonomic 

coverage in the reference database. Of morphologically identified taxa, 61.2% had V4 region 18S rRNA 

sequences available on the databases. Furthermore, the number of ISU’s that were not matched to a taxon 

is equal to the number that were, suggesting that only 50% of the DNA amplified in our samples has a 

sequence available on the database. With more diatoms sequenced there would likely be an improvement 

in phylogenetic assignment. However, ISU’s were only assigned to 37% of the morphological taxa with 

sequences available on the reference database. The V4 region of the 18S rRNA is considered a good 

candidate for diatom biodiversity identification due to its relatively high level of interspecific variation 

(Hadziavdic et al., 2014; Zimmermann et al., 2011). However, this is balanced by intraspecific variation in 

the gene region. For example, in our dataset, Fragilaria construens has 10 ISUs assigned, and only one 

identified morphospecies. Thus, the un-matched ISU’s may include un-sequenced taxa as well as 

intraspecific variations of taxa. One approach to overcome database limitations is to apply a “taxonomy 
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free approach” (Apothéloz‐Perret‐Gentil et al., 2017), where diversity is inferred from un-assigned 

taxonomic units. However, in our dataset, the total number of ISU’s before taxonomic assignment 

decreased significantly with depth and studies that have achieved higher HTS match rates have used 

contemporary environmental samples (Zimmermann et al., 2015) 

6.4.2. DNA degradation  

Diatoxanthin concentration and HTS reads exhibit the same decline at 20 cm core depth. 

Diatoxanthin concentration is a proxy of diatom biomass (Leavitt & Hodgson, 2002).. Thus, the poor 

efficacy of the HTS below 20 cm could be due to low diatom biomass in the lake at time of deposition. 

However, no shifts in diatom community composition (MVT) were identified close to 20cm core depth, 

and there were no declines in the abundance of diatom frustules on microscope slides (observational). 

Furthermore, if HTS efficacy were related to diatom biomass, we would expect HTS taxa abundance to be 

correlated with morpho-taxa abundance. Instead, low efficacy of HTS below 20 cm is likely due to DNA 

degradation. The preservation of geochemical records, including pigments, in lake sediments in determined 

by the conditions at the time of sediment deposition. The same is true for DNA, the physiochemical lake 

conditions at the time of deposition (e.g. temperature, oxygen concentration, pH and water chemistry) and 

the conditions and age of the sediment can all influence DNA preservation (Parducci et al., 2017).  

6.4.3. Estimating taxa abundance 

The relative abundance of a taxa’s HTS read count is not necessarily correlated with the number of 

individuals in a sample. However, other studies have found that the relative abundance of morphologically 

assigned diatom species to be correlated with the relative abundance of HTS reads for some species (e.g. 

Apothéloz‐Perret‐Gentil et al. (2017); Huang et al. (2020); Visco et al. (2015)). In my data, the relative 

abundance of morpho-taxa was not correlated with the relative abundance of HTS reads, and some of the 

taxa that were present on the reference database, and abundant in the morphological dataset, were absent 

from the HTS dataset (e.g. Fragilaria crotonensis). In comparison, some low abundance taxa in the 
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morphological dataset were identified by HTS, for example, Fragilaria construens. Thus, the likelihood of 

a taxa being identified with HTS does not appear to be correlated with the taxa abundance in the lake 

community at the time of sediment deposition. Differences in cell size (Godhe et al., 2008) and the amount 

of genetic material (Guo et al., 2016) among species, and limitations in the effectiveness of DNA 

extraction methods (Vasselon et al., 2017a) may drive bias in the amplification process.  

6.4.4. Molecular versus morphological taxonomy 

Despite poor concordance between methods, HTS does show potential utility for diatom 

biodiversity estimation. Diatom taxonomy is constantly evolving (Mann, 1999; Mann & Vanormelingen, 

2013), and it is difficult to keep morphometric identification guides up to date. Furthermore, there are 

many taxa with morphotypes that are nearly indistinguishable from their morphology. For some of the taxa 

in our dataset, HTS returned higher, more recent taxonomic resolution than was possible from 

morphological identification. Even closely related diatom species can respond differently to environmental 

conditions, and accurate identification of diatom communities is important for environmental assessment. 

Thus, by providing up to date taxonomic assignment of diatom taxa, metabarcoding has value for use in 

environmental health assessments (Stoof-Leichsenring et al., 2012; Zimmermann et al., 2015). Several 

studies have shown high levels of agreement between diatom based environmental assessments established 

using metabarcoding and morphological identification (Kermarrec et al., 2014; Vasselon et al., 2017b), 

even when the relative abundances of diatom taxa do not match between methods (Visco et al., 2015). 

However, without more comprehensive sequence databases, even with an ISU match rate of 100%, with 

our dataset we would only be able to obtain at the most 61.2% of the taxa present. Any environmental 

reconstruction or assessment, paleolimnological or not, based on the HTS dataset would be limited. 

6.4.5. Ecological interpretations 

From the morphological dataset, there are significant changes in the diatom community profile that 

likely reflect lake ecosystem response to land use change. Following the shift occurring at 35cm core 
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depth, the proportions of taxa considered indicative of “mesotrophic” and “eutrophic” conditions increase 

(Van Dam et al., 1994). After the fourth community shift occurring at 6.5cm, the introduction of Lindavia 

intermedia occurs, and Asterionella formosa becomes the dominant species. Lindavia intermedia is an 

ecologically relevant pest species for the region (Novis et al., 2017), and Asterionella formosa is a species 

common to mesotrophic and eutrophic lakes. Although I do not have an age-depth model for this lake, the 

pattern of community shifts in the morphological dataset follows the lake’s history of agricultural land use 

and progressive nutrient enrichment following European arrival (Table S 1.1, Figure S 1,1). In comparison, 

no community shifts were identified in the metabarcoding community profile. Furthermore, important 

indicator taxa present in the morphological dataset are missing from the metabarcoding dataset, likely due 

to either absence of sequences on reference databases (for example, Lindavia intermedia has no V4 18S 

rRNA sequence available) or a lack of genetic material in samples. Unfortunately, the taxa richness of the 

metabarcoding dataset is too low to infer either land use change or lake ecosystem response.   

6.4.6. Conclusions 

For reconstructing a paleo-diatom community profile, DNA metabarcoding performed consistently 

poorer than traditional morphological identification. The low efficacy of the metabarcoding approach was 

likely primarily due to DNA degradation, followed by low taxonomic resolution of the reference database, 

issues with taxonomic resolution of the gene region, and genetic plasticity within taxa. Despite this, my 

findings highlight that DNA metabarcoding does have potential to supplement traditional morphological 

diatom identification. However, before metabarcoding can be useful for paleo-diatom reconstruction or 

environmental assessment, considerable methodological progress needs to be made. In particular, 

understanding how paleolimnological taphonomy influences diatom DNA preservation needs to be a 

primary area of research. The results of DNA barcoding for environmental samples rely heavily on 

taxonomic coverage in the reference database. For diatoms, the databases need to be populated with more 

taxa to improve community and biodiversity estimates. Better understanding of what controls the quantity 
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of genetic material in diatoms will help improve our ability to accurately estimate taxa abundances from 

molecular data. If significant progress is made, metabarcoding may prove a standardised and 

comparatively automated complement to traditional morphological identification of paleo-diatom records.  
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Chapter 7  

 

Synthesis 

The primary aim of this thesis was to address some of the epistemological and theoretical gaps that 

limit our understanding of long-term lake ecosystem change in response to anthropogenic impacts. Using a 

combination of paleolimnological, contemporary limnological, and novel metabarcoding techniques, my 

work in chapters three, four, five, and six address the main aim of the thesis. Utilising long-term 

paleolimnological records of lake community change, I investigated the role of ancient human land use in 

shaping lake ecosystem response to contemporary human stressors (Chapter three). Applying theories of 

trait response to these records, I assessed whether trait-based approaches could resolve conflicting patterns 

of lake community and expand our understanding of lake ecosystem change over long timeframes (Chapter 

four). Using an experimental approach, I investigated the effect of lake nutrient concentration and 

limitation on diatom species response to nutrient enrichment in New Zealand lakes (Chapter five). Finally, 

I investigated whether novel metabarcoding techniques were an applicable approach to paleo-diatom 

reconstructions, to overcome the limited temporal resolution common to paleolimnological analyses 

(Chapter six). I used diatoms as the focal organism in this thesis because they are ubiquitous, well 

preserved in lake sediments, and respond to a wide range of environmental conditions. Furthermore, 

diatoms are ideal organisms for experiments as they have short generation times and, compared with other 

phytoplankton groups are relatively easy to identify. Additionally, diatoms are common to environmental 

health assessments, pertinent to the motivation behind the thesis.  

Lake ecosystem structure and function are a result of historic and contemporary processes, 

interacting with individual lake and catchment characteristics. Thus, to contextualise contemporary 

impacts, and understand the mechanisms behind lake ecosystem change, it is important to quantify the 

influence of historic human land use practices and any potential legacies of impacts they pose. Despite 
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this, studies predominantly investigate the mechanisms behind land use impacts without addressing the 

role of prior impacts. The goal of Chapter three was to examine the influence of Māori land use practices 

on lake ecosystem response to subsequent European impacts in New Zealand lakes. I hypothesised that 

lakes with histories of Māori land use would be less resilient to the effects of European land use than those 

without. Among the study lakes, both waves of human arrival and land use had significant influence on 

lake diatom community composition. However, contrary to my hypothesis, the presence of Māori land use 

history in a lakes catchment did not predict the magnitude or rate of lake response to European impacts. 

Instead, the effects of European land use practices, predominantly agricultural, have outstripped any 

potential legacies of Māori land use impacts. This is important as it provides valuable perspective to the 

severity of the effects of current land use practices in New Zealand. The analysis would have been 

improved by the inclusion of both an un-impacted lake, and a lake with no European history, against which 

I could have addressed the presence of Māori land use legacies. However, in New Zealand, un-impacted 

low-midland lakes are rare, if not non-existent.     

Conflicting patterns due to unresolved taxonomic classifications and diatom ecologies, make it 

difficult to interpret or classify the nature of ecological change from diatom records, limiting their 

application in multi-lake scales. The results of Chapter four suggest that diatom cell size has potential as an 

additional metric of ecological change in response to anthropogenic impacts. Among the five study lakes, 

shifts in diatom cell size over histories of agricultural impacts were more consistent that profiles of diatom 

community composition. Furthermore, variability in diatom cell size within species declined with 

progressive impacts, suggesting that changes in cell size are signalling a response to environmental change 

and are not solely a result of altered community composition. Diatom cell size is also an important 

structuring factor for wider ecosystem processes. Thus, altered cell size is likely to have implications for 

overall ecosystem function. Future studies should ideally focus on incorporating diatom traits, including 

cell size, into paleolimnological environmental reconstructions, particularly where a multi-lake approach is 

being taken.  
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The assumption that diatoms ecologies are static thus limits interpretation of paleo-diatom records 

and restricts our ability to accurately elucidate the mechanisms behind diatom community change. The 

results of Chapter five highlight that diatom physiological requirements are dependent on physiochemical 

conditions and are not fixed among lakes. By assigning changes in diatom community composition to 

singular causal factors, paleo-diatom reconstructions present a simplified, and potentially incorrect, view 

of the drivers behind community change. In the study lakes, diatom response to nutrients differed among 

lakes and was partly explained by the nutrient limitation status and concentration of the source lake. This is 

an important finding both in a New Zealand and global context; it demonstrates the development of 

geographically distinct diatom ecotypes and highlights the importance of environmental factors on 

determining diatom ecologies.  

Paleo-diatom analyses are frequently limited in temporal grain and by uneven resolution, restricting 

how paleo-diatom records can be used. Overcoming this limitation would be a significant advancement. In 

Chapter six, I explored DNA metabarcoding as an alternative method of long-term paleo-diatom 

reconstructions. Unfortunately, the results of DNA metabarcoding were not comparable to traditional 

morphological techniques; taxa richness and composition varied greatly between the two methods, and 

degradation of DNA meant samples below 20cm returned very little diatom DNA. Above 20cm core depth 

however, DNA metabarcoding did return higher and more recent taxonomic information for some diatom 

taxa than was possible from morphological identification. Thus, I suggest the method warrants further 

investigation, focusing on the use of smaller DNA fragments, investigating the conditions responsible for 

DNA degradation, and increasing sequencing and archival of diatom genomes. With significant progress, 

DNA metabarcoding has potential to complement, if not to replace, traditional morphological 

identification of diatoms. 

My thesis addresses several important limitations to understanding anthropogenically driven lake 

change. My research reinforces that understanding the mechanisms behind lake change requires an 
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integrated approach, utlising both fine grain contemporary limnological analyses, and long-term 

paleolimnological studies. 
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Appendices 

Appendix S1 

Table S 1.1 Timelines of human and environmental change of study lakes and sources.  

Lake Johnson 

Date (AD) Catchment Lake Reference 

1300 Māori settlement. Archaeological 

evidence of resource acquisition 

  

1871 Sheep Farming well established in 

Catchment 

 Munro (2013) 

~1870s  Natural lake outlet dammed for 

irrigation 

Burns and 

Mitchell (1974) 

1955 Phosphate fertiliser application began   

1962  Stocking with Trout began.  

Algal blooms occurring since 1962.  

 

1972  High internal P load.  Otago Regional 

Council (2009) 

1974  Lake Eutrophic.  

Perch present.  

Waterfowl populations abundant.  

Burns and 

Mitchell (1974) 

1997  TP = 85mg/L. Chla = 2u,g/L Jeppesen et al. 

(1997) 

2006-2009  Lake classified as Eutrophic. Trends 

from 2006-2009: Decreasing TN and 

TP. Increasing Chla. Decreasing 

clarity (secchi).  2006-2009 aves: 

TN = 794, TP=69, chla=14 

Otago Regional 

Council (2009) 

2006-2017  Chla, TN, TP, Turbidity and E-coli 

all significantly increasing  

Otago Regional 

Council (2017) 

2009 Catchment 68% high producing exotic 

grassland 

 Otago Regional 

Council (2009) 

2017  TN, TP, Chla and Turbidity surpass 

national bottom line in Nationa 

Policy Statement for freshwater 

management. Lake Supertrophic.  

Otago Regional 

Council (2017) 

    

Lake Horseshoe 

Date (AD) Catchment Lake Reference 

1324 Māori deforestation and subsequent 

change in catchment vegetation 

 Charcoal records, 

McWethy et al. 

(2010) 
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 Part of important travel route for Māori  Brailsford and 

Reed (1984) 

1862 Pastural lease of land began – sheep 

farming 

 McIntyre (2007) 

1888 Earthquake   

1980  Marsh crake present  Department of 

Conservation 

(2006) 

2006  Lake Meso-Eutrophic  Woodward and 

Shulmeister 

(2006) 

2012 Pasture dominant catchment land use  Land Cover 

Database v4.1  

    

Lake Rotokare 

Date (AD) Catchment Lake Reference 

1250-1300 First Māori settlers to Taranaki region   

1870s Reserve created around lake   

1904 Photograph of lake and catchment 

shows heavily impacted catchment 

vegetation 

 Wells (1904) 

1914 Road access built.    

~1970s Catchment grazed by cattle from early 

to mid 20th century.  

 Smith (2018) 

1980 Fertiliser applied to catchment land  Hicks et al. 

(2013) 

1981  Lagarosiphon major recorded in 

lake.  

de Winton et al. 

(2009) 

1982 Forest categorised as “degraded” due to 

intensive browsing pressure by sheep 

and cattle.  

 Clarkson and 

Boase (1982) 

1977-2013  DO increased from 3% to 21-25%.  

Reduction in Phosphorous.  

Hicks et al. 

(2013) 

2000-2015 Mallard duck dominate bird populations  Williams (2017) 

2008 Predator proof fence constructed  Rotokare Scenic 

reserve trust 

2013  Invasive zooplankton Daphnia 

galeata replaces Bosmina 

meridionalis and Boeckella sp.  

Frequent algal blooms in summer.  

Perch dominate fish population.  

Secchi depth = 1.95m.  

Asterionella sp. Diatom present.  

Hicks et al. 

(2013) 

2016  High level of cyanobacteria.  

Banded kokopu and Longfin eel 

present.  

Taranaki 

Regional Council 

(2016) 
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2017-2018 Scaup, Shag and ducks present. Bacteriological water quality = 

good.  

Taranaki 

Regional Council 

(2018) 

2018  Lake Eutrophic. 

Overall water quality is “poor”.  

Smith (2018) 

    

Rotomanuka 

Date (AD) Catchment Lake Reference 

1150(±90) Evidence of burning and increases in 

Pteridium pollen - Likely onset of 

Māori settlement and deforestation.  

 Newnham et al. 

(1989) 

1840 European settlement of Waikato   

1950-60  Diversion of water inlet (from Lake 

Rotopiko) away from lake results in 

lowering of lake level. 

Barnes (2002) 

1973  Lowering of outlet channel results in 

lowering of lake level and formation 

of two distinct water bodies.  

 

1985  Lake anoxic in summer months.  Boswell et al. 

(1985) 

1993-2005 Perimeter of lake fenced to exclude 

stock (date unknown).  

Fish populations include Smelt, 

Bullies, Shortfin eel, Catfish, and 

Rudd.  

Faithfull et al. 

(2005) 

1995/6  Underwent a regime shift from a 

clear water macrophyte dominated 

state to a turbid state - Collapse of 

macrophyte Egerdia densa beds. 

Schallenberg and 

Sorrell (2009)  

Barnes (2002) 

1995-2001  Lake increasingly eutrophic. 

High levels of OM on lake bed – 

likely collapsed macrophyte beds.  

Barnes (2002) 

2008  Rotifer based TLI classifies lake as 

Supertrophic 

Duggan (2008) 

2017 Catchment majority intense dairy 

farming 

Lake Eutrophic. Allan (2017) 

    

Lake Rototoa 

Date (AD) Catchment Lake Reference 

1865-1886 Land taken from Māori to graze cattle. 

Cattle roamed freely until mid-1870s. 

By 1886 farms were developed with 

500 cattle and 3000 sheep. 

 Sheffield (1963) 

1870s Sheep and cattle farms a problem for 

the South head region – Sand dunes 

were encroaching because of loss of 

vegetation 

 Kawharu (2005-

2019) 
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1880s Deer released   

1913-1932 Efforts at sand stabilisation minimal.  

Planting of forest begun in 1932.  

  

1912  Rainbow trout introduced Penlington 

(1985) 

1920s Wild pigs eradicated from region  Kawharu (2005-

2019) 

1945 Land allotments given to ex-servicemen   Auckland Star 

(1945) 

1950  Lake classified as Oligotrophic Penlington 

(1985) 

1970s Feral deer a problem – Fencing and 

grazing as a solution 

 Kawharu (2005-

2019) 

1970 Pigs reintroduced    

1985  Rainbow trout, Tench, goldfish and 

Rudd in lake 

Weekes and 

Penlington 

(1986) 

1985  Dwarf inanga introduced as food for 

trout  

Penlington 

(1985) 

1986  Diverse charophyte community Tanner et al. 

(1986) 

2002-2011  Lake Mesotrophic for TN, Eutrophic 

for TP 

MacKenzie 

(2014) 

2005 20 years preceding, catchment land use 

34% native forest, 27% exotic forest, 

39% pasture.  

Lake Mesotrophic. Since 1992, 

water quality declining significantly.  

Auckland 

Regional Council 

(2005) 

2007  Incursions of C. demersum and U. 

gibba 

de Winton et al. 

(2009) 

2010-2017  High Submerged Plant Index. But 

decline from 2011-2017 of 74% to 

59%. Decrease in max depth of 

plants suggests decrease in water 

clarity. Fish ID’d as main impact.  

de Winton and 

Burton (2017) 

    

Lake Letitia 

Date (AD) Catchment Lake Reference 

~1860 Macro-charcoal spike – catchment 

clearance 

  

1873 Homestead and farm established.   Scott (1996) 

1873-

present 

>70% catchment sheep and cattle farm.   

1984  Contains introduced splake, eels, 

galaxiids and bullies.  

Ross (1984) 

1987/88 Identified as recommended area for 

protection – not protected.  

 Scott (1996) 
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1996 Land adjoining consists of sheep and 

cattle farming. Sheep and cattle have 

direct access to lake shore. 

Bordered by a mixture of vegetation 

- native mountain beech forest, 

willows, tussock and raupo. Habitat 

for endangered grebe.  

 

2020  Currently eutrophic TLI of 4.43 
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Figure S 1.1 Timeline of Lake Johnson catchment and lake environmental change established from published information. See Table S 1.1 for resources. 
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Figure S 1.2 Timeline of Lake Rotokare catchment and lake environmental change established from published information. See Table S 1.1 for resources. 
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Figure S 1.3 Timeline of Lake Rototoa catchment and lake environmental change established from published information and pollen and charcoal records. See Table S 1.1 

for resources. 
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Figure S 1.4 Timeline of Lake Rotomanuka catchment and lake environmental change established from published information. See Table S 1.1 for resources. 
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Figure S 1.5 Timeline of Lake Letitia catchment and lake environmental change established from published information and charcoal record. See Table S 1.1 for resources. 
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Figure S 1.6 Lake macro-charcoal records (> 125µm) pieces/cm3.
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Table S 1.2 Summary of 14C and 210Pb ages and errors (±years) in YBP (before 1950AD). Minimum and maximum 95% 

confidence intervals, median and mean ages (YBP) of age-depth models.  

Lake + year 

collected 

Sample 

ID 
Method 

Depth 

(cm) 

Age 

(YBP) 

Error 

(years) 

Min  

95% CI 

Max 

95% CI 
Median Mean 

Johnson (2009) V601 210Pb (CRS) 0-1 -58 2 -63 -58 -60 -60 

 V602 210Pb (CRS) 1-2 -55 2 -59 -55 -57 -57 

 V603 210Pb (CRS) 2-3 -50 2 -55 -52 -54 -54 

 V604 210Pb (CRS) 3-4 -45 2 -52 -48 -50 -50 

 V606 210Pb (CRS) 5-6 -28 2 -48 -40 -43 -43 

 V607 210Pb (CRS) 6-7 -17 3 -32 -26 -29 -29 

 V608 210Pb (CRS) 7-8 -1 3 -17 -10 -14 -14 

 V609 210Pb (CRS) 8-9 25 5 -5 6 1 1 

 71872 C14 15 145 15 39 139 88 90 

 71873 C14 23 155 23 112 270 241 230 

 71874 C14 47 1505 47 1305 1397 1335 1338 

Horseshoe 

(2008) 

V586 210Pb (CRS) 0-1 -58 2 -64 -57 -60 -60 

V587 210Pb (CRS) 1-2 -57 1 -61 -55 -58 -58 

 V588 210Pb (CRS) 2-3 -55 2 -58 -54 -56 -56 

 V590 210Pb (CRS) 4-5 -50 2 -55 -50 -52 -52 

 V592 210Pb (CRS) 6-7 -47 2 -51 -45 -48 -48 

 V596 210Pb (CRS) 10-11 -38 2 -45 -35 -40 -40 

 V599 210Pb (CRS) 13-14 -31 2 -36 -28 -32 -32 

 55546 C14 20 195 15 0 204 21 56 

 55545 C14 44 390 20 323 479 371 384 

 55544 C14 64 675 20 554 653 597 600 

 55543 C14 143 1500 20 1304 1419 1341 1345 

Rotokare (2012) V625 210Pb (CRS) 0-1 -56 2 -64 -60 -62 -62 

 V626 210Pb (CRS) 1-2 -53 2 -61 -58 -59 -59 

 V627 210Pb (CRS) 2-3 -50 2 -59 -55 -57 -57 

 V628 210Pb (CRS) 3-4 -47 2 -56 -52 -54 -54 

 V631 210Pb (CRS) 6-7 -29 2 -44 -37 -40 -40 

 V634 210Pb (CRS) 9-10 -1 3 -21 -10 -15 -15 

 V636 210Pb (CRS) 11-12 27 4 3 15 9 9 

 V639 210Pb (CRS) 14-15 83 11 41 72 57 57 

 142362 C14 21 240 15 145 269 168 175 

 135680 C14 112 1390 20 1027 1291 1190 1185 

 135681 C14 141 1345 50 1223 1552 1350 1366 

Rotomanuka 

(2012) 

V640 210Pb (CRS) 0-1 -61 2 -68 -59 -63 -63 

V641 210Pb (CRS) 1-2 -59 2 -64 -58 -61 -61 

 V642 210Pb (CRS) 2-3 -56 2 -60 -56 -58 -58 

 V643 210Pb (CRS) 3-4 -52 2 -57 -53 -55 -55 

 V645 210Pb (CRS) 5-6 -41 2 -53 -46 -49 -49 

 V646 210Pb (CRS) 6-7 -35 2 -45 -40 -42 -42 

 V647 210Pb (CRS) 7-8 -28 2 -37 -33 -35 -35 

 V649 210Pb (CRS) 9-10 -13 2 -24 -17 -20 -20 

 135685 C14 96 2260 20 2147 2416 2268 2269 

 142354 C14 150 5915 20 6514 6823 6694 6688 

Letitia (2008) 55555 C14 15 355 32 26 295 150 153 

 55535 C14 45 2245 80 541 1257 827 846 
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Figure S 1.7 Bacon age-depth model and accumulation rate for Lake Johnson. Calibrated radiocarbon dates in blue, 210Pb dates 

shown in green. Red dashed line represents best model based on mean. Grey dashed lines represent 95% confidence interval. 

 

Figure S 1.8 Bacon age-depth model and accumulation rate for Lake Horseshoe. Calibrated radiocarbon dates in blue, 210Pb 

dates shown in green. Red dashed line represents best model based on mean. Grey dashed lines represent 95% confidence 

interval 

 

Figure S 1.9 Bacon age-depth model and accumulation rate for Lake Rotokare. Calibrated radiocarbon dates in blue, 210Pb dates 

shown in green. Red dashed line represents best model based on mean. Grey dashed lines represent 95% confidence interval. 
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Figure S 1.10 Bacon age-depth model and accumulation rate for Lake Rotomanuka. Calibrated radiocarbon dates in blue, 210Pb 

dates shown in green. Red dashed line represents best model based on mean. Grey dashed lines represent 95% confidence 

interval. 

 

Figure S 1.11 Bacon age-depth model and accumulation rate for Lake Letitia. Calibrated radiocarbon dates in blue. Red dashed 

line represents best model based on mean. Grey dashed lines represent 95% confidence interval. 
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Figure S 1.12 Lake Johnson core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% abundance of 

at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori (lower) and 

European (upper) arrivals.  
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Figure S 1.13 Lake Horseshoe core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% abundance 

of at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori (lower) and 

European (upper) arrivals. 
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Figure S 1.14 Lake Rotokare core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% abundance 

of at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori (lower) and 

European (upper) arrivals. 
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Figure S 1.15 Lake Rotomanuka core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% 

abundance of at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori 

(lower) and European (upper) arrivals. 
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Figure S 1.16 Lake Letitia core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% abundance of 

at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori (lower) and 

European (upper) arrivals. 
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Figure S 1.17 Lake Rototoa core diatom counts expressed as relative percent abundance. Taxa appearing in > 10% abundance of 

at least one sample presented. Dashed black lines represent MVT zones. Solid red lines represent inferred Māori (lower) and 

European (upper) arrivals. 
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Appendix S2 

Table S 2.1 Study lake area and depth, photic depth and temperature at 0.5 m deep. Photic depth and temperature established at 

time of sampling.  

Lake 
Lake area 

(ha) 

Maximum 

depth (m) 

Depth of photic 

zone (m) 

Temperature (°C) 

at 0.5 m 
Time sampled 

Spectacle 43.8 7 1.75 23 7.30 am 

Tomarata 14.4 5.6 3.25 23 8.45 am 

Rototoa 106.6 26.1 11.5 23 12.40 pm 

Kuwakatai 27.8 15.6 6 23.5 2.20 pm 

Kereta 23.6 2.2 1.3 23 3.45 pm 
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Appendix S3 

Methods 

Algal pigment analysis 

Algal pigments (Table S 3.1) were extracted from all the sediment core samples following methods 

of Leavitt et al 1989. Frozen sediment core samples were thawed overnight at 4°C, weighed into tubes 

(0.8-1.5 g) and extracted three times using methanol (5 mL each). For each extraction, the samples were 

resuspended in the methanol using a metal stirring rod, sonicated in a bath sonicator with ice (30 min; 

Kudos Ultrasonic Instruments), clarified by centrifugation (3,200 × g; 10 min; 10 °C), and the extract was 

pooled in a 20 mL glass vial. After the third extraction, the pooled extracts were dried at 40 °C under a 

stream of nitrogen gas and stored at −20 °C until analysis. Whenever possible, the samples and extracts 

were kept cool and protected from light. 

Prior to analysis by high-performance liquid chromatography with ultra-violet detection (HPLC-

UVD; Waters 2695 HPLC and Waters 2996 UVD), the dried extracts were resuspended in methanol 

(0.5 mL) with the aid of sonication (10 min), clarified by centrifugation (17,000 × g; 5 min) and 

transferred to amber LC vials. Extract components (10 µL injection) were separated on a Develosil RP 

Aqueous column (Nomura Chemicals; 250×4.6 mm; 5-µm) maintained at 30 °C using a gradient of 

methanol (Solvent A) to 60:40 methanol/isopropyl alcohol + 0.1% trimethylamine (Solvent B) at a flow 

rate of 1 mL/min. The extract was injected in 10%B where the solvent composition was held for 2 min 

before proceeding in a linear gradient to 40%B over 28 min. The column was flushed with 80%B for 3 min 

and re-equilibrated with 10%B for 5 min. During each injection UV/visible light absorption data were 

collected over 320-800 nm. Pigment standards for lutein, diatoxanthin, alloxanthin, canthaxanthin and 

chlorophyll-a were used to identify retention times, wavelength ranges for quantitation and equivalence 

factors relative to lutein (Table S 3.1). During routine analysis of samples, pigments were quantified 
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against a standard curve of lutein (0.5-20 µg/mL) and pigment concentrations were adjusted using the 

equivalence factors in Table S 3.1.  

 

 

Table S 3.1 High-performance liquid chromatography quantitation characteristics for pigment analysis. 

Pigment 
Retention Time 

(min) 
Wavelength Range (nm) 

Equivalence 

Factor a 

LoD 

(µg/mL) b 

Lutein 9.1 435-455 1.00 0.05 

Diatoxanthin 10.7 435-455 1.26 0.05 

Alloxanthin 11.9 435-455 1.20 0.06 

Canthaxanthin 15.2 460-480 1.06 0.08 

Chlorophyll-a 15.9 655-675 4.03 0.19 

a Equivalence factor relative to lutein. b LoD = Limit of detection, determined as signal-to-noise × 3. 
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Table S 3.2 Taxa identified by morphological and HTS methods. * indicates taxa identified by both methods, ** indicates taxa 

identified by HTS. 

Taxa identified by morphology and HTS methods 

Achnanthes delicatula Gomphonema pumilum Nitzschia vermicularis 

Achnanthidium minutissimum Gomphonema truncatum Opephora martyi 

Actinella aotearoaia Gomphonema turgidum Placoneis gastrum 

Amphora libyca Hippodonta capitata Planothidium frequentissimum 

Asterionella formosa * Hippodonta sp. Planothidium lanceolatum * 

Cocconeis placentula Humidophila contenta Planothidium oestrupii 

Craticula accomoda Karayevia clevei Psammothidium curtissimum 

Craticula cuspidata Lindavia intermedia Pseudostaurosira brevistriata * 

Cyclostephanos invisitatus Navicula antonii Punctastriata sp.  

Cymbella kappii Navicula captiatoradiata Reimeria sinuata 

Diatoma tenuis Navicula cryptocephala * Rhopalodia noveazealandiae 

Discostella sp. * Navicula cupsidata Sellaphora atomoides 

Encyonema silesiacum Navicula menisculus Sellaphora fusticulus 

Epithemia sorex Navicula oligotraphenta Sellaphora laevissima * 

Epithemia turgida Navicula radiosa Staurosirella pinnata 

Fragilaria capucina * Navicula reichardtiana Stephanodiscus sp. * 

Fragilaria construens * Navicula tairuanensis Surirella linearis 

Fragilaria construens var. 

venter 
Navicula trivialis Synedra berolinensis * 

Fragilaria crotonensis Navicula viridula Ulnaria ulna * 

Fragilaria nanana Nitzschia amphibia Navicula sp. ** 

Frustulia vulgaris Nitzschia draveillensis * Planothidium caputium **  

Gomphonema acuminatum Nitzschia palea Planothidium naradoense **  

Gomphonema angustatum Nitzschia recta Punctastriata sp. **   

Gomphonema parvulum Nitzschia umbonata Stauroneis latistauros **  
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