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Abstract
Knowledge of the distribution and abundance of wildlife populations is essential for the description of a species
niche and the development of effective conservation and management strategies. Knowledge gaps exist for many
large marine predators, who are often rare, difficult to study, and of high conservation concern. The Hauraki Gulf,
New Zealand, is a trophic hotspot that supports a diverse range of large marine predators, yet most of the existing
research pertains to single-species or species groups. This study aimed to perform a comprehensive study of the
fine-scale distribution patterns of cetaceans, sharks and potential prey patches, and to estimate the local
abundance of the common dolphin Delphinus delphis and the nationally endangered Bryde’s whale Balaenoptera
eden brydei.
Double-observer line transect aerial surveys were conducted in the Gulf from November 2013 to October 2014 to
collect distribution data on cetaceans, sharks, and their prey patches, as well as to collect abundance data using
mark-recapture distance sampling methods. Platform-of-opportunity and dedicated boat surveys were conducted
during the same period to collect photo-identification data to estimate Bryde’s whale abundance with markrecapture (MR) methods. Bryde’s whale abundance was estimated with a custom-made MR model to minimise
bias associated with heterogeneity in capture probabilities resulting from the use of opportunistic data. Boosted
regression tree models were applied using sightings data from aerial surveys to model the occurrences of three
cetacean species and four shark species to identify biological and environmental drivers of habitat use and to
produce monthly prediction maps of suitable habitat with spatially explicit maps of uncertainty. Aerial survey data
and mark-recapture distance sampling (MRDS) techniques were used to estimate the abundance of common
dolphin and Bryde’s whale populations with a novel, probabilistic approach to reduce biases associated with errors
in the identification of duplicate sightings and observer’s judgements of group size.
Habitat preferences were consistent with knowledge of these species’ ecological niches, and there was a strong
link between the presence of all predator species and the availability of their potential prey. Distribution maps
revealed dynamic distribution patterns in time and space but indicated that the presence of predators coincided
with major oceanographic processes that boost primary productivity. MRDS methods estimated 2478 individual
common dolphins (95% CI = 1598, 3615) and 15 individual Bryde’s whales (95% CI = 6, 30) in the Gulf over the
study period. Photo-identification MR methods estimated 69 Bryde’s whales (95% CI = 37, 101) in the population
for the same period.
This study represents the most comprehensive evaluation of large marine predators in the Hauraki Gulf in both
time and space. The results indicate that the Gulf is an important foraging area for large marine
predatorssupporting three year-round populations of cetaceans and an influx of sharks during the warm season.

This study demonstrated the importance of the Gulf to several shark species, especially as a nursery ground for
the hammerhead shark, and identified regions of important habitat, which is a substantial increase in our
knowledge of these animals that are most vulnerable to bycatch mortality. With careful management, the Gulf has
the capacity to support a biodiverse community of large predators and it is strongly recommended that
conservation planning focuses on implementing temporal restrictions of harmful activities within spatially defined
boundaries to maximise protection of these large predators. By considering temporal as well as spatial distribution
patterns, it is possible to use an evidence-based conservation approach to ensure adaptive marine spatial planning
that is dynamic and effective.
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Chapter 1. General Introduction
1.1. The niche concept
The niche concept is at the heart of ecology—the scientific study of the interactions between organisms and their
environment (Haeckel, 1866). A species niche refers to the ways that organisms interact with their biophysical
environment. However, the specifics of the niche are debated. There have been several contributions to the
development of the niche concept. Grinnell (1917a, 1917b) proposed that a species niche predominately relates
to environmental conditions that both limit and promote survival and growth. Elton (1927) described it as the
functional role of a species within a community with emphasis on the importance of biotic interactions such as food
and enemies. Hutchinson (1957) laid the foundation for future research with the fundamental and realised niche
concepts (Blonder, 2018). The fundamental niche relates to Hutchinson’s (1957) n-dimensional hyper-volume
theory. Hyper-volumes represent a niche in space, where the edges of this shape represent the boundaries of the
hypothetical conditions where organisms can grow and reproduce, thereby increasing their fitness. Competition
with other species dependent on similar resources defines a species realised niche, which is a subset of the space
within the fundamental niche (Hutchinson, 1957).

The niche of a species a product of environmental conditions and negative and positive biotic interrelationships.
Positive interactions promote fitness, e.g., mutualistic symbiosis, facilitation, and negative interactions impose
limits on fitness, e.g., competition, parasitism (Rodriguez-Cabal et al., 2012; Travis et al., 2005). Our ability to
describe a species’ niche is currently limited as we do not have the technological capacity to capture and quantify
all environmental conditions or identify and measure every biological interrelationship. A further complication is
that a species niche is not one size fits all. Animals exhibit individual responses to environmental variation, and
the relative importance of conditions and interrelationships depend on the spatial and temporal scale of interactions
and evolutionary forces operating at different biological levels (Costa-Pereira et al., 2018). As a result, there is no
single definition of the niche, nor is having one useful as a niche is a conceptual space (Mcinerny & Etienne,
2012a, 2012b). There is, however, a consensus that the niche comprises of four components (1) the dispersal
capabilities of the species, (2) the spatial distribution of the environmental conditions that promote growth and
reproduction, (3) biotic components, such as competitors, predators, and the dynamics and distribution of food
and, (4) the evolutionary capacity of the species to adapt to new conditions (Soberón, 2007; Soberon & Peterson,
2005).
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1.2. Distribution and abundance
The environment is patchy; with environmental heterogeneity the result of spatiotemporal variability in physical
forces and processes, such as temperature, rainfall, wind, tide, and currents operating on several nested spatial
and temporal scales (Stein et al., 2014). The ways in which species interact with the heterogeneous biophysical
environment determines its distribution and abundance (Molles, 2010). Distribution pertains to where animals are
in space and time within a species range or within a region that a species uses (Lawrence, 2000). Abundance
relates to how many animals there are within a given geographical space and density is the number of animals
within any given unit area. Ecologists regularly investigate the distribution and abundance of wildlife at local scales
(e.g., Eggert et al., 2003; Hamner et al., 2017) but increasingly developments in sensing technologies such as
biotelemetry tags (Doherty et al., 2017), environmental sensors (Block et al., 2002), acoustic arrays (Bruce et al.,
2019), and satellite imagery (Mannocci et al., 2015) enable broader scale investigations of ecosystem interactions.
Ultimately, a species geographical range depends on its ability to tolerate environmental variability (Soberon &
Peterson, 2005), and its dispersal capability (Pulliam, 2000). Survival and reproduction are, at least initially, low at
the boundaries or species’ ranges (Kawecki, 2008). Several taxa (intertidal invertebrates, terrestrial arthropods,
planktonic crustaceans, and terrestrial vertebrates) show a general spatial pattern of density across their range,
where abundance peaks towards the centre of their range and declines gradually along an environmental gradient
towards the edges of their range (Brown, 1984). Not all species share this general distribution-abundance
relationship. For example, the trend in abundance across a species range can be bi-modal because geographical
barriers limit dispersal (Lester et al., 2007). In contrast to the terrestrial environment, the potential for dispersal is
greater in the marine environment as there are fewer boundaries. The openness of the environment means that
some species to occupy a broader geographical range (Carr et al., 2003).
General trends in distribution and abundance dissipate beyond the scale of a species range. Food and other
resources that are essential for maintaining viable populations are patchily distributed due to environmental
heterogeneity, which creates a mosaic of habitat patches of varying quality (Ballance, 1992; Kotliar & Wiens, 1990;
Wiens, 1976). The distribution and abundance of animals is closely related to the distribution of their resources
both in time and space (Boyce et al., 2003; Boyce & McDonald, 1999; Venier & Fahrig, 1996). Many studies have
found that spatial patterning of animals correlates with their food, e.g., mountain gorillas Gorilla gorilla beringei
(Vedder, 1984), red deer Cervus elaphus (Langvatn & Hanley, 1993), grey seals Halichoerus grypus (Thompson
et al., 1996), and Hector's dolphins Cephalorhynchus hectori (Bräger et al., 2003). Resource use strategies are
broadly defined as either generalist, where animals occupy large ecological niches and use a wide range of
resources, or specialist, where animals utilise a narrow range of resources within a small ecological niche. In
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reality, animals’ resource use sits somewhere along the sliding scale of generalist to specialist. Selective animals
choose some prey resources over others, and opportunists use whatever is available. Some selective animals
(i.e., individuals, populations and/or species) may be more adaptable to environmental variability. For example,
selective animals may prey switch in response to seasonal changes in resource availability (Murdoch, 1969).
Animals also select habitat based on the likelihood of both positive and negative interactions and the impact those
interactions have on their fitness (Heithaus & Dill, 2006; Mao et al., 2005; Young, 2004). Predator and prey species
select habitat patches based on the likelihood of hunting success and risk of predation, respectively (Gaynor et
al., 2019). Parents must make trade-offs between foraging efficiency, offspring survival, and their own survival,
which is reflected in the way they use their habitat in time and space (Panzacchi et al., 2010; Thiebot et al., 2011).
A species trophic position determines the relative importance of selection pressures, such as predation and
foraging; the development of effective foraging strategies is most likely the principle source of selection pressure
on large predators as predation pressure is generally low (Pimm et al., 1991). Environmental heterogeneity, trophic
interactions, inter- and intra-specific competition for resources, and the ability to adapt to changes over long and
short time-frames, determine the spatial and temporal variation in community composition and structure within all
ecosystems (Hays et al., 2009; Holbrook & Schmitt, 2002; Hunter & Price, 1992; Hussey et al., 2014; James, 1991;
Kortsch et al., 2019; Pomeranz et al., 2019; Steenhof & Kochert, 1988).
Four population processes influence the abundance of a population: birth, death, immigration, and emigration
(Anderson, 1974). Population regulation mechanisms may be related to the density of conspecifics or to extrinsic
factors, such as climate variation (Bonsall et al., 1998; Sinclair & Pech, 1996). For example, intra-specific
competition for limited resources, such as food, breeding sites, or refuges, may negatively affect survival and
reproductive success, or induce temporary or permanent emigration (Forrester & Steele, 2004; Loe et al., 2009;
Rotella et al., 2009). Other density-dependent factors, such as the risk of disease transmission, are also important
in population regulation (Storm et al., 2013). Many mammals and birds exhibit sex- or age-specific dispersal from
their natal ground or group (Matthysen, 2005), which may help to increase mating success (Dobson, 1982) or
avoid inbreeding (Bollinger et al., 1993). Abundance may also change irrespective of population density. For
example, climate variability may have strong effects on resource availability, which may have bottom-up effects
for the entire food web (Forcada et al., 2005). The relative importance of density dependent and density
independent factors on population dynamics may depend on habitat quality: density-dependence is likely to
dominate in favourable habitat, while density independent regulation will prevail in environments where the
conditions are unfavourable (Hoffman & Parsons, 1997; Parra et al., 2012). It is important to note that the
mechanisms for population regulation do not affect all members of a population evenly. Density-dependent and
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density-independent factors may have a greater impact on different sex and age groups, resulting in variation in
vital rates within a population (Coulson et al., 2001).
Animals move in and out of an area in response to spatial and temporal variation in the distribution of resources
also affect trends in abundance at a local or regional scale (Bowler & Benton, 2005). For example, migratory
animals such as baleen whales and seabirds travel significant distances between breeding and feeding grounds
(Bradford et al., 2006; Pinet et al., 2011; Stern & Friedlaender, 2018). Highly mobile animals that live in dynamic
environments, such as many small cetacean species, may exhibit significant seasonal shifts in distribution in
response to environmental change (Forney, 2000). This highlights the challenges in understanding the distribution
and abundance of highly mobile species, especially with changes in global ecosystems.

1.3. Meta-populations
Many species are distributed in a discontinuous manner through their range because of the spatial arrangement
of their habitat patches (Hastings, 2014; Levin, 1974). A meta-population is a network of relatively distinct units,
i.e., local populations, within spatially discrete habitat patches that maintain some degree of connectivity via
migration (Hanski & Gaggiotti, 2004). At the regional scale, the dynamics of a meta-population are a product of
the birth and death rates within local populations, and the net migration between populations, which is influenced
by factors such as habitat connectivity (Gagglotti et al., 2002), habitat loss and fragmentation (Steffens & Lehman,
2018), and environmental heterogeneity (van der Merwe et al., 2016). Persistence of the meta-population depends
on the balance of local extinctions and recolonisation, and the size of each of these populations. Classical metapopulation theory only considers stochastic causes of extinction, i.e., demographic or environmental variability and
environmental catastrophes (May, 1973; Wu et al., 1993). Most real-life examples demonstrate that local
extinctions are due to deterministic causes, such as habitat degradation (Harrison, 1991; Harrison & Taylor, 1997;
Thomas & Jones, 1993). When patterns in extinctions and colonisation are deterministic, persistence then depends
on whether animals can track “the shifting spatial mosaic of suitable environmental conditions” (Thomas, 1994).
Large predators are highly mobile, and they track natural environmental change through range expansion or
contractions to favourable habitat, which may be viewed as short-term local extinctions and colonisations within a
meta-population framework. The key to their persistence is that favourable habitat patches remain available for
recolonisation (Thomas, 1994).

1.4. Spatiotemporal variability in the marine environment
The marine environment is dynamic compared to the terrestrial environment as it is a vast, single space that lacks
the same kinds of physical boundaries found on land. In terrestrial systems, processes that affect habitat patches
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and ecosystem structure occur on medium (seasonal) to long (decadal) temporal scales (Mayer et al., 2019;
Parmesan et al., 2000). In contrast, the marine environment is often exposed to more dynamic states of change.
Cyclic processes occur on diel, i.e., tides, to decadal, i.e., climate oscillations, temporal scales, and the effects are
evident on spatial scales of metres to ocean-wide (Batchelder et al., 2012; Fernandez-Betelu et al., 2019). Physical
processes introduce spatiotemporal variability in the forms of turbulences, fronts, water circulation, and oscillations
(Carr et al., 2011). Predictability of the processes that produce variability increases with scale, and spatial and
temporal scales are usually linked (Wiens, 1989). The pelagic environment is characterised by static features such
as seamounts and reefs, persistent hydro features, such as large currents and frontal systems, and ephemeral
features that are intermittent, potentially recurrent, and spatially dynamic, such as upwelling, eddies, and filaments
(Hyrenbach et al., 2000).

1.5. Large marine predators and their prey
Large marine predators refer to large-bodied, wide ranging marine vertebrates, such as cetaceans (dolphins,
whales, and porpoises), chondrichthyan (sharks, rays, skates), large pelagic predatory fish such as tuna Thunnus
and Katsuwonus species and swordfish Xiphias gladius, as well as polar bears Ursus maritimus, pinnipeds (seals,
sealions, and walrus), and seabirds. Large marine predators typically occupy large ranges within which there are
sufficient prey resources to support survival, growth, and reproduction (Cox et al., 2018) and can travel over
distances of thousands of kilometres (Block et al., 2011; Game et al., 2009; Lewison et al., 2015). Meta-population
theory is important for describing and identifying drivers of distribution and abundance, as favourable habitats for
activities such as foraging and mating are usually discontinuous and may be discrete both in space and time, e.g.,
humpback whale Megaptera novaeangliae migration (Andrews-Goff et al., 2018), blue sharks Prionace glauca
(Elliott, 2020).
Such vagility is energetically costly, especially for endothermic species, such as whales and dolphins (Mannocci,
Laran, et al., 2014). To maximise fitness, predators must locate prey in vast, heterogeneous environments (Hunt
& Schneider, 1987; MacArthur & Pianka, 1966). Predators appear to respond to physical and biological cues in a
hierarchical manner that relates to the spatial and temporal distribution of their prey (Fauchald et al., 2000;
Schneider & Piatt, 1986). In mid to high latitudes, seasonal variability in temperature and day length elicits
significant changes to the abundance and distribution of species across all trophic levels (Lam et al., 2008; Lambert
et al., 2017). Many studies have found that predators associate with mesoscale and sub mesoscale oceanographic
features that enhance foraging either directly through aggregating prey or indirectly through boosting primary
production, such as in frontal zones (Bost et al., 2009), eddies (Bailleul et al., 2010; Braun et al., 2019; Cotté et
al., 2007), and upwellings (Baines et al., 2017; Kuletz et al., 2015; Pichegru et al., 2009; Santora et al., 2017). By
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responding to predictable oceanographic processes that relate to their prey, predators can narrow their search
effort to smaller areas, which increases their foraging efficiency (Stephens & Krebs, 1986). Foraging hotspots of
large marine predators are typically characterised by oceanographic and bathymetric features that give rise to a
predictable boost in production. These hotspots are important to large marine predator life histories and to the
spatiotemporal trends in their distributions and abundance (Young et al., 2015).

1.6. Research on large marine predators
Working in the marine environment is difficult due to the physical characteristics of water and the vast expanse of
the environment. Many of the field and statistical techniques, and the ecological theories were developed on
terrestrial systems (e.g., Altmann, 1974), which have had their limitations when applied to the marine environment.
As a result, progress in understanding the ecology of marine species, notably large predators, has been slower
compared to terrestrial research.
Technology has given us a better capacity to understand the ecology of large marine predators at small and large
spatial and temporal scales. Oceanographic voyages (Salat et al., 2019) and sophisticated remote imaging via
satellites and sensors (Martinez et al., 2009) provide data regarding the physio-chemical properties of water in the
environment. Ocean system modelling techniques incorporate satellite and oceanographic observations to model
and predict the circulation features around the globe at increasingly more refined temporal and spatial scales
(Becker et al., 2016; Mannocci, Catalogna, et al., 2014). Electronic tags provide a means to study animal
movement remotely (Cooke et al., 2013; Hammerschlag et al., 2011; Hussey et al., 2015), and are increasingly
effective due to rapid advancements in tagging and tracking technologies (Lennox et al., 2017). Biotelemetry tags
are now sophisticated enough to simultaneously sample the physical environment in real-time, providing an insight
to how marine animals interact with their immediate environment during long-distance movements both
horizontally and vertically through the water column, e.g., sharks (Hussey et al., 2015), pinnipeds (Chilvers, 2008;
Costa et al., 2008; Hindell et al., 2016), cetaceans (Nowacek et al., 2016). We can now visualise interactions
through listening with acoustic technologies, which have improved our understanding of predator-prey dynamics
and feeding aggregations (Benoit-Bird et al., 2004; Lawrence et al., 2016).
Populations are usually studied at a local or regional scale via surveys to determine system state variables (e.g.,
abundance, density, occupancy) identify preferred habitat, and to monitor population trends (Booth et al., 2020;
Katsanevakis et al., 2012; Pollock et al., 2002). Surveying large marine predator species, who are vagile and often
rare, in such a challenging environment regularly imposes logistical and financial constraints. Rarity takes many
forms (Cunningham & Lindenmayer, 2005), but all forms present issues with detectability and sampling variation
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(McDonald, 2004). Marine predator species are usually either numerically abundant or numerically small, and
animals are either spatially clustered or occur at low densities through a vast range (Martin et al., 2020). Other
than coastal or range restricted species, such as the Māui dolphin Cephalorhunchus hectori maui along the west
coast of New Zealand’s North Island (Derville et al., 2016), the surveyed region rarely covers the entire range of a
population. In addition, animals are often highly mobile, elusive, or behaviourally cryptic, and difficult or impossible
to detect when they are below the water’s surface (Dalebout et al., 2004; Huveneers et al., 2018; Santos et al.,
2019; Tyack et al., 2006).
Implementing a large-scale probabilistic sampling scheme provides randomness and equal probability of
coverage, allowing researchers to draw statistical inferences about the population state (Pollock et al., 2002).
Systematic line-transect aerial and shipboard surveys have proven successful for surveying populations of large
predators as well as predator communities to investigate distribution patterns on meaningful scales and produce
local and regional estimates of density and abundance (Cañadas et al., 2002; Gill et al., 2015; Kessel et al., 2013;
Laran et al., 2017; Rowat et al., 2008; Sleeman et al., 2007; Westgate et al., 2014). In the absence of the
appropriate infrastructure and financial backing to perform such surveys, researchers must use alternative sources
of data, such as historical data (Torres et al., 2013), opportunistically collected data (Williams et al., 2006), and
citizen science data (Bruce et al., 2014) to estimate abundance and distribution.
Ecological modelling has become one of the most active research areas in biometrics and wildlife research.
Several modelling tools and techniques have been developed to overcome the issues inherent to observational
data of wildlife populations (Katsanevakis et al., 2012; MacKenzie et al., 2005; Melo-Merino et al., 2020; Redfern
et al., 2006; Tardin et al., 2016). The most common techniques for estimating abundance, density, and vital rates
i.e., birth and mortality, account for imperfect detection of animals and factors that cause bias in the abundance
estimation, such as heterogeneity in capture probabilities e.g., distance sampling methods (Buckland et al., 2001;
Buckland et al., 2004), mark-recapture models (Pollock, 1991), and occupancy models (MacKenzie et al., 2002).
Species distribution models (SDMs) (also called species niche models, ecological niche models, habitat m odels,
climate-envelope models, which is reflective of issues around the definition of a species niche) are useful tools for
identifying ecological drivers of a species occurrence and predicting habitat preferences in space and time using
often sparse or poorly sampled occurrence data (Araújo & Guisan, 2006; Becker et al., 2020; Dambach & Rödder,
2011; Elith & Leathwick, 2009; Guisan et al., 2006; Robinson et al., 2017). Most conventional statistical models
are based on strict assumptions that are difficult to fulfil when studying highly mobile species, which has promoted
the development of extensions to conventional models that relax model assumptions. For example, multi-covariate
distance sampling (Marques et al., 2007) is an extension of conventional distance sampling that accounts for the
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effect of covariates that are known to affect detectability, such as sea state or group size, in the estimation of the
detection probability e.g., bluefin tuna Thunnus thynnus, (Bauer et al., 2015) and killer whale Orcinus orca (Zerbini
et al., 2007). Novel approaches are continuously being developed as researchers are faced with the problems of
applying statistical models to real populations, e.g., sex-specific temporal variability in residency patterns as a
source of capture heterogeneity to estimate the abundance of the southern right whale Eubalaena australis (Carroll
et al., 2013); accounting for variation in the estimation of the detection probability of dugong Dugong dugong due
to its heterogeneous environment (Pollock et al., 2006); and the use of machine learning techniques in combination
with traditional statistical models to model species’ distributions (Elith et al., 2006). Technology has also provided
us with the computational power to apply sophisticated models involving large number of iterations to ecological
data, which has improved the predictive capacity of SDMs (Elith et al., 2006; Elith & Leathwick, 2009), led to the
development of ensemble methods (Araújo, & New, 2006; LeLay et al., 2010; Scales et al., 2016; Zanardo et
al.,2017), and allowed for the quantification of a greater number of uncertainties around estimates of abundance
(e.g., Hamilton et al., 2018). Regardless of the advances in modelling techniques and tools, a robust survey
framework is necessary to test specific hypotheses and for effective conservation and management programmes,
which is now predominant focus of ecological research.

1.7. Marine conservation
Anthropogenic pressures threaten the persistence of a vast number of terrestrial and marine species worldwide,
and many populations of large marine predator species face extinction (Dulvy et al., 2014; Hoffmann et al., 2010;
Julliard et al., 2003; Pacoureau et al., 2021; Schipper et al., 2008; Worm et al., 2006). No area of the ocean
remains completely unaffected by the effects of overexploitation of marine resources, pollution, and habitat
destruction and degradation (Halpern, Walbridge, et al., 2008). Global changes in anthropogenic pressures, such
as increased greenhouse gas emissions, are impacting biodiversity and ecosystem functioning at regional and
local scales (Atkinson et al., 2019; Harley et al., 2006; Hoegh-Guldberg & Bruno, 2010; Occhipinti-Ambrogi, 2007).
Local pressures, such as overfishing, are having a significant, cumulative effect on biodiversity at global scale
(Cury et al., 2000; Daskalov et al., 2007; Roux et al., 2013; Pacoureau et al., 2021; Scheffer et al., 2005; Vasas,
et al., 2007). Threats to large marine predators are both direct and indirect and are associated with human
activities on land and at sea. Direct threats cause mortality, either incidentally e.g., fisheries bycatch and ship
strikes (Laist et al., 2001; Lewison et al., 2004; Scales et al., 2018; Schoeman et al., 2020), or intentionally e.g.,
targeted fisheries or directed hunts (Humber et al., 2015; Porter et al., 2017). Indirect threats, such as
overexploitation of prey species, habitat destruction, marine pollution, and climate change are more insidious by
nature (Convention on Migratory Species, 2017; McCauley et al., 2015). Different species, age, or sex groups, a
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may have different degrees of exposure to human activities, depending on their ecological requirements.
Knowledge of species’ distributions is therefore critical for identifying effective conservation and management
approaches to avoid further extinctions (e.g., Currey et al., 2007; Hindell et al., 2020; Lotze et al., 2011).
While threats such as marine debris and climate change will require societal changes at a global scale, many of
the threats posed to large marine predators may be mitigated or at least minimised by spatial protection (Hindell
et al., 2020; Sequeira et al., 2019). However, a major challenge in conservation and management is addressing
how to implement protection in areas of ecological, social, and economic value conservation, such as shelf seas
(Halpern, Walbridge, et al., 2008). Shelf seas are under threat as they are subject to several anthropogenic
pressures due to their proximity to the coast, and, given that they are productive plankton-based ecosystems, their
high value to fisheries. These areas are often marine predator hotspots, and several populations of marine
mammals, seabirds, and sharks, have undergone population declines because of unsustainable anthropogenic
pressures (Avila et al., 2018; Cox et al., 2018; Frid & Dill, 2002; Kroodsma et al., 2018; Queiroz et al., 2016).
Marine protected areas (MPA) are an ecosystem-based conservation strategy that provide spatially explicit areas
of protection to not only species of concern but to the entire ecosystem. MPAs are commonly designed to protect
relatively sedentary species with the boundaries based on species dispersal capabilities and are heavily biased
towards the protection of certain habitat types, such as coastal rocky shore environments, and leave large parts
of the marine environment unprotected (Botsford et al., 2009; Mace & Morgan, 2006). Such small MPAs are
reduced in value when considering the spatial scale and patterns of human activities that are causing the most
damage (e.g., Edgar et al., 2014). In addition, this approach has limited scope in terms of conservation and
management as it fails to encompass pelagic habitats, which represent 99% of the marine environment and are
of major ecological significance (Game et al., 2009). Area-based management, such as multi-use MPAs, has
become a common ecosystem-based management strategy (Davidson & Dulvy, 2017; Halpern et al., 2010;
Katsanevakis et al., 2011). This strategy hinges on the identification of geographic regions where the management
of resources and uses is necessary to support the ecological integrity of the area. The declaration of large MPAs
has become more common place in recent years (Gray et al., 2017), providing some protection for wide-ranging
predators (e.g., Handley et al., 2020), but has challenges as these ocean spaces are often governed by small
ocean states that face intense pressure to allow international fleets access to their fisheries e.g., Palau Ocean
Sanctuary (Cimino et al., 2019), the Cook Islands Marae Moana (Durbin, 2018), Raja Ampat, West Papua
(Grantham et al., 2013). There are several cases where large marine predators have been used to direct
conservation efforts through the establishment of MPAs, each with varying degrees of protection e.g., marine
mammals and seabirds (Hooker & Gerber, 2004) as well as sharks (Jacoby et al., 2020). However, many of these
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MPAs represent “paper parks” because conservation goals are not met due to poor planning, and a lack of
regulation, surveillance, and enforcement (Rife et al., 2013).

1.8. Study site: The Hauraki Gulf—Tīkapa Moana—Te Moananui-ā-Toi
The Hauraki Gulf is a seasonally stratified wind-driven coastal upwelling marine ecosystem that sits on a wide
(~60 km) shelf on the northeast of the North Island, New Zealand (~36.5989ºS, 175.1894ºE) (Stevens et al., 2019).
The Gulf is a semi-closed embayment, and the topography of the Gulf is relatively homogenous in depth (mostly
20-70 m) and is characterised by a gentle slope to the edge of the continental shelf. The presence of multiple
islands, embayments, and harbours supply the diversity necessary to host 46 habitat types (Jackson & Lundquist,
2016). The Gulf has some of the highest primary production levels in New Zealand due to the joint effect of
seasonal upwelling, a western boundary sub-tropical current (East Auckland Current), and the interactions
between local surface winds, currents, and rather complex geomorphology of the embayment (Zeldis et al., 2004;
detailed in Chapter 2). Phytoplankton is the dominant primary producer in the Gulf, most of which is directly
consumed, and food web models suggest it is of the highest trophic importance in supporting ecosystem balance
and resilience in this area (Pinkerton et al., 2015).
The Hauraki Gulf is an internationally recognised biodiversity hotspot (Hauraki Gulf Forum, 2020). The pelagic
plankton-based ecosystem supports a multi-species community of large predators including cetaceans, seabirds,
and sharks, which is typical of other shelf sea ecosystems. Numerous cetacean species use the Gulf to varying
degrees. Some species, such blue whales B. musculus intermedia, fin whales B. physalus, sei whales B. borealis,
minke whales B. bonarensis and B. acutorostrata, beaked whales (Ziphiidae), humpback whales, and southern
right whales (Constantine et al., 2007), occasionally use it as either part of their migration corridor or part of their
overall range. Common dolphins Delphinus delphis, bottlenose dolphins Tursiops truncatus, and Bryde's whales
Balaenoptera edeni brydei, and killer whales, use the Gulf regularly or as full-time habitat, thus representing core
habitat (Berghan et al., 2008; Colbert, 2019; Hupman et al., 2015; Stockin et al., 2008a; Wiseman, 2008). The Gulf
is also a seabird hotspot, with 25% of migratory and residential global seabird species occupying the numerous
islands within the embayment (Gaskin & Rayner, 2013; Whitehead et al., 2019). However, there has been a
marked reduction in biodiversity since human settlement. There has been a 94% decline in the biomass of marine
mammals; seals were extirpated from the Gulf between 1000 and 1500 and there was a reduction in cetacean
biomass from 1790 to 1950 (MacDiarmid et al., 2016). The development of industrial-scale fisheries from 1950 to
the present day has resulted in a substantial reduction in the biomass of fishes, with the greatest decreases for
snapper, trevally, and sharks (Pinkerton et al., 2015).
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The Gulf is a key part of the history of human settlement. It was one of the first regions that people from eastern
Polynesia settled in and has therefore had a strong influence on the development of Māori practices and their
connection to the sea. Subsequent settlement by Europeans escalated the anthropogenic disruptions to the
balance of the ecosystem (MacDiarmid et al., 2016). Activities such as logging, mining, wetland drainage, farming,
construction, fisheries, and urban development, have caused substantial changes to the catchments of the Gulf,
and many fish stocks have been depleted through commercial fisheries (Hauraki Gulf Forum, 2020; Peart, 2020).
Auckland is now New Zealand’s largest urban centre with approximately 33% of the population of New Zealand
living here. The Hauraki Gulf Marine Park Act 2000 was passed in recognition of the need to protect the Gulf due
to its ecological, economic, social, and cultural value (Hauraki Gulf Marine Park Act, 2000). The Hauraki Gulf
Marine Park encompasses 1.2 million hectares of marine space, numerous islands, and the surrounding
catchments. The overarching purpose of the Marine Park is to improve the management of the Gulf “through better
integration of the environmental management efforts of the numerous statutory authorities whose activities impact
on the area” (Hauraki Gulf Forum, 2009). However, the legislative framework failed to provide adequate protection
to the Gulf and its health continued to be degraded by anthropogenic pressures stemming from both land and
marine activities over the following 20 years (Hauraki Gulf Forum, 2020). This prompted the development of the
Sea Change—Tai Timu Tai Pari Hauraki Gulf Marine Spatial Plan, which is New Zealand’s first spatial plan that
aims to improve management of the multi-use Marine Park using an ecosystem-based approach.
Within the 1.2 million hectare marine space, there are currently five no-take marine reserves, which compromise
0.3% of the Gulf, and are geared towards the protection of benthic and rocky reef habitats. In addition, the cable
protection zone provides some spatial protection to marine life as dredging and fishing are prohibited. Cetaceans
are protected under the laws and legislation of the Marine Mammals Protection Act 1987 (Marine Mammals
Protection Act, 1987), and the Department of Conservation is the administrative body responsible for the
assessment and management of marine mammals and sanctuaries under this Act. However, there are currently
no designated marine mammal protection zones in the Hauraki Gulf. The Department of Conservation are
responsible for shark protection under the Wildlife Act 1953 (Wildlife Act, 1953), and the Ministry of Primary
Industries is responsible for fisheries related shark management under the Fisheries Act 1996 (Fisheries Act,
1996). The basking shark Cetorhinus maximus, great white shark Carcharodon carcharias, oceanic whitetip
Carcharhinus longimanus, deep-water nurse shark Ginglymostoma cirratum, and whale shark Rhincodon typus
are the only protected species in New Zealand waters. In 2014, shark finning became illegal in New Zealand,
which has led to a substantial reduction in the by-catch mortality of several shark species, e.g., blue sharks by 83–
89% per annum (Elliott, 2020). The smooth hammerhead shark Sphyma zygaena and shortfin mako shark Isurus
oxyrinchus, are both listed in Appendix II of the Convention on International Trade in Endangered Species (CITES),
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as they are heavily exploited, which is of conservation concern (Rigby, 2019a, 2019c). Any landing from the high
seas now requires a permit to import and re-export these species to and from New Zealand, respectively. However,
sharks taken as by-caught within the New Zealand EEZ are not subject to CITES regulations. The Western and
Central Pacific Fisheries Commission is responsible for recording, reporting, and generating research output on
species list as ‘key shark species’, of which the smooth hammerhead shark is listed. New Zealand developed a
National Plan of Action for the Conservation and Management of Sharks (Ministry of Primary Industries, 2013) in
accordance with the global initiative developed by the United Nations Food and Agriculture Organisation for an
International Plan of Action for the Conservation and Management of Sharks. One of the five-year objectives in
the New Zealand plan was to identify and conserve habitats critical to shark populations (Ministry of Primary
Industries, 2013). Despite the documentation of numerous shark species in the Gulf, there have been no studies
that assess habitat preferences of shark species in this area, yet high-risk fishing practices, such as surface longline fishing, are still active.
Cetaceans and seabirds have been the focus of most of the boat-based research on large marine predators
(Dwyer, 2016; Gaskin & Rayner, 2013; Hupman et al., 2018; Izadi et al., 2018; Stockin et al., 2008a, 2008b). There
have been only a few aerial surveys (Kozmian-Ledward, 2015; Baker & Madon, 2007) and these have focused on
cetaceans. A comprehensive ecological study of the large marine predator community and their prey still lacks,
yet this information is vital to the management of this ecosystem.

1.9. Study species
Bryde’s whale: a global perspective
Bryde’s whales are medium-sized balaenopterids (maximum length of 15.5 m) and are widely distributed between
the latitudes of 40° South and 40° North (Kato & Perrin, 2018) in tropical and temperate waters in the eastern and
western Atlantic (Best, 1977; De Boer, 2010; Mullin & Fulling, 2004; Siciliano et al., 2004; Weir, 2010), eastern
and western Pacific (Gerrodette & Forcada, 2002; Tershy, 1992), and in the Indian (Braulik et al., 2010; Kanda et
al., 2007) Oceans, in both coastal and oceanic waters. Bryde’s whales are considered Data Deficient (IUCN,
2012b); they are one of the least known of the large baleen whales, which is reflected in the lack of clarity in their
systematics and taxonomy (Constantine et al., 2018). Bryde’s whales are currently classified as a single species
(Committee on Taxonomy, 2017) with two provisional sub-species: Balaenoptera edeni edeni, which is a small,
coastal form; and, the larger, offshore form, B. e. brydei (Kershaw et al., 2013; Luksenburg et al., 2015; Thomas
et al., 2016). The presence of the two allopatric forms has been confirmed in South Africa (Best, 1977). However,
the findings from several regional studies of Bryde’s whale populations, using morphological, genetic, and
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ecological data, suggest that they are separate species (see Constantine et al., 2018 for a detailed review), and
that in some cases the descriptors of offshore and coastal ecotypes are redundant, e.g., the offshore form B. e.
brydei inhabits the coastal region in New Zealand (Wiseman et al., 2008). The discovery of a new species, B.
omurai, in the Indo-Pacific region (Wada et al., 2003), and the recently described Rice’s whale (currently unofficially
named), in the Gulf of Mexico (Rosel et al., 2021) — both previously classified as Balaenoptera edeni — is
suggestive of classification errors in the taxonomy and systematics of the “Bryde’s whale complex”. Further
research and analyses of morphological and genetic data may lead to the discovery of more sub-species and
species, which will be critical for determining the true conservation status of Bryde’s whales and for the
development of appropriate management strategies at both regional and ocean basin scales.
Estimates of abundance of some stocks have been derived, e.g., Western North Pacific stock 24,000 (CV 0.20;
IWC, 1997); the eastern tropical Pacific stock 13,000 whales (CV = 0.20), but little is known about the stock
structure in the southwest Pacific (Australia to 120°W in a zone between the equator and about 30°S, including
northern New Zealand) or in the southeast Pacific (coastal waters off South America from the equator to 37°S)
(Kato & Perrin, 2018). A genetic analysis of B. e. brydei indicates that there is little gene flow between populations
in different ocean basins and hemispheres, and that the management of these stocks should be separate (Kanda
et al., 2007). While onshore and offshore species are believed to be separate stocks, this is difficult to discern
based on the current information; in reality, the movement patterns of whales between onshore and offshore
environments is more likely to be complex (Constantine et al., 2018). Our understanding of stock structure,
population connectivity, and dispersal patterns is limited because studies have focused their attention on nearcoastal populations, highlighting the difficulties of studying wide ranging marine predators, but our understanding
of these aspects should improve in the future with the use of satellite tagging, acoustic techniques, and genetic
analysis (Constantine et al., 2018).

Bryde’s whales do not undergo long-distance seasonal migrations between distant breeding and feeding grounds,
which is typical of many baleen whale species (Jefferson et al., 2008). Instead, there is evidence that some Bryde’s
whales roam widely throughout ocean basins and move between warm and cool temperate waters in response to
seasonal changes to their environment (Kato & Perrin, 2018). In other regions, movements may only be of
distances of hundreds of kilometres, and residency patterns indicate a degree of site fidelity for at least some
individuals, e.g., Bryde’s whales off southeast Brazil (Lodi et al., 2015). Bryde’s whale populations appear to
concentrate in areas where food sources are predictable but patchy (Steiner et al., 2008), feeding on small
schooling fish, but they also feed on zooplankton in some regions (Best, 1977; Carroll et al., 2019; Jarman et al.,
2006; Murase et al., 2007; Tershy, 1992). Bryde’s whales are considered opportunistic feeders that exhibit a high
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degree of foraging plasticity, with the movements of whales in different regions most likely in response to local
conditions that drive availability and abundances of prey types. For example, in South Africa, the offshore form
feeds on euphausiids (order Euphausiacea) while the inshore form feeds on schooling fish (Best, 1977), yet in the
pelagic North Pacific, Bryde’s whales appear to prey switch between Japanese anchovy Engraulis japonicus and
euphausiids from one year to another (Murase et al., 2007).
The movements of Bryde’s whales are generally associated with oceanographic features that boost primary
productivity and the availability of prey, such as seasonal upwelling events (Kato & Perrin, 2018). Seasonality has
been detected in the occurrence of Bryde’s whales, coinciding with the availability of schooling fish, e.g., Gulf of
California (Tershy, 1992), and a peak in feeding activity e.g., Plettenberg Bay, South Africa (Penry et al., 2011).
Habitat studies have also found a significant relationship with oceanographic features that may drive the seasonal
availability of prey, such as sea surface temperature (SST) e.g., eastern African Coast (Weir et al., 2012),
chlorophyll-a concentrations (chl-a) e.g., off Mauritania, northwest Africa (Baines & Reichelt, 2014), and wind
speed e.g., Plettenberg Bay, South Africa, (Penry et al., 2011), as well as topographic features that influence the
distribution of prey, such as distance from shore, and water depth e.g., the Oman coast (Corkeron et al., 2011),
Cabo Frio, Brazil (Tardin et al., 2017). However, a significant seasonal pattern in occurrence has not been detected
with the use of long-term sightings datasets, which is most likely a result of inter-annual climate variability at largescale spatial scales that affects the distribution of prey. For example, Salvadeo et al. (2011) found a relationship
between occurrence and relative abundance of Bryde’s whales in the Southern Gulf of California and both the
Northern Oscillation Index and SST anomalies. While the inclusion of prey data in SDMs is desirable as actual
distribution is more likely to be related to the distribution and abundance of prey species, the collection of prey
data simultaneous to the collection of sightings data is challenging, and therefore habitat studies rely on indirect
drivers such as SST, chl-a, and topographic features as a proxy for the distribution of prey.
Bryde’s whales in New Zealand and the Hauraki Gulf
Bryde’s whales in New Zealand have been genetically identified as the offshore form B. edeni brydei (Wiseman,
2008), which is in contradiction to the ecotype descriptors used to differentiate the two subspecies. Within New
Zealand waters, Bryde’s whales are mainly distributed on the northeast coast of the North Island from the Gulf to
North Cape and have been recorded in both coastal and offshore regions (Baker & Madon, 2007; Gaskin, 1972).
Most of the information about the population comes from studies in the Gulf, which is considered core habitat given
that whales are sighted year-round (Baker & Madon, 2007; Dwyer et al., 2016; O’Callaghan & Baker, 2002;
Thompson et al., 2002; Wiseman et al., 2011). The population is a mixture of frequent users, some of which have
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been resighted regularly over several years, including reproductive females and their calves, as well as occasional
visitors and transient individuals (Wiseman, 2008; Tezanos-Pinto et al., 2017). Presence of calves suggest a late
winter to early spring calving season in New Zealand waters or the oceanic Pacific (Baker & Madon, 2007). In the
Hauraki Gulf, Bryde’s whales predominately feed alone on krill-like crustaceans and copepods year-round, as well
as small, schooling fishes and salps, irrespective of seasonal changes in the availability and abundance of prey
types, suggesting that this is the preferred diet of whales in this region (Carroll et al., 2019). Vertical movements
are restricted to the top 20 m of the water column, and whales spend their days foraging and their nights resting
at mean depth of 7.3 m and 5.5 m, respectively (Izadi et al., 2018). Like other Bryde’s whale populations around
the globe, there is no information on long-range movements or seasonal movements outside of the Hauraki Gulf.
However, the population is characterised by high genetic diversity despite their small population size, indicating
the whales in this region may form part of a meta-population throughout a larger geographical area (Wiseman,
2008). Seasonal patterns have been inconsistent between studies, but these inconsistencies appear to be related
to inter-annual variability such as the El Niño Southern Oscillation (ENSO), which has a significant impact on the
environmental variables, such as SST (Shears & Bowen, 2017). Baker & Madon (2007) found that whale
occurrences were higher during summer, while Wiseman et al. (2011) found that the number of sightings per day
of Bryde’s whales was highest in winter from 2003 to 2006, which coincided with the coolest SST of 14.6°C. In
contrast, Dwyer et al. (2016) found that sightings were consistently lower in the inner Gulf during autumn from
2010 to 2012 but did not detect a consistent seasonal trend; there was a larger effect of inter-annual variation on
the occurrence and relative density of whales. Behrens (2009) did not find any seasonal differences in the number
of sightings of Bryde’s whales from 2000 to 2009 but did find that the number of annual sightings were highest
from 2003 to 2005, which overlapped with the study period of Wiseman et al. (2011). Conditions were
predominantly El Niño during this period, while the conditions were predominantly La Niña for the study period of
Dwyer et al. (2016).
Bryde’s whales use a broad region of the Hauraki Gulf and are found in deeper waters (Dwyer, 2014, KozmianLedward, 2014), around peninsulas and headlands, which intersect with the EAUC (Baker & Madon, 2007), around
the Coromandel Peninsula and Kawau Island in the western region of the inner Gulf (Colbert, 2019), the northern
and central regions of the inner Gulf, the Colville Channel, and Great Barrier Island (Dywer et al., 2016). Interannual variation in the relative density of whales within the Gulf has been detected (Dwyer et al, 2016), as have
seasonal shifts in whale density between the inner and outer Gulf, which is correlated with seasonal changes in
SST (Colbert, 2019). Since 2017, the outer Gulf has been a consistent hotspot for Bryde’s whales, regardless of
season, which may reflect a change in their distribution, yet more research is needed to determine the permanency
and cause of this shift (Colbert, 2019).
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Under the New Zealand Threat Classification System, Bryde’s whales are classified as a Nationally Critical species
due to its small population size (<200 individuals) and limited distribution in New Zealand waters (Baker et al.,
2019). Bryde’s whales face several indirect and direct threats, with some more prominent than others. Commercial
whaling was not extensive in the Hauraki Gulf, with one station on Great Barrier Island between 1956 and 1963.
Humpback whales were the target of the operation, and only 19 Bryde’s whales were recorded as taken (Baker &
Madon, 2007). Until recently, the largest threat to Bryde’s whales in the Gulf was an unsustainable level of mortality
from ship strikes with an average of 2.3 deaths per year (Constantine et al., 2015). The risk of ship strike mortality
has been significantly reduced because of a voluntary ship strike mitigation programme, which was implemented
in 2013 (Ebdon et al., 2020). Mussel aquaculture in the Gulf pose a low-level threat to whales as evidenced by
records of mortality due to entanglements (Constantine et al., 2015), as do the effects of anthropogenic noise,
although this has been mitigated with the ships reducing their speed with their acoustic impact reducing from ~8
km to ~1 km (Putland at al., 2018). The potential impacts of overfishing of prey species and climate change on the
quality of the Gulf as a foraging ground are of concern (Constantine et al., 2018). Population estimates have been
derived from photo-identification data with mark-recapture techniques. Earlier estimates of abundance vary
depending on the model used. Wiseman (2008) estimated 128 during summer using closed models and 46 whales
per year with open models. A more recent study by Tezanos-Pinto et al. (2017) estimated seasonal abundances
ranging from 17 to 43 whales between 2004 and 2006 and between 13 to 31 whales between 2011 and 2013
using a robust-design modelling approach. The super-population of the 2011 to 2013 period was estimated at 135
whales. These estimates, however, were derived from data collected using platform-of-opportunity surveys and
non-systematic surveys and may therefore have issues arising from sampling bias.
While the Bryde’s whale is among the most well studied large predator species in the Gulf, no studies have used
a systematic, design-unbiased survey, which is necessary to make statistical inferences about the population,
which covers both the inner and outer Hauraki Gulf, to estimate Bryde’s whale abundance with and to predict
distribution at a fine spatial and temporal scale. Given that there is no clear seasonal pattern, investigation of both
the direct and indirect drivers of distribution is necessary. Moreover, the use of monthly prediction habitat maps
using advanced SDM techniques in this study, will be a vital resource for conservation managers going forward.
Common dolphins: a global perspective
Common dolphins are a member of the Delphinidae family and occur from about 40-60°N to approximately 50°S
in warm-temperate and tropical waters (Möller, 2011; Natoli et al., 2008; Perrin, 2018). Until recently, two species
were recognised: the long-beaked common dolphin D. capensis and the short-beaked common dolphin D. delphis
(Heyning & Perrin, 1994). However, the classification of two species was largely based on morphological and
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genetic data of two sympatric populations living along the coast of California (Heyning & Perrin, 1994; Rosel et al.,
1994), and the criteria used to distinguish the two species did not apply in other regions due to a high degree of
intra-specific morphological variation (Best, 2007; Natoli et al, 2006). Based on a review of relevant data along
with additional molecular analysis, Cunha et al. (2015) concluded that D. capensis was not a genetically valid
species, and in 2016 the Society for Marine Mammalogy Committee on Taxonomy removed it from its accepted
species list. Common dolphins are now recognised as a single species with five subspecies: the common dolphin
(D. d. delphis), the eastern North Pacific long-beaked common dolphin (D .d. bairdii), the Black Sea common
dolphin (D.d.ponticus), and the Indo-Pacific common dolphin (D. d. tropicalis) (Committee on Taxonomy, 2020).
Controversy around the systematics and classification of common dolphins remains; phylogenetic analyses are
still needed to resolve the issues and further changes in the taxonomy of the common dolphin are to be expected
(Braulik et al., 2021).

Common dolphins are a highly gregarious species and one of the most widespread and abundant cetaceans
classified by the IUCN as Least Concern (Braulik et al., 2021). The available estimates suggest that there are at
least 6 million individuals globally, but this number is most likely much higher as stocks in many areas of the
species range have not been assessed, notably within the Southern Hemisphere (Braulik et al., 2021). Abundance
estimates of the common dolphin in the Northern Hemisphere include 3,127,203 (CV=26) individuals in the Eastern
Tropical Pacific (Gerrodette et al., 2008); 969,861 (CV = 0.17) short-beaked common dolphins, and 101,305
(CV=0.49) Eastern North Pacific long-beaked common dolphins (Barlow, 2016); 1.4 million common dolphins in
the Western Pacific off Japan (Kanaji et al., 2017), 467, 000 (CV=26) in European continental shelf and offshore
waters (excluding Mediterranean and Black Seas) (Hammond et al., 2017). Despite the high abundance of this
species in many regions, common dolphins in the Mediterranean Sea have undergone a major decline since the
1970s as a result of by-catch mortality (Bearzi et al., 2003) and are now sparse or near absent in areas where
they were historically abundant (Bearzi et al. 2004; Cañadas & Hammond 2008; Genov et al. 2020). Common
dolphins in the Mediterranean Sea were listed as Endangered after a 2018 study estimated just 5,200 individuals
left (95% CI 1,890-14,305; ASI 2020; Bearzi et al. 2020). Within the Mediterranean Sea, the subpopulation in the
Gulf of Corinth, Greece, now has so few numbers of common dolphins that it is now listed as Critically Endangered
(Frantzis & Herzing 2002, Bearzi et al., 2016; Bearzi et al. 2020).
Common dolphins inhabit a wide range of environments from the open ocean to near-shore environments,
including some enclosed areas such as the Sea of Japan and the Okhotsk Sea (Braulik et al., 2021; Jefferson et
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al., 2009; Perrin, 2018). Common dolphins usually occur in regions of boosted primary productivity, namely
upwelling-modified areas, regions with a steep slope, and shelf areas (Ballance et al., 2006; Bearzi et al., 2003;
Bilgmann et al., 2014; Correia et al., 2019; Jefferson et al., 2009; Selzer & Payne, 1988). Seasonal occurrences
of common dolphins have been associated with fluctuations in sea surface temperature, e.g., off Southern
California (Campbell et al., 2015), and several other environmental variables have been identified as important
drivers of their distribution, e.g., tidal level and salinity (Paradell et al., 2019), water depth and high cholorophyll-a
concentration (Cañadas & Hammond, 2008; Moura et al., 2012). Chlorophyll-a concentration has been identified
as a direct driver of the distribution of small pelagic schooling fish (Solanki et al., 2005; Ware & Thomson, 2005;
Zainuddin et al., 2006), which are the main types of prey of the common dolphin (de Pierrepont et al., 2005;
Meynier et al., 2008; Pusineri et al., 2006; Silva, 1999). Common dolphins have a high dispersal potential, but their
movements and distribution are closely linked with that of their prey (e.g., Bilgmann et al., 2008; Meynier et al.,
2008; Natoli et al., 2008; Peters et al., 2020; Zanardo et al., 2016). The effect of both historical and current
geomorphological, oceanographic, and climatic features on the distribution and population structure of common
dolphins is likely to be a large driver of regional genomic differentiation. For example, a recent genomic study
found that the Australasian common dolphin stock consists of a complex, hierarchical meta-population structure
with three genetically distinct regional populations in the south and east coasts of Australia, and Tasmania/New
Zealand; each of these regional populations is characterised by two or more sub-populations (Barceló et al., 2021).
The genetic differentiation of each population and sub-population is consistent with oceanographic currents that
create variation in primary and secondary productivities and create different water masses at both large and small
scales.

Common dolphins in New Zealand and the Hauraki Gulf
Common dolphins are widely distributed around much of the New Zealand coastline, with high abundance off the
east coast of the North Island, and their southern limit at 44°S near the Banks Peninsula, and (Gaskin, 1968).
Occurrences in some regions, such as the Hauraki Gulf, are year-round while in others they appear to seasonal
(Stockin & Orams, 2009). Most New Zealand haplotypes cluster with the short-beaked common dolphins from the
Pacific and Atlantic Oceans but the taxonomic status is yet to be resolved as there is still considerable
morphological and genetic variation (Jordan et al., 2015; Stockin et al., 2014). Within New Zealand waters, there
is genetic subdivision between dolphins on the east and west coasts; the west coast forms a sub-population with
Tasmanian common dolphins, but there are still moderate levels of gene flow between these subpopulations
(~18%) (Barceló et al., 2021).
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The semi-enclosed embayment of the Hauraki Gulf is a more extreme coastal habitat type for common dolphins,
and individuals in this region show a moderate level of site fidelity (Hupman et al., 2018; Stockin et al., 2008b).
Group size ranges from one to several hundred individuals (O’Callaghan & Baker, 2002; Stockin et al., 2008b).
Common dolphins are sighted in the Gulf year-round (Dwyer, 2014), and the area has been identified as an
important nursing and foraging area for this species (Dwyer et al., 2016; Stockin et al., 2008b).The Gulf appears
to be key foraging habitat within the range of the east coast sub-population with 46.8% of their activity budget
spent of foraging here compared to other regions, e.g., 17% in the Bay of Plenty (Stockin et al., 2009). They prey
primarily on small, schooling fishes but there have been shifts in their preferred prey in recent years (Peters et al.,
2020). Common dolphins generally prefer the deeper waters (~40-80 m) away from land (< 5 km) of the northern
and central areas of the Gulf in areas of low to moderate tidal current, increased slope, and cooler SST (Colbert,
2019; Dwyer et al., 2020; Kozmian-Ledward, 2015; Stockin et al., 2008b). Higher occurrences have been
documented in shallow waters during summer compared with autumn, and with foraging groups showing a
preference to deeper waters (Stockin et al., 2008b). Seasonal shifts between the inner and outer Hauraki Gulf
(around Great Barrier Island) have been observed with greater preferences during winter and spring and summer
and autumn, respectively (Dwyer at al., 2020).
Human pressures known to impact common dolphins in both the Hauraki Gulf and greater waters of New Zealand
are tourism and fisheries by-catch (Meissner et al., 2015; Neumann & Orams, 2006; Stockin, 2008b). Common
dolphins are listed as Not Threatened in New Zealand, but it is recognised that this species is data poor (Baker et
al., 2019). Common dolphins have a low mark-rate, thus estimating their abundance using mark-recapture
techniques, which rely on dolphins being individually recognisable, is problematic. Hupman et al. (2018) estimated
that the seasonal abundances of common dolphins in the Gulf ranged from 732 (CI = 460-1,177) in autumn 2010
to 5,304 (4,745-5,903) in spring 2013 using a POPAN super-population mark-recapture modelling approach.
However, data used in the analyses came from a platform of opportunity and non-systematic surveys, which may
have implications in terms of statistical inference, given that common dolphins are highly mobile throughout a wider
area than was surveyed by Hupman et al. (2018).

The common bottlenose dolphin
The bottlenose dolphin is a member of the Delphinidae family that is found in tropical and temperate inshore and
offshore environments (Chabanne e al., 2012; Leatherwood & Reeves 2012; Reynolds et al., 2000). Bottlenose
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dolphins are classified as of Least Concern with the global abundance estimated to be at least 750, 000 individuals
(Wells et al., 2019). Adults range from approximately 2.5 m to 3.8 m; body size appears to have an inverse
relationship with water temperature with larger individuals found at higher latitudes (Wells & Scott, 2018). In the
Northern Hemisphere, they typically range to 45°N but occasionally occur further poleward such as in Faroe
Islands at 62°N (Bloch & Mikkelsen, 2000). In the Southern Hemisphere, southern New Zealand (Brough et al.,
2015) and at 53-55°S in South America (Goodall et al., 2011; Olavarría et al., 2010) represent the southern limits
of their range. Bottlenose dolphins are the most well studied cetacean species, although offshore populations have
not been as well studied as near-shore populations and therefore most of what we know about this species comes
from studies of the latter (Conner, 2000). Population estimates are highly variable between regions and between
habitat types within regions (see Wells et al., 2019 for a summary).
Bottlenose dolphins populate inshore (e.g., sounds, estuaries, river mouths), coastal, shelf, and oceanic waters
within their global geographical range. Offshore populations range widely through open waters, but some are
residents around oceanic islands (Baird, 2016; Scott & Chilvers, 1990; Silva et al., 2009). Within near-shore
environments, bottlenose dolphins are found in bays, e.g., Sarasota Bay, Florida (Scott et al., 1990), estuaries,
e.g., Charleston County, South Carolina (Zolman, 2002), tidal inlets, Moray Firth, Scotland (Wilson et al., 1997),
and mangroves e.g., Peru (Van Waerebeek et al., 1990). Bottlenose dolphins have a high degree of behavioural
plasticity and a broad diet, which has enabled them to exploit such a wide range of habitats through the
development of location-dependent foraging strategies (Connor, 2000). Bottlenose dolphins have a broad diet of
mostly fishes and squid (Barros & Odell 1990; Barros & Wells 1998; Blanco et al., 2001; Santos et al., 2001).
In New Zealand waters, three subpopulations of inshore bottlenose dolphins are recognised in Northland,
Marlborough Sounds, and Fiordland (Bräger & Schneider, 1998; Currey, 2008; Merriman et al., 2009), with the
latter further consisting of three communities in Doubtful, Dusky, and Milford Sounds (Currey, 2008). Comparisons
of photo-identification catalogues and genetic analyses suggests that there is a high degree of isolation between
these three subpopulations (Tezanos-Pinto et al., 2009). Bottlenose dolphins in New Zealand are classified as
Nationally Endangered due to the decline in abundance in two of the three coastal populations as well as high calf
mortality (Baker et al., 2019; Currey et al., 2009; Henderson et al., 2014; Tezanos-Pinto et al., 2013). The Northland
population predominately ranges from the far North of the North Island to Tauranga in the Bay of Plenty
(Constantine, 2002) but do range along the northwest coast. Most research pertaining to this population has been
conducted in the Bay of Islands. Bottlenose dolphins in the Bay of Islands have undergone a significant population
decline over the past 20 years (Hamilton, 2013; Tezanos-Pinto et al., 2013), and a change in habitat use and
distribution within the bay (Hartel et al., 2014), which has been predominately attributed to tourism effects
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(Constantine, 2001; Constantine et al., 2004). In comparison, there have been relatively few studies of the ecology
of bottlenose dolphins in the Hauraki Gulf. The only available abundance estimate of bottlenose dolphins for the
Hauraki Gulf is restricted to data collected around Great Barrier Island, which estimated 171 individuals (CI =
162−180) from 2011−2013 (Dwyer et al., 2014). A photo-identification study between that was conducted primarily
in the inner Hauraki Gulf between 2000 and 2003 detected seasonality of the dolphins with the highest occurrences
from late autumn to early winter, and found 59% of individuals were present in both the Gulf and the Bay of Islands
(Berghan et al., 2008). More recently, Dwyer et al. (2014) identified Great Barrier Island as a potential hotspot as
bottlenose dolphins were sighted there year-round during the 2011-2013 study period, with dolphins found in
deeper waters more frequently during summer, and shallower water during winter and spring. However, there have
been no systematic studies on the distribution of bottlenose dolphins in the Hauraki Gulf to date.
The blue shark
The blue shark is one of the most abundant and widely distributed pelagic sharks, occupying both temperature
and tropical waters from 60° N to 50° S (Last & Stevens, 2009; Nakano & Stevens, 2008). The blue shark is a
relatively large species that can reach a maximum of 3.8 m in length but are most commonly under 3 m long. Aging
studies generally suggest that blue sharks live to approximately 20 years with males and females reaching sexual
maturity at 4-6 years and 5-7 years, respectively (Nakano & Stevens, 2008). Blue sharks also have a broad vertical
distribution; they are found anywhere between the surface of the water to just over 1000 m in depth, and they feed
on a range of living and dead prey types, such as bony fishes, cephalopods, invertebrates, small sharks, cetaceans
(as carrion), and seabirds (Clarke et al., 1996; Compagno, 1984; Cortes, 1999; Henderson et al., 2001).
The blue shark is a highly mobile predator with a wide thermal tolerance, which allows them to make trans-oceanic
movements. Their movements and distribution are influenced by spatiotemporal changes in the distribution of prey
species, changes to its external environment, ontogeny, reproduction, and its sex (Vandeperre et al., 2014;
Vandeperre et al., 2016). Genetic analyses indicate little or no differentiation both within and between basins
(Bailleul et al., 2018; Leone et al., 2017; King et al., 2015; Ovenden et al., 2009; Verissimo et al., 2017). Seasonal
shifts in distribution and abundance of this species are related to oceanic convergence or boundary zones, which
boost productivity (Nakano & Stevens, 2008). The blue shark is an oceanic-epipelagic, and fringe-littoral species
(Compagno, 1984), that occurs in near-shore areas where the continental shelf is narrow (Last & Steven, 2009).
Individuals segregate spatially in areas that are of ecological importance, depending on their sex and age-class
(Litvinov, 2006; Nakano & Stevens, 2008). Studies have identified important age and sex specific relationships
with SST and chl-a, which have been identified as the most important environmental drivers of the distribution of
this species (Maxwell et al., 2019; Queiroz et al., 2012).
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While blue sharks have a low intrinsic rate of population increase compared to some smaller sharks and bony fish,
the species has the highest growth rate among pelagic shark species (Aires-da-Silva & Gallucci, 2007; Cortes et
al., 2015; Dulvy et al., 2008; Murua et al., 2018; Rigby et al., 2019b). For this reason, the blue shark is one of the
most heavily exploited species by fisheries and has a high by-catch mortality (Camhi et al., 2008). The blue shark
is the dominant species in the shark fin industry, representing 49% of the fins imported to Hong Kong during 2014
(Fields et al., 2018). Blue sharks are caught as target and by-catch by both large and small commercial fisheries
using pelagic longline, purse seine, gillnets, trammel nets, and trawls (Camhi et al., 2008; Martinez-Ortiz et al.,
2015). This species is also targeted by tag and release game fishermen, which has around a 10-35% post-release
mortality rate (Campana et al. 2009; 2016).
In the New Zealand EEZ, blue sharks compromised 31% of all surface-longline fisheries catch, and the fins of 99%
of by-catch were utilised before airlines’ imposed restrictions on the export of shark fins in 2014 and shark finning
was banned (Francis et al., 2019a). An indicator–based analysis of pelagic sharks detected a decline during the
late 1990s to early 2000s, then a sharp increase in abundance to 2015, followed by a decline in abundance from
2017–2018 (Francis et al., 2019a). However, there were many factors that made it difficult to interpret the trends
in abundance, such as the quality of the data and a possible shift in distribution due to the marine heatwave in
New Zealand waters in recent years. Other blue shark research in New Zealand includes age/growth analysis
(Francis & Duffy 2005; Manning & Francis 2005), catch composition (Francis et al., 2001), fin/weight conversion
factors (Francis, 2014), the effect of tuna longline fisheries on blue shark stock (Large, 2015), the use of boosted
tree models to create prediction maps in the open ocean around New Zealand (McGregor & Horn, 2015). However,
all studies used by-catch data, which are subject underreporting and sampling bias. The New Zealand Gamefish
Tagging Programme have provided some insight into the movements of blue sharks through the tag and release
of 4,963 blue sharks (Fisheries New Zealand, 2018), but the use of this method is not informative about the drivers
of blue shark distribution. More recently, Elliot (2020) investigated with spatio-temporal patterns in the behaviour
and habitat us of blue sharks using satellite tags and found that age and sex segregation correlated with gestation
period, suggesting that New Zealand was an important breeding ground for this species, juveniles preferred habitat
on the shelf, and mature individuals have a preference for shelf and pelagic waters. There have been no studies
on the distribution of blue sharks in the Hauraki Gulf to date, which is necessary, given the importance of New
Zealand as a breeding ground to this species.
The shortfin mako shark
The mako shark is a large (maximum 4.45m) pelagic shark species that is widely distributed between ~50°N and
50°S in all ocean basins (Ebert et al., 2013). Genetic studies suggest that there is some genetic differentiation
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between stocks in major ocean basins (Corrigan et al., 2018; Schrey & Heist, 2003, Taguchi et al., 2011). Similar
to other members of the lamnid family, such as the great white shark, it is a powerful, semi-endothermic marine
predator. The mako shark has a low intrinsic rate of increase as it matures at a late age, has a triannual
reproduction cycle and is therefore vulnerable to the effects of overfishing (Stevens, 2008). Parturition occurs in
late winter to spring in both the North and South Hemispheres but there is evidence that it extends into summer in
New Zealand (Duffy & Francis, 2001; Stevens, 2008). Prey types of the mako shark include small schooling fish,
larger predatory fish such as tuna, cephalopods, sharks, and marine mammals; however, diet preferences appear
to differ by region. For example, the diet of mako sharks in the northwest Atlantic and Australia mostly consists of
small pelagic fish and cephalopods (Stillwell & Kohler, 1982; Stevens, 1984), while other sharks were the most
common prey type of mako sharks off Natal, South Africa (Cliff et al., 1990). Analysis of stomach content and DNA
analysis has shown that the mako shark also predates on marine mammals in the northeast Pacific (Porsmoguer
et al., 2015). The mako shark is a highly mobile predator and tagging studies in the Atlantic show moments of
4,542 km with over a third of recaptures at locations greater than 556 km from their original tagging site (Casey &
Kohler, 1992). Tagging studies in the Pacific also demonstrate large movements of up to 13, 000 km between New
Zealand and Fiji in six-month period (Ebert et al., 2013). Despite these extensive movements, mako sharks remain
in specific regions of ocean basins. The distribution of this species relates to oceanographic features that boost
primary productivity such as frontal zones and areas of upwelling, and their movements are correlated with
dynamic environmental variables such as SST, e.g., Southern Peru (Adams et al., 2016) and high chl-a
concentrations, e.g., North Pacific Ocean (Nasby-Lucas et al., 2019).
The mako shark is classified by the IUCN as Endangered, based on an estimated median decline of 47% with the
highest probability of a 50–79% reduction over three generations (72–75 years) (Rigby et al., 2019a). Mako sharks
have a high market value mostly for their meat (Clarke et al., 2006a; Clarke et al., 2006b; Dent & Clarke, 2015;
Fields et al., 2017). The fins of this species are also traded, contributing 1.2% to the total imported in Hong Kong
(Fields et al., 2017), and it is also valued for its liver oil, jaws, and skin (Compagno, 2001). While most of the bycatch is taken by international fleets in offshore and international waters (Camhi et al., 2008), this species is also
taken in coastal longlines, gillnets, trammel nets, and trawls in areas with narrow continental shelves (Camhi et
al., 2008, Martínez-Ortiz et al., 2015). Steep population declines have been detected in the North and South
Atlantic and moderate population declines are evident in the North Pacific and Indian Oceans (Brunel et al., 2018;
Rigby et al., 2019a). For example, recent stock assessment for the South Atlantic with steep declines of 99% in
the average catch per unit effort of 1979–1997 and 1998–2007 (Barreto et al., 2016; Rigby et al., 2019a). The
South Pacific population appears to be increasing but with inconsistent catch rates per year and by region (Francis
et al., 2014).
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Tagging data indicates a southwest Pacific stock with very few individuals leaving the region (Holdsworth & Saul
2017; Rogers et al. 2015; Sippel et al., 2011). The mako shark is widely distributed throughout the New Zealand
EEZ (Duffy & Francis, 2001). Most of what we know about mako sharks comes from mark-recapture recreational
fishing studies and from commercial fisheries catch data. The composition of mako sharks in New Zealand is adult
males, and both female and male juveniles with only one pregnant female shark being recorded in New Zealand
waters (Duffy & Francis, 2001). Juveniles make up the largest proportion of fisheries catch (Francis, 2016), and
mako sharks are predominantly caught as bycatch in surface longline fisheries, and in set nets, trawls, and on
benthic longlines to a lesser extent (Bagley et al., 2000; Francis et al., 2000; Martinsohn & Muller, 1992). The
abundance of mako sharks appears to have remained stable since the late 1990s in the north, while numbers
appeared to decline in the south before stabilising around the mid-2000s, although quantitative regional stock
assessments are required to validate these trends (Francis et al., 2019). Greater catch rates of mako sharks have
been reported between Great Barrier Island and Hawkes Bay off the east coast of the North Island. More recently,
the movements and habitat drivers of mako sharks have been studied using satellite tags (Francis et al., 2018).
Tagged mako sharks remained in the southwest Pacific, a mixture of short- and long-distance movements, and
recaptures near or at the tagging site indicating a certain degree of site fidelity. Mako sharks generally moved
north from New Zealand from autumn to spring and south in summer but the variation in this trend was high, which
is likely to be related to spatiotemporal variation in the availability of food resources. Resident states of tagged
mako sharks around the New Zealand coast were associated with high chl-a concentrations, while travel state
throughout the broader south west pacific was linked to higher SST. There have been no studies on the distribution
patterns of mako sharks in the Hauraki Gulf.
The smooth hammerhead shark
The smooth hammerhead shark (referred to as the hammerhead shark, hereafter) is a large (maximum 400cm
length) coastal and semi-oceanic shark that occurs in temperature seas and in some regions of tropical seas in
both hemispheres (Bezerra et al., 2018; Ebert et al., 2013; Last & Stevens 2009). Genetic studies show genetic
partitioning between the Atlantic and Indo-Pacific, and suggest female philopatry with preferred breeding sites and
male mediated gene flow (Félix-López et al., 2019; Testerman, 2014). The reproduction cycle of this species is
unknown, but the gestation period is 10-11 months and the litter size is between 20 to 50 pups (Castro & Mejuto
1995; Clarke et al., 2015; Francis, 2010; Stevens, 1975; Stevens, 1984). Females reach sexual maturity at 15
years based on size-at-maturity and growth curves (Rosa et al., 2017); however, population growth rates are
among the highest of pelagic sharks (Cortés et al. 2012). The hammerhead shark occurs on the continental shelf
approximately 200m depth, but it may occur in waters as deep as 500m (Ebert et al., 2013; Weigmann, 2016).
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There are very few hammerhead shark habitat studies, but these suggest seasonal changes in shark distribution,
with their occurrence highest in inshore waters in the warmer months e.g., Martinhal Bay and islands, in southern
Portugal (Couto et al., 2018) where they pup and feed (Smale, 1991).
The hammerhead shark is listed by the IUCN as Vulnerable and the global population trend estimate indicates a
median reduction of 22%–65%, with the highest probability of <20% and >80% reduction over three generation
lengths (72.3 years) (Rigby et al., 2019c). This species is highly suspectable to overfishing and are taken as
targeted fish and as bycatch by coastal and pelagic longline, purse seine, and gillnet fisheries (Rigby et al., 2019c).
The fins of hammerhead sharks are highly sought after and they are often killed when caught as by-catch for this
reason (Abercrombie et al., 2005). In addition, hammerhead sharks have a high probability of capture and postrelease mortality, which makes them vulnerable to the effects of fishing even when they are discarded alive
(Braccini et al., 2012; Gallagher et al., 2014; Gulak et al., 2015).
In the South Pacific, there is genetic structure between hammerhead stocks in the southwest and southeast, but
there is no differentiation between New Zealand and Australia, suggesting a single stock (Hernandez, 2013;
Testerman, 2014). They are taken as bycatch by a variety of fishing methods, and, although reported catches are
a low as ~5–15 t per year, it is likely that these values are much higher because of under-reporting (Francis, 1998;
Ministry for Primary Industries, 2013, 2014). The population status of the hammerhead shark is unknown as this
species is not managed under New Zealand’s quota system (Ministry for Primary Industries, 2014). Between 2005
and 2014, 2,904 sharks were recorded in set nets (46% estimated weight), bottom longline (26%), bottom trawl
(22%), surface longline (4%), and other methods (2%) in the northeast of the North Island, with a large proportion
of the sharks caught were in the Hauraki Gulf (Francis, 2016). A tagging study of hammerhead sharks showed
that juvenile hammerhead shark nursery grounds are in shallow coastal waters, large harbours, and estuaries in
the northern North Island, notably in the Hauraki Gulf, and that movements are correlated with sea surface
temperature (Francis, 2016). Given the importance of the Gulf to hammerhead sharks as a nursery area and the
fisheries pressures, it is important that future research be conducted on this species.

The bronze whaler shark
The bronze whaler shark (Carcharhinus brachyurus) is a large (maximum length recorded 350 cm) coastal species
also known as requiem sharks, which include the vast majority of heavily exploited sharks globally many of which
have undergone large population losses (Clarke et al., 2006; Last & Stevens, 2009). Genetic analysis supports
distinct regional populations separated by deep oceanic habitat in Australia to New Zealand, South Africa to
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Namibia, Portugal, and Peru, with female philopatry and male-mediated gene flow (Benavides et al., 2011; Naylor
et al. 2012). Bronze whalers are distributed through temperate and tropical regions in a patchy manner (Ebert et
al., 2013), dive to depths of approximately 100m and are found inshore and on continental shelf habitat in the
warm and cold months, respectively. Parturition occurs from spring to summer in extreme coastal habitats (Walter
& Ebert 1991; Lucifora et al. 2005; Rogers et al. 2013), and juveniles mostly inhabit shallow, coastal waters (Rogers
et al. 2013).
The bronze whaler shark has a long life-span, few offspring (up to 24 offspring in a lifetime), a late age to reach
sexual maturity (13 years for males and 20 years for females), and a biennial breeding cycle, which leaves them
susceptible to the effects of anthropogenic pressures (Cliff & Dudley 1992; Dulvy et al., 2014; Garrick, 1982; Walter
& Ebert, 1991). Bronze whaler sharks are targeted by commercial, recreational, and artisanal fisheries for their
meat and fins (Cavanagh et al., 2003; Duffy & Gordon, 2003; Stevens et al., 2000), demersal gillnets, and longline
fisheries (McAuley & Simpfendorfer, 2003; Walker & Gason, 2007). Annual catch rates and structure appear to be
stable in New Zealand, Australia, and South Africa (Huveneers et al., 2019). While commercial catch of bronze
whaler sharks has decreased (Duffy & Gordon, 2003; Ford et al., 2015, Ford et al., 2018), no catch per unit effort
study has occurred. Nursery grounds are found in extreme coastal habitats such as harbours and therefore this
species is sensitive to the effects of coastal development and habitat degradation. There are no dedicated habitat
studies of bronze whaler sharks in New Zealand or the Hauraki Gulf to date.

1.10. Thesis aims
The overarching aim of this thesis is to examine the ecology of large marine predators (cetaceans and sharks) in
the Hauraki Gulf to inform conservation and management decisions in a highly impacted but productive marine
ecosystem. This study uses a comprehensive and design-unbiased sampling scheme to cover regions of the Gulf
where surveys dedicated to cetacean research have been low and to collate information on the distribution patterns
of large marine predators for the first time. This research advances our use of analytical approaches to understand
the distribution and abundance of hard to study marine megafauna and will inform conservation management
decisions. The aims of this research are presented in three data chapters, each addressing a different research
question. The research is compiled as a single dissertation but note that Chapter 3 is published, and Chapters 2
and 4 are written in preparation for publication. Below is a brief overview of each chapter.
Chapter 1. A general introduction to the thesis topic including background information about the niche concept and
on the environmental and biological factors that drive patterns in species’ abundances and distributions over
different spatial and temporal scales, such as physical processes and predator-prey relationships. This chapter
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outlines some of the research challenges when working in dynamic, large marine habitats and the value of
modelling and novel analytical approaches to answering more complex questions when studying wide-ranging
marine predators. Chapter 1 concludes with an overview of approaches to marine conservation and management,
an introduction to the study site, the study species, and the gaps in the knowledge that the research presented in
this thesis fills.
Chapter 2. This chapter used an advanced SDM — Boosted Regression Trees — to describe the species-habitat
relationships between three species of cetacean, two species of coastal shark, and a cluster of oceanic sharks
and tested whether prey patch is an important predictor of the distribution of these large predators at a fine spatial
over an entire year, using comprehensive, systematic aerial survey data. Predictions of species’ occurrences were
then transcribed to geographical space to produce monthly predictive habitat maps to inform conservation
decisions in the Hauraki Gulf Marine Park.
Chapter 3. In this chapter, mark-recapture distance sampling surveys were used to estimate the abundance of
common dolphins within the Gulf. The source of uncertainty on bias and precision of the estimate that occurs with
small, dispersed groups and multiple observers was resolved by the development of a novel threshold-free
probabilistic analysis leading to a more robust estimate. This chapter is published as: Hamilton et al. (2018).
Accounting for uncertainty in duplicate identification and group size judgements in mark-recapture distance
sampling. Methods in Ecology and Evolution, 9: 354–362. https://doi.org/10.1111/2041-210X.12895
Chapter 4. This chapter generates two abundance estimates for Bryde’s whales in the Gulf; the first using aerial
line-transect distance sampling and the second using boat-based mark-recapture methods. This research also
demonstrates the benefits of tailoring a mark recapture model based on the structure of the data to address
heterogeneity in capture probabilities, which can be a major source bias in mark recapture abundance estimates
if ignored. With the small population size of Bryde’s whales in the Gulf, the two-method approach provides a more
comprehensive picture the abundance of this population in time and space and demonstrates the merits and
limitations when estimating abundance of rare species using the two methods.
Chapter 5. This final chapter provides a general discussion that draws together the key findings from this thesis
and discusses the advances made and challenges encountered while studying large, mobile marine predators
distributed throughout a large habitat. Future research suggestions are discussed to ensure ongoing work in the
Gulf, a hotspot for many marine species. The findings of this research are placed in a management context given
the status of the Hauraki Gulf Marine Park and the ongoing Tai Timu Tai Pari Marine Spatial Plan, to ensure
decisions that protect large marine predators and their habitat.
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Chapter 2. Fine-scale distribution patterns of large marine
predators in the Hauraki Gulf.
2.1. Introduction
Large marine predators, such as cetaceans and sharks, are large-bodied vertebrates that often occupy the top
trophic level in marine food webs (Estes et al., 2001). As primary consumers, large marine predators play a crucial
role in maintaining biodiversity patterns and ecosystem health via top-down control, specifically through
consumption and behavioural modification of prey species (Catano et al., 2016; Hammerschlag et al., 2019; Myers
et al., 2007). Predator control by large consumers benefits entire marine ecosystems indirectly, promoting primary
production and supporting vital ecosystem processes, such as nutrient cycling (Atwood & Hammill, 2018). Large
marine predators also connect ecosystems by transferring energy as they travel both vertically and horizontally
through the water column, often over long distances and between habitats, thus influencing the structure of the
marine environment at large spatial scales (Estes et al., 2016; Ferretti et al., 2010; Heupel et al., 2015). Given
their influence on marine ecosystems, and evidence that many marine ecosystems could collapse in their absence,
some marine predators have been classified as keystone species (Estes et al., 2011; Heithaus et al., 2008;
Polovina et al., 2009).
Despite knowledge of how imperative large marine predators are to ecosystem functioning, they are in decline
globally as a result of anthropogenic pressures, such as overfishing (Myers & Worm, 2003), marine pollution e.g.
(Fossi et al., 2013), habitat loss (Dibattista et al., 2011; Sievers et al., 2019), and the globalised trade market
(Deutsch et al., 2011). The extent of anthropogenic impacts is well-illustrated by the conservation status of
cetacean and shark species, with 17% chondrichthyan (sharks, rays, and chimaera sharks) threatened with
extinction, 16% of shark species listed as threatened (Dulvy et al., 2014), and 37% of cetaceans species estimated
to be at risk of extinction (Davidson et al., 2012). Large marine predators are generally k-selected species, i.e.,
slow growing, slow to reach sexual maturity, and low reproductive output, and are therefore sensitive to small
disruptions to their vital rates, i.e., birth, death (Frisk et al., 2005; Hutchings et al., 2012). Due to these life-history
traits, large marine predators are low-resilience species and have a low rebound potential, thus typically require
urgent and efficient conservation intervention to avoid further extinctions (Lotze et al., 2011; Smith et al., 1998).
Conservation issues are exacerbated for large marine predators that depend on coastal habitats for some or all of
their lives (e.g., Sievers et al., 2019). Marine predator hotspots often overlap with areas of economic, social, or
cultural value where both are centred around productive marine environments close to land (Andrews et al., 2015;
Block et al., 2011; Fiedler et al., 2017; Palacios et al., 2006; Pichegru et al., 2009). Area-based management tools,
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such as marine protected areas (MPAs), are a popular conservation strategy for managing human activities in
ecologically significant marine environments (Davidson & Dulvy, 2017). MPAs are generally spatially explicit, static
units, which have varying levels of protection depending on the targets, ranging from no-take marine reserves to
multi-use MPAs (Kelleher, 1999). Regardless of the aim, successful management of ocean ecosystems depends
on knowledge of the species that inhabit the area and of their ecology (McClellan et al., 2014), the community
composition (Speed et al., 2018), trophic relationships (Walters, 2000), and the spatial distribution of anthropogenic
activities (Zupan et al., 2018).
There is much to be gained from distribution studies of the guild of large predators as their presence and
abundance can inform on the entire ecosystem (Bossart, 2011; Zacharias & Roff, 2001). Despite their iconic status
and potential to act as ecosystem indicators, distribution data lack for many marine predators. Taxa such as
cetaceans and sharks are notoriously difficult to study because of their vagile and cryptic nature, and because of
the financial and logistical difficulties of working in the marine environment, e.g., access, weather, permits. Even
where distribution data exist, large marine predators are difficult to manage spatially as animals travel or migrate
over vast distances between patches of critical habitat that exist at multiple temporal and spatial scales (Reeves,
2000). In addition, critical habitat patches may be relatively stable or highly dynamic both in space and time
depending on physical, climatic, and oceanographic features, which determine the availability and distribution of
vital resources, such as prey (Cox et al., 2018; Lambert et al., 2017; Murphy, 1995). As a result, static ocean
management tools may be an ineffective, inflexible approach to ensuring the protection of highly mobile marine
predators and their dynamic habitat (Lambert et al., 2020; Maxwell et al., 2020). Several studies highlight the
limitations of static MPAs to provide adequate protection to large marine predators (e.g., Birkmanis et al., 2020;
Hartel et al., 2015; Lodi et al., 2020). Despite awareness of temporal variability in habitat use of highly mobile
species, conservation strategies rarely implement dynamic management tools, such as mobile MPAs, to protect
large marine predators, other than for commercially valuable species (e.g., Hobday et al., 2010).
SDMs are one tool than can be used to explore species habitat preferences and predict species distributions in
time and space. SDMs identify relationships between species occurrences and environmental covariates and
describe habitat preferences within the environmental space of interest. SDMs can then translate the output into
geographical space to predict species distributions within and beyond the study area (Elith & Leathwick, 2009).
SDMs can also help to identify areas where human activities overlap with critical habitat and are therefore a
powerful conservation tool and are integral to the MPA framework (e.g., Leathwick et al., 2008). Some large marine
predator distribution studies include prey data as covariates in SDMs (Benoit-Bird et al., 2013; Torres et al., 2008).
However, as these data are often challenging, if not unfeasible, to collect at the same temporal and spatial scale
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as the study species, most studies include environmental covariates, e.g., depth, salinity, in SDMs with the logic
that environmental conditions drive resource distribution, such as prey (Cañadas et al., 2002; Gregr & Trites, 2001;
Skov et al., 2008). The quality and practical application of these models depend on the availability of environmental
data at the chosen spatial and temporal scale of the study. The range of information available to input into SDMs
grows with advancements in remote sensing technology and ocean circulation modelling (Becker et al., 2017).
However, habitat modelling of top predators in a dynamic ocean system is still a difficult due to the limited
availability of high-resolution data, particularly for dynamic covariates in nearshore habitats.
The Hauraki Gulf—Tīkapa Moana Te Moananui-ā-Toi—New Zealand, is at the centre of the Hauraki Gulf Marine
Park (HGMP), which is the country's only marine national park (HGMPA, 2000). The Gulf is a highly productive
marine environment, it is internationally recognised for its marine biodiversity, and it supports a diverse community
of large marine predators (Gaskin & Rayner, 2013; Hauraki Gulf Forum, 2020; Holdsworth, 2019; O’Callaghan &
Baker, 2002; Whitehead et al., 2019). For much the same reasons, the Gulf is of high economic, social, and cultural
value. The Gulf is one of the country's most important recreational and commercial fisheries zones, the site of
several aquaculture farms and has the country's largest commercial port (Hauraki Gulf Forum, 2020). Auckland,
the country's largest city, lies adjacent to the Gulf, and due to rapid growth has high levels of land-based pollutants
and runoff from land clearance (Green & Zeldis, 2015; Hauraki Gulf Forum, 2020). All of these activities have
negatively impacted the Gulf. For example, it is almost certain that increased sediment loading has led to the
reduction in shellfish and seagrass beds, and reduced fish productivity and marine biodiversity in the inner Gulf as
a consequence (Morrison et al., 2009). Commercial fishing practices such as bottom trawling and Danish Seining,
which cause habitat destruction and mortality of non-target species, are still actively used (Morrison et al., 2014;
Peart, 2020). As a result, actions to protect this habitat are urgently needed (Hauraki Gulf Forum, 2020), which
requires an understanding of the ecological requirements and spatiotemporal distribution patterns of key species.
Distribution studies of large marine predators in the Hauraki Gulf have mostly focused on cetaceans, such as the
common dolphin, the nationally endangered bottlenose dolphin, and the nationally critical Bryde's whale and killer
whale (Dwyer, 2014; Hupman et al., 2015; Kozmian-Ledward, 2015). However, there are virtually no distribution
studies of large, pelagic shark species, such as the shortfin mako shark and the blue shark, or large, coastal shark
species, such as the bronze whaler shark, and the smooth hammerhead shark (Sphyrna zygaena). This is of
concern considering the international conservation status of these sharks (Duffy & Gordon 2003; Huveneers et al.,
2020; Rigby et al., 2019a, 2019b, 2019c).
In this study, we conduct the first broad-scale, systematic aerial survey of the Hauraki Gulf to investigate the finescale, spatiotemporal distribution patterns of large marine predators, including the Bryde's whale, common dolphin,

31

bottlenose dolphin, bronze whaler shark, pelagic sharks (adult hammerhead shark, mako shark, and blue shark),
and immature hammerhead sharks. Specifically, we use boosted regression tree (BRT) models to 1) identify
dominant environmental drivers of distribution, 2) assess the significance of prey patch locations contemporaneous
to species occurrence, and 3) predict and map the likelihood of occurrence to a broader area of the HGMP.

2.2. Materials and Methods
2.2.1 Study site
The Hauraki Gulf (36⁰ 10’–37⁰ 10’ S; 174⁰ 40–175⁰ 30’E) is a large (~4,000 km 2), semi-enclosed, embayment,
situated on the northeast coast of the North Island, New Zealand (Baker & Madon, 2007; Zeldis et al., 1995)
(Figure 2.1). The Gulf gently extends from shallow coastal waters <20 m to depths >100 m seaward of Great
Barrier Island—Aotea (Chang et al., 2003), with water depths, mainly ranging between 20–70 m deep (Black et
al., 2000). Sea surface and bottom temperatures range from 22.0°C and 20.5°C respectively in March to 12.5°C
and 13.0°C from July through to September (Paul, 1968). The line between Cape Rodney and Cape Colville
defines the inner Gulf from the outer Gulf. The mainland encloses the inner Gulf in the south, west, and the southeast and contains several islands of varying size. The continuation of the mainland defines the boundary of the
outer Gulf to the west. Great Barrier Island and Little Barrier Island—Te Hauturu-o-Toi define the outer Gulf’s
boundaries to the northeast and north, respectively. Habitat types are diverse in the Gulf, ranging from shallow
bays and estuaries to oceanic environments (Hauraki Gulf Forum, 2020). Auckland City, New Zealand’s largest
and most densely populated city (>1.6 million), is situated in the southwest region of the Gulf. The three main
paths of water circulation in and out of the Gulf are the Colville Channel, Cradock Channel, and Jellicoe Channel,
which flow between these landmasses, respectively (Greig, 1990). Currents, surface winds, and physical features
of the landscape interact to create complex, three-dimensional circulation patterns (Black et al., 2000).
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Figure 2.1. Map of the Hauraki Gulf, New Zealand. The blue polygon represents the Hauraki Gulf Marine Park.
The solid black line represents the boundary that delineates the inner Hauraki Gulf from the outer Hauraki Gulf.

2.2.2 Data collection
Survey design
Twenty-two double observer line-transect aerial surveys were conducted mostly twice a month in the Hauraki Gulf
from November 2013 to October 2014 (Figure 2.2). The survey block included the inner Gulf (excluding the
Waitematā Harbour) and a large portion of the outer Gulf, which compromised the core of the HGMP. Surveys
followed a systematic grid of eight parallel transects, which were orientated offshore at 62° from north. There was
even spacing of transects every 10 km. Under this design, it was possible to sample across a wide range of
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environmental conditions and to survey less-researched areas, such as the east coast of the Coromandel, the
Colville Channel, and the northeast coast of Great Barrier Island, within the project budget. Some transects
consisted of sub-transects as islands traversed with transects, resulting in 16 sub-transects. The survey followed
a simple, unstratified design due to a wide range of species with different or unknown distributions (Dawson et al.,
2008). To ensure equal coverage probability, i.e., a random sample of the total habitat area in the survey area
(Buckland et al., 2004), the start point was randomly chosen using the striplet method (Fewster, 2011). The
direction taken on each survey, i.e., north to south or south to north, depended on the predicted weather forecast.
Surveys commenced when the beaufort sea state (BSS) was an average of three or less across the study area,
there was no rain or fog, and where there was sufficient light, i.e., 1 hour after sunrise and before sunset.

Figure 2.2. Map of the Hauraki Gulf, Zealand, showing the position of the eight transects, i.e., 16 sub-transects,
represented by the sold black lines. The dashed black line denotes the survey boundary. The bathymetry of the
Gulf is displayed with minimum depth of 0 (blue) and a maximum depth of 443 m (red).
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Survey protocol
The survey protocol followed standard double-observer line-transect procedures and followed MacKenzie and
Clement (2014). All 22 surveys were carried out in a Cessna 207, fixed-wing aircraft, flying at 500 feet (152.4 m)
and a speed of 100 knots (185.2 km/h). The pilot routed the survey from transects, preloaded on to the aircraft’s
navigation system. Both the aircraft’s navigation system and Garmin Map 495 GPS logged the flight route at 2second intervals. The aircraft accommodated two observers on each side of the aircraft. Due to the configuration
of the aircraft, the front and rear viewing areas were not identical. Rear observers searched from a bubble window,
which facilitated viewing directly under the aircraft at 0 m out to approximately 420 m from the transect line. Front
observers searched from a flat window between approximately 60 m and 420 m from the transect line. The
boundaries of the front and rear observation areas were indicated by marking taped to the wing struts. Observers
wore headphones to converse with each other and the pilot; however, while on effort, i.e., on transect, observers
operated independently and did not communicate. The rear observers were unable to see front observers due to
the configuration of the bubble window, and observers were unable to hear each other over the engine noise,
ensuring independence between rear and front observer teams.
Observers were provided with at least one training flight and documents detailing survey protocol, data collection,
and species identification. Each observer carried a dictaphone to record sightings information, and a digital clock
that was pre-synchronised to the handheld Garmin Map 495 GPS. Clocks were mounted at the base of each
observer viewing window to ensure quick and accurate time-recording. In addition, observers carried a handheld
inclinometer to record perpendicular angles of cetacean sightings for abundance estimation (Chapters 3 and 4).
The observers logged all sightings of large predator species, i.e., cetaceans, pinnipeds, sharks, rays, and oceanic
predatory fish observed during the flights. Observers also recorded all sightings of potential prey patches, e.g.,
schooling fish such as pilchards (Sardinops sagax), jack mackerel (Trachurus spp.), saury (Scomberesox saurus),
kahawai (Arripis trutta) and zooplankton aggregations. For all sightings of predators, the observer recorded 1) the
time of the sighting to the second, 2) the species or to the lowest taxonomic level, 3) the number of individuals, or,
where they could not do an absolute count, an estimate of the minimum, best, and the maximum number of
individuals, 4) for sharks, an estimate of nose to tail body length, 5) for cetaceans, the perpendicular angle of the
sighting to the plane and, 6) the environmental conditions: the BSS, glare direction, glare coverage, and water
colour. Survey protocol permitted the observer teams to resolve any uncertainties around sightings, e.g., species
identification, during off-effort legs of the survey. A group was defined as any number of animals in apparent
association, moving in the same direction, which were often (but not always) engaged in the same activity (Shane,
1990). However, the height and speed at which the plane travelled made it difficult for observers apply a hard rule
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when defining groups, thus groups were recorded ‘as they were seen’ (see Chapter 3). The lead observer logged
the environmental conditions at the start and end of each transect. Environmental conditions can be variable in
the Hauraki Gulf, and therefore the lead observer also recorded any changes in the conditions. The survey,
however, was continued unless there was a consistent deterioration in the environmental conditions across the
survey area.

2.2.3 Biological data
Due to the double-observer design, records partly consisted of duplicate sightings, i.e., two records of the same
animal or group made by observers seated on the same side of the plane (addressed in detail in Chapter 3). These
were reconciled manually during the data cleaning process by comparing all records of the same species made
by observers seated on the same side of the plane, during the same survey. For cetaceans, sightings made within
7 seconds and within 10° of each other were considered a duplicate. For sharks and prey patches, observers did
not record the perpendicular angle of shark and prey patch sightings. In most cases, sharks were encountered at
low densities and sightings mostly consisted of one individual, which made duplicate matching straightforward.
However, given the reduction of information available to identify duplicates, a narrower time frame of 5 seconds to
classify shark and prey was applied. All sightings that were not made within these set thresholds were otherwise
classified as single sightings. Given the small number of Bryde’s whale sightings that were obtained from the
surveys, all sightings within 570 m from the transect line were included in the analysis. Sightings of sharks that
share similar ecological roles were combined to include sightings of rarely sighted species, i.e., records of shortfin
mako, blue, and adult smooth hammerhead sharks (those exceeding an estimated total length of 2.5 m; Last &
Stevens 2009) were combined to form “pelagic sharks” as they typically inhabit the same body of water (pers.
comm. Clinton Duffy, Department of Conservation). Juvenile hammerhead shark (total length < 2.5 m) distribution
was modelled separately as they exhibit different habitat preferences to adult sharks.
Following data quality control, we analysed occurrence records of 449 cetacean and shark sightings from two
species of dolphin, one species of whale and four species of shark (Table 2.1) from the total of 993 sighting records
collected during the 22 surveys (Appendix A). These data were used to produce BRT species distribution models
of Bryde’s whale, common dolphin, bottlenose dolphin, and bronze whaler shark, juvenile hammerhead shark, and
pelagic sharks (species group) occurrences.
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Table 2.1. Total Number of Sightings of Species/Species Group by Month Recorded During Aerial Surveys from
November 2013–October 2014.

2013
Species/
species
group

2014

Nov

Dec

Jan

Feb

Mar

Apr

May

Jun

Jul

Aug

Sep

Oct

n

Bottlenose
dolphin

8

2

4

4

2

1

0

0

0

4

1

0

26

Bryde's
whale

3

2

2

2

0

2

0

0

0

5

3

1

20

Common
dolphin

63

26

14

9

8

7

19

20

20

30

12

13

241

Bronze
whaler shark

0

2

21

2

6

3

4

1

0

1

0

0

40

Juvenile
hammerhead

2

1

33

2

46

2

3

1

0

3

0

0

93

Oceanic
sharks

8

1

9

5

3

2

2

1

0

0

0

0

31

Total
sightings
per month

84

34

83

24

65

17

28

23

20

43

16

14

449

2.2.4 Predictive habitat modelling
Data processing and statistical analyses were conducted in ArcMap Version 10.3.1 and 10.5.1 (ERSI 2015, 2017)
and R Version 3.6.1 (R Core Team 2019) using the Dismo package and custom written scripts.
Modelling approach
We used BRT models to model the relationship between presence of a species or species group and pseudoabsences relative to selected predictor variables (Table 2.2). BRTs are an ensemble technique that uses two
algorithms; regression tree models, which relate a response to their predictors by recursive binary splits, and
boosting techniques, which is an adaptive method for combining many simple models for improved predictive
accuracy (Elith et al., 2006). Regression trees have several strengths, e.g., can handle missing data, can
discriminate between important and redundant predictor variables, and model interactions between predictor
variables, but they are sensitive to small changes in the dataset and can provide poor predictions (Elith et al.,
2008; Friedman & Meulman, 2003). The BRT framework uses boosting techniques to exploit the advantages of a
regression tree model and overcome issues with their predictive capacity. The boosting algorithm fits thousands
of simple regression trees to the dataset iteratively, adding only the trees that minimise the loss of predictive power
or deviance to the final model (Elith et al., 2008; Leathwick et al., 2006). The first tree fitted to the dataset explains
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the most general patterns, and successive trees are fitted to the residuals, thereafter, progressively focusing on
explaining the specific patterns in the dataset at each step. As the algorithm is free of assumptions around model
fit but instead learn the complex non-linear relationships between the response and predictor variables, BRT
models are excellent for ecological modelling (Elith et al., 2008). BRTs also include stochasticity into the process
by fitting each tree to a subset of the dataset, which is randomly selected without replacement (Elith et al., 2008).
The non-probabilistic process reduces variance of the final model and thus improves predictive performance
(Friedman, 2002).
Presence-absence dataset
Binomial habitat models require both presence and absence records to predict the probability of species’
occurrence (Manly et al., 2002). Presence records consisted of sightings recorded during aerial surveys. True
absence points are a rarity in wildlife studies as sampling requires comparatively intensive effort to ensure reliable
and comparable data, which is not a realistic goal when studying highly mobile animals in the marine environment
(Mackenzie & Royle, 2005). Instead, studies generate artificial absence points, commonly called pseudoabsences. Model performance, however, is strongly impacted by the quantity and location and therefore careful
consideration of the process is important (Lobo & Tognelli, 2011; Phillips et al., 2009).
When data are collected during systematic surveys, i.e., transect design, pseudo-absences are distributed within
the absence zones, i.e., surveyed area where no sightings were made (Derville et al., 2016). However, as animals
are difficult to detect in poor weather conditions (Beavers & Ramsey, 1998), we accounted for weather on detection
by excluding pseudo-absences from segments of transects that were surveyed in poor conditions. Exploratory
plots indicated that there were few detections above a BSS of 3, or where glare coverage exceeded 60% of the
viewing area. For each survey, we removed all segments flown in these conditions before generating pseudoabsences. To capture habitat use at a fine temporal (1-day temporal resolution) scale (Derville et al., 2016), 22
unique sets of pseudo-absences were generated for each species, corresponding to each of the surveys. Pseudoabsences were distributed in the on-effort portions of transects, i.e., where observers were in search mode, and
within detection width (420 m for sharks and dolphins; 570 m for the Bryde’s whale), and relative only to sightings
made during the same day.
Pseudo-absence points may be completely randomised or randomised within a stratified design, which depends
on factors such as how the data were collected, and the goals of the study (Senay et al., 2013). We used presence
data as a priori knowledge of species’ occurrence to obtain a detailed profile of the environmental conditions from
which animals were absent. For each taxon, sightings collected over the entire survey period were pooled to create
a kernel density map with six density contours using the Spatial Analyst kernel density tool in ArcMap. Density
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contours were overlaid on survey transects and cropped to the width and length of transects. We created an
exclusion zone around presence points two times the length of the transect width (880 m, 1140 m for Bryde’s
whales) to prevent environmental overlap between presences and absences—the length approximate to the 1 km
spatial resolution of the study (Torres et al., 2008). We used the genstratrandompnts tool in Geospatial Modelling
Environment Version 0.7.4 to generate stratified random pseudo-absence points with numbers inversely related
to the density contours. Pseudo-absences were distributed with a minimum of two times the transect width to avoid
serial autocorrelation (Derville et al., 2016). To weight pseudo-absences according to the stratified design, we
created a standardised, inverted kernel density map and extracted the kernel density estimate (KDE) of the cell
within which a pseudo-absence point fell to assign a weight. The process produced approximately 30 times more
pseudo-absences than presence points for sub-sampling during the modelling process.
Habitat predictor variables
We compiled spatial estimates of 14 high resolution habitat covariates (raster layers with 1 km grid resolution)
known to influence the distribution of sharks and cetaceans (Redfern et al., 2006; Schlaff et al., 2014; Stephenson
et al., 2020; Tardin et al., 2017) (Table 2.2). Some environmental variables were static, i.e., they were not
considered to vary over time, whereas others were considered dynamic, i.e., they were considered to vary over
time. Four dynamic environmental variables were included in the models: two oceanographic variables (sea
surface temperature [SST] and chlorophyll-a concentration) and two biological variables (distance from
zooplankton and distance from schooling fish). For each dynamic environmental variable, spatial estimates were
available at a temporal resolution of 1 day (SST and distance to zooplankton and fish) or as a monthly composite
(chlorophyll-a). Seven static environmental variables were included in the models: bathymetry, distance from
shore, bathymetric slope, distance from the 40 m bathymetric isopleth, and substrate (sand, gravel, and mud).
Two oceanographic variables—seabed disturbance and tidal currents—were only available as long-term averages
and therefore had to be considered static despite knowledge that these vary through time. In order to account for
changes over time in occurrence of megafauna not captured by the available environmental variables, “month”
was included as a factor in the BRT models.
Pre-existing layers of bathymetry, bathymetric slope, and distance from shore were acquired from KozmianLedward (2015), which were resampled from a 20 m DEM map provided from the National Institute of Water and
Atmospheric Research (NIWA) to a spatial resolution of 1 km using the resample tool in ArcMap. Distance from
the inner Gulf’s 40 m bathymetric isoline was included as there is ad hoc evidence of frequent, multi-species
aggregations around this mark by the commercial whale-watch operator. The 40 m isoline was calculated using
the Spatial Analyst Euclidian distance tool in ArcGIS (v 10.3). NIWA provided pre-existing layers at a 1 km spatial
resolution of substrate type (based on methods in Bostock et al., 2019a, 2019b); seabed disturbance (based on
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methods in Gorman et al., 2003); tidal current (based on methods in Walters et al., 2001), and; near-surface
concentration of chlorophyll-a, estimated from satellite imagery based on methods described in Pinkerton et al.
(2018, updated in 2019 by M. Pinkerton, NIWA unpublished). Daily estimates of SST were extracted from the
NASA, USA daily, global multi-scale ultra-high-resolution SST (MURSST) dataset at a 1 km spatial resolution.
Layers of distance to a) zooplankton and b) fish were created for each survey day with the Euclidean distance tool
in ArcGIS (v 10.3). Each grid cell was centred on the nearest data point to the cell centre. All layers were projected
in a Mercator 41 coordinate system and processed with the same extent.
BRTs are reasonably robust to correlation between predictor variables (Charlène et al., 2020; Elith & Leathwick,
2009); however, highly correlated variables can complicate the interpretation of the model results and their
inclusion may not greatly increase the predictive power (Leathwick et al., 2006). A Pearson’s correlation coefficient
test was used to detect collinearity between predictor variables (Appendix B). Pairs of variables mostly had
acceptable levels of correlation (< 0.90) (Dormann et al., 2013; Elith et al., 2010), with only one pair of variables
showing high collinearity (mud and sand). Collinearity can have either a large or small impact on predictive
accuracy depending on whether the model is being used for interpolation or extrapolation. In the case of
interpolation, such as this study, predictions are not affected by collinearity because its structure should be
constant across both sampling and predicted sites (Dormann et al., 2013). In the case where the model selected
both mud and sand, the predictor with the least influence was dropped, unless it made biological sense to retain
both in the model.
Table 2.2. Static and Dynamic Covariates Included as Predictor Variables in Cetacean and Shark Boosted
Regression Tree Models.
Variable
abbreviation

Variable
name

Temporal
resolution

bathy

Bathymetry

Static

slope

Slope

Static

dist_shore

Distance to
shore

Static

m

dist_40m

Distance to
40m isopleth

Static

m

Unit

Description

Source

m

Bathymetry data were derived
from a 20 m digital elevation
model (DEM) produced by
the National Institute of Water and
Atmospheric Research (NIWA)
(Mackey et al., 2012)
(https://niwa.co.nz/)
Bathymetric slope was derived
from the DEM using the Spatial
Analyst slope tool in ArcGIS.

KozmianLedward
(2015)

Distance from shore was
calculated using the Spatial
Analyst Euclidian distance tool
from a polygon feature layer of
the coastline (Creative Commons
Attribution 3.0)
Distance from the 40m isoline
was extracted from the DEM
described above and calculated

KozmianLedward
(2015)

40

KozmianLedward
(2015)

NIWA,
unpub.

Variable
abbreviation

Variable
name

sand

Sand

mud

Temporal
resolution

Unit

Description
using the Spatial Analyst
Euclidian distance tool in ArcGIS

Source

Static

%

Bostock et
al. (2019a,
2019b)

Mud

Static

%

gravel

Gravel

Static

%

beddist

Seabed
disturbance

Static

unitless

Maps of the surficial sediment
distribution on the continental
shelf (0~150 m water depth) of
New Zealand were derived using
over 23,000 samples collected
and analysed over a 60-year
period, available on the
nzSEABED database (Bostock et
al., 2019b). Maps of percent mud,
sand and gravel were included as
substrate type in this analysis.
Maps of the surficial sediment
distribution on the continental
shelf (0~150 m water depth) of
New Zealand were derived using
over 23,000 samples collected
and analysed over a 60-year
period, available on the
nzSEABED database (Bostock et
al., 2019b). Maps of percent mud,
sand and gravel were included as
substrate type in this analysis.
Maps of the surficial sediment
distribution on the continental
shelf (0~150 m water depth) of
New Zealand were derived using
over 23,000 samples collected
and analysed over a 60-year
period, available on the
nzSEABED database (Bostock et
al., 2019b). Maps of percent mud,
sand and gravel were included as
substrate type in this analysis.
Combination of seabed orbital
velocities (estimates the average
mixing at the seafloor as a
consequence of orbital wave
action, calculated from a wave
climatology derived hindcast
(1979 to 1998) of swell-wave
conditions in the New Zealand
region (Gorman et al., 2003) and
friction velocity for seabed types
(based on grain size). Benthic
sediment disturbance from wave
action was assumed to be zero
where depth ≥ 200m.

tc

Tidal current

Static

m−1

Maximum depth-averaged
(bathymetry) flows from tidal
currents calculated from a tidal
model for New Zealand waters.

Updated in
2019 by R
Gorman;
NIWA,
unpub.
Based on
Walters et
al. (2001)
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Bostock et
al. (2019a,
2019b)

Bostock et
al. (2019a,
2019b)

Updated in
2019 by R
Gorman;
NIWA
unpub.
Based on
Gorman et
al. (2003)

Variable
abbreviation
sst

Variable
name
Sea surface
temperature

Temporal
resolution
Daily

Unit
°C

chl-a

Chlorophyll-a
concentration

Monthly
median

Chl-a
/m3

dist-plankt

Distance to
zooplankton

Daily

m

dist-prey

Distance to
fish

Daily

m

month

Month

Factor
variable

unitless

Description
NASA provide a daily, global
multi-scale ultra-high-resolution
(MUR) sea surface temperature
dataset available from
http://coastwatch.pfeg.
noaa.gov/erddap/griddap
/jplMURSST.html.
NIWA hold daily estimates of
near-surface concentration of
chlorophyll-a (units of mg Chl-a
/m3). The estimates were derived
from the quasi-analytical inversion
algorithm (QAA) that corrects for
the effects of sediment and
dissolved yellow colour on ocean
colour. The base data are from
the NASA MODIS-Aqua sensor
(courtesy of NASA Goddard
Space Flight Center / MODIS
project). Median composites for
months November 2013–October
2014 were extracted from the
long-term dataset 2003–2015,
and these were remapped to
Mercator 41 projection with 1 km
spatial resolution (courtesy of
NIWA).
Sightings data of plankton were
collected during aerial surveys
conducted for this research from
November 2013 to October 2014.
Distance to plankton raster layers
were created using the Spatial
Analyst Euclidian distance tool in
ArcGIS.
Sightings data of schooling fish
were collected during the aerial
surveys conducted for this
research from November 2013 to
October 2014. Distance to
plankton raster layers were
created using the Spatial Analyst
Euclidian distance tool in ArcGIS.
Month (1–12) was included as a
factor variable.

Source
NASA

NIWA,
unpub.
Based on
Pinkerton et
al. (2018).

Pseudo-absence selection
Habitat models were built using a portion of the pseudo-absence dataset. Points were randomly selected until the
combined weight of the pseudo-absences was approximately equal to the combined weight of the presences,
where presences were given a weight of 1 and pseudo-absences were given the weight of the KDE estimates.
The weights of pseudo-absences were halved (multiplied by 0.5) before the sampling process so as to include a
wider spread of environmental conditions, but with each point having less influence in the model, i.e., without
creating an imbalance.
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Model fitting and evaluation
BRT models were fitted with Bernoulli error distribution to the training data, which included all sighting records of
a species or a species group and a subset of the pseudo-absences. BRT models were fitted with a bag fraction of
0.6, which defines how much of the dataset a tree is fitted to at each step, a learning rate (the shrinkage parameter)
of 0.001–0.0001, and a tree complexity (the number of interactions fitted) of 2-4. Elith et al. (2008) suggest fitting
BRT models with a bag fraction between 0.5-0.7 for optimal results; 0.6 was chosen as it was a good balance
between ensuring randomness with representativeness in the model fitting process, given the small number of
presence points. A random five-cross validation was used to find the best combination of learning rate and tree
complexity between 1,000 and 2,500 trees for each species model. We used two metrics to assess model (both
outputs from the random five-fold cross-validation process). First is the area under the receiver operating
characteristic curve (AUC) which reflects the ability of the model to discriminate between presences from
absences. AUC ranges from 0 to 1, with 0 meaning that 100% of predictions were wrong, and 1 meaning that the
model classified presences and absences with 100% accuracy (Swets, 1988). A model with a minimum AUC value
of 0.7 is usually considered useful for prediction (Oppel et al., 2012). Second, we used the explained deviance,
which measures goodness-of-fit between predicted and raw values, indicating how much of the deviance was
explained by the model (Compton et al., 2013).
Model simplification can be beneficial for small datasets as including more predictor variables than necessary may
degrade the quality of model performance (Elith et al., 2008). Models were simplified by removing predictor
variables one at a time, starting with least-influential variables. The reduced model for each species was one that
was a good balance between model performance and a reasonable number of predictor variables for each species
(Leathwick et al., 2006; Stephenson et al., 2020). The effect of spatial autocorrelation (SAC) was tested for using
the approach developed by Crase et al. (2012), where SAC is tested for in the residuals of the reduced model
(RAC) and evaluated with the Moran’s I test score to ensure that residuals were not spatially autocorrelated. A
Moran’s I test score of -1, 0, and 1 indicates that the pattern is dispersed, random, or clustered, respectively (Chen,
2013). SAC was detected in the common dolphin BRT model residuals (Moran’s Index score = 0.11). However,
the performance of RAC BRT model did not perform much better than the original BRT (difference in explained
deviance <0.5), nor did improve the predicted response to predictor variables, so it was not included in the final
model.
Spatial predictions and measures of uncertainty
BRT models were bootstrapped 100 times for all species and species group using the same parameter settings
as those used in the original models. For each bootstrap iteration, a random sample of sightings drawn with
replacement with the sample size set to the number of sightings of each species or species group. Sampling of
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pseudo-absences followed the same protocol described above (in section: Pseudo-Absence Selection). However,
given the large number of pseudo-absences available for sampling, the sample was drawn without replacement.
The functional relationship between species’ occurrence and each habitat covariate was illustrated using partial
dependence plots, which display the predicted response of occurrence across the entire gradient of a predictor
variable when all other variables are fixed at their means (Friedman, 2002).
For each species, bootstrapped BRT models were predicted geographically for each calendar month. For this
purpose, daily estimates of SST were downloaded from NASA’s MURSST dataset for the entire study period, and
grid values were averaged across all days in each calendar month to obtain monthly composites of average SST.
Long-term (2003–2015) monthly composites of median near-surface concentration of chlorophyll-a were obtained
from NIWA. Raster layers of distance to zooplankton and distance to fish were also averaged across each month
to obtain monthly composites of potential prey. For each species group, the mean probability of occurrence and
the standard deviation of the mean were calculated for each 1 km 2 cell to produce 12 monthly habitat prediction
maps and 12 spatially explicit maps of uncertainty, respectively.

2.3. Results
2.3.1 Model performance
The deviance explained by BRT models ranged from an average of 18% (± 0.09%) for Bryde’s whales to an
average of 55% (± 0.06%) for immature hammerhead sharks (Table 2.3). Standard deviations of deviance
explained ranged from ± 0.05 for common dolphins to ± 0.09 for the Bryde’s whale, with higher deviance
corresponding to species with fewer sightings. Cross-validated AUC scores exceeded 0.70 for all six BRT models
and were therefore all considered useful for predicting species occurrences (Table 2.3). AUC scores ranged from
an average of 0.78 (± 0.06) for the Bryde’s whale to 0.93 for both the immature hammerhead shark (± 0.02) and
common dolphin (± 0.01), demonstrating a good to an excellent ability to discriminate between presences and
pseudo-absences, respectively. Standard deviations around AUC scores showed a similar pattern to that seen for
model fit, with smaller deviance associated with larger sample sizes.
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Table 2.3. Mean Cross-Validated Estimates (± Standard Deviation) of Model Performance for the Bootstrapped
BRT Models Fitted with Presences/Pseudo-Absences Per Species/Species Group
Deviance explained
(%)
0.18 ± 0.09

0.78 ± 0.06

Common dolphin

0.52 ± 0.05

0.93 ± 0.01

Bottlenose dolphin

0.31 ± 0.10

0.86 ± 0.05

Bronze whaler shark

0.35 ± 0.08

0.88 ± 0.03

Pelagic shark

0.30 ± 0.09

0.86 ± 0.05

Immature hammerhead
shark

0.55 ± 0.06

0.93 ± 0.02

Taxa
Bryde's whale

AUC

2.3.2 Predictor variable selection and contribution
BRT models contained six (Bryde’s whale) to nine (common dolphin) predictor values with a median of 6.5
predictors across all species (Table 2.4). Month had the largest influence on species’ occurrence in all six BRT
models. However, the relative influence (the number of times a variable is selected for splitting, weighted by the
squared improvement to the model, and averaged over all trees; Friedman & Meulman, 2003) varied, ranging from
a mean of 16.4% (± 1.7%) for the common dolphin to a mean of 45.0% (±10.8) for the Bryde’s whale. Distance to
fish was an important predictor of species’ occurrence in all six BRT models, but it had less of an influence than
month, and there was less variability in its effect on each species’ occurrence (mean influence ranging from 7.5%
[±2.8%] for immature hammerhead sharks to 14.3% [± 5.3%] for pelagic sharks). Distance to zooplankton
contributed to the models of the Bryde’s whale 13.0% (± 9.6%) and common dolphin 9.8% (± 1.7%). SST was of
influence in all three shark models with means ranging from 10.1% (± 5.1%) to 11.3% (± 5.8%), but it only
influenced one cetacean species, the common dolphin, 11.7% (± 1.8%). Seabed disturbance had an influence on
the occurrence of the Bryde’s whale, bottlenose dolphin, pelagic sharks and immature hammerheads, with mean
influence ranging from 5.5% (± 3.2%) to 15.7% (± 9.0%). Distance from shore influenced the occurrence of both
dolphin species, and tidal current influenced the occurrence of both dolphin species and bronze whaler sharks.
Bathymetry influenced the occurrence of dolphins and coastal sharks, ranging from 13.3% (± 2.3%) for common
dolphins to 17.5% (± 6.5%) for bottlenose dolphins. Chlorophyll-a influenced the distribution of the common dolphin
and pelagic sharks. Occurrence of all species except the bottlenose dolphin were influenced by at least one
substrate type (sand, gravel, mud).
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Table 2.4. Mean Variable Contribution (as a Percent ± Standard Deviation) for the Bootstrapped BRT Models
Fitted With Presences/Pseudo-Absences Per Species/Species Group
Bryde's
whale
bathy

Common
dolphin

Bottlenose
dolphin

Bronze
whaler
shark

13.3 ± 2.3

17.5 ± 6.5

13.4 ± 5.1

8.9 ± 1.4

7.3 ± 3.8

Pelagic
shark

Immature
hammerhead
shark
11.0 ± 4.7

slope
dist_shore
dist_40m
sand

15.1 ± 9.7

mud

10.2 ± 7.0

gravel
beddist

9.8 ± 4.6
9.4 ± 4.7
10.4 ± 2.0

5.5 ± 3.2

tc

7.7 ± 1.0

chl_a

10.7 ± 5.9

sst

9.8 ± 1.7

dist_prey

11.3 ± 6.0

11.0 ± 1.4

45.0 ± 10.8

16.4 ±1.7

15.7 ± 9.0

8.1 ± 3.6
22.3 ± 9.2

11.7 ± 1.8
13.0 ± 9.6

7.6 ± 3.8
8.3 ± 4.0

10.9 ± 3.3

dist_plankt
month

9.3 ± 4.2
11.7 ± 7.9

6.7 ± 3.6

11.3 ± 5.8

10.1 ± 5.1

10.9 ± 4.5

13.7 ± 6.2

14.1 ± 5.0

14.3 ± 5.3

7.5 ± 2.8

39.2 ± 7.8

43.7 ± 7.4

28.0 ± 7.2

38.2 ± 6.3

Individual Distribution Profiles
Bryde’s whale
In general, the months January to April, and August to December had a positive effect on Bryde’s whale
occurrence, and the months May to July had a negative effect on Bryde’s whale occurrence (Figure 2.3). However,
there was some variability in the response within the time periods, e.g., March had a negative effect on occurrence,
and all months were associated with wide, overlapping confidence intervals. Bryde’s whale occurrence was
predicted to be driven by distance to prey patches and were most likely to occur within approximately 0–18 km of
zooplankton aggregations and 20 km of schooling fish. Bryde’s whales were predicted to occur in habitat with
substrate composed of approximately 90–100% sand or approximately 0–10% mud and were more likely to occur
in areas with low seabed disturbance of approximately -2.7 and below, although the response was weak. Spatial
predictions were dynamic with expansions and contractions of prefered habitat (Figures 2.5 and 2.6). Suitable
habitat was predicted recurrently in the outer limits of the inner Gulf and through the Colville Channel. From August
to October, a signficant portion of the Gulf was predicted to be suitable habitat, and Bryde’s whales were most
likely to occur in zones of “recurrent suitable habitat” (0.6–0.7). Bryde’s whales were predicted to be present from
Novemeber to April but probability of occurrence fluctated in time and space across these months. Occurrence
probabilities were lowest from May to July (< 0.4). The degree of uncertainty around the spatial predictions was
relatively similar across months; however, uncertainty around spatial predictions was dynamic, which
corresponded to prey sightings (Figures 2.7 and 2.8).
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Common dolphin
Common dolphin occurrence showed a positive response to the months July to December, with the months
January to June having an adverse effect on the probability of occurrence (Figure 2.3). The response to the
remaining covariates were complex, but some general trends were evident. Common dolphins were most likely to
occur in water depths of approximately 30 m to 50 m. The response to SST was bimodal, with a strong, positive
response from approximately 12.5C to 14C, then a weaker positive response from approximately 15C to 20C.
Distance to fish was an important predictor of common dolphin occurrence; however, common dolphins were not
predicted to overlap with schooling fish, rather they were predicted to occur at distances of approximately 20 km
and beyond. The strongest response to fish was predicted at around 40 km, but there was also greater uncertainty
in the relationship with fish at greater distances. Common dolphins were also predicted to occur within 20–40 km
of zooplankton aggregations. Common dolphin occurrence was most strongly correlated with low concentrations
of chlorophyll-a of approximately 0.5 mg Chl-a /m3, but also showed a weaker positive response from around 2.0
mg Chl-a /m3 and above. Common dolphins were predicted to occur in habitat where substrate is composed of no
more than around 3% gravel, at either approximately 4-7 km or beyond 18 km to shore, and in areas with low to
moderate tidal current (~0.3–0.6). Common dolphins were predicted to occur year-round with moderate to high
probabilities of occurrence (0.5–1.0) (Figures 2.5 and 2.6). There was a high probability of encountering common
dolphins from September to November, especially in the eastern region of the inner Gulf. However, there were
considerable shifts in the location, extent, and likelihood of occurrence between months. The geographical extent
of predicted habitat was variable across months, ranging from highly localised to a broad distribution. Higher mean
occurrence probabilities were associated with a lower standard deviation (Figures 2.7 and 2.8). There was
generally higher uncertainty around the predictions in areas outside of the region surveyed and where dolphins
were predicted to be abset (0.0–0.1).
Bottlenose dolphin
On average, the response to month was negative from March to June, positive from July to February, and peaked
in November to February (Figure 2.3). Confidence in the response to month was highest from February to May,
but outliers and spread indicated reasonable variability in the model fit across bootstraps. The response to distance
from fish indicated a high degree of spatial overlap between bottlenose dolphins and schooling fish, with a positive
response out to around 17 km. The model predicted that bottlenose dolphins did not occur in October, which is
most likely due to the combined effect of no bottlenose dolphins or fish sightings in October. Bottlenose dolphins
were likely to occur in water depths of 50 m or less, with the strongest response from around ≤ 25 m. Bottlenose
dolphins were predicted to occur at any distance to shore, but a slightly stronger response was observed at around
3 km, and at ≥10 km. The model predicted that bottlenose dolphins were most likely to occur in habitat with both
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low seabed disturbance (~1.5) and tidal current (~0.2). Spatial predictions of bottlenose dolphins were
concentrated in coastal habitats along the mainland and islands in the inner and outer Gulf (Figures 2.5 and 2.6).
The likelihood of occurrence peaked from November to March (maximum probability = 0.8), and lowest from April
to July (maximum probability = 0.3). Prediction maps showed an expansion and contraction in habitat preferences,
and a higher degree of connectivity between coastal habitats when the overall likelihood of occurrence was high.
For bottlenose dolphins, the degree of uncertainty in spatial predictions was relatively similar across months
(Figure 2.7 and 2.8). There was a higher degree of uncertainty around spatial predictions associated with prey
patches and at greater distance from the coast.
Bronze whaler shark
Overall, bronze whaler sharks preferred the Gulf from December to May, but the response was variable within this
period (Figure 2.4). The months June to November had a negative effect on occurrence. There was a higher
degree of uncertainty in months where bronze whaler sharks were likely to occur. SST had a positive effect on
occurrence from approximately 19.5 C. Bronze whaler sharks were most likely to occur within approximately 10
km of schooling fish, but the response was relatively weak. Bronze whaler sharks preferred shallower habitat
(≤ 30 m) and were predicted to occur in habitat with substrate composed of at least 5% gravel and with moderate
tidal current (~0.4 and above). The highest probabilities of occurrence were in January (0.6–0.8) with the most
suitable habitat predicted throughout the inner Gulf, the Colville Channel, around the outer Gulf islands, and in
pockets along Coromandel Peninsula coastline (Figure 2.5). The highest occurrence probabilities was lower during
the remaining months (maximum probability of mostly 0.5–0.6), and there was contraction and expansion of spatial
predictions until August, where there was a low likelihood of occurrence until December (Figures 2.5 and 2.6). Of
note was the spatial predictions for February, where there was a low probability of bronze whaler shark occurrence
throughout the entire Gulf (maximum probability of 0.3). Uncertainty in predictions was lowest in January, and
highest around prey patch occurrences, and in months with few or no sightings (Figures 2.7 and 2.8).
Pelagic sharks
The occurrence of pelagic sharks. i.e., shortfin mako, blue, and adult (> 2.5 m) smooth hammerhead sharks, was
predicted to be bimodal in relation to month, a positive response from November to January and again from April
to June (Figure 2.4). Distance to fish was an important predictor of pelagic sharks’ occurrence, but the response
was negative until approximatley 18 km. The model predicted that pelagic sharks were most likely to occur when
concentrations of chlorophyll-a were low (≤ 0.8 Chl-a /m3), in warmer temperatures from around 17.5C and above,
in regions with low seabed disturbance, and where substrate is comprised of around 20% mud or at least 10%
gravel. Spatial predictions showed that there was a high likelihood of pelagic sharks’ occurrence (probabilities
mostly between 0.7–0.9) throughout the vast majority of the outer Gulf in January, particularly in the northwest
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(Figure 2.5). Pelagic sharks were also likely occur around the inner Gulf islands, in the southern region of the inner
Gulf, and on the east coast of the Coromandel Peninsula. Occurrence probabilities were moderately high in May
and June, but there was some contraction in the extent of the predicted habitat (Figures 2.5 and 2.6). Prediction
maps then mostly showed a low to moderate likelihood of occurrence during the remaining months. Uncertainty
around spatial predictions was inversely related to the occurrence probabilities, i.e., higher uncertainty around
areas of low suitability, and in regions corresponding with prey patch locations (Figures 2.7 and 2.8).
Immature hammerhead sharks
Overall, immature (< 2.5 m) hammerhead sharks were most likely to occur from December to March in warmer
SST (≥ 18C); however, the predicted trend in occurrence was not consistent across these months (Figure 2.4).
Immature hammerhead sharks were predicted in habitat where seabed disturbance was at least -2.5, and in habitat
where substrate was composed of approximately 27%–50% sand or 10%–25% and 40%–60% mud. Immature
hammerhead sharks were predicted to occur at 40 m depth or less, but were most likely to be present < 25 m.
There was also a prey patch effect, with a positive response to distance to schooling fish observed between
approximately 3 km to 17 km. Occurrence probabilities were highest in January (0.5–0.9)—highly suitable habitat
was predicted in coastal habitats within the inner Gulf, notably in the west of the inner Gulf, around the inner Gulf
islands, in the southern-most region of the inner Gulf, on the west coast of the Coromandel Peninsula, and around
the coast of Great Barrier Island and Little Barrier Island (Figures 2.5 and 2.6). Similar to the other shark models,
the likelihood of occurrence was notably low in February, but spatial predictions in March were similar to February.
Following March, predicted occurrences were generally low (mostly between 0.0–0.3). Uncertainty in spatial
predictions of hammerhead distribution inversely related to occurrence probabilities, and was generally higher in
months with few or no sightings of juvenile hammerhead sharks (Figures 2.7 and 2.8).
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Figure 2.3. Partial dependence plots showing the relationships between predictor variables and occurrence of
Bryde’s whale (top), common dolphin (middle), and bottlenose dolphin (bottom) modelled with BRTs. Each plot
shows the predicted response to a given predictor variable across the sampled gradient; values above zero
indicate a positive effect on the response, and values below zero indicate a negative effect on the response. The
black line represents the mean response fitted in 100 bootstrap BRTs, and the grey shaded area surround the line
is the standard deviation of the mean. The x-axes show the mean contribution of each predictor variable retained
in the model (± standard deviation).
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Figure 2.4. Partial dependence plots showing the relationships between predictor variables and predicted
occurrence of bronze whaler shark (top), pelagic sharks (middle) and immature hammerhead sharks (bottom)
modelled with BRTs. Each plot shows the predicted response to a given predictor variable across the sampled
gradient; values above zero indicate a positive effect on the response, and values below zero indicate a negative
effect on the response. The black line represents the mean response fitted in 100 bootstrap BRTs, and the grey
shaded area surround the line is the standard deviation of the mean. The x-axes show the mean contribution of
each predictor variable retained in the model (± standard deviation).
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Figure 2.5. Predicted monthly distributions Bryde’s whales, common dolphins, bottlenose dolphins, bronze whaler
sharks, pelagic sharks, and immature hammerhead sharks, in the Hauraki Gulf, New Zealand, for the months
January to June. The colour indicates the mean probability of occurrence calculated from 100 bootstrapped BRT
models fitted with presence/pseudo-absences.
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Figure 2.6. Predicted monthly distributions Bryde’s whales, common dolphins, bottlenose dolphins, bronze
whaler sharks, pelagic sharks, and immature hammerhead sharks, in the Hauraki Gulf, New Zealand, for the
months July to December. The colour indicates the mean probability of occurrence calculated from 100
bootstrapped BRT models fitted with presences/pseudo-absences.
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Figure 2.7. Spatially-explicit maps of uncertainty for the January to June prediction maps measured as the
coefficient of variation from bootstrapped BRT models, of the mean predicted occurrences of Bryde’s whales,
common dolphins, bottlenose dolphins, bronze whaler sharks, pelagic sharks, and immature hammerhead
sharks.
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Figure 2.8. Spatially-explicit maps of uncertainty for the July to December prediction maps measured as the
coefficient of variation from bootstrapped BRT models, of the mean predicted occurrences of Bryde’s whales,
common dolphins, bottlenose dolphins, bronze whaler sharks, pelagic sharks, and immature hammerhead sharks.

2.4. Discussion
This is the most comprehensive study investigating the fine-scale spatiotemporal distribution patterns of both
sharks and cetaceans, taxa with contrasting biological characteristics and ecological requirements, in the Hauraki
Gulf. The comprehensive coverage of inner and outer waters in the Gulf via aerial surveys conducted over an
approximately 4-hour period enabled us to compile a year-round understanding of the importance of these waters
to a wide range of large marine predators.
Few distribution studies assess the distribution of a diverse group of large predators simultaneously, instead
focusing on species that are easy to access or of high conservation concern. This can leave knowledge gaps in
the ecology and functioning of the guild of large consumers and leaves many species vulnerable to inaction to
protect their preferred habitats. The distribution patterns of the Bryde’s whale, common dolphin, and bottlenose
dolphin have been explored both in isolation and together, largely in the inner Gulf region (Dwyer et al., 2016;
Stockin et al., 2008; Wiseman et al., 2011), but also by Kozmian-Ledward (2015) who investigated the spatial
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ecology of cetaceans using a subset of the aerial survey data collected for this study. The findings from this study
build on our knowledge of cetacean distribution patterns in the Gulf by providing fine-scale predictions of cetacean
distributions and present fine-scale predictions of key shark species’ distribution patterns.

2.4.1 Survey considerations
This study demonstrates the effectiveness of aerial surveys to collect distribution data for a diverse group of large,
wide-ranging marine predators, as demonstrated elsewhere (e.g., Laran et al., 2017; Mannocci, Catalogna, et al.,
2014). Compared to boat surveys, aerial surveys are both time and cost effective at surveying a vast region to
capture the heterogeneity species-environment relationships (Bauer et al., 2015; Mannocci, Laran, et al., 2014).
However, two sources of bias stem from line transect surveys: perception bias and availability bias (Lancia et al.,
1994; Marsh & Sinclair, 1989; Pollock & Kendall, 1987). Perception bias is where observers miss animals that are
available for detection, worsened by factors such as fatigue, poor weather, and habitat structure. Availability bias
results when an animal is missed because it is not at the surface. These biases are a problem when estimating
abundance of animals, and they are not likely to be a major issue in the habitat models for dolphins or Bryde’s
whale, which spend most of their time near the surface (Izadi et al., 2018; Mannocci Laran, et al., 2014). Both
sources of bias need to be considered in the interpretation of shark species and species groups. Hammerhead
sharks spend much more time at the surface than bronze whaler sharks (Francis, 2016; pers comm. Clinton Duffy,
Department of Conservation). Highly migratory species such as the shortfin mako shark and blue shark undergo
diel vertical migration (Vandeperre et al., 2014; Vaudo et al., 2016), and intra-specific differences are often sexand age dependent (Queiroz et al., 2012). Vertical movements are less significant on the continental shelf (Howey
et al., 2017), but even the detectability of sharks in coastal habitats is low. Robbins (2014) demonstrated this in a
field experiment where observers were asked to search and detect shark deploys from aerial platforms (fixed-wing
plane and helicopter) using shark models. Observers did not detect the deploy sharks below depths of 2.5 m in
initial testing. Sharks were then deployed at shallower depths along transects. Overall, observers detected just
12.5% of analogues, and detected less than 9% of analogues deployed further than 300 m from the transect line.
Moreover, they found that sun glare and sea conditions had a significant impact on detection. As a result, the
predictions and ecological relationships reflect the surface habitat use of these sharks. This holds for all of the taxa
included in our study due to water visibility as we could only see near-surface animals.
Species distributions were investigated with BRT models, which have been successfully applied to a wide range
of species including terrestrial predators e.g., eastern coyote (Canis latrans) (McCue et al., 2014), marine
mammals (Stephenson et al., 2020), sharks (Brodie et al., 2018), rays (Dedmann et al., 2015), and fishes
(Leathwick et al., 2006). BRT models have excellent predictive power and do not require assumptions about model
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fit thus can learn complex ecological species-habitat relationships. Elith et al. (2008) recommended that a BRT
model is fitted with minimum of 50 presence points, yet four of the six species datasets contained <50 sightings.
Nonetheless, average cross-validated AUC scores from the bootstrap BRT models demonstrated sufficient to
excellent power to predict species occurrence for all six of the species. Bryde’s whale BRT model showed the
lowest (but still acceptable) predictive performance, which is of no surprise considering the small number of
sightings (n = 20) used for model fitting, and the high contribution of zooplankton, and fish to the final model, which
are highly dynamic. At the other end of the spectrum, the highest AUC scores pertained to the common dolphin
(0.93) and immature hammerhead shark (0.93) BRT models. BRT models showed a reasonable ability to describe
species–habitat relationships for all species, other than Bryde’s whales. A low explained deviance is a common
outcome for habitat models of rare species (Welsh et al., 1996), and, consequently, for many cetacean habitat
studies (Forney et al., 2012). Descriptions of species–habitat relationships and predicted species–habitat
relationships made ecological sense.
The predictive power of a model should be validated using an independent dataset, i.e., with sightings not used
for model fitting. In this study, this step was not possible as given the small datasets for some species, withholding
data was likely to impact the performance of BRT models. The bootstrap provided a robust way to quantify
uncertainty in species–habitat relationships and predicted distributions (Liu et al., 2011). Spatially explicit maps of
uncertainty indicated that predictions were uncertain in areas beyond the survey boundary, in months and space
where few or no sightings were made, which is expected, and in relation to the distribution of prey patches. Monthly
composites of fish and zooplankton prey were averaged from just 2 days providing very little information the
dynamic relationship between predator and prey. Predictions in these areas should therefore be interpreted with
caution.

2.4.2 Dynamic drivers of predator occurrences
Month was the most important predictor variable distribution patterns for all six species or species group. While
month is not an environmental or biological covariate, it incorporates a wide range of ecosystem variation into one
variable, and it was important in explaining the occurrences of both cetaceans and sharks in the Gulf. The fitted
functions of month in BRT models showed some commonalities between cetacean species and between shark
species, respectively. The fitted function of month for all cetacean models showed an increased probability of
occurrence from the mid-late austral winter (July/August), to summer (December) for common dolphins, and
around February/March for Bryde’s whales and bottlenose dolphins. These patterns are likely to reflect increased
productivity and availability of prey that come with seasonal changes in climatic and oceanographic processes.
During winter and spring, westerlies dominate, which promote upwelling of nutrient-rich waters (Chang et al., 2003;
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Sharples & Greig, 1998; Zeldis et al., 2004). The combination of mixing and upwelling produces some of the
highest spring chlorophyll-a stocks on the New Zealand continental shelf which has a significant bottom-up effect
on higher trophic levels (Sharples & Greig; Jillett, 1971). Predictions of all sharks were strongest from
November/December through to March for immature hammerhead sharks, and as the water cools in May/June for
bronze whaler sharks and pelagic sharks. This sharp increase in the probability of occurrence of sharks is in
accordance to the response of sharks to warmer SST and low chlorophyll-a concentrations, which was also found
for pelagic sharks in Australia (Birkmanis et al., 2020). In summer, the East Auckland Current (EAUC), an
extension of the sub-tropical East Australian Current, flows southeast down the northeast of the North Island,
causing a sharp increase in SST in the Gulf. The warm waters from the EAUC converge with cold nutrient-rich
waters, and bring a new assemblage of zooplankton and fishes, which provide additional prey sources to large
predators (Carroll et al., 2019). This may be particularly important to sharks based on findings from a satellite
tagging study of blue sharks, which found distinct site fidelity to localised productive frontal areas in the northeast
Atlantic (Queiroz et al., 2012). Whether or not the same individual sharks return to the Gulf each year is unknown.
Prey was an important predictor of occurrence for cetaceans and sharks. Bryde’s whales were highly likely to be
present with zooplankton, and to a lesser degree, schooling fish. The Gulf is an important feeding ground for these
whales forming a core part of their range along the northeast North Island coastal waters (Baker & Madon, 2007;
Dwyer et al., 2016). Bryde’s whales in the Gulf have a broad diet, predominantly feeding on zooplankton with
copepods, salps and krill their preferred prey, but they also feed on small schooling fish, such as pilchards, saury
and jack mackerel (Carroll et al., 2019). This plasticity in Bryde’s diet is likely an important contributor to their yearround presence in the Gulf where, even though they have preferred prey, they are able to take advantage of
different prey types. Typically, Bryde’s forage on single prey species, e.g., fish in the Gulf of Thailand (Iwata et al.,
2017) or zooplankton off Madeira (Alves et al., 2009), but Bryde’s in the Gulf switch between prey types foraging
primarily during daytime (Izadi et al., 2018). The spatial overlap between different whale species and zooplankton
is well documented (Baumgartner et al., 2013; Curtice et al., 2015; Torres, 2013) but these are linked primarily
with the high energetic demands of baleen whales with distinct feeding and breeding grounds (Stern &
Friedlaender, 2018). Having year-round availability of prey of sufficient quality to support their high energetic
demands is critical to the persistence of Bryde’s whales in the Gulf (Izadi, 2018).
Bottlenose dolphins were predicted to occur with fish, and there was a strong temporal link between the occurrence
of bottlenose dolphins and prey patches across months. Bottlenose dolphins in New Zealand take advantage of a
wide variety of prey types, including solitary prey and small schooling fishes (Hartel et al., 2015; Zaeschmar et al.,
2013). The clear spatial and temporal overlap between bottlenose dolphins and fish suggests the Gulf is also an
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important feeding ground for these predators, able to feed dolphins ranging along the northeast coast as well as
more resident individuals (Berghan et al., 2008; Dwyer, 2014). The predicted response of common dolphin
occurrence to fish was negative until around 17 km. This is not an uncommon result; several studies have found
weak or transient spatial associations between marine predators and prey (e.g., Greene et al., 1994; Logerwell et
al., 1998; Russell et al., 1992). There are several factors that may have contributed to the observed spatial
mismatch between common dolphins and fish. For example, predators may select prey patches based on quality,
which is defined by characteristics other than location, which are not accounted for in our habitat models (BenoitBird et al., 2013). In addition, fish exhibit strong anti-predator responses compared to zooplankton (O’Brien, 1987;
Pitcher, 1986), and their occurrence is less predictable at fine spatial scales (Fauchald et al., 2000; Preisser et al.,
2005). Like the bottlenose dolphins, common dolphins are a socially complex species and use the Gulf for a range
of activities e.g., feeding, breeding year-round. Dwyer et al. (2020) found that habitat preferences differed
depending on the function of the group, e.g., if it was a nursery group or foraging group. Therefore, this more
subtle predator–prey relationship may not have been detected due to the range of functional groups sighted during
our aerial surveys covering a wide area. Mannocci, Catalogna, et al. (2014) found that dolphins were dependent
on high-quality habitat, which was correlated with their energetic demands. The fact that common dolphins were
predicted to occur in the Gulf year-round suggests there is sufficient prey to support a large population of animals
throughout these waters (see Chapter 3).
The response of bronze whaler sharks to fish was positive, although weak. Interestingly, this was similar to but
weaker than the response of bottlenose dolphins to fish distribution. Bronze whaler sharks and bottlenose dolphins
have considerable dietary overlap, feeding on reef and demersal fish, but also on small schooling fish, as found in
South Africa (Smale, 1991). Immature hammerhead sharks mainly feed on small fish and squid and have nursery
grounds in the warm, shallow coasts and estuaries of the Hauraki Gulf and Firth of Thames during warmer months,
which nursery grounds (Francis, 2016). It is possible that juvenile hammerhead shark occurrence in the Gulf
coincides with small fish species that spawn in the inner Gulf in the warmer months e.g. anchovy, sprat, jack
mackerel (Crossland, 1981). The different species combined as pelagic sharks in this study showed a similar
response to fish as common dolphins and were predicted to occur at distances greater than 18 km. Shortfin mako
sharks, adult hammerhead sharks, and blue sharks all feed on schooling pelagic fish and cephalopods. However,
sharks make extensive use of the entire water column, and although we were able to fully quantify the true
relationship between pelagic sharks and prey given that our observations of both sharks and fish patches pertain
only to the surface environment, there are patterns of spatial and temporal distribution for these large, ocean
roaming sharks showing the Gulf is important habitat.
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Despite some anomalies in the spatial relationships between these large marine predators and prey, the results
are indicative of a temporal overlap between predator occurrences and prey. While top marine predators occupy
their own trophic niche, they are often generalists at a population level. Collectively, large marine predators feed
over all trophic levels, and are likely to aggregate where food is abundant (McClellan et al., 2014). As prey diversity
and abundance fluctuate with changing ocean conditions, so may the degree of dietary niche overlap and diet
specialisation of large predators (Carroll et al., 2019; Gladics et al., 2014). For example, while blue sharks
predominantly feed on fish and cephalopods, they take advantage of prey at lower trophic levels such as krill, as
seen during a boat survey this year (personal observation). Aimilar pattern was found in eastern Australia, where
large teleost fish and blue sharks fed on both large and very small prey (Young et al., 2010). The temporal overlap
between predators and prey suggest that the Gulf is an important feeding ground that is capable of supporting an
abundance of large marine predators throughout the year; although it should be noted that the abundance and
diversity of species is considerably reduced since the arrival of humans (MacDiarmid et al., 2016). This shifting
baseline is a common phenomenon in studies of marine ecosystems and the Gulf has considerable anthropogenic
pressures causing a decline in system function that requires urgent attention (Hauraki Gulf Forum, 2020).

2.4.3 Static drivers of predator occurrences
Static variables were important in all habitat models and defined the general ecological niches of various species,
and predictions were generally consistent with knowledge of both species’ niches and with that of local populations
(Dwyer et al., 2016; Dwyer et al., 2020; Francis, 2016; Kozmian-Ledward, 2015). For example, both bronze whaler
sharks and bottlenose dolphins are classified as coastal species, which is reflected by their predicted preference
to shallow waters close to shore. In contrast, common dolphins were predicted to occur at depths between 30 m
and 50 m, reflecting their more offshore distribution (Stockin et al., 2008). While food is hypothesised to be the
main driver of large marine predators, there are other factors of importance, such as reproduction, which may drive
distribution patterns, and may be better explained by physical variables. For example, previous studies have found
that dolphin nursery groups are more likely to be found closer to shore (Neumann, 2001; Schaffar-Delaney, 2004).
Sharks show different habitat preferences with ontogenetic shifts, as highlighted by the contrasting predictions of
adult and immature hammerhead sharks. Pelagic sharks, including adult hammerhead sharks, were predicted to
occur in areas of low seabed disturbance and a low percentage of mud substrate, which is characteristic of the
outer Gulf and their pelagic nature. In contrast, immature hammerhead sharks were predicted to prefer shallow
(<20 m) waters in areas of high seabed disturbance and mud, which is characteristic extreme coastal habitat and
in between inner Gulf islands, who are often found in within mangroves (Francis, 2016). The difference in predicted
distribution of adult and immature hammerhead sharks highlights the need to model life stages separately for
conservation and management (Kinney & Simpfendorfer, 2009).
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2.4.4 Predictions of fine-scale distributions
Monthly predictions of predator occurrences varied in relation to seasonal upwelling and the EAUC. Clear changes
are most likely related to the seasonal changes and shifts in abundance and diversity of prey species. The
prediction maps also show considerable variability in the probability of occurrence within the Gulf, as well as
expansions and contractions of predicted habitat within the general seasonal trends. The observed trends may be
an artefact of the small datasets, but they could also reflect temporary emigration of sharks and cetaceans as they
move in and out of the Gulf in response to changes in biotic and abiotic factors; as seen in tagged hammerhead
sharks (Francis, 2016), blue sharks (Elliot, 2020), and changes in the seasonal abundance of bottlenose dolphins
(Dwyer et al., 2014). In the pelagic environment, prey species are temporally dynamic and are patchily distributed
over a range of spatial and temporal scales. Animals living in dynamic ocean systems must move in search of
ephemeral prey, which, due to the dynamic temporal variables, e.g., winds, tides, and currents, may be of low
persistence, causing shifts in distribution on fine temporal scales i.e., daily, weekly (Scales et al., 2017). A recent
study examined the long-term trends in SST on distribution of cetaceans in the Gulf and revealed anomalously
warm years affect the distribution of common dolphins and Bryde’s whales, but not killer whales and bottlenose
dolphins (Colbert, 2019), highlighting the differing effects of environmental fluctuations on the distribution of pelagic
and coastal predators, respectively. In the Gulf, oceanographic and climatic processes interact with physical
features at a local scale, which may cause acute shifts in local conditions and rearrangement of spatial distribution
of prey resource patches within short periods of time. At a local scale, surface winds interact with tidal currents
and geographical features of the Gulf, resulting in complex, three-dimensional circulation patterns, and limited
spatial coherence suggests that the Gulf is highly responsive to external wind-forcing (Black et al., 2000).
For species at the top of the food web, the risk of predation is less of a factor driving distribution, although it does
exist with sharks predating sharks, larger delphinids such as killer whales preying upon other cetaceans (Jefferson
et al., 1991), as well as sharks preying upon smaller dolphins and porpoises, and killer whales preying upon sharks
(Heithaus, 2001). Porsmoguer et al. (2015) found DNA evidence for the consumption of common dolphins by
short-finned mako sharks in the northeastern Atlantic, which is likely to be an important factor driving common
dolphin distribution in the warmer months. Distribution patterns are also likely to in part be a result of competitive
interactions between top predators. For example, spatial segregation between common dolphin and bottlenose
dolphins has been described in Ría de Arousa, northwest Spain, with the first direct interspecific killing of a
common dolphin by bottlenose dolphins also documented (Methion & López, 2021). The size of the effect of both
predation and inter-specific competition as drivers of predator distributions may be more or less important in time
depending on prey availability. However, interspecific interactions are difficult to detect because risk avoidance is
most likely to be reactive, not predictive for large, mobile predators (Broekhuis et al., 2013). The predictions of
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habitat suitability may also reflect behavioural changes in response to human activities and pressures but the
effects of activities on the distribution of our study species were not explored.
Study limitations and future direction
Distribution illustrated the dynamic nature of predator distributions at a fine spatiotemporal scale over a 12-month
period. The dynamic nature of the Gulf raises the question of whether model predictions are transferable to
different years. Local conditions are highly variable due local conditions, and large-scale climate events such as
the Southern Ocean Oscillation interrupt seasonal processes episodically, leading to “unusual years” (Zeldis et al.,
2004). Dwyer et al. (2016) found considerable differences in predicted distribution of Bryde’s whales on an annual
basis, which may be evident at finer spatial and temporal scales. Cross-validated measures of AUC and deviance
explained are usually higher than those from an independent dataset, which is important to remember when
considering the model results. Further aerial surveys should be conducted to collect an independent dataset and
test the transferability of the predictive habitat models to different years and to explore predictions made outside
of the survey boundaries.
The Gulf is relatively homogenous in its subsurface landscape, with a gentle slope and average water depths of
around 40 m. While high spatial resolution environmental and oceanographic data are becoming increasingly
available on a spatial scale, fine temporal resolution of dynamic variables still lack. This creates issues when
attempting to capture relationships between species and their habitat a fine scale in primarily dynamic systems.
For example, tidal current and seabed disturbance are included as static variables in our study as these data are
only available as long-term averages. As a result, responses to these variables are spatially smoothed, and which
may produce inferior habitat models in dynamic marine environments (Fernandez et al., 2017). However, prey
data were a valuable addition to BRT habitat models, as prey are distributed as a direct result of oceanographic
and physical features that our models lacked, and are one, if not the most important, driver of large marine predator
distribution. Despite this, prey data were sparse, and future studies should continue to record the locations of prey
patches to build on our findings.
Despite the issues of availability bias, the predictions and species habitat relationships made ecological sense and
should be used for further investigations. Several studies use fisheries catch data to model shark distributions
(e.g., Birkmanis et al., 2020). Future studies should include these data or to use them as an independent dataset
to test the predictive capacity of surface habitat models.
The nationally critical Bryde’s whale, the nationally endangered bottlenose dolphin, and the common dolphin have
been the focus of many studies in the Gulf, although data on the movements of all species outside the Gulf remain
poorly understood. The distributions of large, predatory shark species are poorly reported until now, with the
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species observed in our study all listed as not threatened in New Zealand (Duffy et al., 2016). A recent distribution
study of pelagic sharks in Australia’s EEZ showed that Australian MPAs are unlikely to protect pelagic sharks
appropriately, and highly suitable habitat is unrepresented by their current MPAs (Birkmanis et al., 2020). All shark
species in the Gulf are caught by recreational and commercial fishers, with poor reporting on the recreational
catch. Future research should investigate the spatial overlap between human pressures, e.g., fishing, and habitat
preferences, to ensure appropriate measures are put in place to protect sharks that rely on the Gulf.
Whilst our study focused on cetaceans and sharks, data were also collected on seabirds, mobulid rays, and large
pelagic predatory fish. Despite once being very abundant in the Gulf (MacDiarmid et al., 2016), fur seals were
sighted only occasionally, and the few sightings of rays occurred in the warm water months which is typical for this
species in New Zealand (Crossland, 1981). One of the challenges of integrating the seabird data into our spatial
analysis was the high temporal variability in occurrence and abundance, which created inherent issues with the
data structure. This meant BRT models, which were ideal to answer questions about sharks and cetaceans, did
not provide robust results with the seabird data. Nonetheless, future research should consider ways to collect
seabird data allowing predictive habitat modelling as the Gulf is a global seabird hotspot and many species are
under threat (Gaskin & Rayner, 2013; Whitehead et al., 2019).
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Chapter 3. Accounting for uncertainty in duplicate identification
and group size judgments in mark-recapture distance
sampling
3.1. Introduction
Determining the abundance of an animal population is critical for effective conservation and management. Linetransect distance sampling is one of the most widespread methods for estimating abundance while accounting for
imperfect detection of individuals (Buckland et al., 2001). Distance sampling relies on estimating a detection
function 𝑔(𝑦), which specifies the probability that an individual is detected, given that it is at perpendicular distance
𝑦 from the transect line. When individuals occur in groups, termed as clusters, the cluster is recorded as a single
detection. The distance 𝑦 is measured to the midpoint of the cluster, and the group size 𝑠 is recorded (Buckland
et al., 2001). In conventional distance sampling, it is assumed that all clusters directly on the line are detected, i.e.,
that g(0)=1. If this assumption is violated, abundance will be underestimated (Buckland et al., 2001).
Mark-recapture distance sampling (MRDS) is an extension of conventional distance sampling that generates
robust estimates of abundance when g(0) ≠ 1 (Buckland et al., 2010). Two observers travel the line together
searching within the same viewing area. In effect, each observer marks animals for the other to recapture. Markrecapture methods are then applied to estimate the overall probability of detection (Burt et al., 2014).
A critical step in MRDS is to identify duplicate sightings, namely clusters that are sighted by both observers.
Duplicate identification usually occurs during the data-analysis phase, because observers must not communicate
while on effort (e.g., Slooten et al., 2002). Identification of duplicates can be straightforward where the population
exists at low density and individuals form distinct clusters (e.g., Caughley & Grice, 1982), but it is difficult when
sightings are encountered in quick succession (e.g., Harwood et al., 1996). It is also complicated if clusters are illdefined and observers make different judgements about cluster membership. These factors are intensified when
the research platform is an aircraft and the passage of travel is fast. Observers must make decisions about cluster
boundaries, distances, and the number of individuals quickly.
Many studies suffer from some degree of error in duplicate identification. A consistent tendency to misclassify
duplicates as single sightings will lead to positive bias in abundance estimates, whereas a consistent tendency to
misclassify single sightings as duplicates will lead to negative bias (Southwell et al., 2002). Duplicate identification
for aerial surveys is achieved by scrutinising the sightings of the two observers for similarities in encounter time,
cluster size, and distance or downward angle from the aircraft (e.g., Richard et al., 2010). Some attempts have
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been made to develop objective criteria for identifying duplicates (e.g., Pike & Doniol-Valcroze, 2013), but these
approaches still rely on producing a single finalised dataset from which abundance is estimated. As a result, the
uncertainty in duplicate matching is largely ignored at the estimation stage. Similarly, it is typical to decide on a
single value of cluster size regardless of uncertainties recorded in field notes and discrepancies between observers
(e.g., Kingsley & Reeves, 1998; MacKenzie & Clement, 2014, 2016). Consequently, uncertainty surrounding
cluster size judgements is also ignored in final abundance estimates.
In this study, we used MRDS to conduct aerial surveys for short-beaked common dolphins (Delphinus delphis) in
the Hauraki Gulf, New Zealand. The common dolphin is a small delphinid that exhibits complex grouping patterns,
complicating the application of MRDS. Cluster size ranges from one to hundreds of individuals (Stockin et al.,
2008), and clusters frequently appear as loose aggregations composed of numerous subgroups (Dohl et al., 1986).
Here, we develop tools to improve MRDS methodology for species with these challenging characteristics, by
incorporating uncertainty in duplicate identification and group size judgements into the final abundance estimate.
Specifically, we 1) investigate the impact of choosing arbitrary thresholds to identify duplicate sightings; 2) develop
a novel technique for probabilistic duplicate assignment in MRDS analyses; 3) incorporate uncertainty in cluster
size judgements; and 4) assess the impact of these sources of uncertainty on estimates of abundance and their
precision.

3.2. Materials and Methods
3.2.1 Aerial surveys
We carried out a total of 22 aerial surveys approximately twice-monthly from November 2013 to October 2014 in
the Hauraki Gulf, New Zealand (36⁰ 10’–37⁰ 10’ S; 174⁰ 40’–175⁰ 30’E). See Appendix C for full details of the
survey area and field protocol. Each of the 22 surveys flew the same eight parallel transects, systematically spaced
about 10 km apart. The two observer teams constituted a pair of front observers and a pair of rear observers,
searching to either side of the aircraft. A duplicate sighting is one seen by the front and rear observers seated on
the same side of the aircraft. For each group of common dolphins sighted, observers recorded the time of sighting
to the second, the downward angle of the group when perpendicular to the plane, and judgements of the minimum,
best and maximum group size. Angles were used to calculate distance from the transect line (Appendix D: Eq.
S1). Due to the configuration of the aircraft, the front and rear fields of view were not entirely overlapping, with
front observers able to search approximately 60–418 m from the transect line, and rear observers searching 0–
418 m. Sightings at distances greater than 𝑤 = 400 m were deleted before analysis, corresponding to righttruncation of approximately 5% of the data as recommended by Buckland et al. (2001).
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3.3. Analysis
All analyses were conducted with custom code written in R (R Development Core Team, 2012).

3.3.1 Bootstrap analysis protocol
The parameter of interest in distance sampling is abundance, 𝑁. Traditionally, uncertainty is assumed to be due
to encounter rate variance—the intrinsic variability in the number of animal groups encountered during the
survey—together with variance in estimating the detection function and the mean group size (Buckland et al.,
2001). Variance is often estimated by the bootstrap, which repeatedly resamples the data to capture the range of
uncertainty in these processes (e.g., Borchers et al., 1998; Southwell et al., 2004). Here, we extend the bootstrap
to incorporate additional uncertainties in duplicate identification and in judgements of group size by observers. The
study species is highly mobile relative to the study area, so we bootstrapped by survey to capture survey-level
variability in encounter rate. For each bootstrap replicate, we selected 22 surveys at random with replacement
from the original 22 surveys. Within each of the 22 selected surveys, we processed the data using probabilistic
rules described below to create duplicate classifications and group sizes specific to the survey and replicate. We
then pooled the 22-survey data and fitted the MRDS model to gain an abundance estimate for the replicate. We
repeated the procedure for hundreds of replicates and used the mean and variance of the bootstrap estimates to
generate the overall estimate of 𝑁 and its precision.
The MRDS model formulation and estimation of 𝑁 follows standard methodology detailed in Appendix E. Here we
focus on the bootstrap procedures we devised to generate automatic duplicate classification and group sizes for
each bootstrap iteration.

3.3.2 Duplicate classification
All procedures for reconciling duplicates were based on similarities in the time of sighting and the downward angle
from the aircraft among sightings from front and rear observers seated on the same side of the aircraft. We did not
use group size as a criterion because of the variability in size judgements between observers. We developed two
different regimes for duplicate classification: fixed-tolerance and probabilistic classification.

3.3.3 Fixed-tolerance duplicate classification
Under the fixed-tolerance regime we applied designated thresholds for time and angle differences between
sightings. All eligible sightings within the specified time and angle tolerances of each other were classified as
duplicates, unless there was confounding by multiple possible pairings. We investigated the impact of applying
different thresholds by conducting nine separate analyses based on pairing time tolerances of T = 5, 7, and 10
seconds with angle tolerances of A = 5⁰, 10⁰, and 15⁰. We used 500 bootstrap replicates for each combination.
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Where there were multiple possible duplicate pairings, we listed all possible sighting pairs and randomly picked
one of the sightings in the list to act as “anchor.” Sightings that appeared in multiple pairs thereby had an increased
probability of being selected as anchor. All sightings that could be duplicates of the anchor were merged into a
single sighting and paired with the anchor. This step reflects variance in observer judgements of animal groupings
when classifying loose aggregations of dolphins. The minimum, best, and maximum group size for the merged
sighting were computed as the sum of the constituent values, and its distance was a weighted average of the
constituent distances, weighted by group size. If multiple duplicate pairings still remained, a new anchor was
chosen and the procedure repeated.

3.3.4 Probabilistic duplicate classification
We developed an alternative probabilistic approach for classifying duplicates, based on assigning a probability to
each eligible pair of sightings reflecting the chance of being a duplicate. This probability was then used to generate
an outcome for the pair (duplicate or not) in each bootstrap replicate, so the bootstrap captured the uncertainty
specific to that pair. To create the pairwise probabilities we first calculated a discrepancy score 𝑟 for each pair of
sightings that were made on the same transect within a survey. We derived the discrepancy score using the time
and angle differences within the pair, measured in seconds and degrees respectively, using the expression 𝑟 =
min(time difference, 25)
25

+

angle difference
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. Here, 65⁰ is the maximum angle difference possible given the configuration of

the aircraft, and 25 seconds is chosen to be well in excess of the maximum time difference that could occur
between sightings of the same group given the speed of the aircraft. Pairs of sightings recorded close in time and
with similar downward angles gain discrepancy scores close to zero, while those that are disparate in either time
or position gain higher discrepancies. Discrepancy values over 1 signal non-duplicates beyond reasonable doubt.
The distribution of discrepancy scores is a mixture of discrepancies from duplicate and non-duplicate pairs.
Information about the non-duplicate discrepancy distribution is gained from pairs of sightings made on opposite
sides of the aircraft; these are non-duplicates by definition, but some might have small discrepancies by chance.
We fitted a two-component mixture distribution to all within-transect discrepancy scores to reflect the contributions
from duplicate and non-duplicate pairs, up to a maximum discrepancy of 1. For the mixture components we used
Normal distributions truncated between 0 and 1. The mixture distribution was fitted by maximum likelihood. A
discrepancy 𝑟 from a pair of sightings on the same side of the aircraft contributed log-likelihood term
log{𝜑𝜋𝐷 (𝑟) + (1 − 𝜑)𝜋𝑁 (𝑟)}, while an opposite-side pair contributed log{𝜋𝑁 (𝑟)}, where 𝜋𝐷 and 𝜋𝑁 are the truncated
Normal densities corresponding to duplicate and non-duplicate pairs respectively and 𝜑 is the probability that an
eligible same-side pair is a duplicate. Maximising the likelihood yielded estimates of 𝜑, 𝜋𝐷 , and 𝜋𝑁 . The estimated
probability that a same-side pair is a duplicate, given discrepancy 𝑟, is given by Bayes’ Theorem:
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𝑃̂ (duplicate | 𝑟) =

𝜑̂ 𝜋̂𝐷 (𝑟)
,
𝜑̂ 𝜋̂𝐷 (𝑟) + (1 − 𝜑̂)𝜋̂𝑁 (𝑟)

(1)

where 𝜑̂, 𝜋̂𝐷 , and 𝜋̂𝑁 are maximum likelihood estimates. Each candidate pair thereby gained a duplicate probability
specific to its discrepancy, 𝑟. The mixture model was fitted separately for each bootstrap replicate to reflect the
uncertainty in the duplicate probabilities. Within each replicate, the mixture model was fitted to data pooled from
the 22 resampled surveys.
Cases where there were multiple possible duplicate pairings were resolved similarly to the fixed-tolerance analysis,
except that the probability of selecting a sighting as anchor was now proportional to the sum of 𝑃̂ (duplicate | 𝑟)
across all pairs involving that sighting. This ensured that sightings considered most likely to be duplicates were
given the greatest chance to be duplicates in the resolved data. For the probabilistic analysis we used 2000
bootstrap replicates.

3.3.5 Group size
We incorporated uncertainty in group size judgements into the bootstrap by centring a Poisson distribution on each
observed record of best group size, truncated at the corresponding records of minimum and maximum group size.
We drew random values from the truncated distributions for each bootstrap replicate. If the best record was missing
for a sighting, we used the mean of the minimum and maximum records, or whichever of minimum and maximum
was available if one of them was also missing. If all three of best, minimum, and maximum were missing for a
sighting, we used a discrete uniform distribution from 0 to the average of the best records for all other sightings. A
group size of 0 was considered a false sighting and removed from the data. Duplicate sightings were allocated a
best, minimum, and maximum using the average of the two best records, and respectively the smaller and larger
of the two minimum and maximum records.
We investigated three different protocols to generate group sizes: Impute-All, Impute-Missing, and Impute-None.
Under Impute-All, we used the rules above to generate random group sizes for all sightings. Under Impute-Missing,
we generated random group sizes only for sightings in which the best record was missing. Under Impute-None,
we first deleted any sightings missing all three of best, minimum, and maximum, and then decided a single fixed
group size for each remaining sighting, using the value that would be the distribution center under the other two
protocols. The Impute-None protocol is typical practice in other studies.

3.3.6 Analysis components
Our study involved 60 sets of bootstrap analyses in total. We conducted nine 500-replicate fixed-tolerance
analyses and one 2000-replicate probabilistic analysis for each of the three methods of imputing group size,
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comprising 30 protocols in total. We investigated each of these 30 protocols under two regimes: one where we
bootstrapped by survey to accommodate encounter rate variance as described above, and the other where we did
not bootstrap by survey but repeatedly applied the algorithms for group-size imputation and resolution of multiple
duplicate pairings within the original 22-survey data set. We describe these two options as ER-included and ERomitted respectively. Comparing ER-included and ER-omitted results roughly quantifies the impact of encounter
̂ . Comparing Impute-All with Impute-None demonstrates the impact
rate on the variance of abundance estimates, 𝑁
̂ , and comparisons between
of uncertainty in observer judgments of group size on the bias and variance of 𝑁
different fixed-tolerance thresholds and the probabilistic analysis demonstrates the impact of uncertainty in
duplicate identification.
̂𝑏
Each of the 60 bootstrap analyses produced either 𝐵 = 500 or 𝐵 = 2000 estimates of 𝑁, which we denote by 𝑁
̂ , was taken to be the mean of the 𝐵 estimates. The coefficient
for 𝑏 = 1, … , 𝐵. The final estimate for each analysis, 𝑁
̂ ), was given by CV(𝑁
̂ ) = se(𝑁
̂ )/𝑁
̂ , where se(𝑁
̂ ) denotes the square root of the sample variance
of variation, CV(𝑁
̂1 , … , 𝑁
̂𝐵 . Our study therefore generated one final estimate 𝑁
̂ and one value of CV(𝑁
̂ ) for each of 60 analyses.
of 𝑁

3.4. Results
The 22-survey data comprised 297 sightings of common dolphin groups made while on effort.

3.4.1 Detection models
A flexible model was selected for the MRDS detection functions (Appendix E: Eq. S3; Figure E.1). All of the most
highly ranked models produced similarly-shaped curves for 𝑝𝑅 (𝑦, 𝑠), 𝑝𝐹|𝑅̅ (𝑦, 𝑠), and 𝑝𝐹|𝑅 (𝑦, 𝑠). Goodness-of-fit plots
revealed no cause for concern on those replicates examined. An example plot for a single set of replicate data is
shown in Appendix E: Figure E2.

3.4.2 Fixed tolerance analysis
The choice of time and angle tolerances for classifying duplicate sightings had a substantial impact on the
̂ , with estimates generally decreasing for wider tolerances (Figure 3.1C). This
estimated number of individuals, 𝑁
trend arises because wider tolerances cause more sightings to be classified as duplicates, raising the estimates
of detection probability for each observer team and therefore lowering the estimates of abundance. The tightest
angle and time tolerances yielded average abundance estimates roughly 20% larger than the widest tolerances
̂ = 2700 (95% CI 1700–3900) under the tightest tolerances (T=5s, A=5⁰),
we examined, corresponding to roughly 𝑁
̂ = 2200 (95% CI 1400–3100) under the widest tolerances (T=10s, A=15⁰). However, confidence intervals
and 𝑁
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were sufficiently wide to ensure that the 95% CIs from all 27 analyses contained the point estimates from all other
analyses.
By contrast, the impact of different protocols for dealing with group size uncertainty was relatively small. Estimates
were always largest for Impute-All, intermediate for Impute-Missing, and smallest for Impute-None, within each
̂ between Impute-All and Impute-None ranged from
tolerance setting. Within tolerance settings, the difference in 𝑁
60 to 127 animals with an average of 95 over the 9 settings, representing percentage differences of 2.5%–5% of
̂.
𝑁
̂ ), with
There was very little impact of tolerance settings or group-size protocol on the coefficient of variation, CV(𝑁
all settings giving CVs of 20–23% (Figure 3.1C). If no allowance was made for encounter rate uncertainty (ER
omitted), CVs were typically 3–7% (e.g., Figure 3.1A). The ER-omitted results reflect uncertainties only in groupsize and in resolution of clusters of multiple duplicates, and the impacts of these on estimating the detection
functions.
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̂1 , … , 𝑁
̂𝐵 . ER included and ER omitted specify whether
Figure 3.1. Boxplots of bootstrap abundance estimates 𝑁
protocols include a survey-wise bootstrap for encounter rate variance. Bold lines across boxes give the mean of
̂ = 2478 from the preferred probabilistic
the 𝐵 estimates. Dashed horizontal lines correspond to the estimate 𝑁
̂𝑏 = 6000 are discarded. Plot A: an
analysis in plot B (ER included; Impute-all). Occasional estimates over 𝑁
illustrative fixed-tolerance analysis with A=15⁰, T=10 s, 𝐵 = 500 replicates. Plot B: probabilistic analysis with 𝐵 =
2000 replicates. Plot C: all fixed-tolerance analyses with ER included, A=5⁰, 10⁰, 15⁰; T=5, 7, 10 s; 𝐵 = 500.
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Figure 3.2. Examples of probabilistic duplicate identification from two bootstrap replicates (columns A and B).
Data are bootstrapped by survey (ER included); each replicate comprises data from 22 surveys resampled with
replacement from the real 22 surveys. Top row: histograms of discrepancy scores from pairs of sightings made
within transects by same-side observers, up to a maximum discrepancy of 1. These constitute all eligible candidate
pairs for duplicate matching. Bold curves show the fitted mixture density for same-side discrepancies, 𝜑̂ 𝜋̂𝐷 (𝑟) +
(1 − 𝜑̂)𝜋̂𝑁 (𝑟); thin grey curves show the components 𝜑̂ 𝜋̂𝐷 (𝑟) and (1 − 𝜑̂)𝜋̂𝑁 (𝑟). Bottom row: duplicate
acceptance functions generated from the fitted mixture model using equation (1). The curves show the probability
that an eligible candidate pair with discrepancy 𝑟 is accepted as a duplicate for the duration of the bootstrap
replicate; they are generated directly from the top plots and do not involve any fixed tolerance thresholds. For
comparison, the bottom plots also show pairwise decisions that would be made by a fixed-tolerance analysis with
A=15⁰ and T=10 s. Red ticks indicate sighting pairs that would be accepted as duplicates with these thresholds;
blue ticks show those that would be considered non-duplicates.

3.4.3 Probabilistic analysis
The mixture model proved effective at distinguishing two components of discrepancy scores. Example fits for
different replicate data are shown in Figure 3.2. These fits show a tightly focused lower mixture component centred
on a discrepancy score of about 0.2, which is taken to indicate duplicate pairs, and a higher mixture component
presumed to indicate non-duplicates, loosely focused around a discrepancy of about 0.65 and encompassing the
full range of discrepancies from 0 to 1. The resulting duplicate acceptance functions given by eqn. (1) are shown
in the lower panels of Figure 3.2. For comparison purposes, decisions that would be made by a fixed-tolerance
analysis with T=10s, A=15⁰ are also marked. The duplicate acceptance functions successfully capture the near-
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certainty of duplicate classification for discrepancies close to 0 or 1, and a region of uncertainty in which
probabilistic assignment comes to the fore. This region is located between discrepancies of about 0.2 and 0.6 in
the examples shown, and corresponds well to regions of conflicting decisions made by the fixed-tolerance analysis,
as indicated by overlap of the red and blue ticks. The probabilistic analysis therefore appears to be successful in
locating regions of doubt and certainty in duplicate assignment. We emphasise that computation of the duplicate
acceptance curves involves no tolerance thresholds, and no a priori classification of duplicates or non-duplicates
among candidate same-side sighting pairs.
̂ fell
Figure 3.1B shows results from the probabilistic analysis with 𝐵 = 2000bootstrap replicates. Estimates of 𝑁
roughly in the middle of those obtained from the different choices of fixed-tolerance thresholds. Results for different
group-size protocols followed the same pattern as in the fixed-tolerance case, with the Impute-Missing and Imputê = 2478
None estimates respectively 70 and 123 animals fewer than Impute-All. The Impute-All estimate was 𝑁
(95% CI: 1598–3615), marked with a dashed horizontal line across Figures 3.1A to 3.1C for comparative purposes.
̂=
The most similar fixed-tolerance result is that from Impute-All with tolerances T=5s and A=10⁰, which yielded 𝑁
2476 (95% CI: 1577–3646), and the next closest fixed-tolerance result was Impute-All with T=5s, A=15⁰. The
̂ ) = 21% as compared with
probabilistic analysis yielded marginally lower CV than these two analyses, with CV(𝑁
22–23%. Despite the additional sources of uncertainty in the probabilistic analysis due to fitting the mixture model
and generating random decisions for duplicate classifications, the probabilistic analyses returned CVs that were
equal to or slightly lower than those from all 27 fixed-tolerance analyses (Figures 3.1B and 3.1C).

3.5. Discussion
The success of the probabilistic analysis is demonstrated by the fact that it yielded estimates in the centre of those
from the fixed-tolerance analyses, which spanned the range of tolerances that we considered a priori to be
reasonable. This suggests that the randomness in the probabilistic analysis may have overcome the bias that
arises from persistent over- or under-classification of duplicates, which is almost inevitable when using fixed
tolerance thresholds, even if the error rate is low. Surprisingly, the probabilistic analysis achieved inference with
marginally better precision than the more conventional fixed-tolerance procedures, despite the extra source of
variance due to estimating the duplicate acceptance function at every bootstrap replicate.
The probabilistic approach does not require the analyst to specify any arbitrary tolerance thresholds. The range of
results from our fixed-tolerance analyses demonstrated that arbitrary tolerance thresholds, within the range of
reasonable choices, impacted on the final abundance estimate by up to 20%. A conventional alternative to
specifying fixed tolerance thresholds is for analysts to conduct laborious manual inspection of sightings records
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and make case-by-case decisions on duplicates. This exercise would be extremely time-consuming in our context
due to the complications posed by large, loose aggregations of dolphins, and the impact of particular decisions or
the uncertainty associated with them would not be communicated to the final estimates. The probabilistic analysis
offers an alternative to both the fixed-tolerance and the manual-inspection approaches that makes few demands
on the analyst. Its strengths lie in the automatic elicitation of the duplicate acceptance function, and the
incorporation of uncertainty in duplicate matching decisions into the final estimate of 𝑁 and its variance.
The different choices for dealing with uncertainty in fieldworkers’ judgements of group sizes made a relatively small
impact of 2.5–5% on the final abundance estimates. For any given choice of analysis settings, estimated
abundance under the Impute-All protocol always exceeded that under Impute-Missing, which in turn exceeded
that under Impute-None. This suggests that observers’ judgements of minimum and maximum group size were
not symmetric about the best estimate but tended to allow more leeway at the upper end. Scrutiny of the original
sightings data suggests that this effect does exist, although it appears to be mild. We favour the Impute-All protocol
because it accommodates the uncertainty in all group size judgements, best reflecting the realities faced by
fieldworkers who must make rapid decisions in a fast-moving aircraft.
Our overall choice of analysis methodology is the probabilistic analysis with the Impute-All protocol. Under this
method, the final estimate of common dolphin abundance in the Hauraki Gulf from November 2013–October 2014
iŝ
𝑁 = 2478, with 95% confidence interval (1598, 3615) and a CV of 21%. This CV is comparable with that of other
surveys of small odontocetes (e.g., MacKenzie & Clement, 2014; Slooten at al., 2002).
There are aspects of our methodology that deserve further investigation. We used a simple but arbitrary definition
of sighting discrepancy as the basis of our probabilistic analysis. We encountered no problems in fitting the twocomponent mixture model to the resulting discrepancy distribution, despite the considerable variability
encountered in thousands of replicates of bootstrap data. We anticipate that the precise definition of discrepancy
has little impact on inference, but conducting a sensitivity analysis would be straightforward.
Issues of MRDS model selection and goodness-of-fit are less straightforward to resolve in our simulation-intensive
approach. In principle, a model-selection step could be incorporated into each bootstrap replicate, potentially
including a goodness-of-fit test as part of the selection criterion. However, in practice this would greatly inflate
computation time for each bootstrap replicate, and the exhaustive model selection procedure that we used
(Appendix E) would be unfeasible for each replicate unless there were an obvious way of reducing the model suite
to a small set of plausible choices. Otherwise, this step would rely on automatic model-selection algorithms such
as stepwise selection, whose efficacy would need to be thoroughly investigated.
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Our analysis of common dolphins accounts for perception bias—in which dolphin groups are available to be seen
by both observers but some are not seen—but not availability bias, in which some dolphin groups are not available
to either observer because they are diving beneath the surface as the aircraft passes overhead. It would be
straightforward to incorporate availability estimation into our bootstrap approach if it were included in the survey
protocol. However, we expect availability bias to be minimal for common dolphins, as they do not engage in deep
diving and often occur in groups large enough for at least a portion of individuals to be available for detection at
any time. Moreover, estimating availability using circle-back redetection techniques would be problematic due to
the high density of dolphins we encountered and their fluid group nature, making it difficult to identify the same
group again after circle-back.
MRDS surveys are widely utilised to estimate wildlife population abundance. However, the suitability of these
methods is generally limited to species whose group characteristics do not violate the assumptions of MRDS. Our
simulation-intensive probabilistic approach reduces the number of arbitrary decisions associated with MRDS
analysis and accounts for sources of uncertainty that for the most part have been ignored in previous research.
The methodology we present here will allow for the robust application of MRDS methods in challenging scenarios
where clusters are encountered at high density or the species exhibits complex grouping patterns. Our approach
has broad applicability to both terrestrial and marine species and will generate more robust estimates for
conservation management.
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Chapter 4. Comparison of mark-recapture and double observer
line-transect techniques to estimate the abundance of Bryde’s
whales
4.1. Introduction
Abundance estimates are vital for managing wildlife populations yet are the most difficult to produce for rare
animals (i.e., a small population) that are elusive, vagile, and sparsely distributed or clustered throughout their
range (McDonald, 2004). Complete censuses are unlikely for most animal populations, let alone those with rare
or elusive animals which often live in heterogeneous environments with low likelihood of detection (McCarthy et
al., 2013; Pollock et al., 2006), so sample-based methods are required (Borchers et al., 2002; Williams et al.,
2002). Many species of interest are endangered or of conservation concern and simultaneously require strong
inferences about their population status. For example, one of the criteria of the International Union for the
Conservation of Nature (IUCN) for classifying a population or species as critically endangered is that there are
fewer than 250 mature individuals (IUCN, 2012). However, when there are few animals to detect within an area
that is large or difficult to survey, it is challenging to collect a sufficient and representative sample to produce robust
abundance estimates (Thompson, 2004). This is a particular challenge for large marine species such as seabirds,
sharks, pinnipeds and whales that are difficult to observe, and often range widely with few boundaries (Hindell et
al., 2020; Huveneers et al., 2018; Stern & Friedlaender, 2018).
One of the challenges with sample-based abundance estimates is applying statistical techniques to account for
imperfect detection of individuals within a population (Cunningham & Lindenmayer, 2005; MacKenzie et al., 2005).
Sampling methods estimate the detection probability, i.e., the probability that an animal in the population is
detected, if available, to account for the portion of animals that were present but not detected (Boulinier et al.,
1998; MacKenzie et al., 2002; Schwarz & Seber, 1999). Estimation of the detection probability requires some sort
of ancillary data that are collected during the survey (Lancia, et al,, 1994; MacKenzie et al., 2002). The choice of
sampling methods depends on the objectives of the study, the characteristics of both the environment and the
population, and the availability of resources and funding (Pollock et al., 2002).
Line-transect distance sampling and mark-recapture techniques are two commonly used sampling techniques for
estimating the abundance of large terrestrial and marine vertebrates (Carbone et al., 2001; Conroy & Carrol, 2009;
Hammond et al., 2004; Morley & van Aarde, 2007; Pollock et al., 2006; Seddon et al., 2003). Distance sampling
is based on a counting process and estimates the detection function, which is the probability that an individual is
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detected, based on its perpendicular distance from the transect line (Buckland et al., 1993; Buckland et al., 2001).
Aerial line-transect surveys are commonly used to estimate density and abundance of large wide-ranging terrestrial
vertebrates in open spaces such as the savannah (Ogutu et al., 2006; Parker et al., 2011), as well as for a wide
range of large marine animals (Certain & Bretagnolle, 2008; Hines et al., 2005; Lauriano et al., 2011). In contrast,
mark-recapture techniques require that animals are individually recognisable, for example through the deployment
of tags (Wathen et al., 2017), natural markings (Currey et al., 2007; Forcada & Aguilar, 2000), or DNA fingerprinting
(Carroll et al., 2011), and they require a minimum of two capture occasions: the mark and the recapture (Chao,
2001; Eberhardt & Seber, 1975). The basic premise is that the probability of capture is estimated using the relative
proportions of marked and unmarked animals in subsequent capture occasions. Mark-recapture studies of marine
vertebrates commonly use photo-identification (photo-ID) of natural markings on the body e.g., whale shark
(Rhincodon typus) lateral spot patterns (Arzoumanian et al., 2005) and humpback whale (Megaptera
novaeangliae) fluke markings (Katona et al., 1979), whereas in terrestrial systems camera-traps are commonly
used (Nichols et al., 2011; Schneider et al., 2019) to capture the unique markings of elusive animals such as tigers
(Panthera tigirs) (Karanth, 1995) or for multiple species in remote habitats such as dense forest (Noss et al., 2012)
or high altitude mountains (Wang & Macdonald, 2009).
Cetacean studies epitomise the issues related to estimating abundance of rare animals, as the study species are
often elusive, spatially clustered, and sparsely distributed. These analytical challenges exist both with nearshore
species—for example the IUCN-listed critically endangered vaquita (Phocena sinus) (Rojas-Bracho & Taylor,
2017; Taylor et al., 2017) and Māui dolphin (Cephalorhynchus hectori maui) (Hamner et al., 2014), and the almost
certainly extinct baiji (Lipotes vexillifer) (Turvey et al., 2007)—and with remote ocean species, for example the
endangered North Pacific right whale (Eubalaena japonica) (Cooke & Clapham, 2018; Marques et al., 2011) and
Antarctic blue whale (Balaenoptera musculus intermedia) (Branch et al., 2004; Cooke, 2018). Animals can move
within several hundred kilometres a day (Santos et al., 2019) further complicating field logistics, which are already
challenging when working in the marine environment. There are also often economic limitations as large-scale
line-transect surveys require a substantial budget to finance, entailing a suitable ship or aircraft, technical
equipment, and trained personnel across multiple survey years to ensure robust results. While aerial surveys are
the most cost-effective way to survey larger near-shore areas in a short period of time, ships can remain at sea
for periods of weeks to months and provide an opportunity to collect a wider variety of data, e.g., photo-ID data,
biopsy samples and acoustic recordings (Kaschner et al., 2012). Nonetheless, limited funding and infrastructure
means that these larger studies are the exception to the norm, with only a few countries equipped to undertake
such large-scale surveys (Aragones et al., 1997).
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Small-boat line-transect surveys are the predominant research method for nearshore cetacean populations
(Williams & Thomas, 2009), largely due to accessibility and cost effectiveness. Increasingly, observations from
platforms of opportunity, such as whale-watching operations (Ingram et al., 2007), seismic survey vessels (de
Boer, 2010), cruise ships (Williams et al., 2006), or ferries (Kiszka et al., 2007) have been used to provide
alternative sources of “non-systematic survey-” style data on cetaceans, especially in developing countries
(Koslovsky et al., 2008). Whale-watch operations frequent the water far more than most research boats can afford
and are particularly useful when researcher and operator target the same species. Still, they have their limitations.
The “survey” is at the hands of the operator, whose goal is to ensure a good experience for the customer, which
dictates the survey course, effort, and number of animals that are photographed (Hammond et al., 2004). These
decisions may violate the assumptions of mark-recapture abundance models (Pollock et al., 2002). Nevertheless,
whale watching vessels and other platforms of opportunity can provide sharable data that can be of research value
(Matear et al., 2019; Robbins et al., 2020).
In this study, we estimate the abundance of the New Zealand listed nationally critical Bryde’s whale (Balaenoptera
edeni brydei) (Baker et al., 2019) in the Hauraki Gulf, New Zealand, with line transect distance sampling and
photographic mark-recapture methods for the same time period. Abundance estimates produced from these two
methods are not directly comparable, rather they are complimentary; line transect distance sampling methods
estimate the average number of individuals in an area at any given time, whereas mark-recapture methods
estimate the total number of individuals in an area during the entire study period (Buckland et al., 2001; Buckland
et al., 2004; Pollock, 1990). The Gulf is a core part of the population’s larger range along the northeastern coast
of the North Island (Baker & Madon, 2007). Whales are sighted in the Gulf year-round (Constantine et al., 2015;
O’Callaghan & Baker, 2002; Wiseman et al., 2011), comprising a mixture of frequently sighted individuals and
transients sighted only once, with the structure and composition of the mixture unstable over time (Wiseman,
2008). Bryde’s whales range widely throughout the 1.2 million ha Gulf waters, occur at low densities, and their
distribution is dynamic in time and space (Colbert, 2019; Constantine et al., 2015; O’Callaghan & Baker, 2002;
Wiseman et al., 2011;), thus present a suite of challenges related to detecting and estimating abundance of rare
animals. A study using photo-ID of Bryde’s whales in the Gulf estimated a super-population of 135 whales (CI =
100, 183) between 2001 and 2013 (Tezanos-Pinto et al., 2017). Given the challenges associated with singlemethod abundance estimates of small, dispersed populations (Marques et al., 2011; Nykänen et al., 2018;
Petrovskaya et al., 2012; Southwell et al., 2008), and the conservation status of Bryde’s whales in New Zealand
(Baker et al., 2019), we investigate the efficacy of the two methods of abundance estimation to improve our
understanding of these whales.
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Here, we (1) estimate abundance using mark-recapture distance sampling methods with data collected during
aerial line-transect surveys and, (2) estimate abundance using a closed-population mark-recapture model with
photo-ID data collected predominately on a platform of opportunity (whale watch vessel) in addition to dedicated
yet unsystematic small boat surveys. We then compare the outputs from the two methods and consider the relative
merits of the two approaches in the study of a widely distributed, small population of whales with limited resources
for future population monitoring.

4.2. Methods
Sightings data and photo-identification data were collected in the Hauraki Gulf, New Zealand (36⁰ 10’–37⁰ 10’ S;
174⁰ 40–175⁰ 30’E) during systematic aerial surveys and predominately platform-of-opportunity surveys (whale
watch vessel Dolphin Explorer), respectively (Figure 4.1). Field methods and statistical methods are described in
detail below.
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Figure 4.1. The Hauraki Gulf, New Zealand, showing (a) the line-transect grid (black lines) flown during systematic
aerial surveys, and (b) line density of Dolphin Explorer vessel trip search effort (red, produced using a selection of
trips from August 2000 to June 2019; adapted from Colbert, 2019)

4.2.1 Double observer line-transect surveys
Double-observer line-transect aerial surveys were conducted approximately twice a month from November 2013
to October 2014, totalling 22 surveys. Surveys followed a systematic line-transect course of eight parallel transects
(spaced at 10 km intervals) in passing mode (Buckland et al., 1993), following distance sampling methodology
(Buckland et al., 2001). The start point was randomly chosen to ensure design-unbiased sampling, i.e., every point
in the survey area had equal probability of being sampled (Buckland et al., 2004; Dawson et al., 2008; Fewster,
2011). Some transects were not continuous as their path overlapped with islands, resulting in 16 sub-transects
(Figure 4.1).
Surveys commenced when the BSS was an average of three or less, there was no rain or fog, and where there
was sufficient light to complete the average 4.2 hr survey. The start point, i.e., north or south, depended on the
weather forecast. Aerial surveys were carried out from a Cessna 207 at an altitude of 152.4 m (500 ft) and a speed
of 100 kt (185.2 km/hr). Double-observer line-transect surveys were employed following the protocols of
MacKenzie and Clement (2014), which are detailed in Hamilton et al. (2018; Chapter 3). Four experienced
observers were present on each flight, with two on each side of the plane. Observers did not communicate while
on effort and searched independently of each other. A group was defined as any number of whales in apparent
association, moving in the same direction, which were often (but not always) engaged in the same activity (Shane,
1990). For every detected whale group, observers recorded the time of the sighting, the downward angle from the
transect line, and the group size (the minimum, best, and maximum estimates). The time (to the second) and
declination angle were taken when the group was perpendicular to the plane using synchronised digital clocks and
hand-held inclinometers; sighting locations were determined post-survey using the time from the plane’s GPS
tracks.

4.2.2 Mark-recapture distance sampling analysis
Bryde’s whales were encountered at low densities during surveys. As a result, there was little uncertainty around
matching duplicate sightings, i.e., sightings of a whale made by both observers on the same side of the plane.
Given this, duplicates were reconciled using the fixed tolerance analysis (see Chapter 3; Hamilton et al., 2018).
Three combinations of angle (A) and time (T) were considered: A=10°, T= 5 s; A=15°, T = 5 s; A = 15°, T = 10 s.
Within each setting, all sightings seen by observers on the same side of the plane on the same survey, within the
specified time and angle tolerances of each other, were classified as duplicates. In addition, whales were
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encountered in small groups of 1–3 whales, meaning that for every detection, observers were able to obtain an
absolute count of group size. As a result, it was not necessary to impute group sizes for this analysis, and doing
so would unnecessarily inflate estimates of variance (Appendix F). For consistency with the methods in Chapter
3, we also ran the probabilistic method of duplicate identification presented there.
Following duplicate reconciliation, the population abundance (N) of Bryde’s whales was estimated using the same
mark-recapture distance sampling formulation as employed in Chapter 3, with three detection functions
corresponding to (i) the probability of detection by the rear team, (ii) the conditional probability of detection by the
front team given detection by the rear team, and (iii) the conditional probability of detection by the front team given
non-detection by the rear team. Each detection function was expressed as a function of perpendicular distance
from the transect, together with parameters to be estimated (details in Appendix E, and in MacKenzie & Clement,
2014, 2016) for accommodating the unique configuration of the front observer’s flat window from which the field of
view is a maximum of 60°. We implemented a detection model that estimated the intercept (𝛼𝑘 ) and distance effect
(𝛽𝑖 ) for each detection function, but did not include a group size effect due to the small range of group sizes
encountered. We used the Horvitz-Thompson population estimator to estimate the abundance of whales in the
̂ 𝑐 , as follows:
total area covered by the line-transects over all surveys, 𝑁
𝑛

̂𝑐 = ∑
𝑁
𝑖=1

1
𝐸(𝑝. )

Where the whales sighted, following duplicate reconciliation, is denoted as i = 1, and the overall detection
probability for a whale is the average of the overall detection function, 𝐸(𝑝. ), which is the probability that a whale
at distance y is detected by either observer team.
The MRDS estimate of the total number of whales in the surveyed region of the Hauraki Gulf was calculated as:

̂=
𝑁

̂𝑐
𝐴𝑁
𝛼

Where A = 4352.37 km2 is the total area of the survey region, 𝑎 = 2𝑤𝐿 = 2 × 0.4𝐿 km2 is the transect width, and 𝐿
is the on-effort distance flown across all 22 surveys, measured in km (Appendix D).
To estimate uncertainty, we repeated the above procedure for 500 bootstrap replicates, where, for each iteration,
data were resampled by survey to account for encounter rate variance, and duplicates were matched under fixed
tolerances.
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4.2.3 Photo-identification surveys
Photo-ID data were collected primarily during commercial whale watch tours on the MV Dolphin Explorer, a 19.9
m vessel, and during dedicated non-systematic research surveys on the University of Auckland 15 m research
vessel the RV Hawere. Data were also collected from Aihe II, a 5.5 m research vessel at Massey University. In
order to have a comparable research period to the aerial surveys, only photo-ID data collected between November
2013 and October 2014 were used for the purpose of this research. Data were collected by university-based
researchers and experienced crew aboard Dolphin Explorer, as well as researchers aboard the university vessels.
The Dolphin Explorer followed an unsystematic route with the initial bearing depending on the prevailing weather
conditions and information regarding recent whale sightings. A typical whale watch trip lasted 4.5 hours with the
vessel rarely leaving the inner Gulf (Figure 4.1). The University of Auckland vessel also followed a non-systematic
path but effort was concentrated in the northern region of the Gulf. The Dolphin Explorer searched at a speed of
approximately 19 kt, which was similar to the Hawere (~15–20 kt). When a Bryde’s whale was encountered,
observers took photographs of the lateral side of the dorsal fin and back using a variety of digital SLR cameras
equipped with zoom lenses. If possible, both the left and right sides of the whale were photographed. While on the
Dolphin Explorer, the duration of the encounter was at the discretion of the captain. While on the university
research vessels, an encounter ended once the whale or group of whales had been photographed

4.2.4 Mark recapture analysis
Photo-matching and grading
Photographs were graded based on the quality of the images and the distinctiveness of the nicks and marks on
the whale, which was necessary to minimise misidentification of individuals (Cantor et al., 2012; Friday et al., 2000;
Stevick et al., 2001). Four elements were used for image quality control (QC); focus, contrast, angle, and visibility
of the dorsal fin and back. All raw images that captured a whale were rated from 1 (excellent) to 4 (poor) (Table
4.1). All photographs that passed QC categories 1–3 were assessed for the distinctiveness of the markings. There
were four categories from 1 (highly recognisable) to 4 (no marks present) (Table 4.1). All images with photo quality
and distinctiveness scores of 1–3 were matched to an established photo-ID catalogue. Any new individuals were
checked independently by at least two experienced researchers, then given an accession number in the catalogue
and the database was updated when a match was made. Only images with photo scores of 1–3 and distinctiveness
scores of 1–3 were included in the mark-recapture analysis.
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Table 4.1.
Criteria Assigned to Quality Control All Photographs Including a Bryde’s Whale Dorsal Fin and Back. Photo
Quality Criteria Assess the Image Qualities and Distinctiveness Categories Assess the Quality of the Marks.
Photo quality categories

Criteria

1

Excellent

All attributes comply. Dorsal fin and back clearly visible allowing
assessment of mark distinctiveness. Animal perpendicular with all of
the dorsal fin visible plus a portion of the back, excellent focus and
exposure.

2

Good

One attribute failed to comply. The whole dorsal fin and back is
visible with image less than 45°, in focus, good exposure. May be
partially obscured by spray but not impeding assessment of the
marks.

3

Average

Two attributes failed to comply; but information not compromised by
photographic quality. Image may be partially blurred but outline of
dorsal fin and back is visible; some over or under exposure but
details and outline are visible.

4

Poor

Identification marks visible but the back and fin is not visible, or focus
and exposure too poor to determine details, and/or poor angle of the
dorsal fin (>45°).

Distinctiveness categories

Criteria

1

High

Large fin nicks and/or damage on the back region of the whale.
Makes whale easily recognisable.

2

Medium

More subtle fin nicks and distinctive shaped fin and/or marks on the
whale’s back. Recognisable due to permanence of the marks.

3

Low

No fin nicks but distinctive fin shape. Temporary marks on the dorsal
fin e.g., scratches. More subtle scarring or marks on the back of the
whale.

4

Absent

No markings (no photo quality categories).

Mark-recapture dataset
Each day on which trip effort took place represented a single capture occasion, with photographs taken on 1st
November 2013 recorded as the first sampling occasion and those on 28th October 2014 the final sampling
occasion. There were 218 capture occasions in total throughout the year. The sightings effort for each capture
occasion was taken to be the sum of on-effort hours among all vessels that operated that day. Given that most
trips were conducted on the Dolphin Explorer, we established the unit of effort for all vessels based on the Dolphin
Explorer’s average daily trip time of 270 mins (4.5 hrs). One effort-trip is therefore taken to represent 270 mins of
effort.
If a whale was sighted more than once in a day, it was counted as a single sighting. This could arise if the Dolphin
Explorer ran two trips, or if an individual whale was encountered more than once in a trip, or if more than one
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vessel was operating at the same time and photographed the whale. Following the photo-ID QC process, a capture
history was built for each distinctive whale, where for each sampling occasion, a 1 denoted a capture, i.e., a
photographic record, and a 0 denoted a non-capture. This resulted in a 27×218 matrix of capture histories for 27
distinctive whales over the 218 sampling occasions.
Mark-recapture model
Abundance (N) was estimated with a custom-formulated capture-recapture model under the following
assumptions: (1) No deaths or births, for which it is reasonable given the one-year period of the study relative to
the lifespan of long-lived animals (Williams & Thomas, 2009), (2) no mark change or loss, which we controlled for
by including good quality photographs of distinctive animals in the analysis (Stevick et al., 2001) (3) no behavioural
response to capture, which is a reasonable assumption for photo-ID techniques where images can be taken at
some distance from the whale (Pollock, 1990).
The custom-devised model allowed capture probabilities to vary: (i) due to survey effort, (ii) due to time at a coarse
temporal scale, and (iii) due to individual heterogeneity. First, capture probabilities were scaled by effort for all
capture occasions. The value modelled was the capture probability per effort-trip, and the realised capture
probability for any particular capture occasion was the capture probability per effort-trip multiplied by the total effort
on that capture occasion, measured in units of 270-minute effort-trips.
Second, inspection of the capture history matrix revealed that there were three distinct panels within the study
period, i.e., stretches of time with stable capture behaviour within each panel separated by abrupt changes
between panels, based on the number of sightings per capture occasion (Figure 4.2; Julian day plot). These were
handled by allowing for three distinct sets of capture probabilities, one for each temporal panel.
Third, within each temporal panel we allowed for unequal capture probability among individuals using a two-point
mixture model (Pledger, 2000). Under this model, we assume that whales fall into one of two discrete groups within
each time panel; one group with lower capture probability and the other with higher capture probability. This is a
parsimonious formulation that allows for individual heterogeneity in capture probability without introducing a large
number of additional parameters for estimation. For convenience, we define the first group of whales to have the
lower capture probability, namely 𝑝𝑖 per effort-trip in temporal Panel 𝑖 (𝑖 = 1, 2, 3), and the second group of whales
to have the higher capture probability of 𝑞𝑖 per effort-trip in Panel 𝑖. One further constraint was applied, that 𝑝2 =
0. This was imposed due to the very low sighting rate in Panel 2, and it corresponds to an assumption that a portion
of whales temporarily emigrated outside of the sampling area for the duration of this panel.
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The capture probability of an individual whale within panel 𝑖, on capture occasion 𝑡 for which the effort was 𝑒𝑡 , was
therefore:
𝜙𝑖 𝑝𝑖 𝑒𝑡 + (1 − 𝜙𝑖 )𝑞𝑖 𝑒𝑡 ,
where 𝜙𝑖 , 𝑝𝑖 , and 𝑞𝑖 are parameters to be estimated for each panel; 𝜙𝑖 denotes the mixture probability that a whale
is in Group 1 in Panel 𝑖; 𝑝𝑖 and 𝑞𝑖 are the capture probabilities for Group 1 and Group 2 respectively in Panel 𝑖;
and we imposed the constraint 𝑝2 = 0 for Panel 2, such that there was only one group of catchable whales in this
panel. A single whale was assumed to maintain its group status (Group 1 or Group 2) for the whole duration of a
panel, but its group membership was independent between panels. This means that a single whale could
potentially be in the high-capture group for one panel and the low-capture group for a different panel. However,
the model does not attempt to assign individual whales to groups, but instead focuses on estimating the proportion
of whales in each group during each panel, via the parameters 𝜙𝑖 for 𝑖 = 1, 2, 3.
Implementing the three-panel model required selection of the panel boundaries. Optimal boundaries were selected
by fitting the model with several different combinations of 𝑘1 and 𝑘2 , the number of sampling occasions included
in Panels 1 and 2, respectively. The Akaike Information Criterion (AIC) was used to select the combination of 𝑘1
and 𝑘2 corresponding to the best-supported model.
Parameters were estimated using maximum likelihood procedures. The full set of parameters was N: abundance
(number of individual whales exposed to capture during the year from November 2013 to October 2014); 𝑝1 and
𝑝3 : probability of capture for Group 1 in Panels 1 and 3 respectively; 𝑞1 , 𝑞2 , and 𝑞3 : probability of capture for Group
2 in Panels 1, 2, and 3 respectively; 𝜙1 , 𝜙2 , and 𝜙3 : probability of belonging to Group 1 in Panels 1, 2, and 3
respectively.
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Figure 4.2. Captures histories distinct whales (n=27) by Julian day (calendar day). The first and last day in the
plot are the 1st November 2013 and the 28th October 2014, respectively. The grey rug shows the days that trips
took place, and the vertical grey lines show the division between panels.

Variance was estimated using a non-parametric bootstrap procedure by resampling the entire capture histories of
whales with replacement and refitting the model to each replicate of 27 resampled whales. The bootstrap
procedure also provided an alternative final estimate of abundance based on the mean of the bootstrap replicates,
which may be considered more robust due to reduced reliance on the capture histories of individual whales.

4.3. Results
4.3.1 Mark-recapture distance sampling
Line-transect surveys covered a cumulative total of 7,955 km2 by plane on 22 survey days between 15 November
2013 to 10 October 2014; averaging almost two surveys per month. Twenty-seven sightings of Bryde’s whale
groups were recorded, all of which were within the 400 m truncation distance set in Chapter 3, so no sightings
were truncated (see Chapter 3, Section 3.1 for truncation procedure). There was an average group size per
sighting (including duplicate sightings) of 1.19 whales (SD = 0.40). Three sightings were reported as mother–calf
pairs, none of which were duplicates under any of the fixed tolerance settings.
After duplicate reconciliation and probabilistic resolution of multiple candidates for duplicate pairings as in Chapter
3, the final data sets ranged from 16 to 19 whale groups and from 21 to 24 individual whales, with little difference
in these results across the three fixed-tolerance settings. The fixed-tolerance setting A=10°, T= 5 s was selected
for reporting, because it was found to have the closest match to the probabilistic output (see in Chapter 3).
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The selected model produced an estimate of overall detection probability of 0.93, averaged across distance. The
mean abundance estimate, averaged over all bootstrap replicates, was 15 individual whales (95% CI = 6, 30; CV
= 37%) in the Gulf. This is to be interpreted as the estimated number of whales present on any single day in the
Gulf. The other two fixed tolerance settings produced estimates of 15 and 14 whales with CVs of 42% and 36%
respectively. The fully probabilistic analysis produced an estimate of 14 whales (CV = 38%).

4.3.2 Mark-recapture estimate
Collectively, the whale watch vessel Dolphin Explorer, and university research vessels conducted 229 trips on 218
days from 1st November 2013 to 28th October 2014. Of the 229 trips, 220 were conducted from the Dolphin
Explorer, three from the Hawere, and six from all vessels. On 11 days, there was more than one trip in a single
day, either by two vessels or two trips by the Dolphin Explorer.
The AIC procedure selected 𝑘1 = 16 sampling days in Panel 1, and 𝑘2 = 152 sampling days in Panel 2, which
implied 50 days in Panel 3. The nonparametric bootstrap procedure estimated 45 individual whales (95% CI = 33,
71; CV = 22.0%) in the population over the November 2013 to October 2014 study period. This is to be interpreted
as the estimated total number of whales present in the Gulf across the whole year. The alternative non-bootstrap
estimate of abundance was very similar at 44 whales (95% CI = 28, 68; CV = 22.7%).
Markings on the dorsal fins of whales and dolphins are accumulated over time. As a result, it is necessary to
calculate the mark ratio so the estimate of abundance can be adjusted to account for the individuals that did not
meet the distinctiveness criteria and were not used to estimate abundance. In this study, the mark-recapture
estimate of abundance was adjusted with a mark ratio of 0.633 (SE = 0.06), which was taken from a recent markrecapture abundance study of Bryde’s whales in the Gulf (Tezanos-Pinto et al., 2017). This was comparable to
the mark ratio derived from a sample of the dataset used in this study (approximately 0.5). However, we were able
to obtain higher precision (CV = 23.7 % compared to CV = 31%) in our estimate using the mark ratio from TezanosPinto et al. (2017), which was estimated from a larger photo-ID dataset collected over a 2-year period. The final
estimate of abundance, adjusted for the mark rate was 69 individual whales (95% CI = 37, 101; CV = 23.7%) in
the population over the 2013–2014 study period.

4.4. Discussion
The simultaneous use of line-transect distance sampling and mark-recapture techniques in this study has provided
a more nuanced understanding of the dynamics of Bryde’s whales using the Gulf. This is valuable given their
nationally critical status in New Zealand (Baker et al., 2019) where even small changes to their distribution and
mortality rates could have a large impact, as seen in the North Atlantic right whales (Eubalaena glacialis) (Davies
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& Brilliant, 2019; Pace et al., 2017) listed as critically endangered by the IUCN (Cooke 2020). Until recently Bryde’s
whales had high levels of ship-strike mortality in the Gulf but this has been mitigated with a voluntary protocol to
reduce ship speeds (Constantine et al., 2015; Ebdon et al., 2020). Before examining the efficacy of using two
techniques to estimate the abundance of Bryde’s whales in the Gulf, it is important to consider what question each
approach is answering as there are subtle differences in what they are both measuring. Mark-recapture estimated
the total number of animals that used the Gulf over the 1-year study period, regardless of whether they were
present on sampling days. In contrast, the mark-recapture distance sampling estimate was a snapshot of the
average density or abundance of whales at any one time during the study period (Buckland et al., 2001; Buckland
et al., 2004). As a result, estimates derived from mark-recapture and mark-recapture distance sampling methods
are not directly comparable in their current form; rather, the two methods are complementary, and need to be
interpreted in the context of the population and study site (Calambokidis & Barlow, 2004). The aerial survey
distance sampling estimated 6–30 whales and photo-ID based mark-recapture estimated 37–101 whales during
the study period. In the case where the entire population range is sampled and animals exhibit a high degree of
residency, then results from the two techniques should be similar, as found for bottlenose dolphins (Tursiops
truncatus) in Laguna, southern Brazil (Daura-Jorge & Simões-Lopes, 2017), and ‘northern resident’ killer whales
(Orcinus orca) in British Columbia (Williams & Thomas, 2009). In this study, line-transect surveys covered the
Gulf, which is only part of the population’s wider range (Baker & Madon, 2007) highlighting one of the challenges
with estimating the abundance of highly mobile species and designating their species status (e.g., Nykänen et al.,
2020). Some whales are long-term, frequent users of the Gulf with individuals seen regularly over more than 20
years (R. Constantine, unpublished data, University of Auckland), while others are occasional visitors. Temporary
emigration is an important feature of this population; the frequency and duration of these movements in and out of
the Gulf by individual whales is unknown (Tezanos-Pinto et al., 2017). The genetic diversity of this population is
high suggesting good levels of gene-flow between more resident and transient whales (Wiseman, 2008). In this
context, the mark-recapture model provides an estimate of the number of animals that used the Gulf between
November 2013 and October 2014, whereas the distance sampling estimate provides an estimate of the average
number of individuals that were present in the Gulf at any one time during the same period. The lower estimate of
Bryde’s whale abundance from line-transect methods supports the above scenario where only a portion of the
population is likely to be present and using the Gulf at any one time.
Despite the large-scale, systematic design of aerial line-transects, surveys did not return a sufficient sample to
reliably estimate the detection probability (fewer than 60–80 detections, as recommended by Buckland et al.,
2001). This result is not surprising, given that the population size is small, individuals occur at low densities, and
only a fraction of the population is likely to be present in the Gulf at any one time. Nevertheless, this is the first
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time that distance sampling methods have been used to estimate the abundance of Bryde’s whales in the Gulf,
and the estimate provided valuable insight into how many whales may have been in the Gulf on any given day.
Issues with detectability can be overcome by integrating sampling techniques based on the characteristics of both
the population and the environment, which should maximise the probability of detection (Thompson et al., 2004).
Various approaches exist, such as stratified sampling or adaptive sampling (Anderson, 2001; Brown et al., 2013;
Thompson et al., 1992); both of these options could possibly work to increase the number of detections of Bryde’s
whales. While simple enough in theory, this would be financially demanding. As the aerial surveys were designed
to study the community of large predators, sharks and cetaceans (see Chapter 2), adapting the design to meet
the needs of one species comes at a higher cost than the multi-specific approach taken in our study. This highlights
the reality of wildlife conservation and monitoring programmes, in which trade-offs have to be made due to logistical
and financial constraints.
Our mark-recapture estimate (37 to 101 whales) was slightly higher than robust-design seasonal abundance
estimates of Bryde’s whales using photo-ID data collected from 2004–2006 (17 to 43 whales) and 2011–2013 (13
to 31 whales), but similar to the POPAN mark-recapture approaches for the same periods (38–74, 42–68,
respectively) (Tezanos-Pinto et al., 2017). The upper confidence interval limit of our estimate was also comparable
with that of the lower confidence interval of the super-population estimate for the 2011–2013 period (100–183
whales; Tezanos-Pinto et al., 2017). This result suggests that there may have been a slight increase in the number
of whales that used the Gulf between November 2013 and October 2014, but, given that confidence intervals
overlap, it is just as likely to reflect natural inter-annual variability in the individuals that use the Gulf.
Mark-recapture techniques using platform-of-opportunity surveys have proven useful for Bryde’s whales in the
Gulf, but estimates are prone to geographic-sampling bias because of the survey-biased “survey design,” which
can cause significant underestimation (Scallan & Keller, 1999). While the whale-watch boat prioritises interactions
with Bryde’s whales, all cetaceans are of interest, and the time spent with other species depends on the quality of
the interaction. In addition, the time spent with individual whales also depends on the quality of the interaction for
the tourists. These are two potential sources of heterogeneity in capture probabilities, which also have the potential
to cause serious bias in estimates (Calambokidis & Barlow, 2004). In these cases, the structure of the data needs
special attention to develop a suitable framework to account for unequal capture probabilities. Our framework of
finite mixture closed-population generated a biologically sensible estimate of abundance with good precision (CV
= 23.7%). In addition, combining the opportunistically collected photo-ID data with the photo-ID data collected
during dedicated boat surveys improved the precision of the mark-recapture abundance estimate, validating the
benefits of such an approach.
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Both methodologies provided us with a different perspective of the abundance of Bryde’s whales during the study
period. However, when the mark-recapture estimation formula is adjusted to answer the same question as
distance-sampling methods, i.e., how many whales are in the Gulf in any given day, a comparison can be made
between the two methodologies. The adjusted photo-ID estimate for the number of whales present at any one time
was 30 whales, which is the same as the upper confidence limit of the MRDS estimate (6–30 whales). Given that
the data were collected under two different sampling schemes, it makes a direct comparison difficult although the
two methods were valuable for a better understanding of the population dynamics. Under their current design,
neither of the sampling methods are optimal. The line-transect surveys systematically covered a considerably
larger geographical range, but it appears that the density of whales is too low to collect a sufficient sample under
a simple design. In contrast, a sufficient number of whales were encountered during photo-ID trips to estimate
abundance with reasonable precision using mark-recapture techniques. Mark-recapture estimates would benefit
from intensive effort by research boats in the outer Gulf, which will complement data collected from the whalewatch boat in the inner Gulf. In addition, research boats could employ a more systematic design in the outer Gulf
to improve the quality of estimates. Unfortunately, the use of platform-of-opportunity surveys depends on the
viability of the tourism industry, which is affected by global events e.g., the current pandemic, meaning that linetransect surveys will need to be employed at some stages in the future. If this is the case, there are several
techniques that may possibly work to improve line-transect methods, such as domain estimation (McDonald, 2004)
and model-based approaches (i.e., habitat-based density models) (Buckland, 2004). Unmanned aerial vehicles
(UAVs), defined as an aircraft flying without the pilot on board, are now being used to perform aerial surveys of
marine mammals. While not readily available, UAVs are a cheaper approach to long-term monitoring, and, due to
their advanced technological capacity, may be able to overcome many of the limitations of using manned aircraft
(Hodgson et al., 2013).
From a global perspective, this study demonstrates where the use of statistics can help to overcome sampling
issues in countries with limited funding and resources. When there are financial and logistical constraints,
estimation of abundance with opportunistically collected photo-ID data may be the only option. Where these
constraints exist, it is critical to ensure the model-design takes into account the population structure and methods
of data collection to minimise the sources of bias and produce robust outputs. In the Hauraki Gulf, we recommend
that both aerial surveys and boat surveys are utilised to maximise understanding of the Bryde’s whale system
state.
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Chapter 5. General Discussion
5.1. What did we learn?
Knowledge of the distribution and abundance of animal populations is important for describing their ecological
niche. It is important to link applied science to theoretical concepts in ecology for effective conservation planning
and management. Despite the difficulties associated with studying large marine predators, we need a clear
understanding of the distribution and abundance of populations because of the substantial role they play in
maintaining ecosystem health; this calls for large-scale, multi-species monitoring programmes. This thesis
presents the first study to perform a comprehensive survey of large marine predators, using a design-unbiased
survey i.e., probabilistic sampling scheme, covering the whole Hauraki Gulf region. This large-scale modelling of
the fine-scale distribution patterns of key cetacean and shark species, in relation to prey patches and their
environment, significantly advances our understanding of the importance of the Gulf to marine megafauna. In
addition, the use of distance sampling methods with novel techniques to estimate the abundance of two yearround species of cetacean is important for management decisions affecting cetaceans (e.g., Baker et al., 2019).
The aircraft proved to be a useful platform to detect a variety of predator species of different sizes and functional
groups as well as surface prey patches. We sighted five cetacean species, four shark species, three ray species,
12 seabird species, and 53 groups of large predatory fishes. The aerial surveys followed a design-unbiased route,
which allowed us to draw statistical inferences regarding abundance estimates, and to use the findings to derive
and test hypotheses about habitat preferences in the future (Pollock et al., 2002). As effective as aerial surveys
are to monitor the large predator community, the ability to use them depends upon the availability of a suitable
aircraft. There is no longer a survey plane in New Zealand at this time, which is a common limitation faced by
researchers in less affluent countries (Aragones et al., 1997). This is hopefully a problem we can overcome with
the use of a survey-fit UAV in the near future (e.g., https://maui63.org/). While initially expensive, the ongoing costs
are comparatively cheap and they have the potential to gather a wider array of data, which makes them an
attractive alternative to manned aircraft (Hodgson et al., 2013; Nowacek et al., 2016).
While it was not possible to build SDMs for all species sighted, it was feasible to model the fine-scale distribution
patterns of three cetacean species and four shark species in relation to the local conditions over a one-year period.
Despite this effort, four of the habitat models were built with fewer presence points than desirable, which is a typical
issue when studying rare, wide-ranging animals. All of the BRT models performed reasonably well and held good
predictive power. The models have provided us with useful insight into the ecological drivers of fine-scale
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distributions for a diverse range of wide-ranging predators representing the guild of top consumers that frequent
the Gulf. It was not possible to evaluate model predictions with an independent dataset due to the small sample
sizes, but the prediction maps have provided us with a baseline of the potential distributions of these species and
can be used for further exploration through prospective sampling (Guisan et al., 2006; Le Lay et al., 2010), which
will be fundamental to the future management of the Hauraki Gulf Marine Park (HGMP) and its ongoing success.
It is also important to remember that the Gulf has been severely degraded since human arrival and diversity and
abundance have been dramatically reduced (MacDiarmid et al., 2016). What we consider as baseline data today
does not reflect the historical state of the Gulf, but instead we see a shifted baseline which is important when
considering the revitalisation of the Gulf.
The predicted habitat preferences of cetaceans and sharks align with our understanding of their ecological niches.
Collectively, these predators used the entire space of the Gulf over the year, indicating that it provides enough
environmental heterogeneity to support several large predator species as long as the ecosystem is intact. A singlespecies conservation approach is unfavourable compared with the ecosystem-based management approach,
where the goal is to protect biodiversity and important habitats (Hyrenbach et al., 2000). However, the big-picture
approach may fail to provide adequate protection to threatened or vulnerable species as the ecological
requirements of each species is often overlooked (Dulvy, 2013). Habitat preference maps point towards the types
of pressures that each species or species group may be exposed to in space and time, and it is important to
consider each species separately to ensure that ecosystem-based management is effective. For example,
bottlenose dolphins and bronze whaler sharks are both coastal species that are distributed broadly between
extreme coastal habitats to semi-offshore waters. Bronze whaler sharks move into extreme inshore environments
during summer, such as the surf zone and harbours, and move into deeper waters over the continental shelf in
winter (Last & Stevens, 1994), which is reflected across the monthly distribution maps. In this study, bottlenose
dolphins were predicted to be present in coastal and inshore regions of the Gulf from late winter to late summer.
While bronze whaler sharks and bottlenose have an overlap in their prey, they appear to segregate slightly in
space and time potentially reflecting different resource use, which suggests that a generic management plan for
coastal predators would be an inadequate strategy for protecting these two species.
It is also important to consider how anthropogenic pressures may impact a species based on their phylogeny and
different life stages when planning conservation strategies. As ectotherms, sharks are far more sensitive to their
external environment compared to cetaceans and exhibit ontogenetic shifts in habitat preferences (Schlaff et al.,
2014). Immature hammerhead sharks were predicted to occur in extreme coastal habitats, especially in the
southern reaches of the inner Gulf in just a few months of summer, which may experience greater fluctuations in
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salinity, temperature, and purity due to freshwater runoff and pollutants (Stevens et al., 2019; Zeldis et al., 2004).
Immature hammerhead sharks commonly move from the neritic to oceanic waters at two to three years of age
(Clark et al., 2015). However, as mobile predators, they may leave their environment if changes become too
energetically costly or life threatening. Leaving may come at the cost of predation or the inability to find suitable
habitat. Mangroves are nursery habitat for immature hammerhead sharks in the Gulf, but these have been
degraded due to removal for coastal development, which highlights the need to consider pressures on land and in
the ocean in the management of large marine predators (Hauraki Gulf Forum, 2020; Sievers et al., 2019). In
addition, seagrass meadows were once extensive throughout the Waitematā Harbour and out through the Tāmaki
area (Morrison et al., 2014), which may have been critical nursey habitat for juvenile bronze whaler sharks, as
found in southern Australia (Drew et al., 2019). In contrast, pelagic sharks were predicted to occur in the outer
Gulf mainly, in the same region as major fisheries including trawling and set longlines. The smooth hammerhead
sharks are highly prone to the effects of overfishing (Rigby et al., 2019), have a high post-release mortality rate
due to stress (Braccini et al., 2012; Gallagher et al., 2014; Gulak et al., 2015), and commercial fisheries are not
permitted to target the smooth hammerhead shark under the New Zealand Fisheries Act 1996. Nonetheless, it is
often reported as bycatch, which is likely to be underreported (Francis, 2016), and management of the Gulf needs
to consider the larger ecosystem effects of activities such as commercial, recreational and customary fishing on
shark populations.
The importance of prey in all predator models provides a causal link between predator occurrence and prey
availability and distribution (Wirsing et al., 2020). This lends support to the hypothesis that year-round, the Gulf is
an important feeding ground that has the capacity to support a diversity of marine predators, in particular, an
abundant metapopulation of common dolphins. Not all predator species or species groups overlapped spatially
with prey patches; however, spatial incoherence of marine predators and prey is not an unusual result (e.g.,
Greene et al., 1994; Logerwell et al., 1998; Russell et al., 1992). While the aerial survey provided the advantage
of detecting prey patches, our observations were limited to surface waters and it is almost certain that sub-surface
prey patches have gone unseen. The anti-predator response of mobile prey, such as fish, is stronger at finetemporal resolution, and the snapshot captured of predator and prey distributions during aerial surveys may not
be sufficient to measure the complex spatial dynamics of predators and their prey. Prey selection is more likely to
be affected by biological interactions at small spatial and temporal scales, such as patch characteristics (BenoitBird et al., 2013) and interactions between top predators, such as facilitation, interference, and exploitation
competition, are not measurable or testable hypotheses from an aircraft (Camphuysen et al., 2006; Wirsing et al.,
2020). Targeted behavioural and acoustic studies of predator-prey relationships along with prey sampling will add
value to our findings (Benoit-Bird & Lawson, 2016; Benoit-Bird & McManus, 2012), as would a study of stable
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isotopes to identify important prey items to each of these predators to understand more about population, i.e.,
trophic position, dietary niche breadth, and community dynamics (Gulka et al., 2017; Peters et al., 2020; Wilson et
al., 2017). For example, Bryde’s whales in the Gulf are selective predators (Carroll et al., 2019), which has strong
implications in terms of the species’ conservation as fisheries are the predominant source of competition for large
predators. The Bryde’s whales have switched their prey preference from primarily small, schooling fishes to
zooplankton over the past decade; the causes of this switch are currently unknown (Gostischa, 2020). There has
been a change to the ecosystem structure and function in the Gulf as a result of human arrival (MacDiarmid et al.,
2016). Total phytoplankton production is estimated to have increased 15% since the 1500s’ most likely due to
increased nutrients from runoff associated with land modification (Pinkerton et al., 2015). The Gulf ecosystem has
been highly modified with a reduction in the historical biomass of mid-trophic fish species through commercial,
recreational and customary fishing, alongside the increased phytoplankton productivity with land-borne nutrients.
As a result, the functioning of the lower levels of the food-web are decoupled from changes at the higher trophic
levels (Pinkerton et al., 2015). The consequences of this are unknown, but the reduction in biomass and
biodiversity of top predators almost certainly affected food-web dynamics. An example of this is the shift in the diet
of shags in the Gulf over the past 141 years, related to prey availability (Rayner et al., In press). These centurieslong anthropogenic pressures highlight the need to understand contemporary trophic interactions of large marine
predators to identify key prey resources, how sensitive they are to changes to these resources and their resilience
to ongoing change (Colbert 2019).
Prediction maps indicate that marine predators collectively utilise the entirety of the Gulf, at all times of the year,
and that habitat use is dynamic both in time and space. This is likely to reflect the spatiotemporal variability in prey
distributions within the Gulf, which represents a critical habitat patch within these predators’ overall ranges.
Predators track ephemeral prey patches at fine scales to meet their energetic requirements, and they must respond
quickly to the movements of their prey (Goldbogen et al., 2008), whose distributions are often highly variable in
dynamic marine environments. Fine-scale spatiotemporal variability in distribution patterns of mobile predators get
smoothed out at coarse spatial and temporal resolutions (Mannocci et al., 2017). Unfortunately, several dynamic
oceanographic variables of interest, such as tidal current and seabed disturbance, are only available at a coarse
temporal resolution for the Gulf region, which is likely to smooth out important dynamic species-habitat
relationships (Embling et al., 2012; Fernandez et al., 2017). However, the fine spatial resolution of my study is
highly informative for management and planning purposes (Becker et al., 2017; Scales et al., 2017). The question
of how to provide adequate spatial protection to such large wide-ranging species in a dynamic marine environment
while balancing economic and social needs is challenging. Yet, the dynamic nature of distributions and the
importance of prey as drivers of predator distribution need to be considered when determining the future course
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of spatial management in the HGMP; the question of when and not only where protection measures should be
implemented should be at the forefront of future conversations around management strategies.
Despite high spatiotemporal variability in distributions, the prediction maps indicated the presences of top
predators peaked in correspondence with periods of influence on productivity from upwelling and the EAUC.
Cetaceans and sharks were predicted to occur from late winter and summer, respectively. It is important to note
that the predicted presences of sharks in December may also be in part because of their reduced physiological
capacity to cope with the seasonal changes in temperature and salinity (see review by Schlaff et al., 2014), but
these trends may reflect the responses of cetaceans and sharks to oceanographic processes. There is a wealth
of evidence that marine predators associate with oceanographic features that enhance foraging (e.g., Braun et al.,
2019; Cox et al., 2018; Davoren, 2000; Irvine et al., 2014; Queiroz et al., 2012), and identification of temporal or
spatial hotspots aids evidence-based MPA planning and the effectiveness of zoning (Gilman et al., 2019; Schofiled
et al., 2013; Thiers et al., 2014). Implementation of static boundaries within certain timeframes, i.e., dynamic MPA
management, may be possible with an investigation of the persistence and aggregations of predators in relation
to oceanographic features (Game et al., 2009; Hyrenbach et al., 2000; Lambert et al., 2020). Unfortunately, data
relating to nearshore, sub-surface oceanographic processes are currently lacking, which gives us a limited capacity
to build predictive habitat models in three-dimensional space. The focus has been on offshore or highly localised
processes (O’Callaghan & Stevens, 2017; Stevens et al., 2019). Further development of ocean models will be of
great value in understanding large marine predators in the Gulf and will open the door to dynamic management of
highly mobile species (Becker et al., 2016). Temporal bans would of course overlap with peak fishing activity as
both predators and fishermen are in direct competition for the same forage resources. Therefore, while dynamic
habitat management offers more flexibility around managing large marine predators in pelagic plankton-based
ecosystems, there is likely to be conflict between economic, socio-cultural and conservation objectives, which will
need special attention to make it work (Gaines et al., 2010).
Both Chapters 3 and 4 highlighted the difficulties of producing reliable estimates of abundance for rare populations.
Common dolphins are numerically abundant in the Gulf (n = 1598-3615 individuals for the 2013-2014 period), but
are spatially clustered meaning that we often encountered clusters at high densities. This made it difficult for
observers to estimate group size and define clusters from the aircraft, which created issues in the analysis stage.
This promoted the development of new tools to reduce error stemming from these biases and to account for them
in estimates of uncertainty (Hamilton et al., 2017). Our findings highlighted that misidentification of duplicates and
error in judgement of group sizes during double-observer line-transect aerial surveys can be significant sources of
error when estimating abundance with MRDS. Abundance is arguably the most important system state variable in
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terms of monitoring and managing wildlife populations (Cooke, 1995). Our estimation indicates that the Gulf
supports a large number of common dolphins. Marine management often takes a triage response to conservation
action, leaving decisions until a species or population is vulnerable to extinction; a large population of common
dolphins in the Gulf does not mean that ongoing monitoring is unnecessary. For example, common dolphins were
once widespread in the Mediterranean Sea but abundance has declined rapidly because critical habitat has
become suboptimal or poor due to human pressures (Bearzi et al.,2008; Piroddi et al., 2011). Common dolphins
have been a challenging species for estimating abundance (Hupman et al., 2018), but the MRDS approach
resolves many of the issues and provides a relatively straightforward approach for ongoing monitoring. In addition,
our novel approach will enable researchers to apply MRDS techniques to terrestrial and marine species and
populations characterised as numerically abundant, but spatially clustered with dynamic grouping patterns.
Bryde’s whales are characterised by the type of rarity where the population is not numerically abundant (an
average of 15 individual whales on any day (95% CI = 6, 30) and 69 whales (95% CI = 37, 101) for the 2013-2014
period) and animals are sparsely distributed, and aerial surveys returned an insufficient number of sightings to
reliably estimate the detection function. This suggests that the current line-transect survey design is not optimised
for estimating abundance of this Bryde’s whale population with MRDS. Nevertheless, the MRDS estimate provides
us with a different perspective of Bryde’s abundance in the Gulf for the very first time. The photo-identification
dataset was of a reasonable size to estimate capture probabilities during the study period. The downside of relying
on opportunistically collected data to estimate abundance is that the surveys were design-biased, which violates
the assumption of equal capture probabilities. Understandably, wildlife managers often resort to the cheaper,
easier alternative of design-biased sampling or ‘index’ methods without considering how this will impact their ability
to detect trends. This is a conservation catch-22 because only unbiased, accurate, and precise estimates have
the statistical power to detect real trends in abundance and provide the information necessary to take conservation
action (O’Grady et al., 2006; Taylor & Gerrodette, 1993). We were able to develop a biologically sensible MR
model to deal with heterogeneity in capture probabilities by considering the population and the structure of the
data, which highlights the power of advanced modelling techniques to deal with some of the constraints of studying
these large animals when funding is limited. The use of both techniques together provided us a more complete
understanding of the Bryde’s whale population, which is valuable considering their conservation status in New
Zealand (Baker et al., 2019).

5.2. Study limitations, future direction and recommendations
This study provides a sound platform for further research and hypothesis testing regarding distribution of large
predators in the Gulf. The results indicate that the BRT models were useful for predicting potential distributions of
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these predators, but it was not possible to evaluate their predictive performance with an independent dataset
because of the small sample sizes. The distribution models provide a base for future studies to conduct prospective
sampling, especially in areas that were not sampled from and in areas where the predictions had high uncertainty
(Mannocci et al., 2015), to validate the predictive power of these models. In addition, different SDM tools may
produce contrasting or inferior predictions of suitable habitat (e.g., Becker et al., 2020). This study solely relied on
BRT models to predict suitable habitat, but it may be of value to build several types of SDMs or use ensemble
methods, especially given that models could not be validated. It is important to remember that this study only
represents one year of data. Given the dynamic state of distributions that were predicted, it is important to continue
monitoring marine predators in the Gulf and build new SDMs as new data come in to enable effective adaptive
planning and management (Douvere & Ehler, 2011). Models should be developed as finer scale temporal data of
dynamic oceanographic and climatic variables become available. In the meantime, it is recommended that the use
of surface variables such as SST or chlorophyll-a to derive layers of frontal zones and the use of sea surface
height to identify oceanographic features is explored as it has proved successful elsewhere (e.g., Cotté et al.,
2007). With these, we may develop a better understanding of the processes underpinning the presences and
distributions of predators in this plankton-based pelagic ecosystem as explored with cetaceans in the Gulf (Colbert
2019), and aid the development of an evidence-based management strategy for large marine predator species.
Detection probabilities were not accounted for in the habitat models, which is a potential source of bias in the
predictions of distribution. While it would have been possible to estimate detection functions for cetaceans using
distances recorded during surveys, angle was not recorded for shark sightings. As it was decided to keep the
methodology for constructing BRT models consistent across all species, the effect of the detection probability on
predictive accuracy warrants investigation. Occupancy models, which can incorporate imperfect detection using a
detection history, similar to capture history used in MR methods, may be useful to compare similarities and
contradictions in predicted habitat preferences (MacKenzie et al., 2002). It is also possible to estimate the detection
probability from tagging data, which are already available for juvenile hammerhead and mako sharks in the Gulf
(Francis, 2016), to use aerial surveys to produce robust estimates of the abundance of sharks (Nykänen et al.,
2018). It is unfortunate that the aerial surveys did not return enough sightings to produce a reliable estimate of the
detection function. Mark-recapture and distance sampling are both useful tools to estimate abundance, can inform
on a range of system state variables (birth rate, death rate, abundance, and density), and are powerful when
combined. Given the conservation status of Bryde’s whales in New Zealand, it is recommended that both platforms
are used simultaneously to measure and monitor the breadth of state variables that both techniques offer
collectively.
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Knowledge of the distributions of species and their spatial overlap with human activities is absolutely necessary
when managing a multi-use MPA. This study did not directly investigate the degree of spatial overlap between
human activities and predator distributions, but determining the extent to which anthropogenic activities overlap
with critical habitat of large predators will be necessary for the future development of the Hauraki Gulf Marine
Spatial Plan – Tai Timu Tai Pari (e.g., Constantine et al., 2015; Pichegru et al., 2009; Queiroz et al., 2016), and
for understanding how climate change may cause shifts in the distribution of predators in the Gulf (Colbert, 2019).
In addition, special attention should be given to understanding the cumulative effects of human activities instead
of studying them in isolation (Halpern et al., 2009; Halpern, McLeod, et al., 2008). The shortfin mako shark and
blue shark are highly migratory species, and smooth hammerhead sharks undergo trans-Tasman migration, and
it is important to ensure that they are given adequate protection when in New Zealand waters. Species are usually
highly vulnerable in just a few demographically critical areas within their overall range such as breeding and
foraging areas, migration routes, and nursery grounds (Game et al., 2009), and there are some instances where
sharks benefit from small MPAs in at least part of their migratory corridor (Shiffman & Hammerschlag, 2016).
Ocean productivity and ecosystem processes rely on the balance of complex trophic interactions between predator
and prey species and their indirect consequences, and the high connectivity across ocean basins means that local
change can have far reaching effects (Leroux et al., 2019). The future of fisheries depends on the persistence of
large marine predators, and these sharks should be given adequate protection due to the significance of the Gulf
as foraging habitat, as per the National Plan of Action for the Conservation and Management of Sharks (Ministry
for Primary Industries, 2013). For the HGMP to succeed as a multi-use MPA, surveillance and enforcement of
regulations are required, otherwise the HGMP runs the risk of becoming yet another “paper park” (Rodríguez &
Rodríguez-Clark, 2001).
Concluding remarks
Like other seasonally stratified shelf seas, the HGMP is under pressure due to human activities such as
commercial fishing, coastal development, shipping, dredging, pollution and climate change. Management is
complicated, given the involvement of multiple stakeholders with conflicting values, and has been somewhat
unsuccessful so far (Hauraki Gulf Forum, 2020; Peart, 2017). Predators are key components of all ecosystems,
and any hope of maintaining a viable pelagic ecosystem in the Gulf depends on their persistence. When taking
the seabirds into consideration, as well other large predator species that we were not able to be included in this
analysis, it appears that the Gulf has the capacity to support a diverse community of large marine predators.
The results indicate that sharks and cetaceans utilise the entirety of the Gulf at all times of the year and their
distributions are dynamic both in time and space. Nevertheless, there appears to be a period of around six months
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where the occurrences of cetacean and shark species peak, and it is strongly recommended that conservation
planning focuses on implementing temporal restrictions of harmful activities within spatially defined boundaries to
maximise protection of these large predators. Marine predators are equally as difficult to manage as they are to
study, however there are excellent examples where conservation goals are balanced with economic objectives
and a diverse community of large predators can thrive (Chilvers et al., 2005; Handley, et al., 2020).
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Appendices
Appendix A: Species list and maps showing the location of presences
used to build BRT models.

Table A1. Summary of Species Recorded During Aerial Surveys Following Duplicate Reconciliation
Species Code

Common name

ActSpp
BalEdi
CarBra
CetSpp
DelDel
DelSpp
ElaSpp
IsuOxy
ManBir
MobJap
MobSpp
MolMol
MylTen
OrcOrc
Plankt
PreBal
PriGla
PsuCra
SphZyg
TurTru
Uniden

Unidentified large fish
Bryde's whale
Bronze whaler
Unknown cetacean
Common Dolphin
Unidentified dolphin
Unidentified shark spp
Shortfin mako shark
Giant manta ray
Spine-tailed devil ray
Unidentified ray
Sunfish
Eagle Ray
Killer whale
Plankton aggregation
Prey ball
Blue shark
False killer whale
Smooth hammerhead shark
Common bottlenose dolphin
Unidentified animal

On Effort,
On Transect

On Effort,
Off Transect

Off Effort

Total

53
16
40
4
241
10
58
1
3
0
1
2
2
4
212
148
15
0

0
5
2
4
17
4
3
0
0
0
0
0
0
0
6
20
0
0

0
5
5
3
15
4
4
0
0
3
0
0
0
1
1
9
0
1

53
26
47
11
273
18
65
1
3
3
1
2
2
5
219
177
15
1

139
24
20
993

1
0
3
65

4
7
2
64

144
31
25
1122
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Table A2. Summary Of the Number Sightings (s) and the estimated number of individuals (n) On-Effort and on
Transect during aerial surveys
Bryde's
whale

Common
dolphin

Bottlenose
dolphin

Bronze
whaler
shark

Hammerhead
shark

Mako
shark

Blue
Shark

Plankton

Fish

Survey
1

s

n

s

n

s

n

s

n

s

n

s

n

s

n

s

s

0

0

11

238

0

0

0

0

2

2

0

0

3

3

3

11

2

2

3

31

204

6

65

0

0

0

0

0

0

1

1

0

16

3

0

0

21

374

2

32

0

0

2

2

0

0

3

3

2

21

4

2

4

26

963

2

21

2

2

3

3

0

0

1

1

13

11

5

0

0

9

101

4

24

15

18

31

71

0

0

1

1

1

7

6

2

2

5

148

0

0

5

8

26

26

0

0

1

1

0

4

7

1

1

2

35

0

0

0

0

1

1

0

0

0

0

9

3

8

0

0

7

83

4

74

2

2

5

5

0

0

1

1

13

2

9

0

0

3

23

0

0

2

2

6

6

0

0

1

1

5

2

10

0

0

5

163

2

18

4

6

47

68

0

0

0

0

0

9

11

2

3

2

15

0

0

3

3

7

7

0

0

1

1

1

12

12

0

0

5

35

1

6

0

0

1

1

0

0

0

0

1

2

13

0

0

10

395

0

0

1

1

2

2

1

1

1

1

2

4

14

0

0

9

57

0

0

3

9

2

2

0

0

0

0

1

3

15

0

0

9

35

0

0

2

2

0

0

0

0

0

0

92

3

16

0

0

11

164

0

0

0

0

1

1

0

0

1

1

48

14

17

0

0

10

62

0

0

0

0

0

0

0

0

0

0

9

4

18

0

0

10

67

0

0

0

0

0

0

0

0

0

0

0

0

19

1

1

6

53

0

0

0

0

0

0

0

0

0

0

3

6

20

2

2

24

247

4

45

1

1

3

3

0

0

0

0

8

9

21

2

3

12

64

1

1

0

0

0

0

0

0

0

0

0

5

22

1

1

13

149

0

0

0

0

0

0

0

0

0

0

1

0
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Figure A1. Sightings of bottlenose dolphin made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A2. Sightings of Bryde’s whales made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A3. Sightings of common dolphins made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A4. Sightings of bronze whaler sharks made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A5. Sightings of immature smooth hammerhead sharks made on effort and on transect during linetransect aerial surveys (October 2013–November 2014).
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Figure A6. Sightings of pelagic sharks made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A7. Sightings of schooling fish made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A8. Sightings of zooplankton made on effort and on transect during line-transect aerial surveys (October
2013–November 2014).
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Figure A9. Sightings of large predatory fishes made on effort and on transect during line-transect aerial surveys
(October 2013–November 2014).
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Figure A10. Sightings of killer whales made both on and off effort and on transect during line-transect
aerial surveys (October 2013–November 2014).
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Appendix B Variable Correlations

Table B1. Correlation Matrix of Habitat Covariates (Pearson Correlation).
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Appendix C Study area and survey protocol
Study area:
The Hauraki Gulf is a shallow, semi-enclosed embayment located on the northeast coast of the North Island, New
Zealand (36⁰ 10’–37⁰ 10’ S; 174⁰ 40’–175⁰ 30’E). It comprises the inner gulf, which lies south of Cape Rodney and
Cape Colville, and the outer gulf, which is the area north of this and includes Great Barrier Island and Little Barrier
Island (Figure C1).

Little Barrier Is.
Cape Rodney
Great Barrier Is.

Cape Colville

Coromandel

0

20

40

80 Kilometers

Figure C1. Map of the Hauraki Gulf, New Zealand. The shaded dashed line represents the boundaries of the
Hauraki Gulf Marine Park. The survey region for our study is shown by the bold polygon. This area is thought to
encapsulate most of the range of this population of common dolphins, and is the area over which we estimate
dolphin density. Parallel lines within the polygon represent the eight transects flown during the 22 aerial surveys
from November 2013–October 2014.

Surveys:
A total of 22 aerial surveys were carried out from November 2013–October 2014 approximately twice a month in
a single-engine, high-winged aircraft (Cessna 207) at an altitude of 152.4 m (500 ft) and a speed of 185.2 km/hr
(100 kts) while on effort. There was a minimum of one day and a maximum of 44 days between surveys, with the
average time between surveys being 16 days. The total transect distance flown while on effort was 9944 km.
Surveys were conducted in passing mode, during which time the plane did not deviate from the line when a sighting
was made (Buckland et al., 2001). Surveys were only conducted on days when the average Beaufort sea state
was 3 or less, and within daylight hours.
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We used a systematic survey design with a random start-point to ensure even coverage of the survey region
(Buckland et al., 2001). The design comprised eight parallel transects at a spacing of approximately 10.0 km in
the northerly direction, with each transect running parallel to the top boundary of the survey area at a bearing of
62⁰ from north. The same eight transects were flown in each of the 22 surveys.
We conducted double-observer line-transect surveys following the protocols of MacKenzie and Clement (2014).
Four observers were present on each flight, with two on each side of the plane. The front observers searched from
a flat window between the downward angles of approximately 69⁰ to 20⁰ (60–418 m from the transect line),
constrained by the field of view from the aircraft. The rear observers surveyed through a bubble window, and
searched between the downward angles of 90⁰ to 20⁰ (0–418 m from the transect line). This resulted in an
overlapping field of vision between 60 m and 418 m. Observers wore headphones to take instructions from the
pilot but did not communicate while on effort and searched independently of each other. For each common dolphin
group sighting, observers used Dictaphones to record the time of sighting, the downward angle of the group from
the track line, and their judgment of the minimum, best, and maximum group size. The time to the second and
downward angle were taken when the group was perpendicular to the plane using digital clocks and hand-held
inclinometers (Sunnto PM5/360PC). The exact location of sightings and the perpendicular distance were
determined later by matching the recorded time with the location and time from the plane’s Global Positioning
Systems track, which was downloaded every two seconds.

References
Buckland, S. T., D. R. Anderson, K. P. Burnham, J. L. Laake, D. L. Borchers, and L. Thomas. 2001. Introduction
to Distance Sampling. Oxford University Press, Oxford, UK.
MacKenzie, D. L. and D. M. Clement. 2014. Abundance and distribution of ECSI Hector’s dolphin. New Zealand
Aquatic Environment and Biodiversity Report No. 123. Report:
www.mpi.govt.nz/Default.aspx?TabId=126&id=2189 Supplement: id=2190.
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Appendix D Distance computation and discrepancy score calculation

Distance computation
Perpendicular distances of sightings from the transect line were calculated by trigonometry:

𝑑𝑖𝑠𝑡𝑎𝑛𝑐𝑒 = tan

(90−angle)π
180

× altitude.

(S1)

When a pair of sightings was declared a duplicate during the bootstrap procedure, we generated a single distance
using the average of the two distance values, weighted by group size.
Discrepancy score calculation
For our probabilistic analysis, we calculated a discrepancy score for each pair of sightings made on the same
survey and transect using the time and angle differences within the pair as follows:

𝑟=

min(time difference, 25) angle difference
+
25
65

We chose 65⁰ and 25 seconds to denote values at which a pair of sightings is a non-duplicate beyond reasonable
doubt, allowing a generous margin to facilitate the fitting of the non-duplicate portion of our mixture model. For
angle differences, 65⁰ is approximately the maximum possible given the configuration of the aircraft. For time
differences, 25 seconds is well in excess of the maximum time difference that could occur between sightings of
the same group, given the speed of the aircraft. At the aircraft’s on-effort speed of 185.2 km/hr, the distance
covered in 25 seconds was about 1.3 km. This contrasts with a distance of around 0.2 km that a dolphin group
could travel within 25 seconds, if it was moving in fast travel mode at a top speed of around 8.8 m/s or 31.68 km/hr
(Rohr et al., 2002).

References:
Rohr, J. J., Fish, F. E., & Gilpatrick Jr, J. W. (2002). Maximum swim speeds of captive and free-ranging delphinids:
critical analysis of extraordinary performance. Marine Mammal Science, 18(1), 1-19.
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Appendix E Mark-recapture distance sampling formulation
Total survey area
To calculate the total area of the survey region, A, we calculated the area of three major large land masses
(Appendix C: Figure C1): Little Barrier Island, Great Barrier Island, and the Coromandel Peninsula, which included
the area around these land-masses that we did not fly. This was then subtracted from the total survey area of
5043.36 km2 to obtain A = 4352.37 km2.
Mark-recapture distance sampling (MRDS)
Formulating a MRDS model requires specification of three detection functions (Buckland et al., 2010; MacKenzie
& Clement, 2014, 2016). There are several choices for how these functions are defined and parametrized. Our
formulation is most similar to that of MacKenzie and Clement (2014, 2016), who tailored their detection functions
to accommodate the impact of aircraft configuration on the fields of view of front and rear observer teams.
We define the following three detection functions for the probability of detecting a dolphin group of size 𝑠, located
at perpendicular distance 𝑦 from the transect line:
𝑝𝑅 (𝑦, 𝑠) = logit−1 (𝛼1 + 𝛽1 𝑦 + 𝛾1 𝑦 2 + 𝛿1 𝑠 + 𝜀1 𝑦𝑠) for 0 ≤ 𝑦 ≤ 𝑤,
𝑝𝐹|𝑅̅ (𝑦, 𝑠) = logit−1 (𝛼2 + 𝛽2 𝑦 + 𝛾2 𝑦 2 + 𝛿2 𝑠 + 𝜀2 𝑦𝑠) for 60 ≤ 𝑦 ≤ 𝑤,
𝑝𝐹|𝑅 (𝑦, 𝑠) = logit−1 (𝛼3 + 𝛽3 𝑦 + 𝛾3 𝑦 2 + 𝛿3 𝑠 + 𝜀3 𝑦𝑠) for 60 ≤ 𝑦 ≤ 𝑤,

(S1)

where 𝑝𝑅 (𝑦, 𝑠) is the probability of detection by the rear observer team; 𝑝𝐹|𝑅̅ (𝑦, 𝑠) is the probability of detection by
the front observer team conditional on non-detection by the rear team; and 𝑝𝐹|𝑅 (𝑦, 𝑠) is the probability of detection
by the front observer team conditional on detection by the rear team. The inverse logit function is defined as
logit−1 (𝑥) = exp(𝑥)/{exp(𝑥) + 1}. The right-truncation distance was 𝑤 = 400 m as described in the main text.
These formulations specify detection probabilities for the rear observer team between 𝑦 = 0 m and 𝑦 = 𝑤 = 400
m, and for the front observer team between 𝑦 = 60 m and 𝑦 = 𝑤 = 400 m.
The three detection functions in eqn. (S1) are combined to calculate the probability that a group of size 𝑠 at distance
𝑦 is detected by either observer team:
𝑝• (𝑦, 𝑠) = 𝑝𝑅 (𝑦, 𝑠) + {1 − 𝑝𝑅 (𝑦, 𝑠)} 𝑝𝐹|𝑅̅ (𝑦, 𝑠).
The overall detection probability for a group of size 𝑠 is the average of 𝑝• (𝑦, 𝑠) over distance, 𝑦, denoted by
𝐸{𝑝• (𝑠)} =

1 𝑤
∫ 𝑝 (𝑦, 𝑠) 𝑑𝑦 .
𝑤 0 •
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̂ 𝑐 , is given by
The MRDS estimate of abundance of individual dolphins in the area covered by the line transects, 𝑁
the Horvitz-Thompson estimator:
𝑛

̂𝑐

𝑁 =∑
𝑖=1

𝑠𝑖
,
𝐸{𝑝• (𝑠𝑖 )}

where sighted dolphin groups, already organized into singles and duplicates, are indexed by 𝑖 = 1, … , 𝑛. The MRDS
estimate of the number of individual dolphins in the whole survey area is

̂=
𝑁

̂𝑐
𝐴𝑁
,
𝑎

(S2)

where 𝐴 = 4352.37 km2 is the total area of the survey region, 𝑎 = 2𝑤𝐿 = 2 × 0.4𝐿 km2 is the search area covered
by the aircraft, and 𝐿 is the on-effort distance flown across all 22 surveys, measured in km. For the original 22survey data, 𝐿 = 9944.03 km. Minor discrepancies between surveys in exact effort create minor differences in 𝐿
across bootstrap replicates when bootstrapping by survey to include encounter rate variance.
Detection model selection
Eqn. (S1) involves parameters 𝛼𝑘 , 𝛽𝑘 , 𝛾𝑘 , 𝛿𝑘 , and 𝜀𝑘 for detection functions 𝑘 = 1, 2, 3, comprising 15 parameters
in total. We used AIC to select a parsimonious submodel as follows. We considered that all detection functions
required an intercept and distance term, corresponding to parameters 𝛼𝑘 and 𝛽𝑘 , leaving 29 = 512 possible
submodels representing all possible combinations of inclusion or exclusion for parameters 𝛾𝑘 , 𝛿𝑘 , and 𝜀𝑘 . We
generated 20 sets of bootstrap replicate data, each involving bootstrap-by-survey, random group sizes, and
stochastic duplicate identification as described in the main text. Data were generated using probabilistic duplicate
identification with the Impute-All protocol for simulating group size. To each of the 20 datasets, we fitted all 512
models and recorded AIC to be the difference in AIC from the best model for that dataset. We summed the AIC
values across all 20 datasets and selected the model with the lowest summed AIC value. The selected model
was thenceforth used to fit the MRDS data in all bootstrap analyses in the main text. The selected model had the
following specification:
𝑝𝑅 (𝑦, 𝑠) = logit−1 (𝛼1 + 𝛽1 𝑦 + 𝛾1 𝑦 2 + 𝜀1 𝑦𝑠)

for 0 ≤ 𝑦 ≤ 𝑤,

𝑝𝐹|𝑅̅ (𝑦, 𝑠) = logit−1 (𝛼2 + 𝛽2 𝑦 + 𝜀2 𝑦𝑠)

for 60 ≤ 𝑦 ≤ 𝑤,

𝑝𝐹|𝑅 (𝑦, 𝑠) = logit−1 (𝛼3 + 𝛽3 𝑦 + 𝛾3 𝑦 2 )

for 60 ≤ 𝑦 ≤ 𝑤.

(S3)

This model had a total AIC of 89 across the 20 trial replicates; the next most highly ranked model had a total
AIC of 99.
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An alternative to selection of a single model is to conduct model-averaging (Burnham & Anderson, 2002), which
is more computationally intensive but has the advantage of incorporating model-selection uncertainty into the final
estimates. We discuss the model-averaging procedure below, and show that it makes negligible difference to
inference in our case.
Figure C1 shows the selected model in eqn. (S3) fitted to an example of the original 22-survey data, without
bootstrapping over surveys but with randomly-generated group sizes. Plots of detection functions are shown for
group sizes 𝑠 = 1, 10, 20, 100 to demonstrate how the shapes of these functions change with both 𝑦 and 𝑠. Overall
probability of detection, 𝐸{𝑝• (𝑠)}, ranges from 0.64 for groups of size 𝑠 = 1, to 0.94 for groups of size 𝑠 = 100, in
the example shown. Figure D1 shows the fit of the model to the raw MRDS data in this instance. The first panel
shows front team success or failure in detecting the sightings made by the rear team, with tick-marks giving the
exact 1-0 detection data for the front team, and grey bars giving the corresponding proportion of successes within
distance bins. Blue points give the fitted detection probabilities 𝑝̂𝐹|𝑅 (𝑦, 𝑠), which do not depend upon 𝑠 as can be
seen from eqn. (S3). The fit of the blue points to the grey bars is very satisfying. The three detection functions in
eqn. (S3) can also be used to derive the equivalent detection function 𝑝̂𝑅|𝐹 (𝑦, 𝑠) by Bayes’ rule, corresponding to
rear-team successes and failures out of all front-team detections. For this detection function the fitted probabilities
𝑝̂𝑅|𝐹 (𝑦, 𝑠) do depend upon 𝑠, so Figure D1 plots results binned into categories of small (𝑠 = 1, … ,4), moderate (𝑠 =
5, … ,20), and large (𝑠 = 21, … ,100) group sizes. The blue points representing the fitted probabilities do not follow
smooth curves due to the influence of different values of 𝑠 within each category. Notwithstanding small sample
sizes in some distance bins, the fit appears satisfactory. We note that this chart changes for every bootstrap
replicate, so a formal goodness-of-fit test is not available.
Bootstrap summary:
For any given choice of analysis settings, each bootstrap replicate 𝑏 involves resampling data, generating duplicate
reconciliations and group sizes according to the rules described in the main text, fitting the model in eqn. (S3), and
constructing the estimated number of individual dolphins in the survey area according to eqn. (S2). This provides
̂𝑏 . The procedure is repeated for bootstrap replicates 𝑏 =
the estimated abundance from this bootstrap replicate, 𝑁
̂1 , … , 𝑁
̂𝐵 . The final estimate for the analysis, 𝑁
̂ , is the mean of these 𝐵 estimates;
1, … , 𝐵 to produce estimates 𝑁
their coefficient of variation is the reported CV for the analysis; and confidence intervals for all quantities are gained
from the central 95% of the 𝐵 estimates.
Model Averaging
Instead of selecting a single model for inference, a model-averaging procedure may be readily incorporated into
the bootstrap abundance estimates (Burnham & Anderson, 2002). Averaging over M models involves M times the
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computation time of single-model inference, so we performed it only after the final estimation protocol was decided
upon. Here we outline the model-averaging procedure and show results for the probabilistic analysis under the
ER-included; Impute-all protocol.
As described above, we generated 20 trial datasets and fitted to each of these the 512 models representing
inclusion or exclusion of all parameters 𝛾𝑘 , 𝛿𝑘 , and 𝜀𝑘 . Each of the 512 models gained a summed AIC across the
20 trial replicates. The highest-ranked model was the model labelled 198, and had a summed AIC of 89,
representing an average AIC of 4.4 across the 20 datasets. We selected all models whose average AIC across
the 20 datasets was within two points of that of model 198. This yielded eight models with average AIC ranging
from 4.4 to 6.4. These eight models were taken to be the model set for model-averaging.
For model-averaged abundance estimation, we constructed each bootstrap replicate dataset under the ERincluded; Impute-all protocol with probabilistic duplicate identification. For each bootstrap replicate 𝑏, we fitted all
eight models in the model set, found the best-ranked model out of the eight models, and calculated the AIC
values ∆1 , … , ∆8 for the eight models with respect to this best-ranked model. If a model yielded an unrealistic
abundance estimate over 6000, it was discarded by setting ∆𝑖 = ∞. The values ∆1 , … , ∆8 were used to compute
Akaike weights for each model (Burnham & Anderson, 2002; Buckland et al., 1997). The Akaike weight for model
𝑖 was defined as:

𝑤𝑖 =

exp(−∆𝑖 /2)
.
∑8𝑟=1 exp(−∆𝑟 /2)

̂𝑏 = ∑8𝑖=1 𝑤𝑖 𝑁
̂ (𝑖) , where 𝑁
̂ (𝑖) was the estimated
The estimated abundance estimate for bootstrap replicate 𝑏 was 𝑁
number of individuals from model 𝑖. The overall abundance estimate from bootstrap replicates 𝑏 = 1, … , 𝐵 was
̂1 , … , 𝑁
̂𝐵 exactly as before. We used 𝐵 = 1000 replicates for this analysis.
computed as the mean of estimates 𝑁
Results from the model-averaging procedure are shown in Figure E3, which shows boxplots of the 1000 estimates
̂1 , … , 𝑁
̂𝐵 from each of the eight models in the model-set as well as from the model-averaging procedure. Results
𝑁
from the model-averaging procedure were almost identical to those from the selected model 198 shown in the
̂ = 2474 with 95% confidence interval (1593, 3660) and a
main text. The model-averaged estimate was 𝑁
coefficient of variation (CV) of 21%. The results from the single model 198 on these 1000 replicates were extremely
̂ = 2484 (1593, 3716) and the same CV of 21%. The range in 𝑁
̂ from the eight models in the model
close, with 𝑁
set was 2460 to 2486, and all confidence intervals were similar: the range in lower 95% confidence limits was 22
animals, and that in upper 95% confidence limits was 55 animals, across the eight models. All eight models yielded
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CVs of 21% to 2 significant figures. The CV from the model-averaging procedure was fractionally lower than that
from any of the individual models, at 21.10%.
We repeated the model-averaging procedure using a larger model set constituting the 20 models whose average
AIC across the 20 trial datasets was within three points of that of model 198. The model-averaged estimate using
̂ = 2474 with 95% confidence interval (1591, 3647) and 21% CV. The CV
the 20 top-ranked models was again 𝑁
was steady at 21% for all 20 individual models.
We conclude that inference in our study is robust to the choice of detection model, and that model-averaging has
negligible impact on inference in our case. In general, we recommend that model-exploration is carried out along
the lines described above, and that model-averaging is considered in cases where model choice impacts on the
results.
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Figure E1. Fitted detection probability curves using the model in eqn. (S3) for a randomly-generated instance of
data generated from the original 22-survey data without bootstrapping across surveys. The data are generated
using probabilistic duplicate identification with the Impute-All protocol for simulating group size. The curves show
𝑝̂𝑅 (𝑦, 𝑠), 𝑝̂ 𝐹|𝑅̅ (𝑦, 𝑠), and 𝑝̂𝐹|𝑅 (𝑦, 𝑠) for different values of group size, 𝑠, as perpendicular distance 𝑦 ranges from 0
to 400 m. Due to the restricted field of view of front observers, the curves 𝑝̂ 𝐹|𝑅̅ (𝑦, 𝑠) and 𝑝̂𝐹|𝑅 (𝑦, 𝑠) for front observers
begin at 𝑦 = 60 m. The value of 𝑠 is shown in the title to each panel, along with the overall detection probability for
a group of that size, 𝐸{𝑝• (𝑠)}, which is the average across all distances that a group of size 𝑠 is detected by at
least one observer. When 𝑠 = 100, the overall estimated detection probability 𝐸{𝑝• (100)} is less than 1, despite
the fact that 𝑝̂ 𝐹|𝑅̅ (𝑦, 100) = 1 for all 𝑦 > 60 m, because of the small probability that a group of this size is outside
the front observer’s field of view between 𝑦 = 0 and 𝑦 = 60 m, and is undetected by the rear observer in this
position.
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Figure E2. Goodness-of-fit for the fitted detection probability curves shown in Figure E1 to the MRDS data
underlying the fit. Panel 1 shows the success (1) or failure (0) of front-team observers to detect sightings made by
rear-team observers; red ticks show the exact 1-0 data, and grey bars show the proportion of successes within
each distance bin. Blue points show the corresponding fitted probabilities, 𝑝̂𝐹|𝑅 (𝑦, 𝑠), estimated using the model in
eqn. (S3). The remaining three panels show the equivalent plots for the success of rear-team observers in
detecting sightings made by front-team observers, 𝑝̂𝑅|𝐹 (𝑦, 𝑠), derived from eqn.(S3) using Bayes’ rule and binned
into three categories for group size, 𝑠: small (𝑠 = 1, … ,4), moderate (𝑠 = 5, … ,20), and large (𝑠 = 21, … ,100). The
blue points representing the fitted probabilities do not follow smooth curves because of the influence of different
values of 𝑠 within each category for this detection function.
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̂1 , … , 𝑁
̂𝐵 from the eight models with highest
Figure E3. Boxplots of 𝐵 = 1000 bootstrap abundance estimates 𝑁
ranking on 20 trial datasets, and the equivalent boxplot gained from model-averaging across these eight models
using Akaike weights. All estimates used probabilistic duplicate identification with the ER included; Impute-all
protocol. Bold lines across boxes give the mean of the 𝐵 estimates. The dashed horizontal line corresponds to the
̂ = 2484 from the top-ranked model, Model 198, as used throughout the main text. The eight selected
estimate 𝑁
models, together with their summed ΔAIC over the 20 trial datasets, and the terms they include from eqn (S1),
are: Model 198 (4.4): (𝛾1 , 𝛾3, 𝜀1 , 𝜀2 ); Model 454 (5.0): (𝛾1 , 𝛾3, 𝜀1 , 𝜀2 , 𝜀3 ); Model 350 (5.3): (𝛾1 , 𝛾3, 𝛿1 , 𝛿2 , 𝜀1 , 𝜀3 ); Model
86 (5.6): (𝛾1 , 𝛾3, 𝛿2 , 𝜀1 ); Model 82 (5.7): (𝛾1 , 𝛿2 , 𝜀1 ); Model 342 (6.1): (𝛾1 , 𝛾3, 𝛿2 , 𝜀1 , 𝜀3 ); Model 206 (6.3):
(𝛾1 , 𝛾3, 𝛿1 , 𝜀1 , 𝜀2 ); Model 338 (6.4): (𝛾1 , 𝛿2 , 𝜀1 , 𝜀3 ).
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Appendix F Bryde’s whale MRDS model results

̂1 , … , 𝑁
̂𝐵 . ER included specifies that protocols include a
Figure F1. Boxplots of bootstrap abundance estimates 𝑁
survey-wise bootstrap for encounter rate variance. Bold lines across boxes give the mean of the 𝐵 estimates.
̂ = 15 from the probabilistic analysis in plot B (ER included;
Dashed horizontal lines correspond to the estimate 𝑁
impute-missing). Figure F1A: all fixed-tolerance analyses with ER included, A=5⁰, 10⁰, 15⁰; T=5, 5, 10 s; Figure
F1B: discrepancy analysis.
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Figure F1C: Fitted detection probability curves.

Figure F1D: Goodness-of-fit for the fitted detection probability curves.
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Appendix G: Environmental conditions
Water colour
Many aerial surveys use a score for water colour, and this serves as a proxy for visibility. For our surveys, we will
be adopting a commonly used approach and simply score water colour as:


Blue.



Blue/green



Green



Green/brown



Brown.

Glare
Glare is graded as 1, 2 or 3 based on the definitions below. Identify where the glare is present (forward viewing
area-F, or back area-B) (Figure 3), and what percentage of the area is covered with the glare (e.g. <10%, >50%).
We will aim to fly in low glare conditions as much as possible. There may be times when one or more observers
has bad glare preventing sightings being recorded. As the same transect lines will be repeated for each survey
this is not critical unless more than two observers are affected at which point the survey will have to be stopped.


Grade 1: no or minimal glare with no or minimal interference to the observer. The observer is confident
that glare did not hinder their ability to see and identify marine mammals.



Grade 2: more than minimal to significant glare that may possibly hinder the observer’s ability to see and
identify marine mammals in the sea. However, the observer is confident that if an animal was present, the
glare, while a hindrance, was unlikely to prevent the animal from being seen.



Grade 3: extreme glare that prevented the observer from making any positive observation without
significant hindrance.

Left side of plane:

Right side of plane:
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Sea state
Sea state is recorded using the Beaufort scale (Table A1). We will need to discuss this issue regularly when in the
air, and try and keep to some sort of consensus. Maximum sea state for the surveys is force 3. At winds stronger
than this, whitecaps begin to form which will reduce the visibility of megafauna.

Force

Speed (knots)

Sea conditions

<1

Sea like a mirror

1-3

Ripples only

Force 0

Force 1
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4-6

Small wavelets. Crests have a glassy
appearance.

Force 2
7-10

Large wavelets. Crests begin to
break.

Force 3
11-16

Force 4
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Small waves, some whitecaps.

Table G2. Summary of aerial surveys effort and the average environmental conditions during each survey. Glare
scores and percentages are presented for both the left and the right of the aircraft
Survey
No.

Date

Days
between
Surveys

Duration
(hrs)

Effort
(km)

Mean
BSS

Mean
Glare
Score
Left

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16
17
18
19
20
21
22

15/11/2013
16/11/2013
25/11/2013
2 /12/2013
15/01/2014
29/01/2014
4 /02/2014
15/02/2014
8 /03/2014
19/03/2014
1 /04/2014
23/04/2014
02/05/2014
20/05/2014
15/06/2014
29/06/2014
06/07/2014
28/07/2014
10/08/2014
17/08/2014
26/09/2014
10/10/2014

1
9
7
44
14
6
11
21
11
13
22
9
18
26
14
7
22
13
7
40
14
16

2:26
4:46
4:12
4:38
4:28
4:34
4:24
4:24
4:30
4:21
4:36
4:21
4:22
4:26
4:29
4:25
4:19
4:22
4:36
4:37
4:23
4:31

253.9437
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
432.8617
418.3917
432.8617

1
2
2
2
2
2
2
2
2
2
2
3
1
2
1
1
1
2
1
1
2
1

1
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
1
2
2
2
2
1
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Mean
Glare
% Left

50
30
34
31
28
33
46
20
49
23
63
40
39
26
18
29
44
48
42
45
38

Mean
Glare
Score
Right

Mean
Glare
%
Right

2
2
2
2
2
2
2
2
2
2
2
2
1
1
0
1
1
1
0
1
1
1

55
51
29
41
31
39
37
22
33
50
40
47
17
49
24
38
35
42
40
37
42
43
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